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Summary

The reactions of ozone (O3) and hydroxyl radical ((OH) with each of fourteen clinical-
use antibacterial compounds (from nine different structural families) and one general-use,
non-clinical antibacterial compound (i.e., the biocide triclosan, or TRI) that are frequently
detected in municipal wastewaters were characterized by a wide array of chemical and
microbiological analytical techniques, to determine: (a) the kinetics of model compound
oxidation by O3 and ‘OH - via measurement of second-order rate constants for each reaction,
at various pH conditions, (b) at which specific structural moieties within the antibacterial
compounds direct reactions with Os take place, and how these reaction sites correlate with
structural moieties known to play a role in each antibacterial class’ target-specific modes of
antibacterial activity, (c) whether reactions with each oxidant result in elimination of the
parent antibacterial compounds’ biological activities, (d) if not, the identities and relative
potencies of transformation products generated during reaction with either O3 or "OH that
retain appreciable antibacterial acivity, (e) the kinetics with which such biologically-active
products are oxidized by O3 and ‘OH, and (f) ultimately, whether application of Os-based
oxidative treatment to municipal wastewater matrixes will be likely to result in rapid, efficient
elimination of the antibacterial activities of the model compounds investigated here, as well as
of structurally-analogous compounds from the same antibacterial structural classes.

In the first portion of this work, kinetics investigations demonstrated that each of the

model clinical-use antibacterial compounds are oxidized by O3 with apparent second-order

Osapp = 1 % 10° M''s™, at pH 7, with the exception of N(4)-acetyl-

rate constants, &

sulfamethoxazole, for which k:)3 app 18 2.5 % 10°M's™. k;')}’app (pH 7) for macrolides,

sulfamethoxazole, trimethoprim, tetracycline, vancomycin, and amikacin appear to
correspond directly to oxidation of biochemically essential moieties. Initial reactions of Os
with N(4)-acetylsulfamethoxazole, fluoroquinolones, lincomycin, and flactams do not lead
to appreciable oxidation of biochemically essential moieties, although O3 does attack such
moieties within the fluoroquinolones and lincomycin via slower secondary reactions. During

ozonation of a sample of secondary municipal wastewater effluent, measured losses were

dependent on k2,3’app, but independent of k:'OH,app . O3 doses >3 mg/L yielded >99% depletion

of fast-reacting substrates (& > 5 x 10* M"'s™). Ten substrates reacted predominantly

O5,app
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with Oj3; only four were oxidized predominantly by "OH. These results indicate that many
antibacterial compounds will be oxidized in wastewater via selective reactions with Os.
In the second part of this work, oxidation of TRI by O3 was investigated to determine

reaction kinetics, reaction site(s), and consequent changes in TRI’s antibacterial activity. TRI

Oyapp = 3-8 x 107 M's" at

was found to react very rapidly with O; at circumneutral pH (i.e., &

pH 7). The observed positive dependence of on pH, comparison of TRI reactivity

O3.app
toward O3 with that of other phenolic model compounds, and correlation of the elementary

ko, values for neutral and anionic TRI to phenol ring substituent effects (via Brown-

Okamoto correlation with other substituted phenols), are all consistent with electrophilic
attack by O3 at the TRI phenol ring. Biological assay of Os-treated TRI solutions indicated
that reaction with O3 yields efficient elimination of TRI's antibacterial activity. TRI oxidation
was also investigated during ozonation of effluent samples from two conventional wastewater
treatment plants. Nearly 100% TRI depletion was achieved for a 4 mg/L (8.3 x 10” mol/L) Os
dose applied to a wastewater containing 7.5 mg/L of DOC, and ~58% TRI depletion for
dosage of 6 mg/L (1.3 x 10 mol/L) Os to a wastewater containing 12.4 mg/L of DOC. At O;
doses greater than 1 mg/L (2.1 x 10™ mol/L), "OH reactions accounted for <35% of observed
TRI losses in these wastewaters, indicating that TRI oxidation was due primarily to the direct
TRI-Os5 reaction, which leads to deactivation of TRI.

In the third part of the investigation, microbiological assays were developed to quantify
the resulting changes in antibacterial potencies during treatment of the model clinical-use
antibacterial molecules investigated in the first portion of this work with increasing doses of
O3 and "OH, as well as during treatment of TRI with increasing "OH exposures. Potency
measurements were determined from dose-response relationships obtained by exposing E.
coli or B. subtilis reference strains to treated samples of each antibacterial compound via
broth micro- or macrodilution assays, and related to the measured residual concentrations of
parent antibacterial in each sample. Data obtained from these experiments show that O; and
"OH reactions lead in nearly all cases to stoichiometric elimination of antibacterial activity
(i.e., loss of one mole equivalent of potency per mole of parent compound consumed) for the
clinical-use antibacterial compounds and for TRI. The flactams penicillin G (PG) and
cephalexin (CP) represent the only two exceptions, as bioassay measurements indicate that
the direct reaction of these two compounds with O leads to formation of biologically active

transformation products. Nevertheless, these data, coupled with knowledge of ozonation

Xii



process data at the pilot- and full-scale, suggest that wastewater ozonation will generally yield
sufficient structural modification of the investigated antibacterial molecules to eliminate their
antibacterial activities, whether oxidation results from selective reactions with O3 or from
relatively non-selective reactions with incidentally-produced ‘OH.

In the fourth and final component of this work, O3 reaction kinetics and pathways were
evaluated in depth for the two flactam antibacterial compounds - PG and CP - found to yield
biologically active products upon direct reaction with Os. PG was found to yield two major
products in nearly equal yields, together accounting for approximately 100% of the parent
compound consumption. These two products were purified and isolated by C, reversed-phase
silica gel chromatography, followed by freeze-drying, and identified by extensive
chromatographic, MS/MS, multi-nuclear NMR, and FT-IR analyses as the stereoisomeric (R)-
and (S)-sulfoxides of PG. The former of these was determined to retain roughly 15% of the
potency of the parent PG molecule, whereas the latter was functionally inactive. Each of the

PG sulfoxides was determined to be recalcitrant toward further oxidation by O;. However, the

(R)-sulfoxide was readily transformed by "OH (with k,"OH’app =7.4x10°M's”, at pH 7),

resulting in roughly quantitative elimination of its biological activity. CP was found to yield
four major transformation products. These were identified after purification by C;g reversed-
phase silica gel chromatography and isolation via freeze-drying as the (R)- and (S)-sulfoxides
of CP (formed in ~34% and ~18% yields) and two C-2/C-3 double bond cleavage products
(formed in ~5% and >28% yields); one a structural analogue of the penicilloic acid of CP -
formed by intermolecular nucleophilic attack of H,O on the electrophilic C-8 carbon of the
CP f-lactam ring, and the other a 7-piperazine-8,12-dione containing rearrangement product -
formed by intramolecular nucleophilic attack of the N-18 amino nitrogen on the same carbon.
As in the case of PG, the (R)-sulfoxide of CP was found retain considerable biological activity
(~85% that of the parent CP molecule), whereas each of the three other CP transformation

products was determined to be functionally inactive. CP-(R)-sulfoxide was found to be

susceptible to further oxidation by both O3 and "OH (with kg)3’app =2.6x10*M's" and

kaH’app =17.6 x 10° M's™, at pH 7), leading to approximately quantitative elimination of

antibacterial activity in each case. These results, when evaluated in the context of the reaction
kinetics measured for oxidation of PG, CP, and their Os-derived transformation products,

suggest that the antibacterial activities of these representative f-lactams, as well as the

Xiii



activities of many structurally-analogous penicillins and cephalosporins, should be effectively

eliminated during ozonation of municipal wastewaters.

In summary, the results obtained from this investigation demonstrate that, not only are
most antibacterial molecules rapidly oxidized during ozonation of municipal wastewater by
selective reactions with Os, but that these reactions generally occur at target sites for which
structural modification by Os results in quantitative loss of the parent antibacterial molecules’
mode-specific biological activities. Furthermore, oxidation of every antibacterial molecule
included in this investigation by "OH - which will be produced in high yield during any
wastewater ozonation process - led to nearly quantitative elimination of the model
antibacterials’ biological activities. In the only cases for which biological activities were not
eliminated via the initial reaction with O3 — that is, for the two f-lactams PG and CP — the
biologically active (R)-sulfoxide products formed in these reactions could be further oxidized
by either O3 (CP-(R)-sulfoxide only) or ‘OH (both CP-(R)-sulfoxide and PG-(R)-sulfoxide) to
inactive products. These findings, when taken into consideration with additional operational
data obtained here and in other investigations of municipal wastewater ozonation, suggest that
effectively complete deactivation of nearly every major antibacterial structural class will be
achieved at the 5-10 mg/L. Os doses typically required to achieve close to 100% depletion of
such antibacterial molecules in such matrixes. This in turn leads to the more general
conclusion that wastewater ozonation can now be expected to provide a robust, relatively
efficient barrier to discharge of biologically-active antibacterial compounds - which are,
outside of steroiod hormones, one of the most potent biologically-active sub-classes of

micropollutants known to be present in wastewaters.
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Zusammenfassung

Die Reaktionen von Ozon (O3) und Hydroxylradikalen ("OH) mit vierzehn in klinischen
Anwendungen eingesetzten Antibiotika aus neun verschiedenen Substanzklassen sowie einem
breit verwendeten Biozid (Triclosan oder TRI), welche hédufig in Kldranlagenabwissern
nachgewiesen werden, wurden mit einer Vielzahl von chemischen und mikrobiologischen
Methoden unter folgenden Aspekten untersucht: (a) Bestimmung der Kinetik von
antibakteriellen Modellsubstanzen bei der Oxidation durch O3 und ‘OH mittels Messung der
Zweitordnungs-Geschwindigkeitskonstanten unter verschiedenen pH-Bedingungen; (b)
Bestimmung des spezifischen Angriffspunkts von O3 bei den jeweiligen Modellsubstanzen
und Vergleich dieser Stellen mit funktionellen Gruppen, welche fiir ihre antibakterielle
Aktivitdt bekannt sind; (¢) demzufolge Untersuchung, ob Reaktionen mit O3 oder ‘OH zur
Eliminierung der antibakteriellen Aktivitdt der Modellsubstanzen fiihren, und (d) — falls dies
nicht der Fall ist - Identifikation und Bestimmung der antibakteriellen Potenz von bioaktiven
Umwandlungsprodukten, welche durch Reaktionen mit Os oder ‘OH gebildet wurden, sowie
(e) Bestimmung der Kinetik von solchen bioaktiven Produkten in Reaktionen mit O3 und "OH
und (f) schliesslich Evaluation, ob die Verwendung von ozonbasierten Oxidationsverfahren in
der Abwasserreinigung rasch und effizient zu einer Elimination der antibakteriellen Aktivitit
der untersuchten Modellsubstanzen sowie strukturdhnlicher Stoffe derselben Substanzklassen
fiihren kann.

Im ersten Teil dieser Arbeit konnte gezeigt werden, dass alle untersuchten

antibakteriellen Modellsubstanzen aus klinischen Anwendungen bei pH 7 durch Ozon mit

scheinbaren Zweitordnungs-Geschwindigkeitskonstanten k2)3,app grosser als 1 x 10° M''s™

oxidiert wurden, ausser N(4)-Acetylsulfamethoxazol, welches ein k2)3,app von 2.5 x 10> M's™!

aufwies. Die Geschwindigkeitskonstanten ko%app

(pH 7) fir Makrolide, Sulfonamide,

Trimethoprim, Tetracycline, Vancomycin und Amikacin scheinen direkt mit der Oxidation
der jeweiligen biochemisch aktiven Struktur im Molekiill zu korrelieren. Bei N(4)-
Acetylsulfamethoxazol, Fluoroquinolonen, Lincomycin und f-Lactamen hingegen fiihrten die
Initialreaktionen von Oj nicht zu einer wesentlichen Oxidation solcher aktiven Strukturen,
obwohl O3 diese Stellen in langsameren Sekundérreaktionen angreifen kann. Die Elimination

der untersuchten Substanzen wihrend der Ozonung einer Probe aus dem sekundéren

Kldranlagenablauf hing von kg)3’app ab, war aber unabhingig von k,"OH’app. Ozondosen >3

mg/L fiihrten zu einem >99-prozentigen Abbau von schnell reagierenden Modellsubstanzen
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Ogapp > O X 10* M''s™"). Zehn Modellsubstanzen wurden hauptsichlich durch O; oxidiert,
wihrend lediglich vier Substanzen vorwiegend mit ‘OH reagierten. Aufgrund dieser
Ergebnisse kann davon ausgegangen werden, dass viele antibakterielle Substanzen im
Abwasser durch selektive Reaktionen mit O3 oxidiert werden.

Im zweiten Teil dieser Arbeit wurde die Oxidation von TRI durch O; erforscht, um die

Reaktionskinetik, reaktive Stellen im Molekiill und nachfolgende Verdnderungen der

Bioaktivitdt von TRI zu bestimmen. Es konnte gezeigt werden, dass TRI bei neutralen pH-

Bedingungen sehr schnell mit O; reagiert (kg)wp = 3.8 x 10’ M's" bei pH 7). Die

n

O3,app *

beobachtete pH-Abhéngigkeit von & der Vergleich der Os-Reaktivitit von TRI mit

anderen phenolischen Molekiilen sowie die Korrelation der spezifischen &, -Werte von

neutralem und anionischem TRI mit Substitutionseffekten am Phenolring (via Brown-
Okamoto-Korrelation mit anderen substituierten Phenolen) deuten alle auf einen elektrophilen
Angriff von O3 auf den TRI-Phenolring hin. Mikrobiologische Untersuchungen zeigten ferner,
dass die Reaktion von TRI mit O; zu einer effizienten Elimination der Bioaktivitdt von TRI
fiihrt. Daneben wurde auch die Oxidation von TRI wéhrend der Ozonung von
Abwasserproben, welche aus dem Ablauf von zwei verschiedenen Kléranlagen entnommen
wurden, untersucht. Im einen Ablauf mit 7.5 mg/L DOC wurde bei einer Os-Dosis von 4
mg/L (8.3 x 10° mol/L) ein beinahe 100-prozentiger TRI-Abbau beobachtet, wihrend
ungefdhr 58% TRI-Abbau beim anderen Ablauf mit 12.4 mg/L DOC und einer Os-Dosis von
6 mg/L (1.3 x 10 mol/L) erzielt wurden. Bei Os-Dosen > 1 mg/L (2.1 x 10™ mol/L) trugen
Reaktionen mit ‘OH weniger als 35% zum gemessenen TRI-Abbau in diesen Abwissern bei.
Diese Ergebnisse deuten darauf hin, dass die Oxidation und entsprechend auch Deaktivierung
von TRI hauptséchlich auf direkte Reaktionen mit O3 zuriickzufiihren sind.

Im dritten Teil dieser Studie wurden mikrobiologische Methoden entwickelt, um
Veridnderungen der antibakteriellen Potenz der klinischen Modellsubstanzen aus dem ersten
Teil dieser Arbeit in Abhédngigkeit von Os- und ‘OH-Exposition sowie Verdnderungen der
Bioaktivitdt von TRI mit steigenden ‘OH-Expositionen zu quantifizieren. Als Grundlage fiir
die Potenzmessungen dienten Dosis-Wirkungsbeziehungen, welche durch Exposition von
Referenzstimmen (E. coli oder B. subtilis) mit oxidierten Losungen der jeweiligen
Modellsubstanzen erstellt und mit der Restkonzentration des Wirkstoffes in der Probe
korreliert wurden. Diese Versuche ergaben in nahezu allen Fillen eine stochiometrische

Elimination der antibakteriellen Aktivitit (d.h. Verlust von einem Mol-Aquivalent Potenz

Xvi



beim gleichzeitigen Verlust von einem Mol Substanz) bei Reaktionen von O3 und ‘OH mit
klinischen Antibiotika und TRI. Die fLactame Penicillin G (PG) und Cephalexin (CP)
bildeten die einzigen Ausnahmen, da die direkte Reaktion von O3 mit diesen zwei Molekiilen
zur Bildung von bioaktiven Umwandlungsprodukten fiihrte. Dennoch lassen diese Daten — in
Kombination mit dem Prozessverstdndnis von Ozonreaktoren in Pilot- und Grossanlagen —
den Schluss zu, dass die Ozonung von Abwissern im allgemeinen geniigend strukturelle
Verdanderungen an den untersuchten Modellsubstanzen hervorrufen wird, um deren
antibakterielle Wirkung zu eliminieren. Dabei spielt es keine Rolle, ob die Oxidation
hauptsdchlich durch selektive Reaktionen mit O3 oder vergleichbar unselektiven Reaktionen
mit ‘OH zustande kommt.

Im vierten und letzten Teil dieser Studie wurden die Kinetik sowie Reaktionspfade fiir
die Reaktion von O3 mit den zwei f-Lactamen PG und CP, welche zu teils bioaktiven
Umwandlungsprodukten oxidiert werden, detailliert untersucht. Die Oxidation von PG ergab
zwei Hauptprodukte, welche zu ungefdhr gleichen Anteilen zusammen knapp 100% des
beobachteten Abbaus der Muttersubstanz ausmachen. Diese zwei Produkte wurden per C,
Reversed-phase-Chromatographie gefolgt von Gefriertrocknung gereinigt und isoliert. Mit
Hilfe verschiedener analytischer Verfahren (chromatographische Analysen, MS/MS, 'H-, °C-,
und ""N-NMR, sowie FT-IR Analysen) konnten die Produkte als die (R)- und (S)-
Stereoisomere der PG-Sulfoxide identifiziert werden. Das PG-(R)-Sulfoxid behielt noch
~15% der Potenz der Muttersubstanz PG, wéhrend das PG-(S)-Sulfoxid als funktionell inaktiv

befunden wurde. Die beiden PG-Sulfoxide reagierten nicht weiter mit Os, jedoch konnte das
PG-(R)-Sulfoxid rasch mit "OH abgebaut (k'"OH,app: 7.4 x 10° M''s™, bei pH 7) und somit

anndhernd quantitativ deaktiviert werden. Im Falle von CP wurden vier verschiedene
Oxidationsprodukte identifiziert. Diese wurden per C;s Reversed-phase-Chromatographie
gefolgt von Gefriertrocknung gereinigt und isoliert. Die anschliessenden Analysen ergaben
fiir die CP-Produkte zwei CP-(R)- und (S)-Sulfoxide (in ~34% and ~18% Ertrag) und zwei
Spaltungsprodukte der C-2/C-3-Doppelbindung (in ~5% and >28% Ertrag). Von den letzteren
beiden wurde das eine Spaltungsprodukt als ein Strukturanalog von CP-Penicilloinsdure
identifiziert, welches durch einen intermolekularen nukleophilen Angriff von H,O auf den
elektrophilen C-8 Kohlenstoff des f-Lactamringes gebildet wurde, wéhrend das andere
Spaltungsprodukt 7-Piperazine-8,12-dion enthielt, gebildet durch einen intramolekularen
nukleophilen Angriff des N-18 Amino-Stickstoffes auf denselben Kohlenstoff. Wie im Fall

von PG konnte gezeigt werden, dass das (R)-Sulfoxid von CP eine erhebliche antibakterielle
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Aktivitdt behielt (~85% der CP-Muttersubstanz), wihrend die drei anderen Produkte

grundsétzlich inaktiv waren. Das CP-(R)-Sulfoxid konnte sowohl mit O3 als auch ‘OH weiter
oxidiert werden (mit k:)3 app = 2:6 % 10* M's™" und k:'OH,app =7.6 x 10° M''s”", bei pH 7), was

in beiden Fillen zu einer ungefédhr quantitativen Eliminierung der antibakteriellen Aktivitét
filhrte. Diese Ergebnisse zeigen, dass die antibakterielle Aktivitit von den reprasentativen [-
Lactamen PG und CP sowie von vielen anderen strukturdhnlichen Penicillinen und

Cephalosporinen wihrend der Ozonung von Abwissern weitgehend eliminiert werden sollte.

Zusammengefasst zeigen die Ergebnisse dieser Studie, dass die meisten antibakteriellen
Stoffe wihrend der Ozonung von Abwasser durch selektive Reaktionen mit Oz nicht nur
oxidiert, sondern auch soweit umgewandelt werden, dass sie schliesslich biologisch inaktiv
sind. Dariiber hinaus fithrte auch die Reaktion mit ‘OH — welche bei der Ozonung von
Abwasser mit hoher Ausbeute gebildet werden — zu einer nahezu quantitativen Deaktivierung
der untersuchten Substanzen. In den beiden einzigen Féllen, bei welchen die antibakterielle
Wirkung nicht direkt durch Initialreaktionen mit O eliminiert wurde - ndmlich bei den /-
Lactamen PG und CP, sind die bioaktiven Produkte trotzdem per Os (im Falle des CP-(R)-
Sulfoxids) oder ‘OH (CP-(R)-Sulfoxid and PG-(R)-Sulfoxid) leicht deaktivierbar. Unter
Berticksichtigung von zusétzlichen Prozessdaten aus dieser und anderen Studien iiber die
Ozonung von Abwasser kann davon ausgegangen werden, dass bei O3-Dosen von 5-10 mg/L,
welche typischerweise fiir einen nahezu vollstindigen Abbau der Muttersubstanzen gebraucht
werden, eine komplette Deaktivierung von fast allen antibakteriellen Substanzklassen erreicht
wird. Somit stellt die Ozonung eine zuverléssige und effiziente Barriere zur Elimination von

bioaktiven antibakteriellen Substanzen aus Abwéssern dar.
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Chapter 1. Background and General Introduction
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1.1 Overview
Dissemination of antibacterial resistance amongst pathogenic bacterial populations has

contributed to gradually decreasing effectiveness of nearly all classes of medically-important

antibacterial agents in treatment of bacterial illnesses since shortly after introduction of the
first clinically-useful antibacterials (sulfonamides) during the first half of the 20" century

(1,2). While some experts within the medical microbiology community suggest that

diminished antibacterial efficacy is an unavoidable consequence of current medical doctrine

(3), others are in agreement that certain steps can be taken to mitigate the diminishing

susceptibility of many bacteria toward antibacterial agents (7,2). Thus far, discussion of

strategies to slow the dissemination of antibacterial resistance has focused primarily on
remedial efforts relevant to medical practice (4,5), drug design (1,6), or veterinary medicine

(7). However, frequent detection of antibacterial compounds (8-15) and resistant bacterial

strains (16-27) within many compartments of natural and engineered aquatic ecosystems

indicates that the physical interconnection of clinical environments (e.g., hospitals, nursing
homes) with aquatic systems (primarily via municipal wastewater collection systems) could
also represent an important — yet potentially preventable — factor in promotion of antibacterial
resistance within sensitive antibacterial populations. Notable aspects of the likely interactions
amongst clinical and aquatic environments can be summarized as follows (see Scheme 1.1 for
hypothesized spatial and temporal topologies):

1.  Consumption of antibacterial agents by patients can lead to very high dissolved
concentrations of antibacterial agents within their extravascular fluids (28) —
particularly urine (28,29) — in turn creating environments in which evolution of
resistant bacterial genotypes can occur via selection, chromosomal mutation, or a
number of gene transfer mechanisms (2,30-33).

2. Many of the antibacterial classes currently in wide clinical use are excreted largely
unmetabolized in both urine and feces (29,34). Furthermore, large quantities of resistant
enteric bacteria can be excreted in the feces (30).

3.  Inthe absence of pre-treatment measures, collection of wastewater from locations such
as hospitals or nursing homes (where frequency of medicinal therapy is high) may result
in significant point discharges (to municipal wastewater collection systems) of
antibacterial residues (712,35,36) and antibiotic resistant bacteria (ARB) (37-41).

4.  The presence of resistant bacterial genotypes in sewage, coupled with the presence of

elevated antibacterial concentrations, could maintain environments similar to those
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present in vivo, providing conditions that are potentially suitable for shifts of sensitive
bacterial populations toward antibacterial resistance.

5. Cellular lysis or active DNA release processes could also lead to accumulation of
extracellular resistance gene-containing DNA on surfaces or in biofilms within such
systems (42-44).

6.  Should accumulated DNA retain its transformational capacity, competent bacteria could
potentially incorporate this material into their own genomes via natural transformation
(42).

7.  ARB — capable of maintaining antibacterial resistance phenotypes for many generations
in the absence of selective pressure (45-47) — could be transported from point sources
such as hospital sewage to downstream wastewater treatment facilities.

8.  During passage through disinfection processes, absolute numbers of ARB would be
significantly reduced, but the genetic heritage of the pre-disinfection population might
survive via protection of DNA on surfaces, in biofilms, or within cellular material.
Some of this genetic material might be discharged to the environment, where it could
remain stable for periods of hours to weeks (42).

9.  Inthe absence of disinfection processes, wastewater-derived ARB could be discharged
into surface waters in high numbers.

10. Environmental bacteria strains could incorporate such DNA into their genomes
(42,48,49), thereby inheriting resistance characteristics originally derived from
clinically-relevant bacteria populations.

11. After disinfection, ARB surviving the wastewater treatment process might compete
effectively enough with native environmental strains to recover to pre-treatment
population sizes after discharge into receiving waters (45,46).

12. Either ARB, their genetic resistance determinants, or both might be transported
downstream to locations from which they could re-enter the clinical environment (e.g.,

drinking water intakes or water recreation areas).

Antibacterial resistance gene pools could thereby be propagated via repeated passage
through such a loop, resulting in gradually increasing incidences of resistance. This possibility
clearly merits evaluation of options for minimizing the passage of ARB, their associated
resistance genes, and the chemical stressors contributing to the emergence and dissemination

of antibacterial resistance, into the aquatic environment.
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The present work addresses the application of ozonation as a barrier to passage of
chemical antibacterial resistance determinants (i.e., antibacterial agents) from municipal
wastewaters to downstream aquatic environments. Specifically, this project addresses two
primary issues critical to evaluating the utility of wastewater ozonation in this context: (1)
Reaction kinetics and efficiency of ozone oxidation processes in removing selective pressure
(i.e., antibacterial residues) from environmental systems and (2) Effects of ozone-mediated
structural transformations on the residual biochemical potency of oxidized antibacterial
molecules. Relevant background and important details of the investigations conducted during

this work are provided in the following sections.

1.2. Detection of Antibiotic Resistant Bacteria in Municipal Wastewater

Systems

Antibiotic resistant bacteria (ARB) have been detected within numerous samples of raw
sewage (/6-19) and treated municipal wastewater (20,217). Alcaide and Garay (1984) found
that — of 865 Salmonella isolates (mixed samples obtained from a wastewater treatment plant
and nearby eutrophic coastal lagoon) tested for resistance to tetracycline, ampicillin,
chloramphenicol, streptomycin, kanamycin, and amoxicillin (all at broth concentrations of 25
ng/L) — 12.7% were resistant to one or more compounds (20). 63.4% of these were multiply
antibacterial resistant (MAR). Furthermore, the investigators demonstrated that all resistance
phenotypes except for streptomycin were transferable to a recipient Escherichia coli strain.
Heier and Tschipe (1984) discovered that 70.2% and 86.7% of a subset of ARB isolates taken
from municipal wastewaters and hospital sewages, respectively, were MAR (/7). Tschépe et
al. (1986) found correlations amongst initiation of gentamicin, trimethoprim, and
streptomycin usage in human medicine, veterinary medicine, and animal husbandry and
increase of plasmid-encoded resistance to these agents in municipal wastewaters surveyed
between 1979 and 1982 (/8). Guardabassi et al. (1999) noted a measurable increase in the
incidence of ARB bacteria from upstream to downstream of a pharmaceutical manufacturing
plant discharge point in raw sewage (/9). In subsequent studies, Guardabassi et al. (2002)
observed small increases in ampicillin resistant presumptive coliform isolates from influent to
effluent of two wastewater treatment facilities (51.4% to 60.3% and 47.7% to 50.5%), while
decreases or no significant changes were observed in incidence of resistance to gentamicin
and tetracycline (27). In addition, these researchers found small increases in prevalence of

Acinetobacter spp. resistance to tetracycline and aztreonam, while data for other antibacterials
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tested showed either conflicting results, decreases, or no significant changes. Absolute
prevalence of coliform and Acinetobacter spp. resistance to ampicillin centered around 50%
and between 20% to 40%, respectively. Resistance to tetracycline and gentamicin ranged
from 5% to app. 15%, and 0% to app. 5%, respectively, for both types of isolates. Prevalences
up to 45%, 12%, 22%, 18%, 6%, and 10% were noted for resistances of Acinetobacter spp.
isolates to aztreonam, cefotaxime, cefoxitin, ciprofloxacin, chloramphenicol, nalidixic acid,
respectively, in wastewaters effluents. Wastewater underwent solids screening, grit removal,
primary clarification, nutrient removal (via activated sludge), and secondary clarification at
either plant before discharge.

Schwartz et al. (2002) isolated colonies of bacteria exhibiting resistance to various
antibacterials from biofilms obtained from a hospital sewage system. Results of their study
indicated that 7%, 45%, 58%, 71%, and 8% of such isolates were resistant to vancomycin,
ceftazidime, ceftazolin, pencillin G, and imipenem, respectively. Furthermore, they found that
15%, 27%, 39%, and 20% isolates from biofilms obtained at the outlet of a wastewater
treatment plant were resistant to vancomycin, ceftazidime, ceftazolin, and penicillin G,
respectively. Reinthaler et al. (2003) studied the antibacterial resistance profiles of 767 E. coli
isolates from sewage and wastewater sludge samples in southern Austria, with respect to a
battery of 16 different antibacterials. These investigators found that a number of bacteria in
various wastewater compartments (e.g., influent, sludge, effluent) were resistant to the
penicillins (up to 18% for resistance to ampicillin), cephalosporins (up to 35% for cefolathin),
quinolones (up to 15% for nalidixic acid), tetracyclines (up to 57% for tetracycline), and co-
trimoxazole (up to 13%), in wastewaters derived from three different activated sludge
facilities. No increase in resistance levels was found in correlation to wastewater passage
through various treatment processes. The highest proportions of ARB relative to 14 of the 16
antibacterial compounds studied were observed in samples from a plant which processes
hospital and nursery home waste in addition to municipal sewage (22,50). Rhodes et al. (2000)
recently identified a link between plasmids rRAS1 (originally isolated from aquacultural
operations in Scotland and Norway) and PIE420 (isolated from an E. coli strain obtained from
a German hospital), noting that all fragments hybridized together, and that the two plasmids
(which contain tetracycline resistance determinants) exhibited identical restriction fragment
length polymorphism (RFLP) profiles, a finding that lends strong support to the hypothesized
interconnectivity of even geographically distant clinical and aquatic environments. A
contradictory result was obtained from a study conducted by Guardabassi et al. (2000), in

which in vitro conjugative transfer of various tetracycline determinants from clinical to
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aquatic Acinetobacter spp. could not be achieved, although transfer of tetracycline resistance

determinants between ecologically dissimilar aquatic Acinetobacter strains was observed (23).

1.3. Detection of Antibacterial Residues in Municipal Wastewaters

One of the earliest comprehensive surveys of antibacterials in aquatic environmental
compartments was produced by Hirsch et al. (1999), in a study assessing the occurrence of
antibacterial compounds in German wastewaters, surface waters, and groundwaters (9). The
investigators found that roxithromycin, sulfamethoxazole, and trimethoprim were detectable
at mean concentrations of 1.0, 2.0, and 0.66 ng/L in wastewater treatment facility effluents.
Clarithromycin and chloramphenicol were also detected, at maximum concentrations of 0.24
and 0.56 pg/L. The inability to detect any of the tetracyclines and B-lactams included in the
analytical methods of this study was attributed to the instability of B-lactams toward water (as
they hydrolyze relatively quickly in aqueous solution), or the facile complexation or
adsorption of tetracyclines to metal cations and sediments (respectively). An additional study
conducted in the same year verified these results with regard to sulfonamide concentrations,
yielding measured concentrations of up to 2.46 and 1.5 pg/L for sulfamethoxazole in primary
and secondary wastewater effluent samples, respectively (57).

Fluoroquinolone antibacterial agents have recently been detected at relatively high
concentrations within various wastewaters (8,52,53). Hospital wastewaters apparently (though
not surprisingly) represent a significant source of these compounds, according to results
obtained by Hartmann et al. (1998), as concentrations of ciprofloxacin ranging from 3 to 87
ug/L were found in sewage derived from hospital wastewater discharges (8) (MICs as low as
0.002 mg/L have been reported for ciprofloxacin (54)). Subsequent studies have indicated that
the fluoroquinolones are relatively persistent with respect to removal from wastewater.
Observed concentrations of ciprofloxacin in raw sewage (obtained from sewer systems in
various Swiss locales) span the range between 0.313 and 0.568 ng/L (norfloxacin was
detected in quantities ranging from 0.255 to 0.553 pg/L) (53). Golet et al. (2001, 2002, 2003)
reported similar ciprofloxacin concentrations between 0.249 and 0.405 ug/L for samples of
primary wastewater effluent, and between 0.045 and 0.108 pg/L for secondary wastewater
effluent (concentrations of norfloxacin obtained during the same study paralleled those of
ciprofloxacin) (/7,52,53). The results of these and a number of more recent investigations

focusing on antibacterial compound concentrations and fate during wastewater treatment are
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summarized in Figure 1.1, which also compares the reported concentrations with available

measurements of effect levels for various reference bacterial strains.

108 5

104 4

Y MIC? - S. Aureus
XXX3 MIC® - E. faecalis
BEEs MIC® - E. coli
mmm Hospital Sewage
mmm Raw Sewage and
Primary Effluent

3 Final Effluent
1 Surface Water

Concentration (ug/L)

Figure 1.1. Maximum single-compound* concentrations of various antibacterial classes
detected in municipal wastewater systems and surface waters, in the context of minimum
reported clinical MIC values for sensitive bacterial reference strains. Data for
fluoroquinolones (10,11,13,14,35,36,55), sulfonamides (9,10,13,14,36,51,55,56), DHFR
(dihydrofolate reductase) inhibitors (9,10,14,36,55,57,58), tetracyclines (10,36,58), [lactams
(15), macrolides (10,13,55,56,59,60), aminoglycosides (/2), and lincosamides (/0) was
obtained from various environmental analytical studies. “MIC — minimal inhibitory
concentration, or minimal concentration resulting in a measurable reduction in bacterial
growth relative to an antibacterial blank. MICs listed for each class correspond (in order from
left to right) to reported values for ciprofloxacin, sulfamethoxazole, trimethoprim,
tetracycline, penicillin, erythromycin, gentamicin, and clindamycin, respectively (67), "MIC
values not reported for E. coli. *More than one compound from a given antibacterial class
may be present in the same municipal wastewater.

1.4. Selection for Antibacterial Resistance

Pre-existing bacterial genotypes may contain information that imparts intrinsic
resistance to various antibacterial compounds. Such modes of antibacterial resistance likely
evolved during the course of many bacterial generations from some chance mutation in the
past. Accordingly, these resistance genotypes — whether induced by the antibacterials to
which they impart resistance or not — likely result from the same mechanism as that which
yields new modes of resistance. However, as such intrinsic resistance traits are pre-existing,
drugs can be tailored to the treatment of organisms based on the organisms’ intrinsic
susceptibilities. For example, enterocci are intrinsically resistant to all clinically available
cephalosporins (62), and so this particular class of antibacterials is not used in treatment of

associated infections. Thus, intrinsic resistance is not a problem with regard to the issue of
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antibacterial resistance dissemination; it simply serves to dictate the choice(s) of antibacterial
for a given treatment.

On the other hand, occurrence of genetic mutations in direct response to administration
of antibacterial agents (including both antibacterials and chemical disinfectants) is of
significant concern. Several modes of mutation may contribute to the development of
antibacterial resistance in susceptible bacterial strains: 1. Structural mutations in pre-existing
genetic determinants, 2. Regulatory mutations in pre-existing genetic determinants, and 3.
Structural mutations in acquired resistance genes. The first — which results from point
mutations (e.g., addition, deletion, or substitution of nucleotides or nucleotide sequences) —
can be induced by addition of a large number of bacteria on to an agar plate (or into liquid
medium) containing a particular antibacterial, or by gradually exposing bacterial population
to increasing concentrations of that antibacterial over an extended timeframe. This one-step
mutation mechanism, as it is also called, is typical of streptomycin, rifampin, and
fluoroquinolone resistance. The second mechanism — which also results from point mutations
(but in regulatory sequences, as opposed to structural gene features) — can be activated in a
similar manner as the first. However, it results from the expression of a gene that is otherwise
inactive. For example, Gram-negative bacterial strains such as Bacteroides fragilis already
possess a -lactamase gene which encodes production of the enzyme -lactamase (capable of
degrading -lactam antibacterials). However, unless a promoter supplied by insertion
sequence [S1186 (located upstream of the bacterium’s structural gene) is present, the [-
lactamase gene will not be expressed, and thus will not lead to production of B-lactamase (62).
Presumably, exposure of such a bacterial strain to B-lactam antibacterials would result in
induction of the genetic sequence that in other cases remains silent. The third mechanism
proceeds by a combination of genetic transfer and mutation, where a genetic element (e.g., a
plasmid) is received by a particular bacterium and incorporated into that organism’s genome.
This new genetic information — perhaps the same as that imparting 3-lactam resistance in
Bacteroides fragilis — might simply remain dormant in the absence of activating stressors, but
could be induced in the same manner as for the second mechanism described above. Thus,
though mutations can result in increased incidence of antibacterial resistance in bacterial
communities, they do not contribute to the horizontal transfer of genetic information, which
can result in rapid dissemination of resistance traits across species.

An additional matter which factors into the issue of waterborne ARB is the level of

environmental stress required to either induce chromosomal mutations or enhance transfer of
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genetic determinants from resistant to sensitive strains in the first place. More specifically,
antibacterial resistant populations of bacteria — even if they persist in the environment
independently of antibacterial stimulus — were most likely induced by the presence of
stressors at some time. Past investigators have focused on the minimal inhibitory
concentration (MIC) (i.e., the concentration level of an antibacterial agent at which bacterial
growth is inhibited to a particular degree relative to uninhibited growth), as a threshold
concentration associated with increased levels of antibiotic resistant bacteria. However, quite
a substantial body of research now points toward the existence of biological responses to sub-
inhibitory levels of antibacterial compounds in culture. In some cases, antibacterial resistance
can be induced in a population of bacteria (through mutations or gene transfer) by the
application of sub-MIC levels of antibacterials (63-66). However, in some cases, alternative
biological effects have been noted in the presence of low levels of antibacterial compounds
(67,68), as the mode of antibacterial action is different for lower concentrations than for
higher concentrations. Thus, the type of effect that antibacterial compounds impart on a
susceptible organism at sub-inhibitory concentrations may be quite unexpected. In some cases,
expression of bacterial virulence may be enhanced by the presence of sub-MIC antibacterial
concentrations, while in others it may be depressed. Often, a low concentration of
antibacterial can result in morphological changes to an organism (e.g., development of
filaments, appearance of dwarf or giant forms of bacterial cells) (68). The potential
importance of unintended biological responses to trace-level concentrations of antibacterial
residues should not be overlooked, and may represent an unheeded and unexplored avenue of
risk associated with discharge of these agents into environmental systems. The findings of
several recent studies addressing effects of low-level concentrations of antibacterial
compounds on aquatic microorganisms add an additional dimension to the difficult task of
assessing risks associated with spread of antibacterial resistance or impact of antibacterial
residues on environmental systems (69-72).

The observation that sub-inhibitory concentrations of antibacterial compounds can
affect bacterial growth and biological activity has led to creation of an additional descriptor
for low-concentration effects; that being the minimum effect concentration (MEC), which is
also sometimes referred to as the minimum selection concentration (MSC) in the context of
antibacterial resistance (73). This additional term is intended to provide an estimate of the
particular concentration at which an antibacterial begins to exert any measurable effect on a
particular bacterial strain. O’Reilly and Smith demonstrated that the MEC and MSC were

numerically equivalent for growth dependent development of resistance to oxytetracycline in
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two strains of E. coli, and found that the MSC (and MEC) for an oxytetracycline resistant
strain of E. coli was 0.625 mg/L, relative to measured MICs of 4 mg/L (oxytetracycline-
sensitive strain) and 128 mg/L (oxytetracycline-sensitive strain) (73). Thus, the MSC was
determined to be 5/32 of the MIC for this particular bacterial population. Jones et al. (2002)
reported that a levofloxacin concentration of 0.03 mg/L functioned as a threshold
concentration (essentially the same as MSC) in selecting for populations of levofloxacin-
resistant E. coli (25 mg/L levofloxacin < MIC < 100 mg/L levofloxacin) in liquid culture,
although the MIC of sensitive E. coli strains was approximately 1.6 mg/L (in liquid culture)
(47). Erythromycin has been shown to induce increasing resistance to macrolide antibacterials
in populations of Micrococcus luteus strain MAW843 when applied in P or LB media at
concentrations ranging from 0.02 to 0.05 mg/L (relative to a measured MIC of 0.5 mg/L for
an antibacterial sensitive strain of M. [uteus). M. luteus strains sensitive to tylosin also
developed increasing resistance to this antibacterial in the presence of such sub-MIC levels of
erythromycin (65). In addition, erythromycin was shown to induce phenotypic resistance (i.e.,
substantially reduced susceptibility to lysis in presence of vancomycin) to vancomycin in
Staphylococcus pneumoniae strains within C+Y medium even at concentrations of 0.004
mg/L (where MIC has been determined to be within the range 0.015 mg/L to 4 mg/L).

In a number of cases — e.g., for exceptionally potent antibacterial compounds (e.g.,
various fluoroquinolones and f-lactams), or with respect to organisms which are particularly
susceptible to a certain type of antibacterial — environmental levels of antibacterial residues
may approach MIC values (see Figure 1.1). In such cases, the risk of selection for strains of

ARB is clear.

1.5. Maintenance of Antibacterial Resistance Phenotypes

Once a resistance trait is acquired — either by horizontal gene transfer or by point
mutations, it may become a stable part of the host’s genotype (whether it be actively
expressed or not), or it may eventually be discarded. The question of how antibacterial
resistance phenotypes proliferate and are maintained in various environments is an extremely
important one, and is open to quite a bit of debate — characterized primarily by perspectives
originating from two opposing doctrines of thought. The “reservoir hypothesis” holds that, in
order for antibacterial resistance genes to remain stable within their host cells, selective
pressure must be applied to the hosts by presence of the antibacterials to which resistance is

expressed. Accordingly, in order for antibacterial resistance hot-spots to occur and spread,
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sustainable reservoirs of antibacterial resistant microorganisms must exist and remain
available to respond to transient conditions which favor their selective growth, or perhaps the
spread of their genetic material.

The foundation of this hypothesis relates to an inherent assumption that antibacterial
resistance plasmids or chromosomal elements impart a metabolic cost on the recipient to
which they are transferred, and thus will result in out-competition of that recipient by
metabolically-superior, resistance-free variants in a culture lacking the requisite antibacterial
stressor. As a result, the “handicapped” bacterial strain (that exhibiting the resistance
determinant) would soon be overtaken by the unburdened (and faster multiplying) strain via
process of selection. By this line of reasoning, if strictly applied, the presence of antibacterial-
resistant bacteria should be limited to only those environments which reward the otherwise
metabolically-burdened strain with a competitive advantage over its antibacterial-sensitive
brethren, namely those in which conditions are such that selection for the antibacterial
resistant phenotype occurs, i.e., for which antibacterial concentrations equal or exceed the
minimum inhibitory concentration (MIC) for a particular compound or class of compounds.
In such an environment, the resistant phenotype could be expected to overtake the sensitive
bacterium and thrive. This is perhaps the case in situations for which high concentrations of
antibacterial compounds are the norm, such as in the intestinal tracts of animals or humans
undergoing antibacterial therapy, or in animal feed which has been supplemented with high
concentrations of antibacterial growth-promoters.

However, this line of reasoning does not address the regular and increasingly frequent
detection of large proportions of antibiotic resistant bacterial strains in environmental systems
such as wastewater, surface water, and drinking water for which antibacterial concentrations —
though often detectable — are generally hundreds or even thousands of times lower than
corresponding MIC values. According to the doctrine discussed above, resistant bacteria
should not exist in such systems (except perhaps as rare genetic mutants), let alone in
significant proportion to relevant populations. Such examples as these have provided ample
reason to question tenets of the reservoir hypothesis.

Several studies conducted within the past twenty years have generated results which
indicate that antibacterial resistance determinants can indeed persist in populations of bacteria
even in the absence of selective pressure. Bouma and Lenski (1988) - focusing on the
association between bacteria and plasmid elements — demonstrated quite clearly that, after an
initial metabolic deficit (resulting from acquisition of chloramphenicol and tetracycline

resistance plasmid pACYC184), E. coli B grown in chloramphenicol-spiked growth medium
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for 500 generations (75 days in culture) adapted via chromosomal genetic change to the
plasmid’s presence (74). After this adaptation period, the evolved bacterium was able to
compete effectively with plasmid-free chloramphenicol-sensitive strains and actually
exhibited enhanced fitness in cultures for which the selective stressor (chloramphenicol) was
absent. Similar results were obtained for a strain of E. coli which evolved to a competitive
tetracycline-resistant mutant (45). Schrag and Perrot (1996) provided additional evidence for
such phenomena when they showed that spontaneous streptomycin-resistant mutants of .
coli strain CAB281 could adapt across multiple generations to overcome initial Darwinian
fitness costs associated with possession of the antibacterial resistance phenotype, even in the
absence of antibacterial stimulus. The two initial mutants — which originally exhibited 14%
and 19% fitness disadvantages relative to sensitive strains — were able to evolve over 135
generations to 6.97% and 9.55% fitness costs. After 45 additional generations, these fitness
costs were further reduced to 4.63% and 6.68%, respectively. In addition, the adaptation of
the two mutants occurred without any clinically significant reduction in level of streptomycin
resistance, indicating that the bacteria were able to fully maintain their phenotypical resistance
while at the same time competing effectively against sensitive strains, in the absence of
selective pressure (75).

A subsequent study indicated not only that streptomycin-resistant E. coli strains were
able to adapt to improved levels of fitness in the absence of antibacterials, but also that
streptomycin sensitive wild-type bacteria (i.e., those which retained the original phenotype
from which the antibacterial-resistant, adapted bacteria were derived) exhibited reduced
fitness levels relative to the adapted strains in antibacterial-free environments. More
importantly, this study showed that a single mutation leading either to loss of the antibacterial
resistance trait or loss of the adaptive allele would result in significant decrease of fitness
relative to the adapted ARB. Thus, at least two mutations would be required for such an
adapted ARB to return to its parental phenotype, i.e., the high-fitness, streptomycin-sensitive
strain, making a return to the original phenotype quite unlikely. Accordingly, the investigators
demonstrated that, even after 10,000 generations, the evolved E. coli strain retained identical
rpsL sequence to its evolved parent (46).

Bjorkman et al. (1999) utilized an in vivo mouse model to study the ability of an
antibacterial-resistant, virulence-deficient Salmonella typhimurium strain to compete against
fully-virulent, antibacterial sensitive strains in antibacterial-free clinical environments.
Results of this investigation showed that the avirulent ARB were able to adapt to in vivo

conditions in the absence of antibacterial and recover virulence. The adapted strains exhibited
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a competitive advantage over sensitive strains, without loss of resistance (to streptomycin,
rifampicin, and nalidixic acid). Generational studies indicated that compensatory evolution
resulted in reversion to parental phenotypes in only 4 of 26 mutations, and that the other 22
mutants exhibited second-site compensatory mutations that did not result in decreased
resistance. Furthermore, reversion required substitution of a single target base, while
compensatory mutations were thought to be achievable via substitutions at various sites. Thus,
the likelihood of reversion to antibacterial sensitive phenotypes appeared lower than that for
compensatory adaptation (76). Jones et al. (2000) reported on the apparent permanence of
induced resistance to the fluoroquinolone antibacterial agent ciprofloxacin. Fluoroquinolone
resistance — which is generally thought to be achieved only through point mutations — was
induced in two strains of Staphylococcus aureus by incubating cultures in media containing
sub-MIC concentrations of ciprofloxacin. The antibacterial resistance phenotype was fully
retained in antibacterial free cultures, even after 500 subsequent generations, and continued
culture at the original MIC level (1 mg/L) of ciprofloxacin actually led to an increased level
of resistance via an additional point mutation in the host bacterium’s genome (47). A
thorough discussion of antibacterial resistance maintenance in the absence of antibacterials

and by mechanisms other than selection is presented by Heinemann et al. (2000) (77).

1.6. Implications for Risk Assessment

Typically, antibacterial concentrations in aquatic systems only approach MIC values
within such environments as raw hospital sewage or municipal wastewater influent, where
input levels of both bacteria and antibacterial compounds are high enough to provide a critical
combination of stressor and target (Figure 1.1). However, the potential dangers associated
with their release into the environment may ultimately have more to do with their initial, or
primary input concentrations (i.e., from ultimate source, such as hospital sewage to municipal
wastewater), rather than their discharge concentrations (i.e., from municipal wastewater
effluent to surface water), particularly in light of the possible stability of antibacterial
resistance genotypes within a bacterial lineage once resistance has been induced (irrespective
of environmental stressor influence). Wastewater treatment facilities are not completely
biocidal, even those including disinfection steps, and thus do not represent an absolute barrier
to dissemination of ARB into natural water systems. Should conditions in a particular
environment — such as at the point discharge of untreated excrement and urine from hospital

patients undergoing antibacterial therapy into municipal wastewater systems — favor the
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evolution of antibacterial-resistant phenotypes, those phenotypes might be induced in a
relatively irreversible manner, and so could potentially travel over great distances and through
many generations into locations from which they might be re-introduced into clinical
situations (e.g., recreational surface waters, drinking water).

With regard to the present topic, the role of disinfection/oxidation in reducing the
overall risk associated with spread of antibacterial resistance genes is important with primary
regard to two interconnected factors: 1. Oxidation of residual antibacterial compounds,
leading (hopefully) to subsequent elimination of bioactivity and action as selective agents,
which in turn should result in elimination of selective pressure, and 2. Inactivation of
organisms carrying antibacterial resistance genotypes, accompanied by oxidation of genetic
material contained within or released during structural modification of the organisms.

A number of oxidation/disinfection techniques — the most notable of which include
chlorination, ozonation, and ultraviolet light irradiation — are commonly employed in modern
water treatment facilities. Chlorine disinfection — through still widely practiced — is
decreasing in frequency of application within wastewater treatment (due primarily to issues
associated with disinfection by-product formation), and may gradually lose importance as a
primary disinfection mechanism over time. UV irradiation — which is quickly proving to be a
very effective tool for inactivation of problematic microorganisms (e.g., Cryptosporidium
parvum, Giardia lamblia) — seemingly avoids the issue of by-product formation, and will
likely become one of the favored means of disinfecting municipal water supplies in future
years. Ozone disinfection also represents an effective means of inactivating persistent
pathogens, and if the issue of bromate formation — which has represented a significant
hindrance to wider application — can be overcome, will likely join UV disinfection as a
preferred method of water purification. One advantage of ozonation, in comparison to UV
irradiation, is that — due to ozone’s strong oxidizing potential and selectivity — this process
provides a means of oxidizing and degrading specific functional moieties of chemical
pollutants (78,79), in addition to inactivating pathogenic microbial communities. Although
UV disinfection can be modified to provide oxidative capacity (e.g., through addition of H,O,
to irradiated waters) the resulting radical-mediated reactions with pollutants are often non-
specific, and can result in extremely complex mixtures of unpredictable by-products. On the
other hand, ozonation presents a potential means of oxidizing antibacterials to eliminate their
biological activity through predictable reaction mechanisms. Thus , as discussed in more
detail below, ozone may provide an effective means of achieving targeted elimination of any

selective pressure associated with the presence of these compounds in municipal wastewater.
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1.7. Transformation of Antibacterial Compounds during Ozonation

The effect of ozonation processes on antibacterial residues in aquatic systems appears to
be quite significant, i.e., most antibacterial compounds evaluated in ozone oxidation studies to
this point are rapidly degraded. Adams et al. (2002) found that a number of antibacterials,
including trimethoprim, carbadox, and several sulfonamides, were degraded to below method
detection limits within 90 seconds of ozone addition (for 50 pg/L and 0.3 mg/L starting
analyte and oxidant concentrations, respectively) in deionized/distilled and Missouri River
waters (80). However, kinetic data were not reported, and no information was available
regarding structures or quantities of products formed during the oxidation reactions. Huber et
al. (2003) provided more extensive information on degradation of the antibacterials
sulfamethoxazole and roxithromycin in the presence of ozone and hydroxyl radicals;
reporting ozone oxidation rate constants of app. 2.5 x 10°M™'s™ and 4.5 x 10° M''s™,
respectively, in addition to a hydroxyl radical oxidation rate constant of 5.5 x 10° M™'s™ for
sulfamethoxazole. Experiments conducted in natural waters collected from several European
locations indicated that the reported rate constants (obtained from reactions in reagent water
systems) were equally applicable to environmental samples. The results from this
investigation also illustrate the importance of pH-dependent speciation with respect to
oxidation reactions involving ozone, as roxithromycin exhibited a significant decline in
reactivity for decreasing pH (corresponding to increasing protonation of its tertiary amino
group). Although attention was given to discussion of potential products and toxicological
significance, no attempt was made to identify products or evaluate transformation pathways
for the compounds included in this study (87). Qiang et al. (2003) have recently formulated a
pH-dependent kinetic model for reaction of the antibacterials spectinomycin and lincomycin
which highlights the effect of acid-base speciation on substrate reactivities toward ozone (§2).

To evaluate probable reaction pathways with various classes of antibacterials, it is
important to consider likely sites and modes of oxidative attack on the compounds’ structures.
Prior studies with representative model compounds can provide some indication as to what
results might be expected to occur for reaction of ozone or hydroxyl radicals with certain
antibacterial compounds. A number of representative structures of the major classes of
antibacterials relevant to environmental samples are shown with probable sites of direct attack
by Os in Table 1.1. Ozone is a highly selective electrophile, and as such, will exhibit
preferential reactivity toward specific functional groups associated with such chemical

structures. Olefinic double bonds, activated aromatic rings, amino groups, and sulfide groups
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Table 1.1. Model antibacterial compounds®

Macrolides

Roxithromycin (RX) Azithromycin (AZ)
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Tetracycline

Tetracycline (TET)
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“Structural families are listed in bold. "Likely O; target sites are indicated by arrows. “References from which
pK, values were obtained are summarized in Chapter 2, Table S2.1. “Sites of ionization are numbered according
to order of deprotonation. For compounds possessing a single pX,, the ionizable site is labeled 1. “DHFR —

dihydrofolate reductase.
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represent attractive nucleophilic targets for ozone (79). Amino groups (primary, secondary,
and tertiary) happen to be quite common amongst various classes of antibacterials — including
the tetracyclines, fluoroquinolones, sulfonamides, dihydrofolate reductase inhibitors,
macrolides, and aminoglycosides. Activated aromatic rings are present in the sulfonamides,
dihydrofolate reductase inhibitors, and tetracyclines. Hydroxyl radicals are much less
selective as oxidants, and are thus not quite as constrained in their modes of action on organic
substrates. As a first step in assessment of antibacterial susceptibility to ozone/*OH reactions,
the expected reactivities of functional groups can be gauged through comparison to published
kinetic data for various reactions.

Depending on substitution patterns, olefinic groups may yield rate constants ranging
from < 0.1 M's” (e.g., tetrachloroethene) to ~2 x 10° M''s (e.g., ethene), for oxidation by
ozone, where substitution of electrophiles or nucleophiles on adjacent carbons can be
expected to either decrease or increase the rate of reaction, respectively (79). Measured rate
constants for reaction of amines range from 20 M™'s™ for NH; to > 10° M's™ for
triethylamine (79), where increasing degree of alkyl substitution typically correlates to
increasing degree of reactivity. Protonation of amino groups greatly reduces their reactivity
toward ozone (rendering them essentially non-reactive in most cases). Thus, speciation
patterns of compounds containing amino groups can be expected to be quite important in
determination of rate constants. Activated aromatic rings, such as phenols, anilines, or
methoxybenzenes exhibit reactivities exhibit grossly elevated reactivities toward ozone,
relative to benzene (which exhibits a ko3 = 2 M™'s™ (83)), where phenolate’s ko is equal to 1.4
x 10° M's™ (84). Rate constants for oxidation of organic compounds by hydroxyl radicals are
generally close to diffusion-controlled, with the exception of some highly deactivated
aliphatic hydrocarbons such as chloroform (k.on =5 x 10’ M's™).

Consideration of the available kinetic data for such reactive groups allows preliminary
estimation of reactivities for oxidation of the antibacterials presented in Table 1.1 by ozone or
hydroxyl radicals. Huber et al. (2003) provided estimates for reactions of ozone with several
classes of antibacterials: fluoroquinolones, sulfonamides, macrolides, and tetracyclines (87).
These are provided with additional estimates for each of the antibacterial compounds or
classes included in Table 1.1.

Evaluation of product formation and reaction pathways associated with reaction of
complex molecules presents an additional challenge in monitoring degradation of antibacterial
compounds by ozone or hydroxyl radicals. Thus far, evaluation of reaction products generated

by ozonation reactions or hydroxyl radical oxidation has been limited primarily to relatively
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simple molecules, although less generally applicable studies associated with specific
structures are distributed throughout the available literature. Fortunately, findings from
mechanistic studies can be utilized to assess the likelihood of various structural modifications
in the context of more complex molecules. In addition, the use of relatively simple model
compounds can be used to develop most probable degradation pathways for similar moieties
included within larger molecules. Selection of appropriate model compounds can greatly
facilitate identification of reaction products as well as elucidation of reaction pathways, as
illustrated by recent work conducted on ozonation of the synthetic hormone 17a.-
ethinylestradiol (85).

Evaluation of product formation is quite critical in the case of parent compounds
exhibiting high biological activity, such as antibacterials, hormones (or hormone mimics), and
microtoxins (e.g., aflatoxins, cyanotoxins). Retention of biological potency after oxidation
could be possible in cases for which structural modification either fails to inactivate bio-active
functional groups or where structures are modified to configurations which possess additional
or alternative modes of toxicity. Data regarding the toxicological significance of oxidation
products generated during ozonation of antibacterial compounds is not currently available,
and will be an important component in development of risk assessment protocols for release
of antibacterials into environmental systems. Application of MIC screening procedures (86-88)
(via liquid cultures or plating techniques) according to methods similar to those utilized by
Huber et al. (2003) (85) — for evaluation of hormone degradation products — could provide

one useful tool in determining the antibacterial properties of such oxidation products.

1.8. Thesis Scope

Ozone-based oxidation/disinfection processes (involving both O3 and the hydroxyl
radical, *OH (79,89)) are known to result in considerable degradation of several different
antibacterial classes (81,90). Thus far, however, accurate O3 reaction rate constants have only
been reported for compounds from a few antibacterial classes (81,91,92), and *OH rate
constants for members of only three classes (sulfonamides and macrolides (87) and f-lactams
(93)). Furthermore, very little is known with regards to how these reactions alter the
biochemical potency of the parent antibacterial substrates, outside of recent work on the
macrolide clarithromoycin (92). This knowledge is absolutely critical in attempting to
accurately evaluate the potential effectiveness of such oxidative treatment strategies in

reducing or eliminating biochemical activities of targeted antibacterial substrates.
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A primary objective of this work was to quantitatively assess the ability of ozone to
eliminate the biochemical activity of model antibacterial substrates from a wide variety of
different structural classes. Model antibacterial substrates have been selected from the nine
antibacterial structural classes most important within human medicine (Table 1.1). Individual
model substrates were selected on the basis of their occurrence in environmental systems,
frequency of application, or utility as generic structural surrogates of members within their
structural family as a whole. These compounds include members of the macrolide,
fluoroquinolone, sulfonamide, dihydrofolate-reductase inhibitor, glycopeptide, B-lactam,
aminoglycoside, tetracycline, and lincosamide structural classes.

Rate constants for both ozone and hydroxyl radical reactions were investigated using
methods appropriate to each model substrate. pH-dependent variations in measured second-
order ozone rate constants were utilized to determine Oj; rate constants for specific neutral or
ionic species of dissociable antibacterial molecules. In addition, Os reaction kinetics were
measured for various model compounds representing reactive or non-reactive substructures of
the parent antibacterial molecules. Modeling of apparent rate constant pH-dependencies (94)
was used in conjunction with substructure reaction kinetics to isolate the site-specific O3
reaction kinetics for each antibacterial substrate. Additional experiments were conducted in
real wastewater matrixes to verify applicability of laboratory results in such waters.

An antibacterial potency assay was used to measure the residual antimicrobial activity
of oxidation product mixtures resulting from exposure of antibacterial compounds to Os, *OH,
or various ratios of simultaneous exposure to both oxidants. Standard protocols for
measurement of antibacterial potencies were adapted to this purpose (87). Reference bacterial
strains appropriate to each class of antibacterials were used to measure the antibacterial
potency of bulk oxidation product mixtures via benchmarking against reference MIC values
for each parent antibacterial substrate. Limited attention was dedicated to elucidating specific
reaction mechanisms or reaction products, except in cases for which oxidation reactions
appear to yield transformation products which retain substantial antibacterial potency relative
to the parent substrate. A toxicity identification and evaluation (TIE) approach was used to
identify of oxidation product mixture components responsible for any measured antibacterial
activity remaining after treatment with Os.

1.8.1. Model Antibacterial Compounds

1.8.1.1. Macrolides. Azithromycin (AZ), roxithromycin (RX), and tylosin (TYL) were
selected to represent the macrolide antibacterials (Table 1.1). AZ — commonly used in

treatment of respiratory and urinary tract infections — represents one of the most commonly
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prescribed drugs in the United States at the current time (95). Most environmental occurrence
studies — with respect to macrolides — have focused on the measurement of erythromycin and
other macrolides, so little data is available with respect to the frequency of azithromycin
occurrence in environmental system. However, detection of various macrolide antibacterials
in raw and treated wastewater (96), coupled with the similar structural character of most
macrolide antibacterials, merits concern over the potential presence of azithromycin in aquatic
systems. RX — which has been detected in wastewater effluents (9,96) — has previously been
studied in the context of ozonation reactions, and kinetic data is available for this particular
compound (ko3 = 4.5 x 10° M''s™ for the neutral RX species) (8/), making it a convenient
choice for the current study. TYL has been detected in surface waters samples obtained from
the United States (/0), but is utilized primarily in veterinary applications, as opposed to
human medicine. Thus, TYL does not necessarily represent a target for oxidation processes in
municipal wastewater treatment. Rather, it has been selected here to provide additional
information as to the reactivities of double bonds incorporated into the macrocyclic rings of
similar human-use macrolides, such as spiramycin.

In general, the structures of AZ, RX, and TYL are quite typical of other macrolide
antibacterials. As in the case of all macrolides, AZ, RX, and TYL each possess a single
tertiary amino group as a substituent on their side-chain sugars. This particular group could be
expected to represent a primary site of oxidative attack in reactions with ozone. However, AZ
is also characterized by a second tertiary amine which is integrated into the compound’s
lactone ring. This likely represents an additional reactive site. TYL, which possesses the
tertiary amino group typical of other macrolides, also contains two double bonds within its
macrocyclic ring. These groups likely also represent attractive targets for ozone, and could be
expected to react with rate constants (ko3) in the vicinity of 10° M's™'. RX and TYL should be
representative compounds for use in evaluation of macrolide reactivity toward ozone in
general. Additionally, evaluation of AZ oxidation should yield useful information about the
reactivity of this uniquely-constructed erythromycin derivative.

The antibacterial activity of the macrolide family is related to their ability to form
hydrogen bonds (up to seven, in the case of narrow- and expanded-spectrum macrolides) with
various nucleobases and phosphodiester linkages in bacterial 23S rRNA (7). Most of the
hydrogen bonding sites are hydroxyl groups located on the macrolactone ring or desosamine
sugar side chain. Of the three relevant functional group types (see above) that could be
expected to react with ozone, only the amine group of the desosamine sugar (Table 1.1)

appears to be directly involved in these intermolecular interactions. However, since this
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particular group is present in all macrolides, it is of interest to understand how its reaction
with ozone alters the ability of the overall macrolide structure to bind bacterial rRNA. In
addition, oxidation of the heterocyclic nitrogen atom in AZ, or the diene system in TYL may
still contribute to the inactivation of macrolide molecules, simply by disrupting the
macrolactone ring structure characteristic of these compounds. Such severe alteration (i.e.,
rupture of the macrocyclic ring) could certainly be expected to contribute to decreased or lost
ability to maintain the hydrogen-bonding configurations necessary to form complexes with
bacterial 23S rRNA. The antimicrobial activity of macrolide antibacterials could also possibly
be reduced via alteration of their solubility and intracellular mobility (e.g., via oxidation of
amino groups imparting polarity, or by loss of structural attributes imparting trans-membrane
permeability).

1.8.1.2. Sulfonamides. Sulfamethoxazole (SMX) — a human-use antibacterial, frequently
prescribed in combination with trimethoprim (see below) as the antimicrobial agent “co-
trimoxazole” — was selected to represent the sulfonamide antibacterials for several reasons.
First, SMX has been frequently detected in sewage, treated wastewater, and surface water
samples. Second, kinetic data has already been obtained for reaction of SMX with ozone (ko3
~2.5x 10°M's”! for the dissociated SMX species) (81), thus simplifying the overall
evaluation of its fate in drinking water treatment. In addition, the structure of SMX is
representative of most other sulfonamides, with variations only in the interchangeable
heterocyclic moieties attached to the sulfonamide group (see Table 1.1). Thus, SMX appears
to present a reasonable compound with which to assess the general character of sulfonamide
antibacterials in oxidative treatment processes involving ozone.

Sulfonamide structures are all derivatives of p-aminobenzenesulfonamide — a structural
analog of p-aminobenzoic acid — and are differentiated only by the particular side chain

attached to the sulfonamide nitrogen (see Figure 1.2). These compounds derive their
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Figure 1.2 Sulfonamide core structure

antibacterial activity from antagonistic competition with p-aminobenzoic acid for
dihydropteroate synthase enzyme during bacterial synthesis of dihydropteroic acid (the

precursor to folic acid) (97). In consideration of this mode of action, one could suppose that

22



Chapter 1

any disruption of the p-aminobenzenesulfonamide group in a sulfonamide antibacterial would
lead to a loss of the parent substrate’s antimicrobial activity. Similarly, it would seem that
attack of the heterocyclic side chains differentiating the various sulfonamide compounds
might not be sufficient to eliminate their antibacterial potential (though it might result in
reduction of antibacterial activity).

The aniline moiety of the p-aminobenzenesulfonamide group would seem to represent
an attractive target for Oz (whether at the amino nitrogen, or at one of the ortho-positions of
the aromatic ring). Oxidative attack of this moiety would be expected to lead to elimination of
the parent substrate’s antibacterial activity, as it would most likely result in disruption of the
structure responsible for imparting antibacterial potential to the sulfonamide parent. However,
although a rate constant has been measured previously for oxidation of SMX by ozone, the
reactive site and mode of oxidation for this reaction has not been verified. One objective of
this study was to verify the position of oxidative attack by ozone, as a prerequisite to
formulating likely degradation pathways for the sulfonamide antibacterials, and to
determining potential mechanisms by which these antibacterial structures can be inactivated.
Alterations to the heterocyclic side chain group (methylisoxazole) attached to the sulfonamide
nitrogen are not expected to significantly affect the antimicrobial activity of sulfamethoxazole,
as even the most fundamental sulfa drug structure (e.g., sulfanilamide — which lacks any side
chain functional group) exhibits appreciable antibacterial activity. This tenet should similarly
apply to any sulfonamide antibacterial.

1.8.1.3. Dihydrofolate Reductase (DHFR) Inhibitors. Trimethoprim (TMP) is frequently
prescribed with SMX for use in treatment of respiratory infections, particularly with respect to
chemotherapy of AIDS patients (98,99). As in the case of SMX, TMP is also frequently
detected in various environmental water systems (/0, /00), which might be expected (at least
partially) as a result of the concurrent usage of these two compounds. Trimethoprim possesses
two functional moieties which might be expected to react with an electrophilic oxidant such
as ozone: the 2,4-diaminopyrimidinyl moiety (typified by two heterocyclic amino groups and
two exocyclic amino groups) and the 3,4,5-trimethoxybenzyl moiety.

Although no specific evaluation of diaminopyrimidine reactivity with O3 exists to date,
several prior studies have evaluated oxidation of structural analogues by ozone. Reactivities
of the pyrimidine bases uracil, cytosine, and thymine toward ozone have been studied
previously (/01-104). Each was found to react readily with ozone, though uracil appeared to
exhibit somewhat slower rates than the other bases (/02). The trimethoxybenzyl moiety could

also be expected to exhibit relatively facile oxidation by ozone, as illustrated by the measured
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rate constant for 1,3,5 trimethoxybenzene (kos = 9.4 x 10° M''s™) (105). Thus, TMP would
appear to be quite susceptible to oxidative degradation by ozone. Estimated rate constant
ranges are provided for TMP and other model compounds in Table 1.1. As for the
sulfonamides, other DHFR inhibitors (such as pyrimethamine) differ significantly from TMP
only in the form of their secondary structural group (opposite the diaminopyrimidine moeity,
which is common to all DHFR inhibitors). Thus, TMP is also expected to provide useful
insight into the reactions between other DHFR inhibitors and ozone.

The TMP structure was synthesized from 2,4-diaminopyrimidine specifically for the
purpose of inhibiting the activity of DHFR during cellular synthesis of folate (97). The
diaminopyrimidine structure represents the active portion of the antibacterial molecule, where

the protonated nitrogen atom, N-1, of the heterocyclic ring (Figure 1.3) participates in charge

(l1\l) NH
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Figure 1.3. Dihydrofolate reductase inhibitor core structure

interactions with DHFR (706). Therefore, oxidative attack of the diaminopyrimidine moiety
by ozone should presumably result in elimination of the TMP structure’s antimicrobial
activity. On the other hand, alteration of the side-chain substituent (a 3,4,5-trimethoxybenzyl
group in this case) might also result in reduction of activity, but via affectation of the TMP
molecule’s physico-chemical characteristics (e.g., solubility, polarity, hydrophilicity, etc.)
rather than direct loss of its ability to interact with the intended target. Accordingly, the
affinity of O3 for each potential reactive site is a matter of some importance, and was
evaluated in conjunction with measurement of reaction kinetics.

1.8.1.4. Fluoroquinolones. Ciprofloxacin (CF) —a commonly-prescribed human-use
antibacterial agent, and enrofloxacin (EF) — more commonly used in veterinary applications —
were selected to represent the synthetic fluoroquinolone family. CF is characterized by a
secondary N-4 nitrogen, while EF exhibits tertiary substitution of this amine (Table 1.1). The
typical fluoroquinolone structure presents two primary targets for oxidative attack by ozone.
First is the N-4 amino group, which on the basis of oxidation-reduction potential
considerations and expected electron density, would appear to represent an attractive target

for the electrophilic ozone molecule. Second is the double bond located adjacent to the
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carboxylic group of the quinolone structure. Both sites could represent reactive sites for
oxidation by ozone, though the more likely site of attack is unclear at this time, and represents
one of the intended findings of this study. It is also possible that ozone could attack the
aromatic ring located adjacent to the fluroquinolones’ piperazine moiety, though the presence
of the strongly electron-withdrawing flourine atom on this ring would likely make the
aromatic ring a relatively poor target (as a result of negative inductive effects). Reactivities of
these two model substrates were compared to assess the affect of varying degrees of N-4
substitution on reaction kinetics.

The core 4-quinolone structure which is characteristic of all quinolone antibacterials is

shown in Figure 1.4. The R-1 to R-8 positions can be filled by a number of different

@) (1)
R R
(MR._X._N
I
6)R”
R O O

(5)

Figure 1.4. Quinolone core structure

substituent groups (R-7 is filled by various piperazine moiety configurations for
fluoroquinolones), while X and Y can represent either C or N atoms. Nalidixic acid — the first
quinolone antibacterial — exemplifies one of the simplest structures for this class, in which X
=N, Y =C, R-1 =C,Hs, Rs=H , R-6 = H, R-7 = CH3, and R-8 = H. Seemingly, destruction of
the piperazine ring — as observed for reactions of CF with free chlorine and chloramines (/07)
— might not result in complete elimination of antibacterial activity. Accordingly, degradation
of the fluoroquinolone structure with ozone may or may not result in reduction or elimination
of antimicrobial activity.

Current models of fluoroquinolone binding to DNA gyrase enzymes indicate that the
quinolone structure (inclusive of the aromatic and heterocyclic rings) participates in
“stacking,” or co-planar alignment with purine bases contained in the subunits of gyrase
enzyme intermediates produced during DNA strand cleavage. Although alteration or loss of
the fluoroquinolone structure’s piperazine moiety might reduce these compounds’
antimicrobial potency, such changes would not be expected to eliminate their biochemical

activity. As mentioned above, even quinolone structures which lack the piperazine ring (e.g.,

25



Chapter 1

simple quinolones such as nalidixic and oxolinic acids) exhibit considerable antibacterial
activity. Thus, of the likely sites of oxidative attack for O3 (which would appear to be at the
basic N of the piperazine ring and at the olefinic bond adjacent to the quinolone carboxyl
group), disruption of the heterocyclic ring shown in Figure 1.4 — via attack at the olefinic
bond — would seem most likely to lead to an accompanying elimination of antimicrobial
activity.

1.8.1.5. lactams. Penicillin G (PG, Table 1.1) is perhaps the most fundamental of the
[lactams, and cephalexin (CP, Table 1.1) the most fundamental of the cephalosporins. The
fundamental structure of these compounds have been modified substantially over time via
incorporation of various functional groups and structural modifications to yield hundreds of
analogues possessing features such as improved acid stability, resistance to B-lactamases, and

improved solubility (/,708). However, the B-lactam ring system (Figure 1.5)
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Figure 1.5. B-lactam core structures. (a) penicillins, (b) cephalosporins

remains the primary source of these compounds’ antibacterial activities, due to its interaction
with peptidoglycan transpeptidase (and subsequent disruption of cell wall synthesis) in
bacterial cells. With the exception of the less commonly used carbapenems, monobactams,
and clavams (which contain significantly different configurations of the $-lactam system’s
fused five- or six-membered ring), the B-lactams are well represented by the core structures
contained within PG and CP (Figure 1.5). Thus, evaluation of PG’s and CP’s susceptibilities
to oxidation by ozone should permit a broadly applicable determination of B-lactam
susceptibility toward ozone.

With respect to the PG and CP structures, the thioethers contained within the fused five-
and six-membered B-lactam ring systems present probable reactive targets for ozone
molecules. Ideally, oxidation of the thioether group would result in deactivation of the [3-
lactam ring system and a corresponding loss of antibacterial activity. The double bond of CP

likely also represents a significant target for attack by Os.
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1.8.1.6. Lincosamides. Lincomycin (LM) was chosen to represent the lincosamide class
of antibacterials (which also includes clindamycin — a frequently prescribed antibacterial
compound in the United States (95)). Lincomycin (LM) has been detected in surface water
samples obtained from the U.S. (/0), and recent work has addressed its reaction kinetics in
oxidation processes involving ozone (ko3 = 2.9 x 10° M's™ for the neutral LM species (109)).
Thus, selection of lincomycin (LM) for this study allows focus to be directed more rapidly
from evaluation of reaction rates to reaction mechanisms. Clindamycin differs from
lincomycin (LM) only in the substitution of a chlorine atom (clindamycin) for a hydroxyl
group on the side-chain adjacent to the LM amide nitrogen. Use of lincomycin in the
proposed study should therefore also yield results applicable to clindamycin. As noted by
Zhimin et al. (2003), attack of the LM structure with ozone could occur at the compound’s
tertiary cyclic nitrogen (/09). However, the LM structure also possesses a highly reactive
thioether group, which could explain the relative minor effect of pH on reaction rate observed
in that study. One objective of this study was to clarify which (if either) site represents the
primary target for ozone.

Lincosamides act on bacterial cells by inhibiting their ability to synthesize proteins,
primarily through hydrogen-bonding of hydroxyl groups on their sugar side chain to an amino
nitrogen in the bacterial 50S rRNA subunit (the same target of macrolide antibacterials) (/,97).
Accordingly, the effect of ozone oxidation on the lincosamide structure (through expected
attack of the thioether and pyrrolidine functional moieties) may not be direct degradation of
the antibacterial’s ability to bind the ribosomal RNA, but rather a reduction in its ability to
reach the rRNA via loss of solubility or membrane permeability.

1.8.1.7. Tetracyclines. Tetracycline (TET) was selected as a model compound for study
of reactions involving ozone and tetracycline antibacterials. Even though prescription of
tetracyclines has become less effective in ensuing years (primarily due to increasing
incidences of bacterial resistance to this class of drugs) (32), tetracycline itself is still amongst
the two-hundred most commonly prescribed pharmaceutical products in the United States
(95). Although not as common in aquatic environmental compartments as the compounds
described thus far, tetracyclines (TET, in particular) have been detected at ppt concentrations
in surface water samples taken within the United States (/0). TET is believed to interact
strongly with metal ions in aquatic systems (//0), in turn leading to relatively high levels of
complexation with mineral surfaces — one explanation for the comparatively low
concentrations of tetracycline antibacterials found in environmental occurrence studies.

However, in situations for which metal concentrations are comparatively low, substantially
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higher concentrations of tetracycline antibacterials may yet be available for interaction with
bacteria, and should thus still be a concern in the context of antibacterial resistance induction.
Accordingly, the fate of this antibacterial class after exposure to oxidants such as ozone is
certainly still of interest.

First- and second-generation natural tetracyclines are typified by the presence of a

phenol moiety, two double bonds, and a tertiary amine group (Figure 1.6), and structures of
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Figure 1.6. Tetracycline core structure

such compounds as chlortetracycline, oxytetracycline, methacycline, and doxycycline do not
differ markedly from that of TET (32). Reaction with ozone is expected to take place
primarily at these sites (Table 1.1). Third-generation tetracycline antibacterials (i.e., the
glycylcyclines) exhibit additional substition on the phenol moiety, and may be expected to
exhibit different reactivity toward ozone than the first- and second-generation tetracyclines.
However, most of these third-generation drugs are still in clinical evaluation, and are not yet
in widespread use (32). Accordingly, the use of TET should provide a means to evaluate the
general reactivity of ozone with the most commonly employed tetracycline antibacterials.
The simplest tetracycline structure exhibiting antibacterial activity is portrayed in
Figure 1.6. This core tetracycline structure - 6-deoxy-6-demethyltetracycline — is
characterized invariably by the amino group, olefinic bonds, and phenolic moiety described
above. Various substitution patterns can be utilized to improve antibacterial activity (e.g.,
through improved solubility or improved mobility through cellular membranes). However, the
fundamental structure shown in Figure 1.6 must remain intact for maintenance of
antimicrobial effect. Only in one example has alteration of this core structure not diminished
or eliminated antibacterial activity, and that is with regard to the thiatetrayclines (e.g., 6-
thiatetracycline), in which the 6-position of the C ring is substituted with a sulfur atom
(although the mode of antibacterial activity is completely different in this case, as compared

to the conventional tetracyclines) (32).
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The antibacterial activity of the tetracycline ring system appears to be derived primarily
from direct or indirect (through metal cations) electrostatic charge interactions between the
keto- and hydroxyl oxygens on the underside of the tetracycline molecule (Figure 1.6) and the
oxygens of various internucleotide phosphodiester linkages on the 16S rRNA helix contained
within the 30S subunit of the bacterial ribosome (/). Thus, oxidation of the tetracycline
molecule with ozone would appear to present a promising means of eliminating the
antibacterial properties of the parent structure, as O3 will presumably attack both the phenol
moiety and olefinic bonds affiliated with the tetracycline’s active polyketide structure, likely
leading to disruption of the conjugated tetracycline system, in turn leading to a decrease or
loss of antibacterial activity (32). Additional reactions involving the TET structure’s
characteristic tertiary amine might not necessarily lead to elimination of TET’s rRNA binding
capability, but might result in significant enough structural alteration (perhaps via loss of the
amine functional group) that the antibacterial molecule is unable to access the interior of the
cell, and thus not able to reach the intended RNA target structure.

1.8.1.8. Glycopeptides. VM (Table 1.1) represents the more commercially available and
more thoroughly studied compound of the two glycopeptides in frequent clinical use today
(teicoplanin is the other). As seen in Table 1.1, the vancomycin structure is characterized by a
number of functional groups that could be expected to react readily with ozone, namely
activated aromatic structures and amine groups. Teicoplanin differs in several ways, but
maintains the same types of reactive functional groups (same trimethoxybenzyl moiety, four
phenols to VM’s two, and one primary amine to VM’s primary and secondary amines).
However, consideration of the model for glycopeptides’ sequestration of peptidoglycan (the
means by which these antibacterials disrupt cell wall biosynthesis) (/), points toward the
trimethoxybenzyl moiety as the functional group likely to be most important in reactions with
ozone. Oxidation of the phenolic groups or amine groups could certainly alter the physico-
chemical properties of the glycopeptide structure (and perhaps result in reduced ability of VM
to access its intended cell targets), but some change to the six-amide chain (the nitrogen atoms
of which are involved in hydrogen bonding with the peptidoglycan terminus) on the underside
of the glycopeptide molecule would likely be necessary to eliminate these antibacterials’
peptidoglycan complexation capability, and so remove their biochemical activity. Such an
alteration to the glycopeptide structure could presumably be implemented by ozone attack on
either meta position of the trimethoxybenzyl moiety, which could foreseeably lead either to a
complete disruption of the glycopeptide core, or at least to an alteration of the glycopeptide

molecule’s stereochemistry that could prevent effective hydrogen bonding to peptidoglycan.
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1.8.1.9. Aminoglycosides. Amikacin is a semi-synthetic antibacterial derived from the
natural antibacterial kanamycin (actually a mixture produced by Streptomyces kanamyceticus
— containing structural analogues kanamycin A, B, and C). Aminoglycoside antibacterials
vary in the number of amino groups present in each structure, but in most cases, these amines
are the only functional groups expected to exhibit appreciable reactivity toward ozone.
Amikacin can be taken as approximately representative of most other aminoglycosides,
including streptomycin, gentamicin, tobramycin, and the kanamycins. Though amikacin has
not been detected explicitly in wastewater systems, the aminoglycoside gentamicin has been
recently quantified in German hospital wastewaters (/2).

Aminoglycosides are inhibitors of bacterial protein synthesis, and derive much of their
antimicrobial activity from mechanisms similar to macrolides and tetracyclines; that is,
through charge interactions with nucleobase and phosphodiester functional groups in the
bacterial rRNA. Several of the primary and secondary amine groups characteristic of
aminoglycoside antibacterials are involved in these interactions, but much of their RNA
binding capability is derived from hydroxyl groups located on their sugar moieties (/).
Additionally, aminoglycosides are thought to contribute to disruption of bacterial cell
membranes (and subsequent cell death) via competitive displacement of Mg®" and Ca*"
cations linking adjacent lipopolysaccharides in the cell membrane structure — an attribute
derived from their unique polycationic character (97).

The presence of so many electron-rich amino groups in the aminoglycosides’ structures
is likely to result in their rapid oxidation by such disinfectants as ozone. Accordingly, a
detailed examination of ozone-aminoglycoside reactivity and product yields should verify
their susceptibility to O3, though the complexity of reaction processes (e.g., with respect to
sites of attack, and product distributions) is likely to be quite high, due to the high number of
potential reactive sites for each substrate molecule.

Ozonation of the aminoglycosides could foreseeably lead to reduction or elimination of
their antimicrobial activity, via oxidation of the amine groups involved in bacterial rRNA
binding and cell membrane disruption. The extent to which such oxidation reactions actually
effect the rRNA binding activity of these compounds may not be complete, as a number of
hydroxyl groups would most likely remain unaltered after ozonation, and even the amine
oxidation reactions might not lead to anything more than loss of the amine groups via
aminoxide/aminyl radical-induced decarboxylation (/7). In fact, the bulk of the
aminoglycoside structure might be expected to remain intact during ozone oxidation, due to

the presence of so many saturated aliphatic systems. Thus, any major reduction in rRNA
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binding might be derived more from reduction in the ability of these compounds to reach their
target (e.g., by loss of the amines from which their polycationic character and resulting
intracellular transport characteristics are due) (), or by a decrease in their ability to displace
metal cations in the cell membrane superstructure.

1.8.1.10. Triclosan (Biocide). Triclosan, 5-chloro-2-(2,4-dichlorophenoxy)phenol (Figure

1.7), is used as a generic antimicrobial agent, or biocide, in a large number of medical and

OH Cl

SO,

Figure 1.7. Triclosan, shown with site of protonation and probable sites of initial O3 attack

personal-hygiene products (e.g., soaps, deodorants, toothpaste). To a lesser extent, triclosan is
used in textiles and plastics (sportswear, bed clothes, shoes, carpets) to control the growth of
disease or odor-causing bacteria. In Europe, ~ 350 tons of triclosan are sold per year as the
active ingredient of Irgasan DP 300 or Irgacare MP (/12).

O3 is expected to react primarily with TRI’s phenol ring (//3), which mediates TRI’s
target-specific inhibition of bacterial fatty acid synthesis via van der Waals and hydrogen-
bonding interactions with the enoyl-acyl carrier protein reductase (ENR) enzyme (/14,115).
Furthermore, "OH — on account of its low selectivity — would be expected to react not only
with the phenolic ring, but also with TRI’s dichlorophenoxyl ring, which also plays an
important role in mediating TRI’s interactions with the ENR enzyme, mainly via additional
van der Waals interactions with the target enzyme (714, 115). Each of the possible oxidation

pathways is thus expected to result in attenuation of TRI’s target-specific antibacterial activity.

1.9 . Thesis Layout

The work reported in this dissertation is based upon the compilation of peer-review research
articles published, submitted, or prepared from experimental work conducted prior to the
official Ph.D. defense in the context of or while pursuing the objectives described above. The

content of these articles is briefly summarized as follows:
Chapter 1. Introduction — An overview of the motivations for conducting this investigation,

as well as relevant background, a brief discussion of the scope of work conducted, as well as

the characteristics of the model compounds chosen for use in this work.
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Chapter 2. Oxidation of Antibacterial Molecules by Aqueous Ozone: Moiety-Specific
Reaction Kinetics and Application to Ozone-Based Wastewater Treatment — A detailed
investigation of the second-order rate constants (apparent and elementary) for oxidation of
each of the model compounds shown in Table 1.1 by O; and "OH, with additional experiments
conducted in a sample of secondary wastewater effluent to facilitate interpretation of the role

of these rate constants in governing antibacterial oxidation during wastewater ozonation

Chapter 3. Kinetics of Triclosan Oxidation by Aqueous Ozone and Consequent Loss of
Antibacterial Activity: Relevance to Municipal Wastewater Ozonation — A study of the
kinetics of triclosan oxidation by O3, with investigation of probable reaction site(s),
consequent changes in antibacterial activity, and the role of reaction kinetics in governing

triclosan oxidation during ozonation of two municipal wastewater effluent samples

Chapter 4. Oxidation of Antibacterial Compounds by Ozone and Hydroxyl Radical:
Elimination of Biological Activity during Aqueous Ozonation Processes — A combined
chemical and microbiological investigation focusing on changes in antibacterial compound
activities upon oxidation by O3 and "OH, which were quantified by a broth microdilution

assay using references strains of E. coli or B. subtilis.

Chapter 5. Transformation of f-lactam Antibacterial Agents during Aqueous Ozonation:
Reaction Pathways and Quantitative Bioassay of Biologically-Active Oxidation Products — A
comprehensive study in which biologically-active transformation products (as well as all
other major products) generated in the reactions of O3 with penicillin G and cephalexin were

isolated and characterized by a combination of chemical and microbiological techniques.

Chapter 6. General Conclusions — A summary overview of the major findings of this

investigation and their importance in the context of municipal wastewater ozonation.

Appendix A. Ozonation of Source-separated Urine for Resource Recovery and Waste
Minimization: Process Modeling, Reaction Chemistry, and Operational Considerations — A
collaborative study on the use of ozone to degrade organic micropollutants present in source-

separated human urine prior to discharge to municipal sewerage or reuse in agriculture;
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conducted in parallel to the core work performed in the context of this thesis. A number of the

core findings from this study are directly relevant to the topics explored in the thesis.

Appendix B. Kinetics and Mechanistic Aspects of As(IIT) Oxidation by Aqueous Chlorine,
Chloramines, and Ozone: Relevance to Drinking Water Treatment — An additional
collaborative investigation conducted to elucidate the kinetics and mechanisms of arsenite
(As(III)) oxidation to arsenate (As(V)) by oxidant species commonly applied for As(III) pre-
oxidation in drinking water treatment; also conducted in parallel to the core work performed
in the context of this thesis. Several of the methods developed within this study were also

applied to experiments conducted as part of the thesis.
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Abstract

Ozone and hydroxyl radical (*OH) reaction kinetics were measured for 14 antibacterial
compounds from nine structural families, to determine whether municipal wastewater
ozonation is likely to result in selective oxidation of these compounds’ biochemically

essential moieties. These compounds are oxidized by ozone with apparent second-order rate

Osapp = 1 % 10° M''s™, at pH 7, with the exception of N(4)-

constants, &

acetylsulfamethoxazole (k63,app is 2.5 x 10> M's™). k2)3,app (pH 7) for macrolides,

sulfamethoxazole, trimethoprim, tetracycline, vancomycin, and amikacin appear to
correspond directly to oxidation of biochemically essential moieties. Initial reactions of ozone
with N(4)-acetylsulfamethoxazole, fluoroquinolones, lincomycin, and f-lactams do not lead

to appreciable oxidation of biochemically essential moieties. However, ozone oxidizes these

moieties within fluoroquinolone and lincomycin via slower reactions. Measured kg,

values and second-order *OH rate constants, k:'OH,app , were utilized to characterize pollutant

losses during ozonation of secondary municipal wastewater effluent. Measured losses were

05.app» DUt independent of k,"OH,app . Ozone doses >3 mg/L yielded >99%

dependent on £,

Osapp = D X 10° M's™") at pH 7.7. Ten substrates

depletion of fast-reacting substrates (&

reacted predominantly with ozone; only four were oxidized predominantly by *OH. These
results indicate that many antibacterial compounds will be oxidized in wastewater via moiety-

specific reactions with ozone.
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2.1 Introduction

Clinically-important antibacterial agents are virtually ubiquitous contaminants of
municipal wastewaters (Supporting Information for Chapter 2, Figure S2.1) (/-5). Raw and
primary wastewaters typically contain compounds from various antibacterial classes at
individual concentrations ranging from 0.5-3 pg/L (Figure S2.1). These concentrations can
often be reduced by 60-90% during conventional activated sludge treatment combined with
tertiary filtration (2,4,6). This is generally sufficient to achieve effluent concentrations below
levels known to be detrimental to bacteria (Figure S2.1) and other aquatic life (7,8). However,
effluent concentrations of certain antibacterials (e.g., fluoroquinolones (2,3)) may still be
harmful to organisms present in effluent-dominated receiving waters (9). In addition, because
activated sludge processes typically operate at solids retention times of several days,
conventional wastewater treatment results in prolonged exposure of wastewater-borne
bacteria to significantly higher antibacterial concentrations than are present in treated
effluents (2,4-6). In the case of fluoroquinolones, these concentrations can approach minimal
growth inhibitory concentrations (MICs) for E. coli (Figure S2.1) and other bacterial strains
(10) - a condition which may favor evolution of low-level antibacterial resistance in affected
bacterial communities (/7,12).

In the interest of precaution, unnecessary exposure of wastewater-borne and
environmental microbiota to biochemical stress originating from antibacterial compounds
should be minimized when possible. Supplemental wastewater treatment technologies capable
of yielding rapid biochemical deactivation of such compounds could aid in achieving this
objective. Ozonation, which is utilized in advanced treatment of secondary wastewater
effluent (/3), and has shown potential as a means of pre-oxidizing and disinfecting primary
wastewater effluents (/4,15), appears promising in this regard (/6-18). Recent studies have
shown that relatively low ozone (O3) doses (< 5 mg/L) can yield > 90% depletion of many
antibacterial compounds in wastewaters containing up to 23 mg-C/L of DOC (18,19).
Although mineralization of antibacterial molecules will be infeasible during municipal
wastewater ozonation, partial oxidation may be sufficient to achieve their biochemical
deactivation, provided that O; reacts with the parent molecules in a manner leading to rapid,
selective oxidation of functional moieties related to their antibacterial activities. Such an
outcome has been demonstrated for the steroid hormone 17a-ethinylestradiol, in which case
ozone selectively oxidizes the phenol moiety responsible for the parent molecule’s estrogenic
activity (20). Similar results appear likely for many antibacterial molecules (Table 2.1, Text

S2.1). However, some antibacterial compounds’ biochemically-essential moieties may be Os-
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Table 2.1. Antibacterial substrates and expected sites of O; attack™>*?

Macrolides
N,OVO\/\.O/ o0
|
1
HO OH “NZ OH N3
'BMOJ HoZo 70
(N
L‘E,%,mu
Roxithromycin (RX) Azithromycin (AZ)
pKa=92 pKa12=8.7,9.5
Sulfonamides
03_“\ r :-g o, '-_‘JH 0 o]
T 0 2 A
'\":l—\!,-‘ 0; p:h! '
N(4)-acetyl-sulfamethoxazole
Sulfamethoxazole (SMX) (ASMX)
pKa2=1.7,5.6 pK.=5.5
Fluoroquinolones
N{4)

N(4)
’ [11'
f L\,.N
l
Ciprofloxacin (CF)
pKal 2= =6. 2 8.8

zﬁ\j N(1) X
0' K/@
s OH
F
0o o!

Enrofloxacin (EF)
pKal 2= = 6. 1 7.7

B-lactams

Oy J:tx

Penicillin G (PG)
pK,=2.7
Glycopeptide

oH 3

by
Ay T
S 2 0 Ry
0Os HO 0 "0y

Cephalexin (CP)
pKal,E = 25, 7.1

Amikacin (AM)
pKa1,2,3,4 = 6.?, 8.4, 8.4, 9.7

Vancomycin (VM)

29,72,8.6,9.6,10.5,11.7

Ho, o O cHO
)
iggo %, .
P lmn

Tylosin (TYL)
pK.=7.7
DHFR Inhibitor®

Trimethoprim (TMP)

pKal 2= =3. 2 7.1
Lincosamide

OH

HO. OH

\S\) My N,
3

Lincomycin (LM)
pK.=7.8
Tetracycline

3 0, *pi;, and pK,; arel group values
Tetracycline (TET)
pKal,g,g, = 33, ??, 9.7

Aminoglycoside

Hir{i%HﬁI ﬁi

HO” © /NHZ

4 NH2

“Structural families are listed in bold. °Os target sites are classified as:

“essential” (i.e., these moieties are

directly responsible for the parent molecules’ antibacterial activities — Text S2.1) — indicated by solid arrows,
and “nonessential” (i.e..these moieties are not directly responsible for the parent molecules’ antibacterial
activities) — indicated by dotted arrows. “References from which pK, values were obtained are summarized in
Table S2.1. “Sites of ionization are numbered according to order of deprotonation. For compounds possessing a

single pK,, the ionizable site is labeled 1. “DHFR — dihydrofolate reductase.

43



Chapter 2

Table 2.2. Substructure model substrates and expected sites of O; attack™”

S~ 1 / /03 I'T-I} 0
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03
1 ) 1- 4-aminophenyl
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B B B (TMT)
pK,=8.3 pK. = 6.5 pKai2=32,7.1

Model for: CF, EF

: ;;D 03
O OH

1

Model for: CF, EF

1

NH
oa/bz

Model for. TMP

O3
O+,

2-(3-methylbutyryl)- . Cyclohexane-
5,5-dimethyl-1,3- Cyclo]zézg)lamme methylamine
cyclohexandione (CHM)
(MBDCH)
pK.=3.5 pK,.=10.6 pK.=103
Model for: TET Model for: AM Model for: AM

Model for: TMP,
VM

“References from which pK, values were obtained are summarized in Table S2.2. ®In the case of DAMP, which
has two pK,s, sites of ionization are numbered according to order of deprotonation. Sites of ionization are
labeled 1 for all other ionizable compounds.

refractory, or O3 may react preferentially with moieties nonessential to the parent molecules’
biochemical activities (Table 2.1). In such cases, relative reactivities of “essential” and
“nonessential” functional moieties will influence the likelihood that antibacterial compounds
can be biochemically deactivated during wastewater ozonation.

pH-dependent variations in measured “apparent” rate constants can be used to determine
“specific” rate constants for reactions of O3 with each individual acid-base species of an
ionizable substrate (27/-23). This approach was applied in the present study to evaluate O;

reaction kinetics measured for fourteen antibacterial molecules representing nine of the most
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widely-used antibacterial structural families (Table 2.1). O3 reaction kinetics for substructure
model substrates (Table 2.2) representing the theorized reactive moieties within each
antibacterial molecule were measured to facilitate assignment of calculated species-specific
reactivities to individual functional moieties.

Pollutant transformation during wastewater ozonation is also influenced by hydroxyl
radicals (*OH) generated through reactions of Os; with specific functional moieties in
dissolved organic matter (24,25) or from auto-catalytic O; decomposition (26). Because *OH
reacts rapidly with a wider variety of functional moieties than Os, the oxidative specificity of
an ozonation process may be diminished if dominated by *OH reactions. The importance of
*OH and Os in the context of antibacterial compound oxidation was investigated by using rate
constants determined here to characterize observed antibacterial compound losses during

ozonation of a secondary wastewater effluent.

2.2 Materials and Methods

2.2.1 Chemical Reactants and Reagents. All reagents and reactants were of 95% purity
or greater, with the exception of ASMX, which was ~70% pure. Descriptions of chemical
sources and stock solutions are given in Text S2.2.

2.2.2 Measurement of Rate Constants. O; and *OH rate constant measurements were
conducted according to seven experimental protocols (designated I to VII), which are
summarized in Table 2.3 and described in detail within Text S2.3. Solution pH was
maintained in all kinetic experiments with phosphate buffers of approximately 10-mM
concentration. Ten-mM #BuOH was added as a *OH scavenger to solutions used for
measurement of Os rate constants. Oz and *OH rate constants were measured at 20(£0.5) °C
(in accordance with previously determined Oj; reaction kinetics (/7,21,27,28)) and 25(%0.5)
°C, respectively.

2.2.3 Wastewater Matrix Experiments. Wastewater experiments were conducted in
batch, by monitoring loss of each substrate in a sample of Kloten-Opfikon secondary
wastewater effluent for various O; doses, at 20(+0.5) °C (see Text S2.4 for experimental
details). Sample pH, alkalinity, and DOC were 7.7, 3.5 mM as HCOs  and 5.3 mg-C/L,

respectively.
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Table 2.3. Experimental methods used for rate constant measurements (details in Text
S2.3)

Method Oxidant Experlmelztal Measurement Endpoint
Procedure
I 0; SFL O3 loss (measured at A = 258 nm)
II O; Batch Substrate loss (measured by HPLC)
I 0 CK Reqctlon product yblelds (measured by
various techniques”)
Losses of each competitor (measured by
v 0O; CK HPLC)
v OH CK (H>O»-photolysis) Losses of each competitor (measured by
HPLC)
. D Losses of each competitor (measured by
VI OH CK (y-radiolysis) HPLC)
VII ‘OH CK (H,0;-photolysis, Losses of each competitor (measured by
amine derivatization) HPLC)

“SFL - stopped-flow spectrophotometry, CK — competition kinetics, "Reaction products were measured either
spectrophotometrically or by HPLC, depending on the analyte

2.3 Results and Discussion

2.3.1 Moiety-specific Ozone Reaction Kinetics. pH-dependent, apparent second-order

rate constants, & were determined for each substrate at pH values ranging from 3 to 8§,

O3.app

according to the methods described within Text S2.3. pH-dependencies of measured k:)},app

values were modeled according to a modified second-order rate expression (eq 1) that

incorporates acid-base speciation of substrate, M,

dM]y _ 1d[o,]_
dt n dt

_ké3,app,M [03][M]T :—Zk; [03] a; [M]T (D
i-1

where [M]r represents the total concentration of M (including all n acid-base species), 7

represents an apparent stoichiometric factor accounting for moles of O3 consumed per mole of

substrate consumed, k, is the specific rate constant corresponding to reaction of O3 with
substrate acid-base species i, and «; represents the equilibrium distribution coefficients for

species i. k, values — summarized in Tables 2.4 and S2.3 — were calculated by nonlinear

regression of experimental data according to eq 2,
n L "
k03,app,M = Z ki a; (2)
i=1

via a Marquardt-Levenberg curve-fitting routine (SigmaPlot 2002, SPSS software).
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Macrolides. Roxithromycin (RX). The strong pH-dependency of kg)3,app,RX (Figure 2.1a)
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Figure 2.1. Apparent second-order rate constants for reactions of parent substrates and
associated substructure model substrates with Oz at 20(+0.5) °C (symbols = measurements,
lines = model predictions): (a) macrolides (RX, AZ, and TYL) with associated substructure
models, (b) sulfonamides (SMX and ASMX) and fluoroquinolones (CF and EF) with

associated substructure models, (c) TMP, LM, and B-lactams (PG and CP) with associated
substructure models. k<')3,app, rx and k:)3,app, .m calculated from data reported by Huber et al.
(17) and Qiang et al. (23), respectively.

indicates that Os reacts initially at the RX structure’s neutral tertiary amine moiety (Table

2.1). The continuous decrease in k;')}’app,RX with decreasing pH — due to protonation of RX’s

tertiary amine (/7,21,22) — suggests that Os reactivity with the remainder of the RX structure

is very low, and that oxidation at circumneutral pH will occur exclusively at the deprotonated

tertiary amine. This conclusion is supported by the pH-dependency and magnitudes of k2)3,app

measured for N, N-dimethylcyclohexylamine (DMCH, Table 2.2) (Figure 2.1a), as well as data

reported for reaction of O3 with the structurally analogous macrolide clarithromycin (37).
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Azithromycin (AZ). kg)S’app, Az €xhibits nearly the same pH-dependency as k€)3,app,RX (Figure

2.1a). However, the close proximity of pK, and pK, values for AZ prevents one from

determining whether k2)3 app.az 18 due primarily to reaction of O3 with the parent molecule’s

exocyclic tertiary amine or with its heterocyclic tertiary amine (Table 2.1). Comparison of the
rate constant for reaction of neutral 1-methylpyrrolidine (MP in Table 2.2) with O; to that for
neutral DMCH shows that the two values are quite similar (Figure 2.1a). This suggests that
the corresponding moieties in the AZ structure (Table 2.1) react with O3 at roughly equivalent
rates.

Tylosin (TYL). TYL reacts with O; significantly faster than RX and AZ at acidic pH
(Figure 2.1a). This can be attributed primarily to the conjugated diene moiety within TYL’s
macrolactone ring (Table 2.1). Olefins typically react with Os at rates that are independent of
pH, within the range 10>-10° M's, unless substituted with strong electron-withdrawing

groups (27,32). The rate constant reported for the neutral form of the model diene sorbic acid

(kg)3 =3.2 x 10° M's™ (33)) is within a factor of ~4 of that for the TYL cation (Figure 2.1a).

This provides additional evidence that the diene moiety is responsible for TYL’s high

reactivity toward O3 under acidic conditions. At pH > 6, the proportion of neutral TYL (i.e.,

deprotonated tertiary amine) becomes high enough to influence the magnitude of ké')}’app,TYL ,

and dominates measured reactivities for more alkaline pH ranges (Figure 2.1a).

Sulfonamides. Sulfamethoxazole (SMX). The apparent rate constants measured for
reaction of SMX with O range from ~5 x 10* to ~5 x 10° M"'s™ between pH 3 and 7 (Figure
2.1b). The specific rate constant calculated for the SMX anion (Table 2.4) agrees within a
factor of 2.2 with that previously determined by Huber et al. (/7), after correction for the
different O3 consumption stoichiometries of the reference competitor substrates — cinnamic
acid (28) and phenol (24,34) — used in the current and former studies. Neutral 4-aminophenyl
methyl sulfone (APMS in Table 2.2) — which approximates SMX’s aniline moiety — reacts
with Oz with the same rate constant calculated for the neutral SMX species (Table 2.4, Figure
2.1b). In contrast, 3,5-dimethylisoxazole (DMI in Table 2.2) — a model for SMX’s isoxazole
group — reacts very slowly with O; (Figure 2.1b). These results indicate that reaction of O

with the SMX structure takes place primarily at the biochemically-active p-sulfonyl aniline

moiety. The pH-dependency of k;;},app,SMx (Figure 2.1b) appears to correlate with

deprotonation of SMX’s sulfonamide-nitrogen (Table 2.1). However, rapid reaction between

Oj; and the sulfonamide-nitrogen can be ruled out (27,22). Therefore, this effect seems to be
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due to activation of the SMX molecule’s aniline moiety (Table 2.1) toward electrophilic
attack by Os, via deprotonation of the sulfonamide-nitrogen.

N(4)-acetyl-sulfamethoxazole (ASMX). A high percentage of SMX enters wastewater
treatment facilities as the metabolite ASMX (Table 2.1) — which can be retransformed to
SMX during biological treatment (4). The rate constants determined for reaction of ozone
with ASMX’s neutral and anionic species are 2.0 x 10" and 2.6 x 10> M's™, respectively;
more than three orders of magnitude lower than for SMX (Figure 2.1b). These results agree
with prior observations that ASMX is poorly degraded during ozonation of secondary
wastewater effluent (/8). The decrease in reactivity from anionic ASMX to neutral ASMX
(Table 2.4, Figure 2.1b) likely reflects enhancement of the sulfonamide moiety’s electron-
withdrawing strength upon sulfonamide-nitrogen protonation. Because this effect should
reduce the Os-reactivities of both the ASMX isoxazole ring and the p-sulfonyl aniline ring, it
is unclear which moiety dominates observed reaction kinetics (Figure 2.1b).

Fluoroquinolones. Ciprofloxacin (CF). CF’s reactivity toward Oj; is strongly dependent

on pH, where ké})app,CF ranges from ~2 x 10 to more than 10° M''s™ between pH 3 and 8

(Figure 2.1b). The pH-dependency of k;')bappm indicates that this trend is governed by

deprotonation of CF’s N(4) amine (Table 2.1). This hypothesis is supported by the reactivity
of O3 with ethyl N-piperazinecarboxylate (EPC in Table 2.2). kE)S’app’EPC exhibits nearly the

same pH-dependency and magnitudes as ké})app,CF between pH 5 and 8 (Figure 2.1b).

Flumequine (FLU in Table 2.2) — a surrogate for the biochemically-active quinolone moiety

(Table 2.1) — also exhibits pH-dependent reaction kinetics. However, values of k2)3,app,FLU are

several orders of magnitude lower than those observed for CF’s N(4) amine (Figure 2.1b).
The baseline reactivity observed for the CF molecule at pH < 4 (Figure 2.1b) cannot be
attributed to reactions with the N(4) atom or the quinolone heterocyclic ring (Figure 2.1b).
This reactivity must therefore be due either to reactions taking place at the piperazine N(1)
atom or at the unsubstituted ortho-position of the adjacent aromatic ring.

Enrofloxacin (EF). EF reacts with O3 at higher rates than CF in the pH region between 3
and 8 (Figure 2.1b). This effect is due primarily to the difference in CF’s and EF’s pKa»
values (Table 2.1). At pH 7, for example, the molar fraction of anionic CF (in which the N(4)
amine is deprotonated) is 0.01, compared to 0.15 for EF. However, the apparent rate constants
for CF and EF converge at higher pH (Figure 2.1b), indicating a close similarity in the

absolute reactivities of their N(4) atoms.
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Trimethoprim (TMP). Measured magnitudes of k63,app,TMP range from high-10* to mid-

10° M's™ (Figure 2.1c). The observed variation in k:)}’app,TMp (Figure 2.1¢) can most likely

be attributed to speciation of its diaminopyrimidine moiety (Table 2.1). Protonation at the
heterocyclic N(1) and N(3) nitrogens (Table 2.1) should reduce this moiety’s O; reactivity via
coordination of the resonant lone-pair electrons associated with each of TMP’s two exocyclic
amines. 2,4-diamino-5-methylpyrimidine (DAMP in Table 2.2) also exhibits pH-dependent
variation in its apparent O3 reaction rate constant (Figure 2.1c). However, the specific rate
constants calculated for mono- and diprotonated DAMP (Table S2.3) are substantially lower
than those calculated for the corresponding TMP species (Table 2.4, Figure 2.1c¢). The high
O; reactivity of 3.,4,5-trimethoxytoluene (TMT in Table 2.2) — a surrogate for TMP’s
trimethoxytolyl moiety (Table 2.1) — suggests that the trimethoxytolyl moiety accounts for the
high reactivity of the protonated TMP species (Figure 2.1c¢). The difference in reactivities of
TMT and TMP’s protonated species could be a consequence of the TMP diaminopyrimidine
moiety’s bulk, which may hinder attack by O3 at the 2- and 6-positions of the TMP structure’s
trimethoxytolyl moiety (Table 2.1).

Lincomycin (LM). k(")3’app,LM is constant below pH 5, and increases above pH 5 to a
calculated maximum of 2.8 x 10° M's™ (Figure 2.1c). LM’s baseline reactivity can be

attributed to pH-independent kinetics of the reaction between its thioether and Os, since its

heterocyclic amine is protonated — and essentially unreactive toward Os; — under these

conditions (23). Likewise, the variation in kg)yapp,LM above pH 5 can be attributed to reaction

of Oz with the neutral heterocyclic amine (23). k values measured for MP — a model for

03.app
LM’s heterocyclic tertiary amine (Table 2.1) — are consistent with these conclusions (Figure
2.1¢).

Plactams. Penicillin G (PG). PG possesses only one functional moiety - a thioether
(Table 2.1) - that can be expected to account for its observed reactivity toward Os (Figure

2.1c). Reaction kinetics for this moiety are expected to be independent of pH (22,23).
Cephalexin (CP). k63’app,CP is a little more than one order of magnitude higher than
k63’app,PG on average (Figure 2.1c¢). The relatively high magnitude of k63,app,cp at pH <7

suggests that reactivity of CP at acidic pH is attributable either to oxidation of its double bond
or thioether (Table 2.1), each of which is expected exhibit pH-independent O; reaction

kinetics. However, the slight increase in k63’app,cp above pH 7 (Figure 2.1c) suggests that the
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primary amine (pK, = 7.1, Table 2.1) may govern CP reactivity at circumneutral and higher
pH values.
Substrates with more than two pK, values. The complexity of TET’s, VM’s, and AM’s

speciation patterns precluded accurate modeling of Os reaction kinetics by the approaches

utilized above. However, ko .oo1ers Koy appyms @0d ko o004  Were compared to

substructure model substrate data (Figure 2.2) to facilitate preliminary assignment of moiety-

specific O3 reaction kinetics.
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Figure 2.2. Apparent second-order rate constants for reactions of TET, VM, AM, and
associated substructure models with Oz at 20(+0.5) °C (symbols = measurements, lines =
model predictions)

TET reacts rapidly with Oz over a wide range of pH (Figure 2.2). Because the rate of
reaction with the tertiary amine (pK, = 7.7, Table 2.1) is not likely to be appreciable relative
to the remainder of the TET molecule below pH 5 (Figure 2.2), the TET structure’s observed
reactivity toward Os at acidic pH is likely due to oxidation of the tetracycline ring system.
Although tertiary amine reactivity could be important above pH 7, the high reactivity of
various  phenolic  structures (27,24) and  2-(3-methylbutyryl)-5,5-dimethyl-1,3-
cyclohexandione (MBDCH in Table 2.2) — a surrogate for the olefinic
bonds within TET’s tetracyclic ring system (Table 2.1) — indicate that O; reacts primarily
with the ring system at circumneutral pH, as well.

VM is also highly reactive toward O; between pH 3 and 8 (Figure 2.2). The high
measured reactivity of TMT (Table 2.2, Figure 2.2) — a surrogate for VM’s trimethoxybenzyl

moiety, in addition to the high known reactivity of phenols and resorcinols toward Os at all

pH conditions (21,24), suggests that k2)3,app,VM at pH < 7 corresponds to oxidation of the

biochemically-essential aromatic target sites shown in Table 2.1, since oxidation of VM’s
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amine moieties should not be important at acidic pH. However, the secondary N-
methylleucine moiety may react rapidly enough with O3 to influence observed reaction

kinetics at pH > 7, on the basis of known secondary amine reaction kinetics (27,22).

k(")}’app’ Am Varies from roughly 10" to just over 10* M's™ between pH 2 and 8.6 (Figure

2.2). The measured pH-dependency of k(")3,app,AM is consistent with oxidation of AM’s

primary amine moieties (with pK, values ranging from 6.7 to 9.7, Table 2.1). In addition,

kg)}’app’ am hear pH 9 (at which all but one of AM’s amines are predominantly deprotonated)

is of the same order of magnitude as kéS for neutral butylamine (1.2 x 10° (22)),

cyclohexanemethylamine (CHM in Table 2.2, with 7.1 x 10%, from Table S2.3), and
cyclohexylamine (CH in Table 2.2, with 4.9 x 10* M's™, from Table S2.3) — which can be
taken as structural approximations of AM’s primary amine groups (Table 2.1).

Moiety-specific Oxidation vs. Parent Molecule Disappearance. The preceding discussion
indicates that initial reactions of O; with many parent antibacterial substrates occur at the
substrates’ essential target moieties (Table 2.1). Consequently, t;» values for observed
transformations of many parent molecules correspond to t;, for their essential target moieties
(Figure S2.11). However, t;; for reaction of O3 with FLU — which approximates CF’s and
EF’s biochemically-essential quinolone moieties — is 14 times longer at pH 7 than t;»cr
(which corresponds to oxidation of the nonessential piperazine moiety) and 109 times longer
than t;»pr (Figure S2.11), indicating that observed losses of parent fluoroquinolones during
ozonation may not necessarily correspond directly to elimination of their antibacterial
activities. In addition, Oz does not appear to oxidize essential targets in the ASMX, PG, or CP
molecules at appreciable rates. However, the Os-recalcitrance of these three compounds’
essential target moieties may be of relatively minor importance, since prior findings indicate
that ASMX and B-lactams in general are unlikely to be discharged to surface waters at
significant concentrations (/,4).

2.3.2 Studies in Wastewater Matrixes. Depletion of Parent Substrates. Oxidation of 1
uM ASMX - the substrate reacting slowest with O; (Table 2.4) — was monitored in batch
experiments with Kloten-Opfikon wastewater at an O3 dose of 63 uM (3 mg/L) (Figure
S2.12). Approximately 35% of [ASMX], remained after nearly complete depletion of O3. The
observed recalcitrance of ASMX is consistent with observations for pilot-scale ozonation of

Kloten-Opfikon secondary effluent (/8).
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"

Measured losses of fast-reacting (ie., ko, zppm > 10> M's™) antibacterial substrates
during ozonation of Kloten-Opfikon wastewater were > 99% at Oz doses > 3 mg/L (63 uM)
(Figure 2.3a). TET was > 99% transformed at an O3 dose of 1.5 mg/LL (31 puM) (Figure 2.3a),

consistent with the high magnitude of k;}g’mm at pH 7.7 (Table 2.4). However, significant

residuals of PG remained even at an O3 dose of 3 mg/L (63 uM) (Figure 2.3a), consistent with

the low magnitude of kt;);,app,PG . Ninety-nine % PG loss was only achieved at an O; dose of 5

mg/L (104 pM). Observed losses of SMX (Figure 2.3a) agree well with results reported for
pilot-scale ozonation of Kloten-Opfikon wastewater at an O3 dose of 1 mg/L (/8). RX, AZ,
AM, and LM were not included in these experiments because of analytical difficulties.
Predicted losses for these four substrates were calculated for an applied O3 dose of 1 mg/L

(Figure 2.3a), as described in Text S2.5. The values calculated for RX and AZ (Figure 2.3a)
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Figure 2.3. Antibacterial substrate transformation during ozonation of Kloten-Opfikon
wastewater at 20(£0.5) °C, pH 7.7, and [substrate]p = 1 uM: (a) Measured transformation

efficiencies at varying O3 dosages, for substrates with k‘;s app > 10° M's™. (b) Dependence of

transformation efficiencies on k,;, at an O3 dose of 1 mg/L (21 uM). Inset shows

3.app ?
independence of transformation efficiency from k-"OH,app . *% transformation for RX, AZ, LM,

and AM estimated via procedures described in Text S2.5.

agree very well with pilot-scale measurements under similar conditions (/8).
Role of O3 and *OH in Oxidation of Parent Substrates. Substrate transformation during a
real water ozonation process can be characterized by eq 3 (35),

ML) o
]ﬂ[m] = —ko, ,app,M‘([ [03 ]df — K.OH app M _{[ [' O'H]dr 3)
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where the two integral terms in eq 3 represent the O3 and *OH exposures (26,35) governing

transformation of substrate, M, over reaction time, 1, where [*OH] = f{(t) and [Os] = g(t).

k:OH’app’M values measured for each antibacterial compound range from 2.9 to 8.5 x 10° M™'s™!

at pH 7 (Table 2.4).

As illustrated in Figure 2.3b, the transformation efficiencies determined for each

substrate in Kloten-Opfikon wastewater correlate well with magnitude of kg)},app,M. In

contrast, there is no clear relation between transformation efficiency and k.qp 4, for these

conditions (inset to Figure 2.3b). This indicates that [M]/[M]y is governed primarily by the O

oxidation term in eq 3. The *OH oxidation term becomes important only if the magnitude of

the O; oxidation term is relatively small, either as a consequence of low ké')},app,M, low

[0, Jdt, or high [[+ OFJdr

O ey

Contributions of O3 and *OH to oxidation of ASMX were evaluated according to eq 4,

-1

k'"OH,app,M J. [' OH]dt k"
f-OH,M(r) — ] - 1+ k03 ,app,M (4)
kg},app,MJ‘[OS ]dt + k-”OH,app,M.[[' OH]dt "Otapp,M .[[ OH]dt/I O ]dt
0 0

where f.onm(r) represents the fraction of substrate oxidation due to *OH after reaction time, .

[03]dt was obtained by direct measurement of Os (via the indigo method (36)), and

O ey

[° OH]dt was determined from measured loss of the *OH probe pCBA, which reacts rapidly

O C—

with *OH and very slowly with O3, according to eq 5 (35).

" ([pCBA]

:—k:' app, [' OH]dt (5)
[pCBA] ] OH,app. pCBAE')‘

These calculations indicated that ASMX was transformed exclusively by *OH (Figure S2.12).

Transformations of fast-reacting substrates were also characterized according to the

relationships shown in eq 4. However, because |[O}dr could not be measured during the

O ey

course of each substrate’s transformation in Kloten-Opfikon wastewater, f.on M) was actually

calculated from eq 6 (/8), which is obtained by substitution of eqs 3 and 5 into eq 4.
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Ko OH.app M [[pCBA] ]

Foomumppcaa | [PCBAL ©)

o = ,I{ [M], ]

M,

Although values obtained via eq 6 provide no information as to temporal variation of

T
_[ O ]a'r during ozonation, this expression can still provide reliable estimates of the absolute
0

contributions of *OH and O3 to bulk substrate oxidation. For example, f.omme values

calculated by eq 6 for the antiepileptic drug carbamazepine (with k;}app ~3x 10° M5,

Fom = 8.8 (= 1.2) x 10° M's™ at pH 7 (17)) typically exhibit deviations of less than 10%

from values determined by eq 4, using measurements of O3 and *OH exposure actually taken

within the first few hundred muilliseconds after application of O; to various municipal

wastewaters (Figure S2.14). f.orm(r values calculated by eq 6 are summarized in Figure 2 4a.

UTT AVIVIY, (a) . o toasra [| ®
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Figure 2.4. Importance of O3 and *OH 1n transformation of fast-reacting substrates (k(.;)3,app. >

10° M?*s?) during ozonation of Kloten-Opfikon secondary effluent at 20(+0.5) °C, pH 7.7,
[substrate]o = 1 uM, and [O3]p =21 pM (1 mg/L): (a) Calculated fractions of observed
substrate transformation due to O3 and *OH. (b) Correlation of measured values of f.ou me)
(obtained via eq 6) with values calculated via eq 4 for the range of R values (25) expected
for Kloten-Opfikon wastewater at these conditions. T corresponds to reaction time after O3
dosage. Ry represents the cumulative ratio of *OH exposure to O3 exposure for a pollutant
molecule after reaction time, t. *Estimates of % transformation and f.om M) for RX, AZ, LM,
and AM were calculated via procedures described in Text S2.5.



Chapter 2

According to eq 4 (from which eq 6 1s derived), fionmx) should be inversely related to the
ratio ké;}’app,M / k-”OH,app,M , consistent with the general trend shown in Figure 2.4a.

Effects of Matrix Characteristics on Relative Importance of Oz and *OH in Observed

Substrate Transformation. As evident from eq 4, f.onmr for a given substrate will also

depend on the time-dependent ratio of I [+ OH Jar / I [0,)dz, or Ruey (25,34,35,37) during
0 0

wastewater ozonation. R 1s particularly sensitive to wastewater DOC concentrations, where
higher DOC typically translates to higher R, values (25,37). The solid lines shown in Figure

2.4b illustrate expected f.omme values (calculated from eq 4) as a function of

k:)3,app,M / k:'OH,app,M , for a number of R, values. The shaded region shown in Figure 2.4b

represents the apparent range of R, values previously observed (at O; doses varying from 1
to 2.5 mg/L) for various municipal wastewaters during the time-scales (< 10 s) within which
the bulk of fast-reacting substrate loss (i.e., > 90%) is expected to occur. In accordance with
these expectations, the f.onm(r) values obtained by eq 6 (for an applied O3 dose of 1 mg/L) for
each fast-reacting substrate included in the present investigation fall within this shaded region

(Figure 2.4b). The relationships presented in Figure 2.4b suggest that f.onm(r) for substrates

with values of kg)s’app,M / k-”OH,app,M < 10" will range from about 0.5 to 1 during ozonation of a

typical wastewater. However, f.on M) can be expected to fall anywhere between 0.1 and 0.9

for substrates with ké;}’app,M / k-”OH,app,M ranging from 10 to 10™. In contrast, f.opme will

generally be relatively small (< 0.5) for substrates with kéS,apij / kl‘OH,app,M >10™,

Implications for Selective Oxidation during Wastewater Ozonation. The majority of
antibacterial substrates included in this study are expected to be transformed predominantly

via direct oxidation by O3 during wastewater ozonation (Figure 2.4b). However, PG, CP, AM,

and ASMX (each with kég’app,M / k:'OH,app’M < 10™) will generally be transformed to a large

extent by *OH during wastewater ozonation. This may be undesirable in the case of AM,
since *OH will likely react indiscriminately with many sites not associated with the AM
molecule’s antibacterial activity (Table 2.1 and Text S2.1). With respect to ASMX, however,
*OH may be no less desirable as an oxidant than Os, because O3 appears to react only very
slowly (if at all) with the essential p-sulfonyl aniline target (Table 2.1, Table 2.4). Oxidation
of PG and CP by *OH may actually be more desirable than oxidation by Os, since *OH

reactions lead primarily to production of biochemically-inactive (38) benzylpenilloic and
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benzylpenicilloic acids (29). In the case of CF and EF, the relatively low ratios of kg o arget

(i.e., ko, apprru) tO k,"OH’app,M (i.e., < 10, according to Figure 2.1b and Table 2.4) suggest

that nonessential locations within each fluoroquinolone’s structure may be oxidized to a
significant extent by *OH and O; prior to reaction of O3 with their essential target moieties.
On the assumption that pre-oxidation of other locations within the parent structures (by O or
*OH) does not significantly reduce the reactivity of their target moieties toward Os, full

oxidation of the target moieties can likely still be achieved by selecting applied O3 dose to

maintain a sufficiently high J.[O3]dt , which should be chosen on the basis of moiety-specific

oxidation kinetics, as opposed to observed parent substrate transformation kinetics.
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Text S2.1 Mechanisms of antibacterial compounds’ biochemical activities and relevance to
target sites at which Oj is expected to react with parent antibacterial molecules.

Macrolides. Macrolide antibacterials are believed to derive their biochemical activity
from specific hydrogen bonding with various nucleobases and phosphodiester linkages in the
peptidyl transferase cavity of bacterial 23S rRNA (Figure S2.2) (1). The bonding interaction
most likely to be interrupted by direct reaction with O3 is that involving each macrolide’s
characteristic tertiary amine (Figure S2.2), which is expected to be highly reactive toward O
(2,3). Oxidation of the tertiary amine via formation of an aminoxide or via demethylation (3)
should prevent its hydrogen bonding with 23S rRNA, leading to reduction or elimination of
each parent macrolide’s antibacterial activity. Macrolides with fifteen- and sixteen-membered
macrolactone rings generally possess additional moities that can be expected to react rapidly
with Os. For example azithromycin (AZ — a fifteen-membered macrolide — shown in Table
2.1 within the main text) and tylosin (TYL — a sixteen-membered macrolide — shown in Table
2.1) contain an additional tertiary amine and a conjugated diene, respectively. Oxidation of
azithromycin’s (AZ) heterocyclic nitrogen would likely be sufficient to impair the parent
structure’s antibacterial activity if such a reaction resulted in rupture of its macrolactone ring
(e.g., via dealkylation of the nitrogen atom (3)). This would presumably result in interruption
of the specific stereochemistry necessary for appropriate hydrogen bonding between the AZ
structure and bacterial rRNA (Figure S2.2), consistent with the observed deactivation of the
macrolide clarithromycin upon reaction with O3 (4). Similarly, reaction of Oz with tylosin’s
(TYL) diene moiety should lead to impairment of TYL’s antibacterial activity, where
ozonolysis of either olefinic bond would result in rupture of TYL’s macrolactone ring (5).

Sulfonamides. All sulfonamide antibacterial structures are derivatives of p-
aminobenzenesulfonamide — a structural analog of p-aminobenzoic acid (pABA) — and are
differentiated only by the particular R-substituent attached to the sulfonamide nitrogen
(Figure S2.3). These compounds derive their antibacterial activity from antagonistic
competition with pABA for dihydropteroate synthase enzyme during bacterial synthesis of
dihydropteroic acid (the precursor to folic acid) (Figure S2.3) (6). The p-sulfonyl aniline
moiety, in particular, is responsible for each sulfonamide’s interference with bacterial folate
synthesis (Figure S2.3). This moiety should present a very favorable target for Os, since
aromatic amines are generally very reactive toward Os (2,7,8). Sulfonamides’ R-substituent
moieties (e.g., isoxazole in the case of sulfamethoxazole, SMX — shown in Table 2.1 within
the main text), can also be expected to react with Os. These latter reactions will not lead to

oxidation of the functional moiety responsible for the parent structures’ antibacterial potency.
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However they may indirectly influence the parent molecules’ antibacterial activity either
positively or negatively, by altering the parent molecule’s bioavailability.

Fluoroquinolones. Fluoroquinolones are believed to derive their biochemical activity
from several specific hydrogen-bonding and charge interactions with relaxed bacterial DNA
in the presence of DNA gyrase enzyme (Figure S2.4) (9). According to the accepted model
for fluoroquinolone-DNA binding, the characteristic quinolone moiety is responsible for these
interactions (Figure S2.4). Oxidation of this moiety by O; (as expected on the basis of
relatively fast reaction kinetics measured for the structurally-similar substrate uracil-6-
carboxylic, or isoorotic, acid (/0)) should therefore lead to a reduction or elimination of
fluoroquinolones’ antibacterial potencies. However, the heterocyclic substituent groups
(typically piperazine derivatives, as for CF and EF — shown in Table 2.1 within the main text)
attached to many fluoroquinolones’ quinolone moieties do not appear to be essential to
fluoroquinolone antibacterial activity. For example, first-generation quinolones such as
nalidixic acid lack the heterocycle, but still exhibit considerable antibacterial potency (/7).
Thus, oxidation of the N(4) amine — expected on the basis of secondary and tertiary amines’
generally high reactivities toward O3 (2,3) — may not contribute to a significant reduction in
CF’s antibacterial activity.

Dihydrofolate Reductase (DHFR) Inhibitors. DHFR inhibitors (e.g., trimethoprim, TMP
— shown in Table 2.1 within the main text) inhibit bacterial folate synthesis via competition
with dihydrofolate for DHFR enzyme (hence TMP’s common role as a synergist to the
sulfonamide, SMX) (Figure S2.5) (6). The diaminopyrimidine structure represents the active
portion of these antibacterial molecules, where the protonated nitrogen atom, N(1), of the
heterocyclic ring (Figure S2.5) participates in charge interactions with DHFR (/2). Oxidation
of the 2,4-diaminopyrimidine structure — anticipated on the basis of pyrimidine structures’
generally high reactivity toward Os (10) — is therefore likely to yield a reduction in the parent
structure’s antibacterial potency. TMP’s 3,4,5-trimethoxytolyl moiety will also likely react
relatively rapidly with O3 (/3). As in the case of sulfonamide R-substituent oxidation, this
latter reaction may indirectly influence the parent molecule’s antibacterial activity by altering
its bioavailability.

Lincosamides. Lincosamides interact with bacteria via hydrogen-bonding to specific
nucleotides in bacterial 23S rRNA, leading to inhibition of the bacteria cells’ ability to
synthesize proteins (Figure S2.6) (7). None of the functional moieties directly responsible for
lincosamide antibacterial activity are expected to react appreciably with Os;. However, O3 is

likely to oxidize the lincosamide thioether moiety to its sulfoxide derivative (/4,15). In the
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case of lincomycin (LM — shown in Table 2.1 within the main text), this reaction should lead
to LM-sulfoxide, which is known to possess significantly lower antibacterial potency than the
parent structure (/6) — presumably due to interruption of requisite intermolecular hydrogen
bonding patterns at adjacent hydroxyl and methyl groups by thioether oxidation (Figure S2.6).
It is unclear whether oxidation of LM’s pyrrolidine moiety would produce such an effect,
since the pyrrolidine moiety is spatially and electronically isolated from most of LM’s
biochemically-relevant functional moieties (Figure S2.6).

P-lactams. [-lactams (including the major penicillin and cephalosporin sub-classes)
derive their antibacterial activities from the fused f~lactam ring system, which operates via
sequestration of bacterial peptidoglycan transpeptidase enzyme, leading to disruption of
bacterial cell wall synthesis (Figure S2.7) (6,17). The f-lactam ring itself is unlikely to be
reactive toward Os. However, O3 can be expected to react with f-lactams’ characteristic
thioether moieties (see PG and CP — Table 2.1 in the main text). Oxidation of the thioether by
O; is known to lead to high yields (>95%) of many f-lactams’ R- and S-sulfoxide
enantiomers (in R:S ratios ranging from 1:4 to 24:1) (/4). Although S-sulfoxide analogues of
Plactams exhibit negligible antibacterial activities, their R-sulfoxide analogues are still quite
potent (18,19), suggesting that oxidation of the thioether by O; may not be sufficient to
eliminate the parent S-lactam compounds’ antibacterial activities. Oxidation of the double
bond present in cephalosporin structures (e.g., cephalexin, CP — shown in Table 2.1 within the
main text) — most likely leading either to ozonolytic cleavage or epoxidation (5,20) — may
also be insufficient to eliminate the parent structure’s antibacterial properties, since the f-
lactam ring would not likely be disrupted by such a reaction. Similarly, oxidation of CP’s
primary amine (Table 2.1) is not expected to lead to significant reduction of the parent
structure’s antibacterial activity.

Tetracyclines. The antibacterial activities of tetracycline antibacterials appear to be
derived primarily from direct or indirect (metal cation-mediated) electrostatic charge
interactions between the keto and hydroxyl oxygens on the underside of the tetracycline
molecule and the oxygens of various internucleotide phosphodiester linkages on the 16S
rRNA helix contained within the 30S subunit of the bacterial ribosome (Figure S2.8) (21).
Oxidation of the tetracyclic system by O3 — expected on the basis of its activated unsaturated
and aromatic character (2,5,22,23) — should lead to reduction of the parent molecules’
antibacterial properties, since such reactions would likely lead to extensive modification of
the relevant aromatic and olefinic moieties (5,23). However, oxidation of a the tertiary amine

moiety appears less likely to yield a significant reduction in antibacterial potency of the
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parent molecule, since this trialkylamine moiety is spatially isolated from most
biochemically-relevant tetracycline functional moieties and not essential to the tetracyclines’
modes of action (Figure S2.8).

Glycopeptides. Glycopeptides (e.g., vancomycin, VM — shown in Table 2.1 within the
main text) are believed to derive their antibacterial activity from sequestration of specific
subunits of the peptidoglycan used in cell wall synthesis (Figure S2.9) (24). Although none of
the amide moieties directly involved in the hydrogen-bonding responsible for these
interactions should be appreciably reactive toward Os (25), several of the adjacent aromatic
moieties (Table 2.1) should be highly reactive (2,13). One would expect that ozonation of
VM’s phenol or trimethoxybenzyl moieties by O3 should lead to ring cleavage, oxidation to
quinone structures, or formation of oxyl radicals (the latter of which could foreseeably cross-
link with proximal components of the VM structure) (23,26). Each of these structural
modifications would likely lead at least to impairment, if not elimination of VM’s
antibacterial activity, via interruption of the specific VM stereochemistry necessary for
binding of bacterial peptidoglycan (Figure S2.9). Oxidation of the secondary N-methylleucine
moiety by O; (presumably leading to hydroxylation or dealkylation of the amine (27)) may
also lead to disruption of hydrogen bonding at the adjacent amide (Figure S2.9). However,
oxidation of the primary vancosamine will not likely lead to sufficient disruption of
stereochemistry to substantially diminish VM’s antibacterial potency, as a consequence of the
vancosamine moiety’s isolation from VM’s biochemically-relevant amide moieties (Figure
S2.9).

Aminoglycosides. Aminoglycosides — which are inhibitors of bacterial protein synthesis —
derive much of their antimicrobial activity from charge interactions with nucleobase and
phosphodiester functional groups in bacterial rRNA (28). One proposed binding scheme —
developed with streptomycin as a model — suggests that these interactions involve various
hydroxyl and amine groups within the typical aminoglycoside structure (Figure S2.10).
Aminoglycosides also contribute to disruption of cell walls; an attribute apparently derived in
large part from their ability to displace Mg*" and Ca*" from outer membrane-associated
lipopolysaccharide bridges (29). Oxidation of an aminoglycoside’s primary amine moieties by
O; (e.g., to nitro groups, aminoxides, or via deamination (/5)) would presumably prevent the
bacterial rRNA hydrogen bonding and cationic charge-interactions from which
aminoglycoside antibacterial activity is largely derived (Figure S2.10), in turn leading to

reduction or elimination of the parent compounds’ antibacterial potencies.
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Text S2.2 Chemical reagents

Commercially-available antibacterial substrates and substructure model substrates were
purchased from Sigma-Aldrich, with the exception of cephalexin (CP) hydrate — which was
purchased from MP Biomedicals. Azithromycin (AZ) dihydrate was a gift from Pfizer, Inc.
2,4-diamino-5-methyl pyrimidine (DAMP) — produced by Daniels Fine Chemicals, Ltd., and
4-aminophenyl methyl sulfone — produced by Sigma-Aldrich, were gifts from Professor
Ching-Hua Huang, Georgia Institute of Technology, Atlanta, GA. N(4)-acetyl-
sulfamethoxazole (ASMX) was synthesized as described by Gobel et al. (30). All substrates
were of 95% purity or higher, with the exception of ASMX — which was ~ 70% pure. Other
chemicals (e.g., buffers, H,O,, reducing agents, etc.) were of reagent grade quality or better.
O; stock solutions were produced as described previously (37), and standardized according to
direct O absorbance at A =258 nm (using € = 3000 M'cm™). Stock solutions of
antibacterials and substructure models were prepared in Nanopure or Milli-Q water. Acetone
and acetonitrile — *OH scavengers which should not accelerate radical-chain Oz decay in the
aqueous systems typical of this study (32-34) — were used to facilitate preparation of several
poorly soluble reactant stock solutions for O; rate constant determinations. Acetone and
acetonitrile concentrations never exceeded 1 % by volume, so co-solvent effects should have
been negligible (35). Solutions used for determination of *OH rate constants and for

municipal wastewater experiments contained no co-solvents.

Text S2.3 Measurement of apparent second-order rate constants for O3 and *OH reactions
Method I (O; kinetics): Used for RX, AZ, AM, CH, CHM, DMCH, EPC, and MP (Tables
2.1 and 2.2 within the main text). Rate constants for model substrates which react relatively
slowly with O3, but do not absorb UV radiation appreciably at A = 258 nm were measured by
directly following the consumption of Os; at this wavelength. These experiments were
conducted under conditions of excess substrate, where [substrate]y:[O3]o was at least 10:1
(typically 20:1 or greater) in all cases. Pseudo-first-order rate constants determined from plots
of In([0s)/[O3]o) vs. time were linear (r* > 0.98) in all cases. A stopped-flow

spectrophotometry system was constructed in house to permit measurement of pseudo-first-
order rate constants k63 obs,M Up to approximately 2.3 s, Solutions of substrate and O3 were
prepared at 100 to 200 uM and 10 to 20 uM (to yield 50 to 100 uM and 5 to 10 uM after 1:1
mixing), respectively, in reagent water buffered to the desired pH with approximately 0.01 M

phosphate. These solutions were injected at flow rates ranging from 25-35 mL/min from two

self-contained Dosimat syringe pumps (Metrohm, Switzerland), through 1.5 mm I.D. PEEK
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tubing, and into the inlet ports of a 60° inner angle PEEK mixing tee. The outlet of the mixing
tee was connected with a ~7 cm length of 0.5 mm I.D. FEP tubing to a 5 cm flow-through
UV-spectrophotometry cell with a cylindrical 3 mm 1.D. optical path. The effluent line of the
stopped-flow system was connected via PEEK tubing to a 25-mL luer-lock gas-tight syringe
clamped on to a lab-stand with the needle-side facing down, and the outside end of the piston
several centimeters below a fixed metal plate. Effluent from the spectrophotometer cell
flowed into the needle-end of the syringe until the piston contacted the metal plate — resulting
in abrupt stoppage of system flow. Reactions were monitored after stoppage by following
decay of O3 at A = 258 nm. The effective dead-time for this system was calculated to be 0.08
+ 0.21 = 0.29 ~ 0.3 s (minimum instrument resolution of the spectrophotometer was 0.1 s).

On the basis of this dead-time, the limit of accurate measurement was estimated to be that for

a reaction with t;, of approximately 0.3 s, or k(')3 obs ~ 2.3 s, This translated to a practical

quantification limit of kz)3 app. ~ 46X 10* M''s™", for [substrate]y = 50 uM. The stopped-flow

apparatus was calibrated by comparison of the second-order rate constant determined for the

neutral species of RX (kg)s,neutral rx = 1.2 (£ 0.1) x 10" M"'s™") with that reported previously

(k83,neutralRX =1.0 (£ 0.1) x 10" M''s™" (36)), after calculation of the latter value for pK, = 9.2

(37) (a pK, of 8.8 was used in the prior study).

Method II (O; kinetics): Used for ASMX, CF (pH 3-6), EF (pH 3-5.5), PG, DMI, and
FLU (Tables 2.1 and 2.2 within the main text). Rate constants for slowly-reacting substrates
which absorb strongly at wavelengths close to 258 nm could not be determined by direct
measurement of O3 decay. These rate constants were instead determined under pseudo-first-
order conditions of excess Oz ([Os]o:[substrate]y > 20) by following loss of substrate via
HPLC with UV or fluorescence detection. All HPLC analyses were performed on either a
Hewlett-Packard 1050 HPLC system equipped with a Supelco Discovery RP Amide C16
column (3 mm x 250 mm, 5 uM), fluorescence detector (FLD), and single-wavelength UV
detector, or an Agilent 1100 HPLC system equipped with the same column and a variable
wavelength UV diode-array detector. Separations were performed with acetonitrile and 0.05
M H;PO4 (adjusted to pH 2.2 with NaOH) as mobile phases, using isocratic or gradient
methods as required for the analyte(s) of interest. UV detection was performed at wavelengths

from 205 to 280 nm, depending on the analyte (limits of quantification = 0.05 uM).

Fluorescence detection was performed at Aex. = 278 nm and A = 445 nm for [CF]y and [EF]o
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<1 uM, and at A =278 nm and A = 360 nm for [FLU]y < 1 uM (limits of quantification =
0.01 uM). Standard deviations for each measurement varied from £1-5%.

Reactions were initiated by injecting — under constant stirring — 10-20-fold excess
concentration of Os into 1-5 uM solutions of substrate contained within 100-mL amber,
borosilicate bottles fitted with screw-cap piston-type dispensers (38), and thermostatted by a
recirculating water bath. 1-mL samples were subsequently dispensed at pre-determined time
intervals into amber, borosilicate HPLC vials containing 25 pL of 10 mM cinnamic acid to
quench residual Os, and subsequently transferred to HPLC for analysis of residual substrate,
O3 (as benzaldehyde (39)), and p-chlorobenzoic acid (»CBA — used as an internal standard
used to correct for sample dispensation inaccuracies). Pseudo-first-order rate constants
determined from plots of In([M]:[M]y) (where M represents the model substrate) vs. time
were linear (r* > 0.98) in all cases. All experiments were conducted in duplicate.

Method 11l (O; kinetics): Used for CP, TET, DAMP, and MBDCH (Tables 2.1 and 2.2
within the main text). A number of model substrates included in this study do not significantly
absorb UV radiation at wavelengths above 200 nm, are unstable in aqueous solution of
extended periods of time, or are difficult to analyze, but react too rapidly with O; to follow by
available manual methods. In each of these cases O3 reaction rate constants were determined
by application of a competition kinetics method requiring the measurement of only a single
endpoint P, which is typically the formation of a product resulting from oxidation of either the
model substrate, M, or competitor substrate, C (/3). Experiments were conducted by adding a
fixed dosage of Os to rapidly-stirred, 20-mL volumes of ten different buffered solutions

containing various ratios of [M]y:[C]o (both in at least 10-fold molar excess of Osz). Cinnamic

acid (ko =5x10*M's" and & =3.8x 10° M's™ (39), pK, = 4.4 (40)) or buten-

,neutral O3,anion

3-ol (kg)3 = 7.9 x 10* M's™ (5)) were used as competitor substrates in these experiments.
Yields of benzaldehyde — measured by HPLC-UV - or formaldehyde — determined
spectrophotometrically at A = 412 nm as diacetyldihydrolutidine (4/) — were selected as

respective measurement endpoints, P. Model substrate rate constants were evaluated using eq

S1,

[P]absence — 14+ ké,app,c [C]O
[P]presence ké3,app,M [M]O

where [P]absence TE€presents the measured endpoint yield in the absence of competitor substrate

(SD)

(obtained from duplicate C controls), and [P]yresence Tepresents endpoint yield in the presence
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of varying doses of competitor substrate. kg)}’app,c was determined from the slopes of plots of
[P]absence -1 [C]O

=1 vs. .

[P]presence [M]O

Method 1V (O; kinetics): Used for TYL, SMX, TMP, CF (pH 6.5-8), EF (pH 6-8), VM,
APMS, and TMT (Tables 2.1 and 2.2 within the main text). A competition kinetics method

n

Os.app for substrates with

requiring the measurement of two-endpoints was used to determine &

i

Os.app > 2 X 10° M's™! that absorb UV radiation strongly at wavelengths above 200 nm (36).
In this approach, a different O; dose was added to each of ten rapidly-stirred, 20-mL volumes
of a buffered solution containing a fixed ratio of [M]y:[C]o. The two endpoints — residual
reference substrate (cinnamic acid) and competitor substrate concentrations remaining after
O; addition — were measured by HPLC-UV. Model substrate rate constants were evaluated

according to eq S2,

ln(M] = ln( [[M ] ] o, (S2)

[C]O M]O kg3 ,app,M

where kg,s,app,c could be determined from the slope of a plot of ln(ﬂl VS. ln(M] . [M]o
], [a],

and [C]p were taken from analyses of duplicate O3 controls included in each experiment.
Method V (*OH kinetics): Used for RX, AZ, ASMX, TMP, LM, PG, CP, and VM. *OH rate
constants were determined for photo-stable model substrates via application of the same

competition kinetics approach as utilized for Method IV, except that eq S2 was modified to eq
S3.

1r{ﬂj - h{ [pCBA]J Keon.am.c (S3)

[C]O [-pCBA]O k:‘OH,app,pCBA

Hydroxyl radicals were generated by in situ UV-photolysis of H,O, in solutions containing

the reference substrate p-chlorobenzoic acid (pCBA, with k:'OH,app’ pcpa = 5.0 X 10° M''s™!

(42)), and competitor substrate, C, according to a previously described procedure (36).
Briefly, reaction solutions buffered at pH 7 with approximately 0.01 M phosphate were dosed
with 2 mM H,0,, and fixed [Clo:[pCBA]Jo. These solutions were irradiated with a 500-W
medium pressure lamp (A < 308 nm screened by a UV-cutoff filter) for repeated ten-minute
intervals up to two-hour total irradiation periods. Samples were withdrawn from these

solutions between each irradiation period for residual substrate analysis by HPLC-UV. RX,
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AZ, and LM were detected at A = 205 nm. Experiments included a minimum of 10 different
irradiation times. H,O; controls were included in all experiments.

Method VI (*OH kinetics): Used for TET, TYL, CF, and EF. These substrates were
moderately to highly photo-labile in the presence of UV radiation passing the 308 nm cutoff
filter used in Method V. *OH rate constants were determined for these substrates according to
the same competition kinetics procedure used in Method V (i.e., via eq S3), except that «OH
was generated by y-radiolysis (via a lead-shielded ®’Co y-source) of aqueous solutions purged
with a 4:1 N,O:0, mixture, according to (43). Each such experiment included at least eight
different irradiation times (*OH exposures).

Method VII (*OH kinetics): Used for AM. The *OH rate constant for AM was determined
according to Method V, except that AM was derivatized with 9-fluoroenylmethyl
chloroformate (FMOC) (44), to permit detection by UV. One-mL samples (containing starting
concentrations of 5 uM AM, 5 uM pCBA, and 2 mM H,0,) taken from the photo-reaction
system described above were dosed into amber, borosilicate HPLC vials containing 25 mM of
sodium pyruvate to quench residual H,O, (45) — which appeared to interfere with the
derivatization process — and 25 mM of NaOH (to prevent losses of AM to adsorption onto
glass surfaces prior to derivatization (46) and to accelerate the reaction between pyruvate and
H,0, (45,47)). 500 puL of these samples were subsequently transferred to separate HPLC vials
containing 500 pL of 2.5 mM FMOC in acetonitrile and 200 uL of 0.8 M boric acid (to
maintain a solution pH of ~ 9) for derivatization (44). The remainder of the underivatized
samples were used for analysis of residual pCBA by HPLC-UV (A = 205 nm). Derivatized
AM was measured by HPLC-UV (A = 200 nm) a minimum of one hour after initiation of the
derivatization reaction (15 minute reaction times are reported to be sufficient for
derivatization of gentamicin, another aminoglycoside (44)). AM concentrations in dark
controls containing H,O, were stable over the 135-minute experimental period, indicating that

adsorption of AM to reactor tube surfaces was negligible during each experiment.

Text S2.4 Wastewater matrix experiments.

A 10-L grab sample of secondary wastewater effluent was obtained from the Kloten-
Opfikon wastewater treatment facility near Zurich, Switzerland. This sample was transported
to the laboratory in a polypropylene carboy within several hours of sampling and vacuum-
filtered with a 0.45 um cellulose-nitrate membrane prior to storage at 4 °C. Sample alkalinity
and DOC were 3.5 mM as HCOs™ and 5.3 mg C/L, respectively. Native sample pH was 7.7.

Kloten-Opfikon secondary wastewater effluent is known to contain - on average - less than 1
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ng/L of RX, AZ, SMX, ASMX, and TMP (48,49). The concentration of CF in the influent to
this plant has been reported as < 1 pug/L on average, and should be significantly lower after
secondary treatment. These levels are negligible relative to the concentrations spiked to
Kloten-Opfikon sample for wastewater ozonation experiments, which were 1 uM for each
substrate (translating to a minimum concentration of 253 ng/L, for - SMX - the substrate with
the lowest molecular weight).

Only the reaction between O3 and ASMX was slow enough to permit direct monitoring of
ASMX loss during ozonation of the wastewater sample. 63 mM (3 mg/L) of O3 was added
under constant, rapid stirring to a 20-mL volume of Kloten-Opfikon wastewater containing 1
uM of ASMX and 1 uM of pCBA. Samples were taken every 10 s until O; was completely
depleted, for subsequent analysis of residual ASMX and pCBA by HPLC-UV.

For all other substrates, various doses of O; (ranging from 5 uM (0.25 mg/L) to 104 uM
(5 mg/L)) were added under constant, rapid stirring to 20-mL volumes of Kloten-Opfikon
wastewater — each containing 1 pM of the model substrate of interest and 1 uM of pCBA.
Reactions were allowed to proceed until complete Oz depletion (except in the case of
solutions dosed with 104 uM Oj; doses, which were quenched with buten-3-ol after ~ 90 s of
reaction to remove Os residual). One-mL samples were then taken from each reaction solution
and transferred to amber, borosilicate HPLC vials for direct HPLC-UV analysis of residual
model substrate and pCBA concentrations.

Each experiment was conducted in duplicate. In addition, duplicate Oz controls were
included with each set of samples to verify substrate stability in the wastewater matrix.
Analyte recoveries were calculated from measurements obtained for control samples of
distilled water dosed with 1 uM concentrations of each substrate, and found to be 100 + 10%
for all analytes except TET, for which a recovery of 117% was recorded. All experiments

were conducted at T=20=+ 0.5 °C.

Text S2.5 Estimation of transformation efficiencies and f.opm for RX, AZ, AM, and LM
Transformation of a substrate (M) is governed by eq S4 (50) during ozonation of a real
water, where the two integral terms on the right hand-side represent the O; and *OH

exposures governing its conversion (M/My) for a reaction time, t, where [*OH] = f(t) and [Os]

= g(1).

M .7 : [
ln( {M%T ] = _k03 ,app,M J- [03 ]d[ - k-OH,app,M ,[ [. OH]dt (S4)
0 0 0
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The *OH exposure term, I[- OH]dt, can be calculated by using an Os-recalcitrant
0

compound such as pCBA as a probe to measure in situ *OH exposures, according to eq S5

(50,51). Theoretically, such an

[[- oHJar=—— 1 ln([p CBALJ (S5)
0 *OH,app, pCBA [pCBA]O

approach should also be applicable to determining relative O3 exposures for substrates with

T

k2)3,app > 10’ M's" during ozonation processes; i.e., one should be able to determine ”03 Jat
0
M
for a certain probe compound and use this value to estimate ln( %M}T ] for other substrates
0

exposed to the same reaction conditions. However, unlike *OH exposure, O3 exposure can
only be calculated indirectly from eqs S4 and S5 (via eq S6), since no *OH-refractory, Os-

susceptible probe compound is available to provide an in situ measurement of this value.

‘ koot CBA M ,.

[[0;]ar = | o ln[ [pCBA], J - ln([ ]TJ ko, app (S6)
0 k'OH,app, PCBA [p CBA]o [M ]0 )

The applicability of this approach was evaluated by calculating ln( {ﬁ%’j (at O3 dosages
0

of 1 and 1.5 mg/L) for each of the nine substrates TYL, SMX, TMP, CF, EF, CP, PG, TET,

T

and VM, by using each of the .[ [0, Jdt terms determined with eq S6 for the other eight
0

substrates. J.[- OHJdt was calculated for each substrate according to eq S5. As shown in
0

Figure S2.13, this procedure yielded good estimates of transformation efficiencies, ln( [M]T ) ,

M),

as long as I[O3]dt terms were selected from the “03]dt value measured for the substrate
0 0

with the most similar k63,app at the wastewater pH of 7.7 (e.g., PG transformation was

estimated on the basis of CF transformation, EF transformation from TMP transformation,

and TET transformation from TYL transformation). In contrast, significant discrepancies
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were observed when estimates were based on ([O,]ds obtained from substrates with

O ey

n

0y.app (1.€-, differing by more than one order of magnitude

markedly different magnitudes of &

from each other). Estimates of ln[ [M]TJ for RX, AZ, AM, and LM were obtained by using

M),

T

the ”03 ]dt terms for TMP, SMX, CF, and TYL, respectively. These estimates were in turn
0

used to calculate f.op M by eq 6 in the main text (see Figure 2.4 in the main text).

M
M),

substrate pairs with dissimilar kg .., values — may have been a consequence of incomplete

The discrepancies noted above — for ln( J estimates based on comparison of

mixing on the time-scales of initial O3 consumption in each reaction system. Since initial
consumption of Oz by wastewater matrixes such as that utilized here is typically extremely
rapid (t;2 on the order of 0.01 to 0.05 s) (52), such a mixing effect may have resulted in
disproportionate Oz consumption by locally abundant sample matrix constituents (relative to
very small local concentrations of the given antibacterial substrate) within the vicinity of O;
injection. This could have resulted in lower observed transformation of substrates than

predicted on the basis of their Oz rate constants alone. Estimation errors would be more

(i.e., > two orders of

pronounced for substrate pairs exhibiting large differences in k83,app

magnitude), as indicated above.
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Table S2.1. pK, values and corresponding source references for each antibacterial substrate

Structural Substrate* pK,; PKa2 PKas3 PK.a4 PK.s PKa6
Class
Macrolide RX 9.2 (37)
AZ 8.7 (53) 9.5(53)
TYL 7.7 (53)
Sulfonamide SMX 1.7 (54) 5.6 (54)
ASMX 5.5(55)
Fluoroquinolone CF 6.2 (50) 8.8 (56)
EF 6.1(57) 7.7 (57)
DHEFR Inhibitor =~ TMP 3.2 7.1(59)
(37,58,59
)
Lincosamide LM 7.8 (37)
[S-lactam PG 2.7 (60)
CP 2.5(61) 7.1(61)
Tetracycline TET 3.3(62) 7.7(62) 9.7
(62)
Glycopeptide VM 2.9 7.2 8.6 9.6 10.5 11.7
(63,64) (63,64) (63,64 (63) (63) (63)
)
Aminoglycoside AM 6.7 (65) 8.4 (65 84 9.7
(65) (65)

*For full names, see Table 2.1 in the main text

74



Table S2.2. pK, values and corresponding source
references for each substructure model substrate

Substrate”
DMCH
MP
APMS
DMI
EPC
FLU
DAMP
TMT
MBDCH
CH
CHM

pKai pKa»
10.7 (66)

10.2 (67)

1.5 (68)

NA

8.3 (69)

6.5 (70)

3.2° 7.1
NA

3.5 (67)

10.6 (66)

10.3 (67)

Supporting Information for Chapter 2

NA — Not applicable. “For full names, see Table 2.2 in the main text. "pK, values assumed to approximate those
for TMP, since DAMP is identical to TMP’s 2,4-diamino-5-methylpyrimdine moiety.

Table S2.3. Second-order rate constants (M™'s™) for reactions of O3 with
substructure model substrates

Substrate’
(Rate
constant
measurement
methods® )

DMCH (1)
MP (I)
APMS (IV)
DMI (1I)
EPC (I)
FLU (1)
DAMP (1I)
TMT (IV)
MBDCH (I1I)
CH (I)
CHM (I)

ko, €
Species
Diprotonated
NA <1/
NA <14
NA ND
NA NA
NA <1/
NA 1.2 (£ 0.7)
5.0(+12)x 10> 2.9 (£1.3)x 10°
NA NA
NA ND
NA <1/
NA <1/

Monoprotonated Deprotonated

3.7(x0.1)x 10°
2.0 (x0.1) x 10°
47 (+0.1) x 10*
5.4 (x0.3)x 10'
1.1 (x0.1) x 10°
1.8 (x0.1) x 10°
1.3 (x0.2) x 10°
2.8(x0.1)x 10°
1.4 (+0.4) x 10°
4.9 (+0.2) x 10*
7.1(£0.2) x 10*

NA — Not applicable, ND — Not determined. “For full names, see Table 2.2 in the main text. “Described in Text
S2.3. O, reaction rate constants were measured at T = 20 + 0.5° C. “These rate constants were assumed to be
negligible, on the basis of prior observations for protonated amine reaction centers (2,25).
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Figure S2.1. Maximum single-compound* concentrations of various antibacterial classes
detected in municipal wastewater systems and surface waters, in the context of minimum
reported clinical MIC values for sensitive bacterial reference strains. Data for
fluoroquinolones (77-77), sulfonamides (49, 73-79), DHFR (dihydrofolate reductase)
mhibitors (73,74,76-78,80,81), tetracyclines (73,74,81), f-lactams (82), macrolides
(30,49,74,75,77,83), aminoglycosides (84), and lincosamides (74) was obtained from various
environmental analytical studies. “MIC — minimal inhibitory concentration, or minimal
concentration resulting in a measurable reduction in bacterial growth relative to an
antibacterial blank. MICs listed for each class correspond (in order from left to right) to
reported values for ciprofloxacin, sulfamethoxazole, trimethoprim, tetracycline, penicillin,
erythromyein, gentamicin, and clindamyecin, respectively (77), “MIC values not reported for

E. coli. *More than one compound from a given antibacterial class may be present in the same
municipal wastewater.
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Figure S2.2. Biochemical model for mechanism of macrolide antibacterial activity
(adapted with permission from Schliinzen et al. (1)).
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Figure S2.3. Biochemical mechanism of sulfonamide antibacterial activity (6).
represents an aromatic substituent that varies, depending on the particular sulfonamide
compound.
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Figure S2.4. Biochemical model for mechanism of fluoroquinolone antibacterial activity
(adapted with permission from Shen et al. (9)).
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Figure S2.5. Biochemical mechanism of dihydrofolate reductase (DHFR) inhibitor
antibacterial activity (6). *R represents an aromatic substituent that varies, depending on the
particular DHFR inhibitor.
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Figure S2.6. Biochemical model for mechanism of lincosamide antibacterial activity
(adapted with permission from Schliinzen et al. (1)).
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Figure S2.7. Biochemical mechanism of Slactam antibacterial activity (depicted for
penicillin G) (6,17).

Figure S2.8. Biochemical model for primary* mechanism of tetracycline antibacterial
activity (adapted with permission from Broderson et al. (21)). *Tetracycline binding at a
secondary site within the bacterial ribosome is believed to involve many of the same
functional moieties as binding at the primary site (27).
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Figure S52.9. Biochemical model for mechanism of glycopeptide antibacterial activity
(adapted with permission from Williams and Bardsley (1999) (24)).
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Figure S2.10. Biochemical model for mechanism of aminoglycoside antibacterial activity
(adapted with permission from Carter et al. (28)).
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Figure S2.11. Calculated ty» values for the apparent transformation of model antibacterial
substrates by Os, in comparison to corresponding estimated half-lives for reaction of O3 with
the targeted functional moieties (Table 2.1 m the main text) associated with each substrate’s
biochemical activity at 20(+0.5) °C, pH 7, and [Os] = 42 uM (2 mg/L). “Either O3 does not
appear to react directly with biochemically-active target moieties (PG, CP), or t;;, for this
reaction could not be determined (ASMX). btl;g,mget estimates for CF and EF are based on the
tin value determined for FLU and t12 target for LM based on ti» determined for cationic LM, as
discussed in the main text.
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Figure S2.12. Transformation of ASMX during ozonation of Kloten-Opfikon wastewater at
20(=0.5) °C, pH 7.7, [O3]o = 63 pM (3 mg/L), and [substrate]p = 1 pM. S represents each
monitored substance — O3, pCBA, and ASMX.
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Figure S2.13. Correlations of predicted substrate transformation with measured values, for

data sets obtained at T = 20° C, pH 7.7, and [O3]p = 1 and 1.5 mg/L (21 and 31 pM,
respectively).
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Figure S2.14. Comparison of f.opm values calculated from indirect determinations of O3
exposure (by eq 6 in the main text) with those calculated from direct measurements of O3
exposure (by eq 4 in the main text). Calculations were performed with data reported
elsewhere (52) for [carbamazepine], = 1-2 pM, [O3] = 25-50 uM (1.2-2.4 mg/L), 1 various
municipal wastewater samples.
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Chapter 3

Abstract

Oxidation of the antimicrobial agent triclosan by aqueous ozone (O3) was investigated
to determine associated reaction kinetics, reaction site(s), and consequent changes in

antibacterial activity of triclosan. Specific second-order rate constants, kg, , were determined
for reaction of O3 with each of triclosan’s acid-base species. The value of ko3 determined for

neutral triclosan was 1.3 (£ 0.1) x 10° M"'s”, while that measured for anionic triclosan was
5.1 (+0.1) x 10*M's™. Consequently, triclosan reacts very rapidly with Os at circumneutral

pH (the pH-dependent, apparent second-order rate constant, . is3.8 x 10’ M s at pH

app,03 »

7). The pH-dependence of k,,, 5, and comparison of triclosan reactivity toward O3 with that

app,
of other phenolic compounds indicates that O reacts initially with triclosan at the latter’s

phenol moiety. kq values for neutral and anionic triclosan were successfully related to

phenol ring substituent effects via Brown-Okamoto correlation with other substituted phenols,
consistent with electrophilic attack of the triclosan phenol ring. Biological assay of Os-treated
triclosan solutions indicates that reaction with O3 yields efficient elimination of triclosan's
antibacterial activity. In order to evaluate the applicability of these observations to actual
wastewaters, triclosan oxidation was also investigated during ozonation of effluent samples
from two conventional wastewater treatment plants. Nearly 100% triclosan depletion was
achieved for a 4 mg/L (8.3 x 10™ mol/L) O; dose applied to a wastewater containing 7.5 mg/L
of DOC, and ~58% triclosan depletion for dosage of 6 mg/L (1.3 x 10 mol/L) O to a
wastewater containing 12.4 mg/L of DOC. At O; doses greater than 1 mg/L (2.1 x 10”
mol/L), hydroxyl radical reactions accounted for <35% of observed triclosan losses in these
wastewaters, indicating that triclosan oxidation was due primarily to the direct triclosan-Os
reaction. Thus, ozonation appears to present an effective means of eliminating triclosan’s

antibacterial activity during wastewater treatment.
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Chapter 3

3.1 Introduction

Triclosan, 5-chloro-2-(2,4-dichlorophenoxy)phenol (Figure 3.1), is used as an

pK, = 8.1
O3
0, "OH/> ¢l

0L
Cl Cl

O3
Figure 3.1. Triclosan structure, shown with site of protonation and probable sites of initial O3
attack

antimicrobial agent (i.e., a biocide) in a large number of medical and personal-hygiene
products (e.g., soaps, deodorants, toothpaste). To a lesser extent, triclosan 1s used in textiles
and plastics (sportswear, bed clothes, shoes, carpets) to control the growth of disease or odor-
causing bacteria. In Europe, ~ 350 tons of triclosan are sold per year as the active ingredient
of Irgasan DP 300 or Irgacare MP (7).

Residues of triclosan are expected to reach municipal wastewaters after application and
disposal. In fact, prior investigators have detected this compound in numerous wastewater
samples, at concentrations in the range of 0.6-1.3 pg/L (2.1-4.5 x 10 mol/L) (2). Triclosan is
quite hydrophobic (log Kow ~ 4.2 (3)), suggesting that it should be removed with relatively
high efficiency during wastewater treatment (as a consequence of partitioning into biomass).
Accordingly, removal rates achieved for triclosan in wastewater treatment plants (WWTPs)
can be quite high for modern, well-designed plants. For example, Singer et al. (2002) reported
a total removal (biodegradation plus sorption onto sludge) of 94%. This efficiency could be
even higher if free-chlorine is used to disinfect final effluent, as the free chlorine-TRI reaction
1s quite fast (4).

However, despite the generally high performance of modern WWTPs, residual triclosan
concentrations of ~ 40-200 ng/L (1.4-6.9 x 107"® mol/L) are common in secondary wastewater
effluents (7,5), leading to triclosan discharge into many receiving surface waters. In fact,
triclosan was detected i 57% of 139 surface water samples tested during a study in the
United States (at a median concentration of 140 ng/L (4.8 x 10" mol/L)), with a maximum
reported concentration of 2.3 pg/L (7.9 x 10° mol/L) (6), and at concentrations ranging from
~20-100 ng/L (0.7-3.5 x 10"° mol/L) in representative surface waters within Switzerland (7).
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Discharges of triclosan residuals to surface water are undesirable for a number of reasons.
For example, the predicted no-effect concentration determined for the algal species S.
subspicatus was reported as 500 ng/L (1.7 x 10 mol/L) (7), which is near the range of
reported surface water and wastewater effluent concentrations. Continuous exposure of such
aquatic microbiota to triclosan concentrations in the ranges listed above may in turn result in
unanticipated alterations in microbial community structure (8). Furthermore, triclosan’s
target-specific mode of antibacterial activity (i.e., disruption of lipid biosynthesis, by
inhibition of the enoyl-acyl carrier protein reductase enzyme (9,10)) is understood to
facilitate the evolution of triclosan resistance at sub-lethal triclosan concentrations (/7,12).
Although the relevance of environmental triclosan concentrations to development of bacterial
triclosan resistance remains unclear, particular caution is warranted in light of numerous in
vitro studies illustrating that triclosan can select for triclosan-resistant mutants that
overexpress multi-drug efflux pumps conferring cross-resistance to various clinical
antibacterials (/3). Another point of concern is the formation of 2,8-dichlorodibenzo-p-dioxin
during triclosan photolysis (/4), which is a major process by which triclosan is depleted from
surface waters (/,15).

Additional transformation of triclosan (via photochemical pathways (/4,15) and/or metal-
oxide-mediated oxidation (/6)) can be expected to occur in natural environments. However,
in light of possible negative interactions with aquatic biota, it may be prudent to achieve
higher triclosan removal and/or elimination of triclosan’s antibacterial activity during
wastewater treatment, thus avoiding the discharge of the biologically active parent compound
into surface waters.

Ozonation, which has proven to be an effective post-treatment technique for other
pharmaceutical and personal care products (/7,18), presents one possible option for achieving
these ends. Ozone (O;) typically exhibits very rapid reaction kinetics with phenolic
compounds (/9). Thus, triclosan, which contains a phenol moiety (Figure 3.1), is also
expected to react rapidly with Os; presumably at the 2, 4, and 6 positions of the phenol ring,
on the basis of known phenol-Os reaction mechanisms (20). Furthermore, according to prior
investigations, the antibacterial activity of the triclosan molecule is derived primarily from its
phenol ring, via van der Waals and hydrogen-bonding interactions with the bacterial enoyl-
acyl carrier protein reductase enzyme (/0). Thus, direct oxidation of the triclosan molecule by
O; - yielding oxygen addition to the phenol ring or phenol ring opening (20) - is expected to
reduce or eliminate its target-specific biochemical activity. Similarly, treatment of the steroid

hormone 17-a-ethinylestradiol with O; has been demonstrated to yield nearly complete,
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stoichiometric elimination of the latter’s estrogenic activity, via oxidation of its phenol ring
(21).

The present investigation was conducted to determine the rate constants and reactive
site(s) for the reaction of O3 with triclosan, as well as to evaluate the effect of ozonation on
the antibacterial activity of the triclosan molecule. Kinetic measurements and microbiological
assay results were also utilized to characterize triclosan oxidation during ozonation of effluent
samples taken from two municipal wastewater treatment facilities, for the purpose of
assessing the potential of ozonation as a means of eliminating triclosan antibacterial activity

in full-scale wastewater treatment.

3.2 Materials and Methods

3.2.1 Standards and reagents Triclosan, cinnamic acid, benzaldehyde, and para-
chlorobenzoic acid (pCBA) were obtained from Sigma-Aldrich or Fluka with purities higher
than 97%. All other reagents were commercially available, and were of reagent grade quality
or higher. All reagent solutions were prepared using water obtained from NANOpure
(Barnstead) or Milli-Q (Millipore) water purification systems. Triclosan stock solutions for
kinetic experiments were prepared at a concentration of 100 pM, by dissolution of the solid
compound in water adjusted to pH 11 with NaOH. Subsequently, H,SO,4 was used to readjust
pH to 7. Triclosan stock solutions for microbiological assay experiments were prepared by
dissolving 100 uM triclosan in 0.001 M NaOH, buffering with 1-mM phosphate, and
readjusting pH to 9 with H,SOs. E. coli K12 wild-type cultures (ATCC 23716) were obtained
from LGC-Promochem. Stock solutions of O3 (~ 1.5 mM) were prepared by sparging an O;-
containing gas stream through Milli-Q water that was cooled in an ice bath. The O;-
containing gas stream was produced by passing pure O, through an Innovatec CMG 3-4
pulsed corona-discharge O; generator. Working O3 stock solutions (~0.1-0.5 mM) were
prepared by diluting the O3 stock in Milli-Q water and acidifying to pH ~ 4 with H,SOs. E.
coli K12 cultures were maintained at 37 °C on #3 nutrient agar. Broth cultures were prepared
under sterile conditions by suspending cells sampled from an agar plate (taken from a
minimum of five separate colonies) in 5-6 mL of Mueller-Hinton broth within polypropylene
test tubes, and incubating overnight at 37 °C on a shaker plate rotating at 200 rpm.

3.2.2 Analytical methods Organic analytes were measured by HPLC-UV, via isocratic
elutions with a 150 x 4.6-mm (5-um) Nucleosil-100 C18 column (Macherey-Nagel). Mobile-
phases were 80% acetonitrile/20% pH 5, 2-mM acetate buffer or 80% acetonitrile/20% pH
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2.2, 10-mM phosphate buffer for triclosan, and 30% acetonitrile/70% pH 2.2, 50-mM
phosphate buffer for cinnamic acid, pCBA, and benzaldehyde. Triclosan was detected at 280,
270, or 205 nm, whereas cinnamic acid, pCBA, and benzaldehyde were detected at 250 nm.

3.2.3 Determination of the rate constants for reactions with ozone Experiments
for the determination of O; rate constants were performed at 23 (£2) °C with a continuous-
flow, quenched-reaction monitoring (CFL) system, which has been described in detail
previously (22). Briefly, a multi-position syringe pump was used to simultaneously inject
triclosan and Os solutions at equal flow rates, from separate, 25-mL Hamilton gas-tight
syringes, into a 60° mixing tee. The mixed reaction solution subsequently continued through
one of seven reaction loops with varying size, until entering a second mixing tee, in which it
contacted a solution of quenching reagent (injected from a third syringe, using the same
syringe pump) to stop the reaction. Samples were collected from the effluent of the second
mixing tee for measurement of residual reactant concentrations. Reaction times were varied
by switching the reaction loop (i.e., by switching reaction volume, and hence, residence time)
or by adjusting system flow-rate, to obtain measurements of reactant depletion at various
reaction times.

All kinetic experiments were conducted under pseudo-first-order conditions of excess Os,

to permit measurement of pseudo-first-order rate constants, ko, (in s"), by monitoring

triclosan loss after varying reaction times up to approximately two half-lives. Triclosan was
dissolved at 0.5-1 uM concentrations in a 10-mM phosphate buffer for the experiments
conducted at pH 2 to 4, and in a 20-mM acetate buffer for those carried out at pH 4.5 to 5.5.
Ten-mM fert-butyl alcohol (--BuOH) was added to working triclosan solutions as a hydroxyl
radical (*OH) scavenger. Working O3 solutions were prepared in Milli-Q water acidified to
pH ~ 4 with sulfuric acid, at [O3] > 20 x [triclosan]. Cinnamic acid (1 mM) - which yields
benzaldehyde in 1:1 stoichiometry upon reaction with a mole of O3 (23) - was used as a
quenching agent. Benzaldehyde formation was used to quantify residual O3 concentrations.
Experiments were performed at least in duplicate. ko, values were determined by linear
regression of plots of In([triclosan]/[triclosan]y) vs time. Calculated r* values for the
regressions were generally greater than 0.99, and not lower than 0.97.

3.2.4 Measurement of triclosan antibacterial activity after treatment with

ozone Twenty-uM solutions of triclosan were prepared at pH 8 using 1-mM phosphate
buffer, dosed with 2 mM of +-BuOH (used as a *OH scavenger), and distributed in 25-mL

volumes amongst 15 amber, screw-top, borosilicate glass vials. The vials were then placed in
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a 20 (£0.5) °C water bath placed on top of a magnetic stir plate. Under constant, rapid stirring,
the 25-mL triclosan solutions were dosed with a range of O; concentrations from 4 to 80 puM,
by directly injecting various volumes of ~ 1.5-mM O3 stock via gas-tight, glass syringe (Step

Al in Scheme 3.1a). These ozonated solutions were then capped and allowed to sit for at least

Addition of increasing O, doses (from 4 uM in sample 1, to 80 UM in sample 15)
to each sample containing 20 uM of triclosan in 1-mM, pH 8 phosphate buffer

Step A1 j'\

——>1 mL of each sample to HPLC
50x dilution of each sample in 1-mM,

pH 8 phosphate buffer| Step A2
Y

-
-«
-
3
-

y \d L 4 A 4 v 4 \d Y A

*

Tstep A3
(@) inoculation with 1 x 10 CFU/ML E. coli culture in Mueller-Hinton broth

20 uM of triclosan in 1-mM, pH 8 phosphate buffer———>1 mL to HPLC

Inoculation with 1 x 10° CFU/mL E. cofi culture in Mueller-Hinton broth

|Step B3

25x dilution in 1-mM,
pH 8 phosphate buffer

T—2:1 serial dilutions in 1-mM, pH 8 phosphate buffer
(b) Step B2
Scheme 3.1. Procedure used in preparation of (a) ozone-treated triclosan samples, and (b)

triclosan standard dilution series for antibacterial activity assays, up to the step immediately
prior to incubation for 8 hours at 37 °C

24 hrs prior to sampling (to ensure complete decomposition of O3 residual). No quenching
agent was added to consume residual Os. One-mL samples of each solution were collected for

analysis of residual triclosan by HPLC-UV.
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Changes in the antibacterial potencies of Os-treated triclosan solutions were measured
according to a protocol based on procedures reported for monitoring the loss of triclosan
potency during UV irradiation (24). Briefly, 30-uL aliquots of each of the Os-treated samples
described above were added to 15 separate glass culture tubes containing 1.47 mL of 1-mM,
pH 8 phosphate buffer amended with 2-mM #-BuOH (to yield 50-fold dilution of the original
samples) (Step A2 in Scheme 3.1a). In addition, 180 pL of the untreated 20-uM triclosan
solution was dosed to a glass culture tube containing 4.32 mL of 1-mM phosphate buffer
amended with 2-mM t-BuOH (to yield a 25-fold dilution of the original sample) (Step B1 in
Scheme 3.1b). A set of fourteen 2:1 serially-diluted standards was then prepared by
transferring 3 mL of the 25x-diluted triclosan sample to a culture tube containing 1.5 mL of 1-
mM phosphate buffer amended with 2-mM t-BuOH, mixing, then transferring 3-mL of the
resulting solution to another 1.5-mL buffer volume, and so on, to yield a series of triclosan
standards with [triclosan] ranging from 2.0 x 10° M to 6.7 x 10® M (Step B2 in Scheme
3.1b).

Each of the culture tubes contained within the 15-member sample and standard sets was
subsequently inoculated with 1.5 mL of a broth E. coli K12 culture containing approximately
1 x 10° CFU/mL (prepared by 100-fold dilution of a 0.5 McFarland standard broth culture in
Mueller-Hinton broth (25)) (Steps A3 and B3 in Schemes 3.1a and 3.1b, respectively). The
resulting in vitro triclosan concentrations ranged from 1.8 x 107 M to 2.9 x 10™ M for the Os-
treated sample series, and from 3.9 x 107 M to 1.3 x 10” for the standard dilution series. In
addition, positive and negative growth control tubes were prepared by dosing 1.5 mL of the 1
x 10° CFU/mL inoculum or 1.5 mL of sterile Mueller-Hinton broth, respectively, to culture
tubes containing 1.5 mL of 1-mM, pH 8 phosphate buffer spiked with 2-mM #-BuOH. After
inoculation, each culture tube was capped and incubated for 8 hours at 37 °C on a shaker plate
rotating at 200 rpm.

After completion of the incubation periods, the culture tubes were collected as rapidly as
possible and transferred to plastic tubs for storage on ice. Each sample was agitated with a
vortex mixer to resuspend any precipitated cells before a ~ 1.5-mL aliquot was transferred by
glass Pasteur pipette to a plastic cuvette for measurement of cell density, as sample
absorbance at 625 nm. Absorbance measurements were then converted to growth inhibition, I,
according to eq 1,
A —A
A

max

I= (1)
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where Apnax represents the maximum absorbance recorded for each sample set (i.e., the
absorbance corresponding to uninhibited culture growth), and I varies from 0 to 1 (with a
value of 1 indicating complete inhibition). Sample and standard activity assays were each
performed in triplicate.

Dose-response curves were obtained for the serially-diluted triclosan standards by
plotting inhibition vs the in vitro assay concentration of triclosan and fitting the data to a four-
parameter, logistic regression (eq 2) , using SigmaPlot 2002 (SPSS Software),

Imax ~ Imin N Imax ~ Imin
) min
1+ 10(10g(EC50 /[triclosan])x H) 1+ (

I=Imin +

ECs/[triclosan])! 2)

where ECsg represents the in vitro concentration of triclosan yielding 50% growth inhibition
relative to a sample in which growth is uninhibited, Imin and Inmax represent the apparent
minimum and maximum values of growth inhibition, respectively, and H represents the
dimensionless Hill slope.

3.2.5 Municipal wastewater ozonation Additional experiments were conducted with
effluent samples obtained from two municipal WWTPs (one at pilot-scale and the other at
full-scale). The pilot-scale plant - located in Duebendorf, Switzerland - incorporates solids
removal, primary sedimentation, secondary activated sludge clarification, and tertiary
nitrification, whereas the full-scale plant - located in Santiago de Compostela, Spain -
incorporates solids removal, primary sedimentation, and secondary activated sludge
clarification. Pilot-scale samples were collected in glass bottles and transported to the
laboratory as rapidly as possible (10-20 minutes transport time), at which point they were
vacuum-filtered through 0.45-um cellulose nitrate membranes prior to storage at 4 °C. Full-
scale samples were collected in aluminum bottles, filtered, and shipped to the laboratory as
rapidly as possible (1-2 days transport time), whereupon they were placed in storage at 4 °C.

Important water quality parameters are shown in Table 3.1.

Table 3.1. Water quality parameters of pilot-scale and full-scale effluents

DOC Alkalinity Calculated *OH scavenging

Effluent pH (mM as \a
(mg/L) HCO3) rate (s7)

Pilot-scale 7.9 7.5 8.1 2.5 x10°

Full-scale 7.5 12.4 0.9 3.2 x10°

“sOH scavenging rate calculated at pH 8 and 23°C (Elovitz and von Gunten, 1999b)
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These experiments were conducted in 30-ml amber, borosilicate glass vials containing the
respective wastewaters, which were spiked before each experiment with triclosan (0.5 pM)
and pCBA (0.5 uM) - the latter compound being used as a *OH probe (26). Reactions were
started by injecting defined volumes of O3 stock solution to each reactor, to achieve an O;
dose range of 0.1 to 6 mg/L (2.1 x 10 to 1.3 x 10 mol/L). After 60 s of reaction time, each
solution was dosed with 200 uM of cinnamic acid to quench any residual O3, and samples
were transferred to HPLC for analysis of residual triclosan and pCBA concentrations.
Reactions were conducted at least in duplicate at 20°C by thermostating the reactors in a
constant-temperature bath.

Additional experiments were conducted to assess O3 demand within each of the
municipal wastewater matrixes. These experiments were conducted with the CFL apparatus
described above, according to the same procedures used for reaction kinetics measurements,
except that triclosan solutions were replaced with the wastewater matrix of interest. Neither ¢-
BuOH nor buffer were added to the wastewater matrixes. Working Os solutions were
prepared at 10 mg/L (2.1 x 10™ mol/L), to yield initial concentrations of 5 mg/L upon 1:1

mixing with the wastewater matrixes.

3.3 Results and Discussion

3.3.1 Rate constants for reactions of triclosan with ozone The direct reactions of
O; with organic compounds have been demonstrated to follow bimolecular, second-order

kinetics (27). Therefore, the kinetics of the reaction between triclosan and ozone can be

described by eq 3,

d[triclosan] .

TT = _kapp,03 [trlclosan]T [03] 3)
where k,,, o, 1s the apparent second-order rate constant for the reaction at a given pH, and

[triclosan]t the total triclosan concentration (including neutral and anionic species). Under
pseudo-first-order conditions, with a large excess of O3, eq 3 becomes eq 4.

d[triclosan],

% = —Kobs0, [triclosan], 4)

Apparent second-order rate constants, k for the triclosan-Os reaction were determined

app,03 >

from the magnitudes of ko, measured at various pH values (where k& is equal to

obs, app,03

kobs/[O3], with Oz in large excess). The averages of the corresponding measurements are
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presented in Figure 3.2. These data show that

increase significantly with increasing pH.
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0; values for the triclosan-O; reaction
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Figure 3.2. Apparent second-order rate constants for the triclosan- O3 reaction as a function
of pH

The pH-dependence of k,,, o, can be quantitatively evaluated by incorporating terms

accounting for the specific reactions of Oz with neutral and anionic triclosan into eq 3, to

yield eq 5,
tricl
% = —(kyot + k, (1 - a))[triclosan] [0, ] (5)
where o which can be calculated from eq 6,
1
e “
1+
10771

where pK, = 8.1 (28), and k; and k; represent the species-specific rate constants for reaction of

Os with neutral and anionic triclosan, respectively. k,,, 5, can in turn be described by eq 7.

kapp,03 :kla+k2(l_a) (7)

The specific second-order rate constants, k; and k, were calculated by non-linear

regression (using SigmaPlot 2002, SPSS Software) of the experimentally determined £, o,

values (Figure 3.2), according to eq 7. Values of 1.3 (+ 0.1) x 10° M's" and 5.1 (£ 0.1) x 10®
M's! were determined for ki and k,, respectively. These constants were then used to model

k by substitution into eq 7. Model results are presented as a solid line in Figure 3.2 for

app,0;

comparison with measured data. As shown in Figure 3.2, the predicted value of k,,, . at pH
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7 is 3.8 x 10" M''s™ (corresponding to a triclosan half-life of 0.9 ms for an excess Os
concentration of 1 mg/L, or 2.1 x 10 M), indicating that triclosan will be rapidly oxidized
during ozonation at circumneutral pH.

3.3.2 Site of initial reaction between triclosan and ozone The enhancement of
triclosan’s reactivity toward O3 upon deprotonation is presumably due to activation of its
phenol ring toward electrophilic attack as a result of the enhanced electron-donating character
of O relative to OH (29). Neutral phenols generally react with O3 with rate constants between
10% and 10° M"'s" whereas their anionic forms exhibit rate constants between 10" and 10° M"
's”! (Hoigné and Bader, 1983). Rate constants for both neutral and anionic phenol species are
strongly influenced by the number and type of aromatic ring substituents. In order to probe
the mechanism and site of triclosan attack by Os, ki giclosan @Nd A2 triclosan Were quantitatively

correlated with & values reported for numerous other substituted phenols via linear-free

energy relation. Brown-Okamoto Gomp terms (30), which account for inductive and
resonance interactions between the aromatic center and ring substituent(s) of such target
compounds as phenols, were selected as free-energy descriptors on account of their suitability
for characterizing electrophilic reactions (4,31).

The 2G,,, terms for triclosan and the other substituted phenols were obtained by
summing 6, , Om , and G,,+ (i.e., ortho-, meta-, and para-) values for each relevant substituent,
where o, and csp+ values were obtained from the literature (29,32) and csp+ values from the
relationship c,” = 0.66G," (33). Log-magnitudes of the rate constants for reactions of O3 with
the neutral and anionic forms of each target compound were then plotted against the

corresponding £6,,,, values, as shown in Figure 3.3, and fitted according to the relationship

loglko, )= PG pm" +¥0-

The negative sign of the calculated sensitivity factors, p (Figure 3.3), for neutral and
anionic phenol species indicate that electron-donating substituents activate the phenolic
structures toward attack by Os;, whereas electron-withdrawing substituents result in
deactivation, as expected for an electrophilic reaction mechanism. Thus, the success of the
Brown-Okamoto relationship in predicting k; and k; for the triclosan-O; reaction verifies the
dependence of triclosan-O; reaction kinetics on phenol substituent effects and supports the
hypothesis that O3 reacts initially with triclosan by electrophilic attack at the latter’s phenol

moiety.
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Figure 3.3. Brown-Okamoto correlations of k values measured for neutral and anionic
triclosan, in relation to &y, values previously reported for the neutral and anionic species of

other substituted phenols (“(79); b(20); “(34)). o, values were obtained from (29), 6, values
from (32), and o, values from the relationship o, = 0.66 5, (33).

3.3.3 Elimination of triclosan antibacterial activity by reaction with ozone
Residual antibacterial activities, I, of Os-treated triclosan solutions were evaluated by
comparing their ability to inhibit growth of E. coli K12 to the inhibitory activities measured
for a set of fifteen standards obtained by 2:1 serial dilution of an untreated triclosan sample.
Prior to inoculation with working E. coli K12 broth cultures, the Os-treated samples and
standard series were diluted 50-fold and 25-fold, respectively (Scheme 3.1), to yield in vitro
triclosan concentrations ranging from 1.8 x 10”7 M to 2.9 x 10” M for the Os-treated series
and 3.9 x 107 M to 1.3 x 10 for the standard series.

The dose-response relationships observed for Os-treated samples and the standard series
(in terms of % E. coli K12 growth inhibition vs in vitro triclosan concentration) are depicted
in Figure 3.4a. As demonstrated here, when plotted vs in vitro triclosan concentration, the I
values measured for Os-treated samples coincide nearly completely with the dose-response
curve obtained from the 15-member standard series, indicating that the inhibitory activities of
the Os-treated samples are essentially the same as would be expected on the basis of their
residual triclosan concentrations. More importantly, the very close agreement between dose-
response curves for Os-treated samples and triclosan standards indicates (Figure 3.4a) that
oxidation-products generated by ozonation of these triclosan-containing solutions do not
exhibit an appreciable degree of inhibitory activity relative to triclosan itself. The inset to
Figure 3.4a illustrates the approximately 1:1 correspondence between inhibitory activities
measured for Os-treated triclosan samples and inhibitory activities predicted for these samples

on the basis of their in vitro triclosan concentrations, according to the dose-response
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relationship shown in Figure 3.4a, which was obtained from serially-diluted triclosan

standards.
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Figure 3.4. Correlations between extent of triclosan depletion and measured losses of
antibacterial activity in samples of triclosan treated with increasing doses of Os. (a) Dose-
response relationships for triclosan samples treated with increasing O3 doses (filled circles) at
pH 8 and 20 (=0.5) °C, in the presence of 2-mM #-BuOH, compared with a standard series of
2:1 serial dilutions (unfilled circles) derived from a control containing untreated triclosan.
Each point in the Os-treated sample series corresponds to an individual triclosan sample
treated with a specific O3 dose. The inset to Figure 3.4a depicts the correlation between values
of growth inhibition measured for the Os-treated sample series, and values of growth
inhibition predicted for these same samples on the basis of the dose-response curve derived
from triclosan standards (eq 2). (b) Reaction stoichiometry and the relationship between

consumed triclosan and measured loss of antibacterial potency equivalents (PEQs) for 20-uM
triclosan samples treated with increasing O; doses, at pH 8 and 20 (+0.5) °C, in the presence
of 2-mM #-BuOH.

The change in inhibitory activities, or “potencies”, of Os-treated triclosan solutions can
be related to the activity of the untreated triclosan solution by means of potency equivalents
(PEQs), which represent the in vitro concentrations of untreated triclosan necessary to yield
the growth inhibition values observed in each Os-treated sample. PEQs can be calculated for
Os-treated samples from eq 8, which is obtained by re-arrangement of eq 2,

()
PEQ (in mol/L) = [triclosan]eqmvalem =ECsg [IIH_MI—:;] H
where values of Inax, Imin. ECso, and Hill slope, H, are obtained from the standard dose-
response curve, and I corresponds to the growth mhibition observed for the sample of interest.
Figure 3.4b depicts the relationship between O; dose, triclosan depletion, and residual PEQs

in Os-treated samples.
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Approximately 0.4 moles of triclosan were consumed per mole of O3 at pH 8, up to O3
doses of 20-30 uM. Triclosan consumption per mole of O3 decreased above this dose -
presumably due to increasing yields of reaction products, as previously observed for phenol
(20). O3 doses above 20 uM (i.e., at greater than 40% triclosan depletion) yielded
stoichiometric elimination of triclosan’s antibacterial activity (i.e., one mole of PEQs was
eliminated for each mole of triclosan lost), whereas several PEQ values calculated for samples
treated with less than 20 uM of O3 were higher than expected on the basis of corresponding in
vitro triclosan concentrations.

The latter observation may be attributable to incomplete deactivation of triclosan upon
reaction with Os;. However, it should be noted that PEQ values calculated by eq 8 are very
sensitive to small measurement errors at very low or very high measured growth inhibition, I,
on account of the asymptotic nature of the sigmoidal dose-response model (eq 2) from which
eq 8 is derived. That is, at low and high values of growth inhibition (i.e., within the lower and
upper shoulders of the dose-response curve shown in Figure 3.4a), large changes in triclosan
concentration elicit relatively small changes in measured growth inhibition. Accordingly,
relatively small changes (or small errors) in measured growth inhibition, I, correspond to
large changes in the equivalent triclosan concentrations (i.e., PEQs) calculated by eq 8. This
sensitivity is evident in the large model error limits determined (by propagation of the errors
attributable to each model parameter through eq 8) at lower and higher O3 doses (Figure
3.4b). In this light, the discrepancies in PEQs and residual triclosan concentrations at low O;
doses may only be artifactual. In fact, the PEQ values and residual triclosan concentrations
depicted in Figure 3.4b are in relatively strong agreement within model error limits over the
entire range of O3 doses. However, more detailed investigation of triclosan deactivation at
low O3 doses would be necessary to provide a definitive answer. Regardless, at higher O3
doses (i.e., higher triclosan turnovers), each mole of triclosan lost clearly corresponds to
elimination of approximately one mole of PEQ.

3.3.4 Triclosan losses during ozonation of pilot-scale and full-scale
wastewaters The feasibility of wastewater ozonation as a means of oxidizing and
deactivating triclosan was qualitatively evaluated by monitoring depletion of 0.5 uM triclosan
from samples of pilot-scale and full-scale wastewaters dosed with various O; concentrations.
Triclosan transformation reactions occurred too rapidly (¢;2 < 3 ms) during ozonation of pilot-
scale and full-scale wastewaters to permit direct, time-resolved reaction monitoring by the

CFL system used for rate constant measurements. Consequently, triclosan removal
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efficiencies were evaluated by applying varying Os; doses to each wastewater matrix in batch

(Figure 3.5).

100 - = Altriclosan]g, ... - ==

[ Aftriclosan]y,, ...
80 { mmm Alviciosanly, e [
Altriclosan] DT

60

40

Aftriclosan] (%)

20 1

0.1 05 1 2 4 6 (mg/l)

2.1 104 208 417 833 125 (umol/L)
Applied O, dose

Figure 3.5. Total measured losses (A[triclosan]) of 0.5 pM [triclosan]o, compared with
calculated contributions of *OH to total observed triclosan losses (A[triclosan].og) during
application of various O3 doses to pilot-scale and full-scale effluents at 20(+0.5) °C. «OH
exposures were determined by utilizing pCBA as a *OH probe, as described in the main text

For the pilot-scale effluent, application of O3 doses higher than 4 mg/L (8.3 x 10” mol/L)
ensured complete depletion of triclosan (Figure 3.5). However, for the full-scale effluent,
there was still a considerable residual triclosan concentration even after dosing 6 mg/L (1.3 x
10 mol/L) of O3 (Figure 3.5). This is most likely due to the latter water’s substantially higher
concentration of DOC, which can compete with the target compound for Os, as well as for
*OH generated by O3 decomposition and reactions with matrix constituents (35,36). The
greater O3 demand of the full-scale matrix was verified by comparing decomposition of a 5
mg/L (1.0 x 10* mol/L) O dose in each matrix, as described above. These experiments
showed that after 33 ms (the first time-point at which a measurement could be obtained), 82%
(4.1 mg/L) of the initial O3 dose remained in the pilot-scale wastewater, whereas only 14%
(0.7 mg/L) remained in the full-scale wastewater. After ~ 0.5 s, 66% (3.3 mg/L) of the initial
dose remained 1n the pilot-scale wastewater, whereas none remained in the full-scale
wastewater.

The individual contributions of O3 and *OH to triclosan oxidation during ozonation of
these wastewaters can be accounted for according to eq 9 (206),

ln[ [‘rriclosan]

t t
M} = _kapp,Og,triclosanI [03 }‘jf _'}(app;OH.,triclosanJ [. OH]dt (9)
0 0
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where kypp.on 1s the apparent second-order rate constant for the reaction of *OH with
triclosan. Oz and *OH exposures must be known to permit the direct application of eq 9 in
modeling pollutant oxidation in wastewater ozonation processes. Under appropriate
conditions, O3 exposures can be measured directly (e.g., by use of the indigo method (37)),
and *OH exposures can be indirectly determined by monitoring the depletion of an Os-
resistant *OH probe compound (e.g., pCBA (38)) during ozonation of a water sample,
according to eq 10 (26).

[pCBA] f
In ([pCB A] j— kapp,-OH,pCBA”’ OH]dt (10)
0
However, neither Oz exposures, nor *OH exposures could be measured over the
extremely low time-scales of the triclosan-Os reaction. These difficulties were circumvented
by using eq 11 to obtain an indirect estimate of the fraction, f.on, of total triclosan oxidation

attributable to *OH at various O3 doses in pilot-scale and full-scale wastewaters,

t k .
app -OH trlclosan_[ OH]df pp, Ol triclosan In ( [pCBA] ]
B 0 _ kapp,-OH,pCBA [pCB ]
f-OH — ; ; - [t . 1 ] (1 1)
riciosan
k app,03,triclosan _([ [03 ]dt +kapp,-OH,triclosan ,([ [. OH]dt ln[[tnClosan]oJ

where k =54x 10" M's™ (14) and k,, oppepa = 5.0 x 10" M's™ (39),

app,-OH, triclosan

As shown in Figure 3.5, the apparent contributions of *OH to the overall oxidation of
triclosan in these wastewaters, calculated according to eq 11, decreased as the O3 dose applied
to each water was increased. Presumably, higher O; doses led to higher cumulative O;

exposures, and - as a consequence of the temporally-decreasing yields of *OH during

t t
wastewater ozonation (40) - to lower apparent, cumulative ratios of .“- OHJdt to J-[O3 lat , as
0 0

estimated from eq 11. Consequently, direct oxidation of triclosan by Os appeared to be
enhanced at higher O3 doses.

In general, the contributions of *OH to triclosan oxidation were relatively low for O
doses representative of those likely to be applied in wastewater treatment (i.e., > 1 mg/L, or

2.1 x 10” mol/L) (Figure 3.5), due primarily to the high values of & for the O3-TRI

app,0s
reaction at the pH of each wastewater. Thus, the high rate constant and selectivity of the direct
triclosan-O3 reaction, which results in oxidation of triclosan’s phenol ring and consequent

elimination of the parent compound’s antibacterial activity, appears to be maintained even
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during ozonation of wastewaters containing relatively high DOC concentrations. This
suggests that municipal wastewater ozonation can provide an efficient means of eliminating

the antibacterial activity of dissolved triclosan molecules.
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Abstract

A wide variety of antibacterial compounds are rapidly oxidized by O3 and hydroxyl
radical (OH) during aqueous ozonation. Microbiological assays have been developed to
quantify the resulting changes in antibacterial potencies during treatment of 13 antibacterial
molecules (roxithromycin, azithromycin, tylosin; sulfamethoxazole; trimethoprim;
ciprofloxacin, enrofloxacin; penicillin G, cephalexin; lincomycin; tetracycline; vancomycin;
and amikacin) from 9 structural classes (macrolides; sulfonamides; dihydrofolate reductase
inhibitors; fluoroquinolones; B-lactams; lincosamides; tetracyclines; glycopeptides; and
aminoglycosides), as well as the biocide triclosan. Potency measurements were determined
from dose-response relationships obtained by exposing E. coli or B. subtilis reference strains
to treated samples of each antibacterial compound via broth micro- or macrodilution assays,
and related to the measured residual concentrations of parent antibacterial in each sample.
Data obtained from these experiments show that O3 and "OH reactions lead in nearly all cases
to stoichiometric elimination of antibacterial activity (i.e., loss of one mole equivalent of
potency per mole of parent compound consumed). The S-lactams penicillin G and cephalexin
represent the only two exceptions, as bioassay measurements indicate that the direct reaction
of these two compounds with O3 generates transformation products that retain at least 10% of
the parent compounds’ antibacterial activities. Nevertheless, on the basis of the data reported
in this investigation, it can be expected that wastewater ozonation will generally yield
sufficient structural modification of antibacterial molecules to eliminate their antibacterial
activities, whether oxidation results from selective reactions with O3 or from relatively non-

selective reactions with incidentally-produced ‘OH.

108



Chapter 4

4.1 Introduction

Antibacterial agents (including clinical-use antibiotics and general-purpose biocides such
as triclosan) are ubiquitous contaminants of municipal wastewaters (/-6). Typical aqueous-
phase concentrations of individual antibacterial compounds have been reported to range from
~0.5-5 pg/L in raw and primary wastewaters (2-4,6). However, the frequent co-occurence of
multiple members of a given antibacterial structural class suggests that the actual
biologically-effective levels of these compounds — when interpreted in terms of their
structural classes as a whole — are likely appreciably higher (2-4,7). Passage through
conventional biological treatment processes may significantly lower aqueous-phase
concentrations of certain antibacterial compounds (e.g., fluoroquinolones, triclosan), though
removal is generally incomplete (2,6), and such processes are of limited effectiveness in
attenuating concentrations of many other structural classes (3,4,7). Consequently, effluent
concentrations of certain antibacterials (e.g., fluoroquinolones (2) or triclosan (6)) may still be
harmful to organisms present in effluent-dominated receiving waters (§). In addition, because
activated sludge processes typically operate at solids retention times of several days,
conventional wastewater treatment actually results in prolonged exposure of wastewater-
borne bacteria to significantly higher antibacterial concentrations than are present in treated
effluents (2-4,7). With regard to fluoroquinolones and f-lactams, secondary influent levels
can approach minimal growth inhibitory concentrations (MICs) for various bacterial strains
(9) - a condition which may favor evolution of low-level antibacterial resistance in affected
bacterial communities (/0,117). Furthermore, recent work focusing on the exposure of
environmental microbial consortia to oxytetracycline indicates that even sub-inhibitory levels
of antibacterials may elicit measurable changes in the production of resistance genes per
bacterial cell (72).

Taken together, these considerations indicate that unnecessary exposure of wastewater-
borne and environmental microbiota to biologically-active antibacterial compounds should be
minimized when possible. Supplemental wastewater treatment technologies capable of
yielding rapid deactivation of such compounds represent one means of achieving this
objective. Ozonation, which may be utilized in advanced treatment of secondary wastewater
effluent (/3), as well as pre-oxidation of primary wastewater effluents (/4-16), appears highly
promising in this regard (/7).

Recent studies have shown that relatively low ozone (O3) doses (< 5 mg/L) can yield >
90% depletion of many antibacterial compounds in wastewaters containing up to 23 mg-C/L

of DOC (/8-20), yet mineralization of such compounds will generally be infeasible under
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such conditions (27). Thus, for ozonation to prove truly effective in this context, partial
oxidation should be sufficient to achieve deactivation of the parent antibacterial molecules.
Prior work has demonstrated that the initial reactions between O3 and representative members
of numerous antibacterial structural classes take place preferentially at structural moieties that
are responsible for or related to the parent compounds’ biological activities, suggesting that
biological deactivation is a likely consequence (20). Such outcomes have been semi-
quantitatively verified for the lincosamide lincomycin (with respect to several algal strains)
(22), macrolide clarithromycin (with respect to P. putida) (23) and the biocide triclosan (with
respect to E. coli) (24). However, little additional data is available on the subject.
Furthermore, pollutant transformation during wastewater ozonation will also be influenced to
varying degrees by hydroxyl radicals (‘OH), which are continuously generated through
reactions of Oz with specific functional moieties in dissolved organic matter (25,26) or from
auto-catalytic O3 decomposition (217). Because "OH reacts rapidly with a wider variety of
functional moieties than O3 (21), it is less clear whether oxidation of antibacterial molecules
by ‘OH will result in structural modifications leading to biological deactivation.

In response to the present dearth of quantitative data on this topic, microbiological assays
have been developed and applied to quantify the changes in antibacterial potencies of 14
antibacterial molecules from 10 structural classes (Table 4.1) following transformation by O;
and "OH. Briefly, dose-response relationships were obtained for exposure of E. coli or B.
subtilis reference strains to Os- or ‘'OH-treated samples of each antibacterial compound via
broth microdilution or macrodilution assay and compared to the measured residual
concentrations of parent antibacterial in each sample to obtain quantitative relationships
between residual activity and residual concentration. The data obtained in this manner were
then evaluated in the context of previously reported pilot- and full-scale wastewater ozonation

data to determine probable implications for wastewater treatment.

4.2 Materials and Methods

4.2.1 Chemical Reactants and Reagents. Antibacterial compounds were purchased
from Sigma-Aldrich, with the exception of cephalexin (CP) hydrate — which was purchased
from MP Biomedicals — and azithromycin (AZ) dehydrate, which was a gift from Pfizer, Inc.
All reagents and reactants were of 95% purity or greater. O3 stock solutions were produced as

described previously (27), and standardized according to direct O3 absorbance at A =258 nm

(using € = 3000 M'ecm™). Stock solutions of antibacterials were prepared in Nanopure or

110



Chapter 4

"SMOIIE Payop Aq pajesrpul
sanIAn)or 10J aqIsuodsar jou s3o3Ie)
SMOLIE PI[OS AQ POJEIIPUL SONIANOR

[eo)oRqUEe spunodwod [opowr
1oy o[qrsuodsar sja31e], (0£07) 03
Surproooe umoys £ Hd 1e s)a8re) €0,

(6°87°07) woxy £ Hd & %y,

SN 0L XS = W,Ew%.zo.«
SN 01 X §7g = Moy

1105 R
‘unrjdeyg 19 19
uonnIpoIdRIA @o .
:fessy 19 JHO o
(IY.L) uesopLL],

1SN 0T X 78 = WAEHOYy
(SN 0T X [°9 = WAddreoy

sygns “g JwnLRldeyg
UONN[IPOIDIIA :ABSSY

(A A) URAwodue A

‘dde‘gQe
(SN 0T XTL= %& HO-y
(SN 0T X 8] = WYddreoy

‘dde‘gqOe
SN 0T X L= E,& Hoy
SO X 6T = Loy

‘dde‘gQe
SN 01 XGgg= NI &:ﬁ
ZEmE:fé €0y

Nxz H
oo g L0 1od>°q singns g . o°
TwnrRyeg HN N: TwnrRyeg wnRpeyg 0>\ n O_S
‘TIPOISTN "o mJHH TPOIN - ¢ TIPOITN
:Kessy HO Io A N°H :Kessy :Kessy
§$ EQS_EE (LAL) duIpidendy, (AT urAwodury
. ‘dde‘qOe . ‘dde‘qQe . ‘dde‘HOe
1SN 0T X G = dHOy 1SN (01 X €L = DIETHOy 1SN (01 X 69 = dNLEEHOy

é.
ﬁ.w_zqﬁ::f aoddcoy
f0.. Oy_OH

TmTE mO~ X Qb= Omdmm.mOw\ _.wTZ m0~ X [T = :mSE.d%anu\

siugns g - siuqgns g Ho° oo "q
HILTRENRI L | (7 ‘wnLReyg HITLTRENRY s |
TPPOISTIA leﬁ b TIPOISTIA KLA Lﬁ\@ "TIPOISTIN
:Kessy mo\ 8 :Kessy . :Lessy

LN
(dALL) wrxdoyyourray,

SN 01 XSS = E&M HO-y
SN 0T X §7g = XWsddeoy

(dD) urxdreyda)

SN 01 XS = aw@ﬁ
(ST X g = Aoy

G& ) urIudg

SN OIX T Y= 6@:@
(ST X 6T = 3oy

] o O . o o . 0
1057 "o i 1024 "o i, 100 g
JwnLReyg ‘o JwnLReyg , \o JwnLReyg N-O
"TIpOIIN % %(zﬁ TIPOII w @ TPOLIN QA
:Kessy Ya :Aessy IN :Aessy w‘_._
VN YN
(A1) uexogjoIuy (1D) unexopoxdr) (XIAIS) d10zexoyjowejng

I- ﬁz mOﬁ X78= ‘CCLAEN IOG\ " ~§ moﬂ X677 = N<dmm :O.u\
- _Emoﬁxﬁmﬂ ICC.Q%MO»\ - ﬁzmoﬂxﬂﬁﬂ N/:Emmo«

€,

SN O XS = éwmo«
- _Evexmo\ XHertoy

syuqns g syugns g 0 o o syugns g
‘mnLRjleyg HULLIBEIRIS | o o ‘mnLRldeyg
TIPOIOTI TPOIIN s L7070 o TIPOIOTI mo/yﬁg:
:Kessy :Kessy TN HO OH :Kessy N
mo\\z/ O ~o o
(TAL) utsolA L (ZV) uniwoaynzy (X¥) uniwoiyxoy

(L Hd ye , 44vHO-y pue ¢ 4 SIS 193ae) £Q ¢, 990y ‘Aesse y1anoe parjdde ym umoys) spunodwiod [eLId)dEqHUE [SPOIA [} L L

111



Chapter 4

Milli-Q water. Freeze-dried E. coli K12 wild-type (ATCC 23716) and B. subtilis Marburg
(ATCC 6051) seed cultures were obtained from LGC-Promochem. Working E. coli and B.
subtilis stock cultures were maintained at 37 °C and 30° C, respectively, on #3 nutrient agar.
Broth cultures were prepared under sterile conditions by suspending E. coli and B. subtilis
cells sampled from the working cultures (from a minimum of five separate colonies) in 5-6
mL of Mueller-Hinton broth within polypropylene test tubes, and incubating overnight at 37
°C and 30°C, respectively on a shaker plate rotating at 200 rpm.

4.2.2 Oxidation of antibacterial model compounds. Ozone. Solutions of each of the
antibacterial compounds listed in Table 4.1 (aside from triclosan, for which O; data were
previously obtained as described in (24)) were prepared in 1-mM, pH 7 phosphate buffer at
initial concentrations of 10 uM, with the exceptions of SMX, LM, and AZ, which were
prepared at 50, 50, and 200 puM, respectively. These solutions were dosed with 5 mM of #-
BuOH (used as a ‘'OH scavenger) and distributed in 25-mL volumes amongst eleven 30-mL,
amber, borosilicate glass vials (Scheme 4.1). The vials were then placed in a 20 (+0.5) °C
water bath placed on top of a magnetic stir plate. After thermal equilibration, and under
constant, rapid stirring, 10 of the vials were dosed with O3 over a range of concentrations
sufficient to cover from between approximately 0.1- to 2-log depletion of the respective
parent compound, by directly injecting various volumes of ~ 1.5-mM Oj3 stock via gas-tight,
glass syringe. The eleventh vial was left untreated, as a negative O3 control. All vials were
then capped and allowed to sit for at least 12 hrs prior to sampling to ensure complete
decomposition of Os residual in the treated solutions. Prior to biological assay, all oxidized
solutions were treated with catalase to quench H,O, produced during Os treatment. Aliquots
of catalase-treated samples were then transferred to HPLC vials for analysis of residual parent
compound concentrations by HPLC-UV according to (20). One-mL samples of each solution
were then collected for analysis of residual parent antibacterial compounds by HPLC-UV,
prior to transferring appropriate volumes of each sample to microtiter plates for assay of
residual antibacterial activity according to the microdilution method described below.
Amikacin (AM) was derivatized with 9-fluoroenylmethyl chloroformate (FMOC) (31)
immediately prior to HPLC analysis, in order to permit detection by UV.

Hydroxyl radical (OH). For the majority of compounds investigated, ‘OH was
generated in situ by y-radiolysis (via a lead-shielded ®*Co source) of aqueous solutions,
according to (32). Briefly, 100-mL solutions of each model compound were prepared in 1-
mM, pH 7 phosphate buffer at initial concentrations of 10 uM for tylosin (TYL),
ciprofloxacin (CF), enrofloxacin (EF), trimethoprim (TMP), tetracycline (TET), vancomycin
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(VM), and AM, or 50 uM for sulfamethoxazole (SMX) and AZ, then dosed to borosilicate
glass bombs (Scheme 4.1), and purged with a 4:1 mixture of N,O:0,. Prior to irradiation, a
sample was taken from each solution as a control. Each solution was then irradiated for
repeated pre-defined time intervals up to total irradiation periods sufficient to achieve ~90%
or greater depletion of the parent compound. After each irradiation interval, samples were
withdrawn from these solutions for residual substrate analysis and subsequent microbiological
assay and transferred to amber, borosilicate vials for storage prior to HPLC analysis
(according to (20)) and microbiological activity assay (as described below), with the
exception of irradiated CF and EF solutions, which were stored in capped polystyrene culture
tubes. AM was derivatized prior to HPLC analysis, as for O3 experiments.

CP was treated with ‘'OH generated via UV-photolysis of H,O, using a 500-W medium
pressure lamp with emission wavelengths < 308 nm screened by a UV-cutoff filter to
minimize direct CP photolysis. 1-mM, pH 7 phosphate solutions were dosed with 10 uM of
CP and 10 mM of H,0,, sampled to obtain an untreated control, and then irradiated in 30-mL
quartz test tubes (Scheme 4.1) for pre-defined time intervals up to total irradiation periods
sufficient to achieve at least 90% depletion of the parent compound. Samples were withdrawn
from these solutions between each irradiation period for residual substrate analysis and
subsequent microbiological assay. Experiments included a minimum of 10 different
irradiation times. Direct photolytic losses of CP were demonstrated via negative H,O, control
to be less than 5% during the full irradiation period.

Roxithromycin (RX), penicillin G (PG), and lincomycin (LM) samples were prepared in
the same manner as CP, except that ‘OH was generated via UV-photolysis of H,O, using a
15-W low pressure lamp (Amax emission ~ 254 nm) without a cutoff filter. Solutions were
prepared at initial model compound concentrations of 10 uM for RX and PG, and 200 pM for
LM, and dosed with an initial H;O, concentration of 5-10 mM. Direct photolytic losses of PG
were demonstrated via negative H,O, control to be less than 5% during the full irradiation
period, whereas RX and LM are each UV-transparent.

4.2.3 Measurement of antibacterial activities after treatment with ozone and
hydroxyl radical. Broth microdilution assay. With the exception of ‘OH-treated triclosan
solutions, the activities of antibacterial solutions prepared according to the procedures
described above were quantified in triplicate by means of a microdilution assay based on the
NCCLS clinical microdilution standard (33) (Scheme 4.1). Prior to biological assay, all
oxidized solutions were treated with catalase to quench any residuals of H,O, generated in

situ or remaining from H,O; photolysis experiments. Ten-member dilution series were
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prepared from each sample via 1:1 serial dilution of the sample in 1-mM phosphate buffer
(also containing 5-mM of #~-BuOH in the case of O;-treated samples), across an individual row
of the corresponding 96-well microtiter plate. Matching standard dilution series were
prepared from the untreated samples of each parent antibacterial compound for assay with the
oxidant-treated samples. Each sample and standard solution volume was then inoculated with
an equal volume of Mueller-Hinton broth containing a 1 x 10® CFU/mL cell density of the
reference E. coli or B. subtilis strains, sealed with either paraffin or breathable Rayon sealing
tape to minimize evaporative water loss, and allowed to incubate under 200 rpm agitation, at
37 °C (for E. coli cultures) or 30°C (for B. subtilis cultures), for 8 h. After incubation, the
paraffin or sealing tape was removed, the plates were temporarily re-sealed with impermeable
polyester sealing tape, and each plate was agitated vigorously using a Vortex microtiter plate
shaker attachment to re-suspend any pelleted cell material from the bottoms of the microtiter
wells. Subsequently, the polyester tape was removed and the absorbances of the sample and
standard solutions in each microtiter well were measured at 625 nm (as a surrogate for cell
density (33)), using a Spectra Rainbow microplate reader (Tecan, Switzerland).

Absorbance measurements were then converted to % growth inhibition (%) by scaling
to the absorbance measurements Ay, (i.e., 100% growth inhibition, corresponding to negative
growth controls) and Apmax (1.e., 0% growth inhibition, corresponding to positive growth
controls), according to eq 1.

(A —A)
(A

max

%ol = x 100 (1)

max ™ A i)
The resulting data for each sample dilution series were plotted against the log of the
corresponding sample dilution, 1/m" - where m represents the serial dilution factor used in
preparing dilution series (i.e., 2 in the present case) and n represents the number of the
dilution step for an individual member of the dilution series derived from a given sample
(e.g., 5 for the 5th serial dilution in a dilution series), to yield dose-response relationships
from which quantitative measures of potency could be extracted. The relationships between
sample dilution and %I were then quantitatively evaluated by simultaneous non-linear
regression of the 11 replicate data-sets corresponding to the untreated standard and 10

samples collected for each treatment process, according to eq 2,

%Imax - %Imin A +
) = /0dmin

%I .. —%lI .
max min 2
1+10(1og(Ec50/(1/m"))xH (2)

1+ (ECSO / (1/ m" ))“

using GraphPad Prism (GraphPad Software), where ECs, represents the effective antibacterial

% Growth Inhibition = %I ; +

concentration (or in this case, sample dilution) at which 50% growth inhibition is observed, m
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represents the dilution factor for each serial dilution step (i.e., 2 in the present case), #n is the
number of times a given member of the dilution series has been diluted relative to the parent
sample, H represents the Hill slope inherent to the dose-response relationships for each
combination of antibacterial compound and reference bacterial strain, and %, and %lyin
represent the maximum and minimum growth inhibition values for a given data set,
respectively. To maximize the accuracy of these model fits, Prism was constrained to solve
for the shared, best-fit values of H, %lmaxt, and %lmin characterizing dose-responses for each
sample set as a whole, while logECs was allowed to vary across samples.

Dose-response relationships for CF, EF, and AM were evaluated by fitting sample data
to the five-parameter modified Hill model (i.e., the Richard’s equation (34)) represented by eq
3 (also using GraphPad Prism),

%l . — %0l %l — %01 3)

(1 10lossCar el )S o (1 + (ECSO / (1/ m" ))H )S

where ECso, m, n, H, %lnax, and %l are the same as in eq 2, and S is a parameter

max min max

% Growth inhibition = %I ;. +

quantifying the asymmetry of the dose-response curve’s slope, and all other parameters are as
defined in eq 1. Uncertainties (as 95% confidence limits) for each of the microdilution
measurements described here were determined according to Text S4.1 in the Supporting
Information for Chapter 4.

Broth macrodilution assay. The macrodilution methodology utilized for measurement
of residual activity in *OH-treated solutions of triclosan (TRI) was essentially the same as that
described in (24), with several minor exceptions. Briefly, 120-uL aliquots of ‘OH-treated TRI
solutions ([TRI]o =5 uM) prepared as described above were added to glass culture tubes
containing 1.38 mL of 1-mM, pH 7 phosphate buffer (to yield 12.5-fold dilution of the
original samples). In addition, 360 uL of the untreated 5-uM TRI solution was dosed to a
glass culture tube containing 4.14 mL of 1-mM phosphate buffer (to yield 25-fold dilution of
the original sample). A set of eleven 2:1 serially-diluted standards was then prepared by
transferring 3 mL of the 12.5x-diluted TRI standard to a culture tube containing 1.5 mL of 1-
mM, pH 7 phosphate buffer, mixing, then transferring 3-mL of the resulting solution to
another 1.5-mL buffer volume, and so on, to yield a series of TRI standards with [TRI]
ranging from 5.0 x 10 M to 8.5 x 10™® M. Each of the culture tubes contained within the 11-
member sample and standard sets was subsequently inoculated with 1.5 mL of a broth E. coli
K12 culture containing approximately 1 x 10° CFU/mL, capped, and incubated at 37° C under

constant agitation (200 rpm on a rotating shaker plate), and processed for analysis as
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described previously (24). As before, absorbance measurements were obtained for each

sample at 625 nm after appropriate incubation periods. These absorbance values were then

converted to growth inhibition, I, according to eq 1. A dose-response curve was obtained for

the serially-diluted triclosan standards by plotting inhibition vs. the in vitro assay

concentration of triclosan and fitting the data to eq 2 (using GraphPad Prism),
Yol ax = 70l i Yol ax = %0l i

s
min 1+ 10(103(EC50/[TRI]111 vito )x H) 1+ (ECSO /[TRI]in vitro )H

%I = %I = %I

4)

min +

where [TRI]i, vitro 18 the in vitro concentration of TRI present in a given culture tube after any
preceding dilution steps, and all other variables are as in eq 2. The %l in, %0lmax, ECso, and H
terms obtained by fitting eq 4 to the standard data set were then used to calculate theoretical
%I values for the residual [TRI]i, vitro Values present in each oxidant-treated TRI sample for
comparison with the corresponding measured %l values. All sample and standard activity
assays processed by this method were performed in triplicate. Uncertainties (as 95%
confidence limits) were calculated for each of the macrodilution measurements described here

according to Text S4.1.

4.3 Results and Discussion

4.3.1 Analysis and interpretation of microdilution assay data. Examples of the dose-
response relationships obtained via microbiological assay of untreated standards of the
macrolide antibacterial agent roxithromycin (RX) and Os-treated RX samples by the broth
microdilution approach are illustrated in Figure 4.1a. Treatment of RX with increasing O3
doses results in a shift of the corresponding dose-response curves toward the right of the
graph, relative to the curve corresponding to untreated RX, which is at the far left of the
graph. This indicates that (a) ozonation lowers RX’s antibacterial activity, and (b) the
potencies of oxidation products resulting from treatment of RX with Oj are significantly
lower than that of the parent compound. The changes in dose-response relationships for RX
samples during treatment with increasing O3 exposures can be quantitatively correlated to the
measured decrease in [RX] by calculation of a “potency-equivalent” (PEQ) value for each O;-
treated sample via eq 5,

PEQ (inmol/L) =ECy,, /ECs, (5)

where ECsq is the ECsg value calculated from the measured dose-response relationship for
the untreated RX standard (Figure 4.1a), and ECsg x represents the ECs value calculated from

the measured dose-response relationship obtained for each treated sample (as illustrated in
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Figure 4.1. Example plot of (a) dose-response relationships for RX samples treated with
increasing O3 exposures, and (b) corresponding plot of the stoichiometry with which RX 1s
deactivated by Os;. Measurements shown in Figure 4.1a are depicted with 95% confidence
mtervals calculated for the corresponding triplicate data sets by GraphPad Prism, using eq 1.
Measurements shown in Figure 4.1b are depicted with 95% confidence limits calculated as
described in Text S4.1. The independent variable “dilution” is equal to 1/2”, where “2” is the
serial dilution factor used in preparing dose-response series (i.e., for 2-fold, or 1:1 dilution),
and “n” the number of times a given sample has been serially diluted relative to the
corresponding parent sample (i.e., 1/2° corresponds to the dilution of each parent sample).

Figure 4.1a, using Sample 6 as an example). The PEQ calculated for each sample can then be
plotted vs. [C]/[C]o for the parent compound (RX in this case) to evaluate the quantitative
relationship between loss of parent compound and corresponding changes in biological
activity. For the 1deal case, in which consumption of one mole fraction of parent antibacterial
compound results in a loss of one PEQ, measured PEQ values plotted in this manner should
trace a hypothetical line with the form y = x, as depicted for the RX data in Figure 4.1b
(where the apparent slope of the line is only negative because the x-axis 1s reversed).

In the event that oxidation of the parent compound does not yield a complete loss of
antibacterial activity (i.e., that transformation products retain biological activity), measured
values would be expected to deviate positively and systematically (within statistical
significance) from the solid line beyond the range of calculated uncertainty limits. In contrast,
systematic, statistically significant, negative deviations from the line of ideal stoichiometry
would suggest inhibition of a given parent compound’s activity by transformation products.
Although every effort was undertaken to control for possible sources of error, random (as
opposed to systematic), statistically significant, positive or negative deviations from the ideal
case were still observed in several cases (as will be discussed below); most likely as a
consequence of unquantified, non-systematic methodological uncertainties associated with
such factors as evaporative water loss in the microdilution assay or variable derivatization

yields in the case of amikacin (AM) analyses.
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4.3.2 Deactivation of model clinical antibacterial compounds by ozone. Macrolides.

Measured antibacterial activities of the three macrolide antibacterial compounds, RX, AZ,

and TYL, following treatment with Os, are depicted in Figure 4.2a. As shown here, RX
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Figure 4.2. Deactivation stoichiometries for oxidation of (a) macrolides, (b)

fluoroquinolones, (¢) flactams, and (d) SMX, TMP, LM, TET, VM, and AM by Os at pH 7.
All data points are shown with 95% confidence limits calculated as described in Text S4.1.
Averages of the raw dose-response data (obtained in triplicate) from which PEQ
measurements were derived are provided in Figures S4.1a-S4.13a.

exhibits an apparent deactivation stoichiometry of approximately one PEQ lost per mole
fraction equivalent of RX consumed by direct reaction with Os. This value is consistent with
findings previously reported for deactivation of the structurally-analogous macrolide
clarithromycin by Os; (23), and agrees with the mechanism by which macrolide antibacterials
are believed to derive their biochemical activity; that is, from specific hydrogen bonding with
various nucleobases and phosphodiester linkages in the peptidyl transferase cavity of bacterial
23S 1RNA (35). The bonding interaction most likely to be interrupted by direct reaction with
O; 1s that involving RXs tertiary amine (Table 4.1), which is the primary site of attack by O;

(20,23,28). Modification of the tertiary amine via oxidation to the corresponding N-oxide or
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via demethylation (23,36) should prevent its hydrogen bonding with 23S rRNA, leading to
reduction or elimination of each parent macrolide’s antibacterial activity. As shown in Figure
4.2a, AZ (a fifteen-membered macrolide) and TYL (a sixteen-membered macrolide) are also
deactivated with apparently ideal stoichiometry upon reaction with Os, in agreement with the
previously reported observation that their tertiary desosamine moieties (Table 4.1) are also
the primary sites of attack by Os at circumneutral pH (20). As nearly all macrolides contain
the characteristic desosamine sugar moiety, these findings can presumably be generalized
across most of the macrolide antibacterial structural class; permitting one to conclude that O;
can effectively deactivate not only macrolides possessing the 14-member macrolactone ring
template, but also those possessing 15- and 16-membered rings.

Fluoroquinolones. According to the data presented in Figure 4.2b, CF and EF - which
are differentiated only by the degree of their N4 atoms’ alkyl substitution (Table 4.1), each
exhibit stoichiometric deactivation upon direct reaction with Os. Fluoroquinolones derive
their biochemical activity from blockage of DNA replication, via several highly specific
hydrogen-bonding and charge interactions with relaxed bacterial DNA in the presence of
DNA topoisomerase enzymes (37,38). According to a widely accepted model for
fluoroquinolone-DNA binding (37), the characteristic quinolone moiety is responsible for
these interactions. Consequently, one would expect that oxidation of this moiety by O3 would
generally be required to achieve substantial reduction or elimination of fluoroquinolones’
antibacterial potencies. However, the heterocyclic piperazine moieties present in the CF and
EF parent molecules (Table 4.1) - which are apparently not essential to fluoroquinolone
antibacterial activity (i.e., first-generation quinolones such as nalidixic acid lack the
heterocycle, but still exhibit considerable antibacterial potency (39)) - represent the primary
sites at which CF and EF react with O3, whereas reactions at the model compounds’
quinolone moieties are actually quite slow (20). Thus, even modification of the N4 tertiary
amine (via oxidation to the corresponding N-oxide or partial dealkylation (23,36)) appears to
modify the fluoroquinolone structures to a degree sufficient to diminish either
fluoroquinolone access to the bacterial cell target or the binding interactions necessary for
their interruption of DNA replication once inside the cell. These observations are expected to
be broadly applicable amongst members of the fluoroquinolone structural class containing the
piperazine moiety.

[-lactams. As shown in Figure 4.2¢, apparent deactivation stoichiometries for the
penicillin PG and the cephalosporin CP both exhibit systematic, statistically significant

positive deviation from the ideal case, pointing toward the formation of products retaining an
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appreciable degree of antibacterial activity. These trends are more evident when PEQ

measurements are plotted against O3 dose, as in Figure 4.3. As illustrated for PG in Figure
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Figure 4.3. Deactivation of (a) PG and (b) CP with increasing O; dose at pH 7. All data
points are shown with 95% confidence limits calculated as described in Text S4.1. Averages
of the raw dose-response data (obtained in triplicate) from which PEQ measurements were
derived are provided in Figures S4.6a and S4.7a.

4.3a, as O3 does is increased (and PG is progressively depleted), measured activity of Os-
treated solutions decreases with approximately ideal stoichiometry until roughly 10% of the
control solution’s activity remains, after which measured activity remains constant with
further O; addition. In contrast, the data depicted in Figure 4.3b show that the activity of Os-
treated CP solutions decreases initially to ~80% of the control’s, after which the activity of
O;-treated samples deviates substantially from the ideal and only decreases toward zero
following addition of ~1.6x excess O3 beyond that needed to yield >99% CP depletion.

Direct O3 reactions are known to occur predominantly at the thioether in PG, whereas
O3 may attack either the thioether or the C-2/C-3 double bond in CP at pH 7 (20,30). Reaction
of O3 with the thioether group of many penicillin structures is known to lead to high yields
(>95%) of enantiomeric R- and S-sulfoxides (in R:S ratios ranging from 1:4 to 24:1) (40).
Ozone attack at the cephalosporin C-2/C-3 bond leads to heterolytic cleavage via Criegee
ozonolysis (30). However, the fused f-lactam ring - from which all f~lactams ultimately
derive their antibacterial activities (via sequestration of bacterial peptidoglycan transpeptidase
enzyme and consequent disruption of bacterial cell wall synthesis (38,41)) is quite recalcitrant
to O3 in each case. Although S-sulfoxide analogues of f~lactams are generally reported to
exhibit negligible antibacterial activities, their R-sulfoxide analogues can be quite potent
(42,43), indicating that oxidation of the thioether alone will be insufficient to eliminate the

parent f-lactam compounds’ antibacterial activities. In contrast, ozonolytic cleavage of the
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cephalosporins’ characteristic C-2/C-3 double bond (shown for CP in Table 4.1) may
eliminate the parent structure’s antibacterial properties — even though the f-lactam ring may
not be directly modified via such a reaction — by sufficiently disrupting the requisite
conformational alignment of the f~lactam ring and its peptidoglycan transpeptidase target to
prevent enzyme sequestration or by hindering transport to the target through the cell wall
(41). The mechanisms and consequences of these reactions, as well as their general
implications for the fate of structurally analogous S-lactams during Os-based wastewater
treatment, are the focus of a detailed investigation (30).

Sulfonamides. Deactivation stoichiometries for SMX, are depicted in Figure 4.2d. As
illustrated by these data, SMX also exhibits stoichiometric deactivation upon reaction with
Os. This is consistent with prior identification of the p-sulfonylaniline moiety (Table 4.1) as
the primary site at which the SMX molecule is attacked by O3 (20), as this characteristic
moiety is directly responsible for every sulfonamide antibacterial compound’s interference
with bacterial folate synthesis (38). Namely, modification of this moiety - via oxidation of the
aromatic amine (44), or by ring opening pathways characteristic of reactions between Oz and
activated aromatics (25) - would be expected to preclude SMX’s function as a competitive
analogue of pABA (38). Although certain sulfonamides possess alternative heterocyclic
substituents (in place of the dimethylisoxazole moiety shown for SMX - Table 4.1) that may
also be rapidly oxidized by Oj, reactivity of the p-sulfonylaniline moiety should generally be
sufficiently high (20,28) to ensure that all sulfonamide antibacterial agents will be efficiently
deactivated by direct reaction with Os.

Dihydrofolate Reductase (DHFR) Inhibitor. As shown in Figure 4.2d, TMP is also
stoichiometrically deactivated upon reaction with Os. This is consistent with identification of
the 2,4-diaminopyrimidine structure (Table 4.1) as the primary target of direct attack by Os at
circumneutral pH (20), as the intact 2,4-diaminopyrimidinyl structure plays a critical role in
enabling TMP’s ability to inhibit bacterial folate synthesis (38). That is, modification of this
moiety - via oxidation of an aromatic amine (44), or by the ring opening/contraction pathways
characteristic of reactions between O3 and various pyrimidine nucleobases (45,46) - would be
expected to eliminate TMP’s ability to compete with the structural analogue 7,8-dihydrofolate
for available DHFR by disrupting the specific modes of binding between the N1, 2-amino,
and 4-amino nitrogens of the 2,4-diaminopyrimidine ring and target sites within the bacterial
DHFR enzyme structure (47). It is also worth noting that the secondary site of Os attack at pH
7 - the 3,4,5-trimethoxybenzyl ring - is also believed to play an important role in mediating

TMP binding to bacterial DHFR (47).
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Lincosamide. The deactivation data shown in Figure 4.2d illustrate that direct reaction
with Oj also yields stoichiometric elimination of LM’s biological activity. Previous kinetics
measurements indicate that the initial reaction of Oz with LM takes place at its tertiary
pyrrolidine nitrogen (Table 4.1) at circumneutral pH, whereas secondary attack likely occurs
at the LM thioether (29). Oxidation of the former by Os should proceed via N-oxide formation
or dealkylation (23,36), and oxidation of the latter should lead to LM-sulfoxide (40,48),
which is already known to possess significantly lower antibacterial potency than the parent
structure (49). However, in neither case do these reactions occur at sites responsible for the
specific hydrogen-bonding interactions between lincosamides and target nucleotides in
bacterial 23S rRNA (35) that actually lead to inhibition of bacterial protein synthesis. These
observations suggest that minor structural changes - even at spatially and electronically
isolated regions of the LM structure - are sufficient to either hinder LM access to bacterial
target sites or to disrupt the H-bonding patterns ultimately responsible for LM’s and other
lincosamides’ antibacterial activities. Analogous reaction mechanisms and outcomes are
expected to apply to the clinical-use lincosamide, clindamycin, on account of its nearly
identical structure.

Tetracycline. The data shown in Figure 4.2d illustrate that oxidation of TET by O;
results in rapid, stoichiometric elimination of the former’s antibacterial activity. This is
consistent with evidence that reactions of O3 with TET proceed by attack of the latter’s fused
tetracyclic system at circumneutral pH (20). As the tetracycline structure is likely extensively
modified upon direct reaction with O3 via O-addition to or ozonolysis of its aromatic and
olefinic structural moieties (25,50), the requisite charge interactions (direct or metal-
mediated) of the tetracycline molecule’s keto and hydroxy oxygens (Table 4.1) with specific
internucleotide phosphodiester linkages of the bacterial ribosome would likely be disrupted,
leading to elimination of the antibacterial molecule’s biological activity (57). These
observations can be expected with a high degree of confidence to apply to all tetracycline
antibacterials, due to the nearly universal commonality of the template tetracycline system
(52).

Glycopeptide. The data shown in Figure 4.2d indicate that the reaction of O; with VM
also yields an apparent loss of one PEQ per fractional mole equivalent of VM consumed.
These data indicate that chemical modifications by Os disrupt the glycopeptide structure’s
interactions with cellular targets to a degree sufficient to substantially diminish VM’s
antibacterial potency. More specifically, although the hydroxyphenol, trimethylbenzyl, and N-

methylleucine moieties identified as the most probable sites at which VM is attacked O3 at
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circumneutral pH (20) are not directly involved in the hydrogen-bonding interactions
responsible for bacterial peptidoglycan sequestration (the explicit means by which
glyocopeptides inhibit cell wall synthesis (53)), their oxidation by O3 should lead to
disruption of the VM stereochemistry necessary for such specific H-bonding to occur (25,54).
This should in turn result in elimination of VM’s antibacterial activity, as observed in Figure
4.2d.

Aminoglycoside. Although the data shown in Figure 4.2d for the AM-O; reaction
deviate substantially from the plot of ideally stoichiometric deactivation at low AM turnovers,
it is nevertheless clear from these and the data shown for higher Os doses that AM is
efficiently deactivated by direct reaction with Os. This finding is consistent with identification
of AM’s primary amines as the primary sites of attack by O3 at circumneutral pH (20), as
these functional groups are believed to play an important role in both of the modes from
which the aminoglycosides’ antibacterial activities are derived; namely, bacterial rRNA
hydrogen bonding and charge-interactions and competitive displacement of the divalent
cations, Mg”" and Ca”", from the bacterial cell wall (55,56).

4.3.3 Deactivation of model clinical antibacterial compounds by hydroxyl radical.
As illustrated in Figure 4.4, nearly all of the clinical antibacterial model compounds included
in this investigation are also deactivated by "OH with a stoichiometry of approximately one
PEQ lost for each mole fraction equivalent consumed by reaction with ‘OH. However, the
ECso values measured for the S-lactams during treatment with ‘OH appear to deviate
marginally (relative to error limits) from the line of ideal stoichiometry at low to moderate
degrees of depletion; possibly due to formation of biologically-active oxidation products via
reaction of PG and CP with "OH. According to prior studies, o-, m-, and p-
hydroxybenzylpenicillin are formed with respective Geormation Values (in units of molecules
formed/100 eV applied) of ~0.39, ~0.19, and ~0.18 (i.e., in ~9%, ~5%, and ~4% yield) during
y-irradiation of 100 uM PG (for which Gepietion ~ 4.2) in N>O-saturated aqueous solutions
(57). The last of these - also referred to as penicillin X - has been reported to exhibit in vitro
potencies equivalent to or greater than PG toward various Bacillus spp. (58,59). Similar
characteristics might therefore be expected of the o- and m- hydroxy PG isomers, as well as
the anticipated p-, o-, or m-hydroxylated analogues of CP. Assuming ~20% yields of total
hydroxylated PG or CP products with antibacterial potencies approximately equivalent to
those of PG and CP, respectively, a corresponding maximum of ~20% deviation from ideal
deactivation stoichiometries would be expected to result during treatment with "OH;

consistent with the data shown in Figure 4.4c. In any case, as illustrated in Figure 4.4c, the

124



Chapter 4

10 (a) 10 . (b)
Macrolides ¥ Fluoroquinolones
E 3
"8 087 “3 08
o [3)
S Ey
g 06 o g 06
o [3)
w w
o 044 o 04
w w
o o lF?;al o —— Ideal
0.2 4 o AZ 02 O CF
A TYL O FEF
0.0 . . . . 0.0 . . . .
10 0.8 06 0.4 0.2 0.0 1.0 08 0.6 04 0.2 0.0

[CVIC], [CHIC],

1.0 (c) 1.0 (d)
: SMX.TMP. LM,

3 08 3 087 IET.VM.AM
(4] ]
w w
2 06 3 06
(4] ]
u u
o 04 o 04
w w
o — |deal &

02 o PG 0.2 4

o cp
00 + . . . . o 0.0 r r r .
1.0 0.8 0.6 0.4 02 0.0 1.0 08 0.6 0.4 0.2 0.0
[CVIC], [CVIC,

Figure 4.4. Deactivation stoichiometries for oxidation of (a) macrolides, (b)
fluoroquinolones, (¢) Flactams, and (d) SMX, TMP, LM, TET, VM, and AM by "OH at pH
7. All data points are shown with 95% confidence limits calculated as described in Text S4.1.
Averages of the triplicate dose-response curves from which these data were derived are
provided in Figures S4.1b-S4.13b.

activities of PG and CP solutions continue to decrease toward zero at higher ‘OH exposure
(1.e., more extensive parent compound depletion), indicating that any active products such as
penicillin X are ultimately deactivated by ‘OH, as well.

Summarily, these findings indicate that, despite the fact that only certain functional
groups within each antibacterial molecule are involved in direct binding interactions with
biochemical targets in a given bacterial cell, even relatively non-selective ‘OH-mediated
modifications to other regions of the model compounds’ molecular structures are sufficient to
mterrupt the conformational or ionic properties required for effective growth inhibition or
bactericidal effects.

4.3.4 Deactivation of triclosan by ozone and hydroxyl radical. Oxidation of TRI by
O3 1s already known to result in elimination of the former’s target-specific antibacterial

activity (24). However, for purposes of comparison, the previously reported data — for which
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uncertainties have been re-examined according to the methods described in Text S4.1 — are

shown here with accompanying 95% confidence limits in Figure 4.5a, which has been
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Figure 4.5. TRI deactivation plots for oxidation by (a) Os (at pH 8) (adapted from (24)) and
(b) ‘'OH (from the present investigation, at pH 7). All data points are shown with 95%
confidence limits calculated as described in Text S4.1. Lines (solid) fitted to the four-
parameter logistic model are shown with corresponding upper and lower 95% confidence
limits (dotted lines) — also calculated according to Text S4.1. The insets to each figure depict
the correlations of measured %l values with %I values predicted from eq 4 (using the fitted
%I min, Y0lmax, ECs0, and Hill slope parameters for each data set) on the basis of measured TRI
residuals in the corresponding Os- or ‘OH-treated solutions.

adapted from (24). The corresponding results for treatment of TRI with "OH are depicted in
Figure 4.5b. As is clear from both figures, the activities measured for each oxidant-treated
TRI sample dataset very closely overlay the regions bounded by the 95% confidence limits of
the dose-response relationships fitted to the corresponding TRI control series. Although a
robust, fully quantitative comparison of the sample and standard activities could not be
performed solely on the basis of the single activity measurements obtained via the
macrodilution activity assay, the close agreement of the %I values obtained for the sample
data sets with the corresponding control data for each oxidant suggest that TRI deactivation
occurs with close to ideal stoichiometries in both cases.

This conclusion is also supported by comparison of activities measured for the oxidant-
treated samples with activities predicted for the same samples on the basis of the fit
parameters included in Figures 4.5a and 4.5b (see insets to each figure). Although the
correlation of measured and predicted sample activities for ‘OH treatment is not as strong as
for the Os-treated data set, these data nevertheless suggest that — within uncertainty limits —

TRI is deactivated with nearly ideal stoichiometry by both O; and "OH.
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These observations are all consistent with the known modes of TRI antibacterial activity
and the sites at which O3 and "OH are expected to attack the TRI molecule. That is, O; reacts
primarily with TRI’s phenol ring (24), which mediates TRI’s target-specific inhibition of
bacterial fatty acid synthesis via van der Waals and hydrogen-bonding interactions with the
enoyl-acyl carrier protein reductase (ENR) enzyme (60,61). Furthermore, ‘OH — on account
of its low selectivity — would be expected to react not only with the phenolic ring, but also
with TRI’s dichlorophenoxyl ring, which also plays an important role in mediating TRI’s
interactions with the ENR enzyme, mainly via additional van der Waals interactions with the
target enzyme (60,61).

4.3.5 Implications for antibacterial deactivation during ozonation of municipal
wastewater. The data provided in Figures 4.2-4.5 illustrate that nearly all of the model
antibacterial compounds included in this investigation are quantitatively deactivated by both
O3 and "OH. This in turn implies that, for each mole of a given antibacterial compound
oxidized during ozonation of a wastewater matrix, a corresponding loss of one PEQ will
result, whether the observed oxidation is due to direct reactions with O3 or to reactions with
‘OH. Thus, observations of parent compound elimination during ozonation (as monitored by,
for example, LC/MS/MS) should correlate directly with a corresponding loss of antibacterial
activity. The only exceptions noted here are the f-lactams PG and CP, which are not
completely deactivated by direct reactions with O; (due to their transformation to
biologically-active transformation products (30)), but are effectively deactivated by "OH
(Figures 4.2c and 4.4c). In these latter two cases, deactivation efficiency during wastewater
ozonation will therefore depend on the degree to which oxidative transformations are driven
by reactions with Oz vs. ‘OH.

The likely importance of O3 and ‘OH reactions in governing PG and CP oxidation
during wastewater ozonation may be examined by calculating the theoretical fractions of

model compound transformation attributable to reactions with "OH (fiomm), or 1 — fozme)

for various values of Ry (i.e., the cumulative in situ ratio of ‘'OH and Os exposures,

orj[° OH 1 / I (03t , after an arbitrary reaction time, 7), according to eq 5 (62),
0

n T " _1
O ,app,M ko, app,M 1
foHM@e) =| 1+ I OHr _[03]0” =[1+ — ( }] (5)

OH ,app,M 0 0 k°OH,app,M RCt(T)
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where M represents the model compound of interest (i.e., PG or CP), and the rate constants
for PG and CP may be obtained from (20). Plots of such theoretical f.omm) values are

depicted for PG and CP in Figure 4.6 (solid lines) at Ry between 10® and 107, where the
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Figure 4.6. Theoretical variations in PG and CP deactivation efficiencies with changing R
(i.e., the cumulative in situ ratio of ‘'OH and O3 exposures up to an arbitrary reaction time, 7),
during ozonation at pH 7. Theoretical fractions, f.onm(), of PG and CP oxidation attributable
to reactions with "OH are depicted with the corresponding residual antibacterial potencies,
PEQ giactam,ox res.» €Xpected to result from formation of Os-derived PG and CP transformation
products at oxidant exposures sufficient to yield ~100% depletion of PG and CP. Os-derived
PG and CP products were assumed to contribute activities of ~0.1 PEQ (relative to untreated
PG and CP, respectively) to Os-treated solutions at ~100% depletion of the respective parent
molecules (on the basis of the data shown in Figure 4.3), whereas "OH reactions were
assumed to lead to roughly stoichiometric elimination of activity (according to the data shown
in Figure 4.4c). The approximate range of R) values shown here (shaded in gray) for
municipal wastewaters is based on data reported in (63).

range of Ry values likely to be encountered during ozonation of a typical secondary
municipal wastewater (i.e., ~107-10, based on extrapolation of data reported in (63,64) to 7
= 0) is shaded gray.

The expected degree of PG and CP deactivation at varying R values can then be
examined by estimating the residual antibacterial activities likely to remain in Os-treated PG
and CP solutions at oxidant doses sufficient to yield complete elimination of each parent /-
lactam under each R condition. According to the data presented in Figure 4.3, PG and CP
solutions treated with just enough O; to completely consume the parent compounds still
exhibit ~10% of the corresponding activities of untreated PG and CP solutions, respectively.
That is, the levels of biologically-active f-lactam oxidation products generated under such
conditions are such that their measured activities are equivalent to 0.1 x PEQgiactamo. On the

basis of these data, if one assumes that only O; reactions lead to biologically-active products,
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and that ‘OH reactions lead to nearly quantitative deactivation of PG and CP (consistent with
the data shown in Figure 4.4c), the theoretical residual activities, PEQgiactam,ox.res., Of O3-
treated PG and CP solutions at oxidant doses sufficient to achieve ~100% PG and CP

transformation can be estimated for various hypothetical R.x) values via eq 6,

PEQ,B—lactam,ox.,res. =0.1x PEQ,B—lactam,() X fO3,M(r) =0.1 x (1 - f~OH,M(1)) (6)

where f.onmr) can be calculated from eq 5, and PEQgiactamo 15 taken as 1. Plots of the
resulting PEQ giactam,oxres. Values for PG and CP are depicted as dotted lines within Figure 4.6.

From these data, one may conclude that the magnitudes of antibacterial activities
attributable to formation of biologically-active products during the direct reactions of O3 with
PG or CP will decrease toward zero as the oxidative transformation of each f-lactam is
increasingly dominated by ‘OH (i.e., as Ry increases). Accordingly, residual activity
associated with biologically-active f-lactam products is likely to be appreciable only at the
low end of the R range observed during secondary effluent ozonation, for which O3
exposure would be sufficient to yield relatively high proportions of Os-derived oxidation
products. Such conditions — which will be found at the left side of the shaded gray region in
Figure 4.6 — are most likely to occur only in effluents containing relatively low DOC
concentrations (e.g., < 5 mg/L) or high "OH scavenger concentrations (e.g., [carbonate]or >
10 mM), or at high transferred Oz doses (e.g., > 10 mg/L) (63,64). At higher Rz values, the
proportion of Os-derived products will be relatively small, and the corresponding antibacterial
activity attributable to such products negligible. Furthermore, one should note that the values
of PEQgiactam,ox.res. depicted in Figure 4.6 may be interpreted as maximal values, as they do
not take into account possible deactivation of biologically-active oxidation products by
further reaction with either O3 or ‘OH. The importance of such secondary reactions, as well as
their implications for wastewater ozonation, are discussed in detail within (30).

In light of the above discussion, one can infer that the vast majority of the model
antibacterial compounds investigated here (including the f-lactams under certain conditions
of high "OH exposure), in addition to many analogous molecules belonging to the same
structural classes, are likely to be >99% deactivated at transferred ozone doses sufficient to
lower their aqueous concentrations to <1% of initial concentrations during ozonation of
typical secondary wastewater effluents. According to results reported for various laboratory
and pilot-scale investigations of antibacterial compound transformation during wastewater
ozonation, this degree of parent compound elimination can typically be achieved at

transferred Os doses ranging from ~5-10 mg/L during treatment of wastewater effluents
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containing DOC concentrations of ~5-23 mg/L (19,20,65). In the context of total effluent
quality considerations, it bears noting here that this level of treatment can also be expected to
yield elimination of estrogenic activity derived from phenolic steroid estrogens such as 17-a-
ethinylestradiol and 17-f-estradiol (66). Thus, municipal wastewater ozonation appears to
present an effective, generally-applicable means of rapidly eliminating undesirable biological
effects derived from two of the most prevalent biologically-active wastewater-borne

micropollutant classes.
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Text S4.1 Error calculations for microdilution and macrodilution assay data

Microdilution assay error calculations. Standard errors of the calibration curves used in
HPLC analyses of each model compound were multiplied by the appropriate t-distribution
constants to obtain 95% confidence intervals of individual concentration measurements, [C].
Overall confidence intervals for each [C]/[C]y value were then calculated by propagating the
confidence limits of each [C] measurement through the error function obtained via partial
differentiation of the expression, [C]/[C]o, with respect to [C] and [C]o. Ninety-five percent
confidence intervals were calculated for each ECsy value by first multiplying the anti-log of
the logarithmic standard errors generated by Prism for each logECs, value by a t-distribution
constant of 1.967 or 1.968, calculated from: (a) d.f. = 3 replicates x 11 samples x 10 serial
dilutions/sample - 14 variables = 316, or (b) d.f. = 3 replicates x 11 samples x 10 serial
dilutions/sample - 15 variables = 315, where the variables are the 11 sample-specific values
of ECsp and either (a) the 3 shared values of H, %lax, and %lmin for eq 2, or (b) the 4 shared
values of H, %lmaxt, %Imint, and S for eq 3) to obtain linearized error coefficients. The
resulting error coefficients were next multiplied or divided by the appropriate ECs values to
obtain the corresponding positive or negative confidence interval, respectively, for each
individual ECs value. Ninety-five percent confidence intervals were then calculated for each
PEQ (= ECs0,0/ECs0) value in the same manner as for [C]/[C]o.

Macrodiluation assay error calculations. Ninety-five percent confidence intervals for
each [TRI]i, viro Value were calculated according to the same procedure used for concentration
measurements obtained via microdilution assay. However, as no serial dilutions of TRI
samples other than the control were performed (precluding measurement of ECsy values for
all but the control), uncertainties were instead calculated for individual %I measurements as
follows. First, 95% confidence intervals of triplicate %I, values were calculated from the
standard deviations of raw absorbance measurements, A, for each sample replicate and for the
respective Apin and An.x values obtained from replicate negative and positive growth
controls. The resulting confidence interval calculations were then propagated through the
error function obtained via partial differentiation of eq 1 with respect to A, Amin, and Apax to
obtain overall 95% confidence limits for each %]l value. Uncertainties of %l values predicted
for the [TRI]iy viwo Values of each oxidant-treated TRI sample were determined by propagating
the 95% confidence limits corresponding to %lmin, %0lmax, ECso, and H values obtained via
GraphPad Prism for the control data set, in addition to those for the [TRI];, vitro Values of each
oxidant-treated sample (calculated as described above), through the error function obtained

via partial differentiation of eq 4 with respect to each of these variables.
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measurements (symbols) depicted with 95% confidence intervals determined for triplicate
data sets. Fits (lines) obtained using eq 2 in the main text. The independent variable “dilution”
1s determined as described in the caption to Figure 4.1 in the main text.
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measurements (symbols) depicted with 95% confidence intervals determined for triplicate
data sets. Fits (lines) obtained using eq 2 in the main text. The independent variable “dilution”
1s determined as described in the caption to Figure 4.1 in the main text.
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measurements (symbols) depicted with 95% confidence intervals determined for triplicate
data sets. Fits (lines) obtained using eq 2 in the main text. The independent variable “dilution”
1s determined as described in the caption to Figure 4.1 in the main text.
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Figure S4.11. Dose-response relationships for oxidation of TET by (a) O3 and (b) *OH. %I
measurements (symbols) depicted with 95% confidence intervals determined for triplicate
data sets. Fits (lines) obtained using eq 2 in the main text. The independent variable “dilution”
1s determined as described in the caption to Figure 4.1 in the main text.
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Figure S4.12. Dose-response relationships for oxidation of VM by (a) O3 and (b) *OH. %I
measurements (symbols) depicted with 95% confidence intervals determined for triplicate
data sets. Fits (lines) obtained using eq 2 in the main text. The independent variable “dilution”
1s determined as described in the caption to Figure 4.1 in the main text.
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Abstract

Ozone (O3) reaction kinetics and pathways were evaluated in depth for the two f-lactam
antibacterial compounds - penicillin G (PG) and cephalexin (CP) - found to yield biologically
active products upon direct reaction with O3;. PG was found to yield two stereoisomeric (R)-
and (S)-sulfoxides, accounting for approximately 100% of the parent compound consumption,
in ~55% and ~45% yields, respectively. The former of these was determined to retain ~15%
of the potency of the parent PG molecule, whereas the latter was functionally inactive. Each

of the PG sulfoxides was determined to be recalcitrant toward further oxidation by Os.

However, the (R)-sulfoxide was readily transformed by "OH (with k:'OH,app =7.4x%x10°M's,

at pH 7), resulting in roughly quantitative elimination of its biological activity. CP was found
to yield four major transformation products identified as the (R)- and (S)-sulfoxides of CP
(formed in ~34% and ~18% yields) and two C-2/C-3 double bond cleavage products; one a
structural analogue of the penicilloic acid of CP - formed in ~5% yield by intermolecular
nucleophilic attack of H>O on the electrophilic C-8 carbon of the CP f-lactam ring, the other
a 7-piperazine-8,12-dione containing CP derivative - formed in >28% yield by intramolecular
nucleophilic attack of the N-18 amino nitrogen on the same carbon. The CP-(R)-sulfoxide
was found to retain ~83% of the parent CP molecule’s antibacterial activity, whereas each of

the three other CP transformation products was determined to functionally inactive. CP-(R)-

sulfoxide was found to be susceptible to further oxidation by both O3 and "OH (with k(")3’app =

2.6 x10°M's™" and k."OH’app =7.6 x 10’ M''s™, at pH 7), leading to approximately quantitative

elimination of antibacterial activity in each case. These results indicate that the antibacterial
activities of PG, CP, and many structurally-analogous penicillins and cephalosporins should

be effectively eliminated during ozonation of municipal wastewaters.
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5.1. Introduction.

The Slactams are the largest, most frequently utilized family of organic, clinical-use
antibacterial agents (/-3). They comprise five primary structural classes — penicillins,
cephalosporings, carbapenems, monobactams, and clavans, all of which are naturally- or
semi-synthetically constructed around the four-membered S-lactam ring (2). The most
prominent of these classes in North America, according to annual prescriptions are the
penicillins and cephalosporins (3). The former are characterized by a five-membered 3,3-
dimethyl-4-thiaheptane-2-carboxylic acid system fused to the flactam ring, whereas the
latter - which can be semi-synthetically prepared from the former (/) - are characterized by a
likewise-fused six-membered 3-methyl-5-thiahex-2-ene-2-carboxylic acid system. Two
prominent examples of these classes are depicted in Table 5.1, where penicillin G (PG) and
cephalexin (CP) provide representative examples of the penicillins and cepalosporins,

respectively.

Table 5.1. flactam model compounds, shown with sites of attack by Oz at pH 7

Model Compound Penicillin G (PG) Cephalexin (CP)
m Q\/‘K e
Structure | |J< fq |
MW - 334.39 f*“OH MW - 347.39 o
Exact mass - 334. 0987" of Exact mass - 347.0940 HO” 0 3
Structural class Penicillin Cephalosporin
ko app M's),pH7  48x10°° 8.7x10*°
Footape M s, pH7  7.3x10°° 8.5x10°°

?Apparent rate constants, k;pp , obtained from ref. (4)

As the annual consumption of penicillin and cephalosporin antibacterials is generally
quite large (3,5,6), and human metabolism of these compounds relatively minor (7,7), they are
expected to be excreted in large part intact and discharged in substantial quantities to
municipal sewerage systems. Despite this, prior investigators focusing on the fate of
penicillins in municipal sewerage and wastewater treatment have concluded that - as a class -
these compounds will be generally be easily eliminated during conventional wastewater
treatment (), on account of the early-generation penicillins’ high susceptibility to acid and/or
[lactamase catalyzed hydrolysis of the f-lactam ring. However, the penicillins and

cephalosporins have each been produced in a multitude of structural variations, many of
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which were designed to be acid-stable and/or f-lactamase resistant (/,2). Thus, the widely
assumed inconsequentiality of f-lactams in municipal wastewater may warrant a second look.
This sentiment would seem to be supported by several recent reports in which cephalexin was
detected at substantial concentrations in the influents (1-5 pg/L) (6,8) and the effluents (0.1-

0.3 pg/L) (8) of conventional secondary activated sludge clarifiers in Hong Kong and
Australia, and even in wastewater-influenced coastal surface water in Hong Kong at levels
ranging from 0.01-0.2 pg/L (9). The penicillins amoxicillin and penicillin V have also been
reported in wastewater effluents at concentrations ranging from 0.01-0.1 pg/L in Italy and
Australia, respectively (6,10).

Considering the tremendous variety of B-lactams in clinical use (/,2), and the knowledge
that numerous structural analogues of PG and CP may inhibit the growth of various Gram-
negative and -positive bacterial strains at levels within an order of the magnitude of B-lactam
levels reported in secondary wastewater influent (/,/7) (a condition that may favor selection
for resistant sub-populations (/2,13)), the behaviors of these compounds during wastewater
treatment take on particular significance. Furthermore, a recent investigation focusing on the
exposure of environmental microbial consortia to oxytetracycline indicates that even sub-
inhibitory levels of antibacterials may elicit measurable changes in the production of
antibiotic resistance genes per bacterial cell in aquatic microbial communities (/4).

In this context, investigation of wastewater treatment technologies capable of minimizing
the exposure of wastewater-borne and environmental bacterial to biologically-active levels of
B-lactams and other antibacterial compounds is clearly desirable. Ozonation appears highly
promising in this regard, as recent work illustrates that reactions with both O3 and "OH lead to
rapid, quantitative elimination of biological activity (i.e., loss of one mole equivalent of
potency per mole of parent compound consumed) for most major classes of antibacterial
agents during aqueous ozonation (4, /5). However, the direct reactions of O3 with penicillin G
and cephalexin — selected as representative models for the penicillin and cephalosporin
structural groups, respectively — were found to lead to formation of biologically active
transformation products. That is, the measured losses of antibacterial activity during treatment
of PG and CP with ozone were observed to lag behind corresponding measured losses of the
parent molecules, indicating that one or more of the transformation products generated in
these reactions maintain appreciable biological activity (75).

O; reactions occur primarily at the thioether S atom in PG, and at potentially at either the

thioether S, the primary amine, or the C-C double bond in CP (4, 16). However, the fused /-
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lactam ring - from which all f~lactams ultimately derive their antibacterial activities (via
sequestration of bacterial peptidoglycan transpeptidase enzyme and consequent disruption of
bacterial cell wall synthesis (/,2)), appears to be quite recalcitrant to Os in each case (/6).
Reaction of O3 with the thioether group of many penicillin structures is known to lead to high
yields (>95%) of enantiomeric R- and S-sulfoxides (in R:S ratios ranging from 1:4 to 24:1)
(16). Although S-sulfoxide analogues of f-lactams are generally reported to exhibit negligible
antibacterial activities, their R-sulfoxide analogues can be quite potent (17, /8), suggesting
that these latter products may be the source of the lags in biological deactivation observed
during treatment of PG and CP with Os. However, the C-2/C-3 double bond or primary amine
characteristic of cephalosporins such as CP present potential alternative targets for attack by
O3, for which chemical and biological consequences of resulting structural modifications are
unknown.

The present study was undertaken with the objective of identifying the transformation
products responsible for the residual antibacterial activities measured in Os-treated PG and
CP solutions. With this goal in mind, the major products generated upon treatment of PG and
CP with O3 were isolated via silica gel chromatography and characterized by a combination
of (a) chemical analysis methods including 1H,13C, and "N-NMR, HPLC-MS/MS, and FT-IR,
and (b) microbiological analytical techniques recently developed for measurement of
antibacterial activities in oxidant treated solutions of antibacterial compounds. Through this
approach, biologically active products were identified, structurally characterized, and
quantified, enabling material balances for PG and CP transformation products, as well as
quantitative prediction of residual antibacterial activities expected for Os-treated solutions of
PG and CP. Finally, the kinetics and biological outcomes of further reactions of the identified
biologically-active products with O3 and "OH were investigated to facilitate assessment of the
likelihood that PG and CP will be fully deactivated during municipal wastewater ozonation,
in which organic micropollutant oxidation is driven to varying degrees by both O3 and ‘OH
(4,19,20).

5.2 Materials and Methods

5.2.1 Chemical reactants and reagents. Penicillin G (PG) sodium salt was purchased
from Sigma-Aldrich, whereas cephalexin (CP) hydrate was purchased from both Sigma-
Aldrich and MP Biomedicals. These and all other commercially available reagent stocks were
of at least 95% purity. Os stock solutions were produced as described previously (27), and

standardized according to direct O3 absorbance at A = 258 nm (using & = 3000 M'cm™).
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Stock solutions of antibacterials were prepared in Nanopure or Milli-Q water. Freeze-dried B.
subtilis Marburg (ATCC 6051) seed cultures were obtained from LGC-Promochem. Working
B. subtilis stock cultures were maintained at 30° C on #3 nutrient agar. Broth cultures were
prepared under sterile conditions by suspending B. subtilis cells sampled from the working
cultures (from a minimum of five separate colonies) in 5-6 mL of Mueller-Hinton broth
within polypropylene test tubes, and incubating overnight at 30°C on a shaker plate rotating at
200 rpm.

5.2.2 Preparation of oxidant-treated model compound solutions for product
evolution and biological assay studies. Ozone. Solutions of PG, CP, and CP-(R)-sulfoxide
were prepared at initial concentrations of ~10 uM in 1-mM, pH 7 phosphate buffer, dosed
with 5 mM of ~-BuOH (used as a *OH scavenger), and distributed in 25-mL volumes amongst
11 amber, screw-top, borosilicate glass vials. The vials were then placed in a 20 (+0.5) °C
water bath placed on top of a magnetic stir plate. After thermal equilibration, and under
constant, rapid stirring, 10 of the vials were dosed with Oz over a range of concentrations
sufficient to cover from between approximately 0.1- to 2-log depletion of the respective
parent compound, by directly injecting various volumes of ~ 1.5-mM O3 stock via gas-tight,
glass syringe. The eleventh vial was left untreated, as a negative O3 control. All vials were
then capped and allowed to sit for at least 12 hrs prior to sampling to ensure complete
decomposition of O3 residual in the treated solutions. One-mL aliquots of each Os-treated
sample were then transferred to HPLC vials for analysis of parent compound and/or
transformation product concentrations by HPLC-UV (as described below). Prior to biological
assay of Os-treated CP-(R)-sulfoxide solutions (according to the broth microdilution assay
described below), each solution was treated with catalase to quench any H,O, produced
during O; treatment.

Hydroxyl radical (*OH). PG-(R)-sulfoxide and CP-(R)-sulfoxide were treated by "OH
generated via UV-photolysis of H,O; using a 500-W medium pressure lamp with emission
wavelengths < 308 nm screened by a UV-cutoff filter to minimize direct sulfoxide photolysis.
One-millimolar, pH 7 phosphate solutions were dosed with initial ~10 uM concentrations of
each sulfoxides and 10 mM of H,O,, sampled prior to irradiation to obtain an untreated
control, and then irradiated in 30-mL quartz test tubes for pre-defined time intervals up to
total irradiation periods sufficient to achieve at least 90% depletion of the parent compound.
Samples were withdrawn from these solutions between each irradiation period for residual
substrate analysis and subsequent microbiological assay. Experiments included a minimum of

10 different irradiation times. Direct photolytic losses of each sulfoxide were demonstrated
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via negative H,O, control to be < 7% (and typically < 5%) during the full extent of the
corresponding irradiation periods. Each *OH-treated sulfoxide solution was analyzed via the
HPLC-UV methods listed below for the corresponding parent compound, and assayed for
residual antibacterial activity according to the broth microdilution method described below.

5.2.3 Preparation and purification of transformation products generated by
reactions of ozone with PG and CP. PG and CP were each dissolved in separate 100 mL
volumes of unbuffered deionized water to achieve starting f-lactam concentrations of 10 mM.
Os-containing oxygen gas (produced as described in (27)) was subsequently bubbled through
these solutions for a time sufficient to reach >50% depletion of the parent molecule while still
achieving substantial transformation product yields. Each solution was then lyophilized to
remove water.

Individual PG transformation products were purified by adding 10-25 mg of freeze-
dried solids (per separation) to a 30 x 1.0 cm glass column packed with ~10 g of reversed-
phase, silanized (C,) silica-gel column, eluting isocratically with 25% CH3CN/75% 0.2%
(v/v) CHOOH at a flow rate of ~0.5 mL/min, recovering the eluted fractions (in volumes of
~4 mL) via automated fraction collector for purity determination by HPLC-UV, recombining
fractions containing only the same individual product, and lyophilizing to recover the pure
(hydrated) solids. Each of the PG sulfoxides was recovered as a fluffy white solid.

Individual CP transformation products were purified by gradient elution of 50-300 mg
of freeze-dried solids applied to a 43-g, reversed-phase, RediSep C;s silica-gel flash
chromatography column, using a Teledyne-ISCO RediSep flash chromatography system
operated at 30 mL/min with a gradient method in which conditions were initially held at
100% 10-mM aqueous trifluoroacetic acid (TFA) for 5 minutes, ramped to 5% CH3;CN/95%
10-mM TFA over 10 minutes, held at 5% CH3CN/95% 10-mM TFA for 25 minutes, ramped
to 20% CH3CN/80% 10-mM TFA over 30 minutes, and finally ramped to 100% CH3;CN over
5 minutes. Eluted 15-mL fractions were collected in glass culture tubes via automated fraction
collector, analyzed by HPLC-UV for purity determination, recombined with any other
fractions containing — when possible — only the same individual product, and lyophilized to
recover the pure (hydrated) solids. Under the chromatographic conditions used, CP-(R)-
sulfoxide, CP-(S)-sulfoxide, and CP-P33 could be isolated in relatively high purity, though
CP-P24 and CP-P28 could only be recovered as a mixture with CP-(S)-sulfoxide. Each of
these CP transformation products (and mixtures thereof) was recovered as a compact, white to

yellowish-white solid.

148



Chapter 5

Standards of each product were then prepared by dissolving the isolated, purified solids
in solvents appropriate for structural characterization by MS/MS, '"H-NMR, and FT-IR
spectroscopy as described below, as well as for biological characterization by the antibacterial
activity assay described in detail within (/5) and summarized below. Purities of each PG and
CP sulfoxide were determined via HPLC-UV, by comparing the relative peak heights of the
parent molecule with its sulfoxide products at 205 nm (for PG and products) or 254 nm (for
CP and products), assuming negligible differences amongst the spectra and/or molar
absorptivities of each species (on account of the effectively identical structures of their
chromophoric functional groups). The purities of CP-P24, CP-P28, and CP-P33 were
estimated via 'H-NMR as described below. The purity values of the solids used for
quantification were in turn determined as ~66%, ~99%, ~65%, ~36%, ~36, ~4%, and >51%
for PG-(R)-sulfoxide, PG-(S)-sulfoxide, CP-(R)-sulfoxide, CP-(S)-sulfoxide (mixture), CP-
P24 (mixture), CP-P28 (mixture), and CP-P33, respectively.

5.2.4 Chemical analyses of PG, CP, and purified transformation products. /PLC-
UV analyses. PG and PG transformation products were analyzed at 205 nm via gradient
elution with a flow rate of 0.5 mL/min, using a 250 mm x 3.0 mm, 5-uM particle size Supelco
Discovery RP Amide C¢ column on either an Agilent 1100 or Dionex UltiMate 3000 HPLC

system, each equipped with thermostatted autosampler chambers (cooled to 5 °C), photodiode

array detectors, and column thermostats (heated to 30 °C), where the mobile phase was pre-
equilibrated at 25% CH3CN/75% 10-mM H3PO, for 5 minutes prior to sample injection,
ramped to 45% CH3;CN/55% 10-mM H3;PO4 over 15 minutes following injection, and finally
ramped to 95% CH3;CN/5% 10-mM H;PO, over 5 minutes. CP and CP transformation
products were analyzed at 205 and 254 nm via gradient elution with a flow rate of 0.25
mL/min, using a 250 mm x 2.0 mm, 5-uM particle size Macherey-Nagel Nucleosil RP C;g
HD column on either of the previously described HPLC systems, where the mobile phase was
pre-equilibrated at 100% 0.2% (v/v) CHOOH for 10 minutes prior to sample injection, held at
100% 0.2% (v/v) CHOOH for 10 minutes following injection, ramped to 10% CH3;CN/90%
0.2% (v/v) CHOOH over 20 minutes, ramped to 20% CH3CN/80% 0.2% (v/v) CHOOH over
10 minutes, and finally ramped to 95% CH3CN/5% 0.2% (v/v) CHOOH over 5 minutes. All
other HPLC analyses of the f-lactams and their transformation products were conducted
according to these procedures unless stated otherwise.

NMR analyses. Stereochemical information for each purified f-lactam transformation
product was obtained from 'H, ">C and "’N NMR spectra recorded at 400.13 (100.61 and
40.56) MHz on a Bruker Avance-400 NMR spectrometer (Bruker Bio-spin AG, Fillanden,
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Switzerland) operated at 297 K, using samples of 1-2 mg solids dissolved in appropriate
deuterated solvents, where chemical shifts of each PG product were acquired for DMSO-ds
and CDCls, and shifts of each CP product were acquired for D,O and DMSO-dg.

The 'H and 1D-NOESY spectra, the 1D-*C NMR spectra and the 1H,13C HSQC, 1H,BC
HMBC and 'H,"’N HMQC correlation experiments were performed at 298 K using a 5-mm
broadband inverse probe with z-gradient (100% gradient strength of 53.5 G/cm) and 90° pulse
lengths of 6.8 pus ('H), 14.9 ps (°C) and 20.7 ps (°N). All spectra were recorded with the
Bruker standard pulse programs and parameter sets with selection of coupling constants of
145Hz (HSQC), 10 Hz (HMBC), 3 or 90 Hz (HMQC) and mixing times of 1s (1D-NOESY,
50 ms selective 180° inversion pulses). The 'H/"*C chemical shifts were referenced internally
using the resonance signals of DMSO-dg at 2.49/39.5 ppm, CDClj; at 7.26/77.0 ppm and D,O
at 4.70 ppm ("°C chemical shifts in water were referenced to an external sample of 3-
trimethylsilyl tetradeutero sodium propionate in D,O at -0.2 ppm). The "°N chemical shifts
were externally referenced to a sample containing nitromethane (2M in DMSO-de) at 0 ppm.

Estimation of transformation product isolate purities by 'H-NMR. The relative purities
of CP-(S)-sulfoxide, CP-P24, and CP-P28 within the mixture of these three components were
estimated on the basis of relative component-specific 'H peak areas observed in 'H-NMR
spectra of the mixture. The relative magnitudes of these per-proton peak areas were found to
be roughly 1.05:0.95:0.05. The mass proportions of the CP-P24 and CP-P28 solids in the
solids mixture were calculated on the basis of the known purity of CP-(S)-sulfoxide
(determined as described above), the per-proton peak areas, and the molecular weights of
each product. The molecular weight of CP-P28 was estimated as ~397 (within the range of
molecular weights observed for all identified CP transformation products), in the absence of
definitive mass spectral data.

The minimum purity of isolated CP-P33 solids was estimated by analysis of the
approximate water content of the solids via H'-NMR. Pure samples of the DMSO-ds used in
this investigation were analyzed via 'H-NMR to determine their approximate H,O content.
The H,O peaks in these samples were found to have areas equal to no less than ~6% of the
corresponding DMSO-dg peaks. On the basis of this value, the areas of water peaks observed
in the 'H spectra of a sample of CP-P33 were corrected by subtracting a peak area equal to
6% of the DMSO-d¢ peak area measured for this sample. The resulting value was further
adjusted by subtracting the areas of any overlapping peaks attributable to protons within the
CP-P33 molecule(s). The residual water peak area was then divided by two (the number of

protons in H,O), to obtain the approximate signal area per water proton. Subsequently, the
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signal areas obtained for all protons belonging to CP-P33 were summed and divided by the
total expected number of CP-P33 protons to obtain the approximate per proton signal area for
CP-P33. Finally, the water content of CP-P33 was estimated from the ratio of the calculated
per proton signal areas for water and CP-P33. Assuming that the only significant impurity
present in the isolated solids of the isolated CP-P33 solids was H,O (consistent with NMR
and HPLC-UV;¢snm analyses of each sample), the minimum purity of CP-P33 was calculated
directly from its measured water content (where purity = 100% — %H,0).

LC-MS/MS analyses. Samples of each purified f-lactam transformation product were

prepared at concentrations ranging from 100 uM to 1 mM and transferred to amber,
borosilicate glass HPLC vials for analysis by HPLC-MS/MS using a HPLC system
comprising the same Macherey-Nagel column as above, a Rheos 2200 quaternary pump (Flux
Instruments; Reinach, Switzerland), and a PAL autosampler (CTC Analytics; Zwinger,
Switzerland), interfaced with a LTQ-Orbitrap hybrid MS" system consisting of a LTQ linear-
ion trap and Orbitrap Fourier-transform (FT) mass spectrometer (Thermo Scientific;
Waltham, MA, U.S.A.).

PG and PG transformation products were eluted by HPLC using a gradient method in
which mobile phase composition was held at 10% CH3CN/90% 0.2% (v/v) CHOOH for 5
minutes prior to sample injection and ramped to 80% CH3CN/20% 0.2% (v/v) CHOOH over
20 minutes following injection, whereas CP and CP transformation product elutions were
performed according to the same gradient conditions described above. LTQ and Orbitrap
analyses were generally conducted using positive mode electrospray ionization (ESI") with
collisional induced dissociation (CID) over a typical mass scan range of 50 to 600 m/z, with
normalized collisional energy set to between 35 and 50%, source voltage to 3.5 kV, tube lens
voltage to 80 V, capillary voltage to 20 V, and capillary temperature to 350° C. Sheath and
auxiliary gas flow rates (using N,) were set to 0.6 and 1.5 L/min. High-resolution MS and
MS? analyses conducted for acquisition of exact analyte masses (to four-decimal accuracy)
were performed using the Orbitrap as detector. Several negative mode (ESI’) analyses were
performed of CP-P33, with the source voltage, tube lens voltage, capillary voltage, and
capillary temperature set to 4 kV, -78 V, -19 V, and 325° C, respectively, and the sheath and
auxiliary gas flow rates (also using N;) set to 0.4 and 6 L/min.

FT-IR analyses. Solid-state FTIR spectra for purified samples of each flactam
transformation product were recorded on a Biorad FTS 575C instrument equipped with a
mercury cadmium telluride (MCT) detector and a nine-reflection diamond ATR unit with

KRS-5 optics (SensIR Technologies, Danbury, CT). The diameter of the round probing area
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of the diamond was 4 mm. Scans were acquired at 0.5 cm™ resolution, from 400 to 4000 cm™,
with subtraction of the appropriate background spectrum.

5.2.5 Measurement of antibacterial activities via broth microdilution assay. Assay
of purified transformation products resulting from treatment of PG and CP with Os. The
biological activities of each major f~lactam transformation product relative to its parent
molecule were determined according to the broth microdilution assay described in detail
within (/5). Briefly, ~1-10 uM solutions (prior to dilution) of each transformation product in
1-mM, pH 7 phosphate buffer were used to prepare 10-member 1:1 serial dilution series
across each row of a standard 96-well microtiter plate. Standard dilution series were prepared
from a corresponding untreated sample of each parent molecule for assay with the treated
samples. Each sample and standard solution volume was then inoculated with an equal
volume of Mueller-Hinton broth containing a 1 x 10° CFU/mL cell density of the B. subtilis
reference strain, and allowed to incubate under 200 rpm agitation, at 30 °C, for 8 h. After
incubation, the absorbance of each sample and standard solution was taken at 625 nm, as a
surrogate for cell density (22). Absorbance measurements were then analyzed according to
the procedures described for PG and CP in (/5) to obtain fitted dose-response relationships
and corresponding uncertainties.

Measured activities of the transformation products were then evaluated relative to the

corresponding parent molecule in terms of “potency-equivalent” (PEQ) values, via eq 1,
PEQ (inmol/L) = ECSO,ﬂ—lactam/ECSO,x (1)

where ECsp giactam 15 the ECsg value (the effective antibacterial concentration, or sample
dilution in this case, at which 50% growth inhibition is observed) calculated from the
measured dose-response relationship for the parent molecule, and ECsg x represents the ECsg
value calculated from the measured dose-response relationship obtained for a given
transformation product or transformation product mixture.

Assay of [-lactam sulfoxide solutions following treatment with O3 and "OH. The
biological activities of each S-lactam-(R)-sulfoxide following treatment with O3 or ‘'OH were
also determined according to the broth microdilution assay described in (/5). Briefly, oxidant-
treated, catalase-amended solutions of each sulfoxide were used to prepare 10-member 1:1
serial dilution series across each row of a standard 96-well microtiter plate. Standard dilution
series were prepared from a corresponding untreated sample of each sulfoxide for assay with
the treated samples. Each sample and standard solution volume was then processed as

described above to obtain the corresponding ECsg x values. PEQ values were then calculated
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from eq 1 and correlated with normalized residual concentrations, [C]/[C]o, of the
corresponding parent molecule (measured by HPLC-UV) to evaluate the stoichiometry of /-
lactam sulfoxide activity elimination.

5.2.6 Measurement of apparent second-order rate constants for reactions of -

lactam-(R)-sulfoxides with O3 and "OH. The apparent second-order rate constants, k63,app ,

for CP-(R)-sulfoxide, and, k:'OH,app , for PG-(R)-sulfoxide and CP-(R)-sulfoxide, at pH 7 were

determined using a two-endpoint measurement competition kinetics method as described in
(4). Briefly, 10 uM solutions of each sulfoxide in 1-mM, pH 7 phosphate buffer (also
amended with 5-mM of ~-BuOH for Os kinetics experiments) were dosed with 10 uM of a

reference competitor for which the corresponding rate constant was already known (i.e., PG

for the O; experiment, where k63,app,pG = 4.8 x 10° M''s™ (4), and para-chlorobenzoic acid

(pCBA) for ‘OH experiments, where k:'OH,app, pCBA =5 x 10° M's (23)). Following treatment

with varying oxidant exposures (via the same methods described above for evaluation of PG
and CP product evolution), two endpoints — residual model compound and reference
competitor concentrations remaining after oxidant treatment — were measured for each
experimental solution by HPLC-UV (using adaptations of the HPLC methods described

above). Rate constants were then obtained via eq 2,
ln[ [M] J _ ln[ [C] J k03,app,M
Mb ) UCh ) kO, app.c @)

where M represents the sulfoxide, C the reference competitor, k63,app,M could be determined

M C "
from the slope of a plot of hl[ﬁ} VSs. hl[%}, kos,app,c Was known, and [M], and [C]o

were obtained from HPLC-UV analyses of oxidant controls included in each experiment.
k63,app,cp-(1e)-su1f0xide was obtained from a series of 10 individual solutions treated with distinct

O3 doses, whereas k.QH,app,PG-(R)-sulfoxide and KOH,app,CP-(R)-sulfoxide Were each determined via

exposure of duplicate solutions of each sulfoxide to increasing ‘OH exposures.

5.3 Results and Discussion

5.3.1. Identification of major products resulting from reactions of PG and CP with

Os. Products of the PG-Oj; reaction. Only two major transformation products were detected in
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Figure 5.1. Chromatogram of 10 M PG treated with ~8 uM of O3 at pH 7, in 1-mM

phosphate buffer amended with 5-mM #~-BuOH, acquired at A = 205 nm with the HPLC-UV
method described for PG analyses in the Materials and Methods section

the O3-PG reaction, as shown in a representative UV chromatogram obtained for a sample of
an O;-treated PG solution at A =205 nm (Figure 5.1). The UV spectra of the two products
(acquired via HPLC-UV) were effectively identical to that of PG (Figure S5.1). Each of the
products was substantially more polar (i.e., earlier eluting) than PG, permitting their isolation
from the parent molecule via C, reversed-phase silica gel chromatography. Following
lyophilisation of the recovered chromatographic fractions, purified solids were subjected to
structural analysis by LC-MS/MS, 'H-, BC-, and ’N-NMR, and FT-IR.

High-resolution mass spectrometry of PG and the two 1solated products yielded the
mass spectra shown in the Supporting Information, Figures S5.3-S5.5, from which exact
masses could be determined for each analyte. The exact mass of the two products were found
to be identical (1.e., 350.0933). Comparison of the exact product masses with that of PG
(334.0984) 1llustrates that both products contain an additional oxygen atom (M + 15.9949).
Furthermore, isolation and fragmentation of each product’s molecular ion via MS? yields the
spectra depicted in Figures S5.4b and S5.5b, which are also effectively identical. FT-IR
spectra demonstrating a strong absorbance band between 1000 and 1100 cm™ suggest the
presence of a sulfoxide group in each product molecule (Figure S5.12b and ¢) (24), which is
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consistent with the available mass spectral data. Taken together with the previous observation
that O; reacts directly with the PG thioether (4), as well as prior identification of typical
products of the reaction between penicillins and O3 (/6), these data allow one to tentatively
conclude that the two PG transformation products are stereoisomeric sulfoxides of PG (Figure

5.2), but do not permit distinction between their individual stereochemistries.

14
17
15 4+
16 PG-(S)-sulfoxide: X=S=0

PG: X=8 E PG-(R)-sulfoxide: X =380
MW 334.39, s —OH MW 350.39,
theor. exact mass 334.0987 © theor. exact mass 350.0936
meas. exact mass 334.0984 meas. exact mass 350.0933 (avg.)

Figure 5.2. Atom numbering and postulated stereochemistries of PG and PG sulfoxides

Multi-nuclear NMR of the isolated solids for each sulfoxide in DMSO-d¢ and CDCl;
was conducted to acquire more detailed information as to the sulfoxide stereochemistries. The
spectra and corresponding tabular data obtained from these analyses are summarized in
Figures S5.14-S5.15 and Tables S5.1, S5.2, and S5.7. Examination of the orientations of the
sulfoxide oxygen atoms for the two PG sulfoxide configurations depicted in Figure 5.2
indicates that the O-5 atom of PG-(S)-sulfoxide may form an intramolecular H-bond with its
H-11 (NH) atom, whereas a corresponding intramolecular H-bond cannot form for PG or PG-
(R)-sulfoxide. This characteristic of the penicillin and cephalosporin sulfoxides has
previously been demonstrated to provide a reliable means of identifying (R)- and (S)-
sulfoxides via 'H-NMR studies of hydrogen-bonding behavior in polar, H-bonding and non-
H-bonding solvents (25,26). In CDCl; (which can form no H-bonds with H-11), a 8('H) value
of 6.02 was observed for the more polar (i.e., earler eluting, Figure 5.1) of the two sulfoxides,
and a value of 7.08 ppm was observed for the less polar (i.e., later eluting, Figure 5.1)
sulfoxide (Figure S5.14). However, in DMSO-ds (which can form a stable infermolecular H-
bond with the H-11 proton), a AS('H) of ~3.2 ppm was found for H-11 of the more polar
sulfoxide (Figure S5.15), whereas a comparably small AS('H) of 0.9 ppm was observed for H-
11 of the less polar sulfoxide. With regards to the less polar sulfoxide, the observation of

moderate deshielding for H-11 in CDCl;, combined with the observation of relative shielding
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of this H-11 in DMSO-dg, are indicative of the presence of an intramolecular H-bond. When
taken with the very large deshielding effect observed for the more polar sulfoxide in
switching from CDCIl; to DMSO-d¢ (indicative of strong infermolecular H-bonding in the
latter solvent), these data strongly suggest the (R)- and (S)-configurations for the more polar
and less polar sulfoxide isomers, respectively.

The resonances of the H-10 methyl trio for all three compounds were assigned from the
I1D-NOESY spectra with magnetization transfers from H-5 to H-10. The introduction of the
sulfoxide groups in position 4 appeared to induce downfield shifts of 10-12 ppm for C-5 via
deshielding effects, whereas the '>C chemical shifts of C-2 exhibited upfield shifts of 8-10
ppm. The effects on C-3 were less pronounced. Strong HMBC cross signals were found for
H-2 to C-10 but only weak correlation signals were found from H-2 to C-9 for the two PG-
sulfoxides. On account of the apparently small H-2/C-9 coupling constants and H-2/C-2/C-
3/C-9 bond angles (near 90°), C-9 atoms are suspected to sit in pseudo equatorial and C-10
atoms in pseudo axial positions. These and all other available spectra data are consistent with
identification of the two PG transformation products as the R- and S-sulfoxide molecules
depicted in Figure 5.2, in agreement with prior investigations of the reactions between Oz and
various penicillins (not including penicillin G) (/6).

Products of the CP-Oj; reaction. Five major products were observed upon treatment of
CP with O3, as shown in a representative UV chromatogram for a sample obtained for an Os-
treated solution of CP at A = 254 nm (Figure 5.3). The UV spectra of the two most polar
products (acquired via HPLC-UV) were effectively identical to that of CP, whereas the
spectra for the three other products lacked the 254 nm absorbance band characteristic of CP’s
conjugated alkene-carboxylic acid system (Figure S5.2). All five products were substantially
more polar (i.e., earlier eluting) than CP, permitting their isolation from the parent molecule
via reversed-phase silica gel chromatography. On account of their highly similar polarities
and poor retention on C, reversed-phase silica gel, chromatography on C;g reversed-phase
silica gel with a strong ion-pairing reagent (i.e., TFA) was necessary to improve resolution
each of the products. Ultimately, however, even using a C;g stationary-phase with TFA was
insufficient to resolve several of the products. Consequently, only the two most polar and the
least polar of the five transformation products (Figure 5.3) could be isolated as relatively pure
solids, whereas the third and fourth most polar (Figure 5.3) could only be isolated in a
mixture with the second most polar. As for PG, following chromatographic purification, the
recovered fractions of each product or product mixture were freeze-dried to facilitate recovery

of solids for subsequent structural analysis by LC-MS/MS, multi-nuclear NMR, and FT-IR.
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Figure 5.3. Chromatogram of 10 uM CP treated with ~9 pM of Oz at pH 7, in 1-mM
phosphate buffer amended with 5-mM 7~-BuOH, acquired at A = 254 nm with the HPLC-UV
method described for CP analyses in the Materials and Methods section

Analysis of CP and the two most polar CP transformation products by high-resolution
mass spectrometry yielded the mass spectra shown in Figures S5.6-S5.8. In analogy to the
results obtained for the PG sulfoxides, the MS data for these two CP products provide
identical exact masses (363.0891), each offset by the mass of one oxygen atom from the mass
of the parent CP molecule (347.0941). In addition, the MS? spectra for each of these CP
products exhibit the same major fragment peak (at m/z 346.06, corresponding to a loss of
H0). Furthermore, the FT-IR spectra for these two analytes also exhibit significant
absorbance bands in the range of 1000-1100 cm™, consistent with the presence of sulfoxide
moieties within each product’s molecular structure (Figure S5.13). On the basis of these data,
analogy with the results observed for PG, and previous observations for reactions of O; with
various dihydrocephalosporin analogues of CP (/6), the two most polar CP products were
mitially hypothesized to be stereoisomeric sulfoxides of CP, as depicted in Figure 5.4.

"H-NMR was again utilized in a manner similar to that applied for analysis of the two
PG sulfoxides to distinguish between the two postulated CP sulfoxide stereoisomers.

However, as neither of the two CP sulfoxides were soluble in CDCls, the importance of intra-
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Figure 5.4. Atom numbering and postulated stereochemistries of CP and CP sulfoxides

vs. intermolecular H-bonding was only investigated in DMSO-de. The results of these
analyses demonstrate that H-11 (NH) of the less polar sulfoxide is shielded by ~0.8 ppm with
respect to H-11 of the more polar sulfoxide in DMSO-ds solution (Figure S5.16 and Table
S5.3), consistent with formation of an intramolecular NH--O bond in the former molecule and
an intermolecular NH--O bond with DMSO-di for the latter, when comparing to the AS('H)
value of 1.3 ppm measured for the two PG-sulfoxides. The (R) and (S) configurations were
therefore assigned to the more polar and less polar CP sulfoxides, respectively.

The resonances of H-4b for CP and the two CP sulfoxides were assigned from the NOE
effect observed from H-6 onto H-4b in the 1D-NOESY spectra. Further, small "H,'H coupling
constants were found for the pairs H-6/H-4b, typical values for a so called “w” coupling. This
again, is a positive proof for the relative configuration assigned for H-4a and H-4b. For all CP
derivatives pronounced HMBC correlation signals were observed from H-4a to C-10, whereas
from H-4b to C-10 no or remarkably less pronounced correlation were found owing a bond
angles H-4b/C-4/C-3/C-10 near 90°. One may therefore conclude that H-4b must be in a
pseudo-axial position, whereas H-4a is attached in a pseudo equatorial position. For CP-(S)-
sulfoxide with the oxide group “looking up”, absolutely no HMBC correlation form H-4b to
C-10 was observed, whereas for CP-(R)-sulfoxide a weak cross signal was found. Owing to
the 5-oxide group “looking down” (see Figure 5.4), the geometry at C-4 must be distorted in
such a way that the angle H-4b/C-4/C-3/C-10 deviates distinctly from 90° as a result. The
spectral data discussed to this point are all consistent with assignment of the molecular
topologies and stereochemistries depicted in Figure 5.4 to CP and its two CP sulfoxides.

The two CP transformation products corresponding to the third and fifth peaks depicted
in Figure 5.3 (henceforth labeled CP-P24 and CP-P33, respectively, based on their average
HPLC retention times) were also analyzed by high-resolution mass spectrometry, yielding the
mass spectra shown in Figures S5.9-S5.11. The exact mass of CP-P24 (397.0944) was
obtained from the distinct molecular M+H" peak shown in Figure S5.9a at 398.1019.
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However, that of CP-P33 was not at first clear on the basis of positive-mode ESI spectra
alone, as several peaks were present at m/z values within the range reasonable for CP
transformation products. Therefore, in order to identify the true molecular CP-P33 peak, its
MS and MS? spectra were examined on the basis of exact mass differences and fragmentation
patterns for each of the three candidate ions. Upon examination of the mass spectrum depicted
in Figure S5.10a, it is evident that the peak detected at m/z 362.0807 differs by the mass of
one H,O molecule (18.0106) from that at m/z 380.0913, which in turn differs from those at
m/z 397.1178 and 402.0730 by exactly (within measurement error) the masses of a NH;"
molecule and a Na" molecule minus one proton (i.e., 18.0344-1.0078 = 17.0265 and 22.9898-
1.0078 = 21.9820), respectively. This suggests that the two higher mass peaks are likely due
to NH,; and Na" adducts formed in the ESI source from the ion at 380.0913 (where the NH,"
is likely derived from ammonium acetate buffers utilized by other users on the same
instrument and the Na" from occasional processing of sodium-containing standard materials),
whereas the ion at 362.0807 is generated via loss of H,O from that at 380.0913. This
hypothesis is supported by the MS? fragmentation patterns shown in Figures S5.10b-d, which
illustrate that the 362.0807 ion arises from fragmentation of the isolated 380.0913 ion, that
both of these ions are produced via fragmentation of the presumably labile NH4" adduct at
397.1178, and that none of these ions are generated via fragmentation of the presumably more
stable Na" adduct at 402.0730. Furthermore, a separate high-resolution analysis of CP-P33 via
negative-mode ESI yielded a base (and presumably also molecular) peak at 378.0744, which
corresponds to the peak in positive-mode minus two protons), without any corresponding
peaks at higher masses - as would be expected in negative-mode if the higher mass observed
in positive-mode were indeed attributable to cation adducts. Taken together, these analyses
permit confident assignment of an exact mass of 379.0838 to CP-P33.

The molecular topologies and stereochemistries of CP-P24 and CP-P33 were then fully
characterized via analysis of 'H,"*C-correlated NMR spectra, with the exception of the
configurations of C-2 and C-9 (which were deduced from MS/MS data and mechanistic
considerations). NMR analyses were run with a relatively pure fraction of CP-P33, whereas
CP-P24 was always present as a mixture together with CP-(S)-sulfoxide. However, the signals
originating from CP-P24 were easily distinguishable from those of CP-(S)-sulfoxide, as
reference spectra for the latter were obtained via analysis of purified single-component solids
in separate NMR analyses.

Characteristic carbonyl signals observed at ~208 ppm in the *C NMR spectra for both
CP-P24 and CP-P33 are strongly suggestive of C-2/C-3 ozonolysis - leading to oxidation of
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C-3 to the corresponding ketone. This conclusion is also fully consistent with the
disappearance of the secondary absorbance maximum corresponding to the conjugated C-2/C-
3 n—bond system from the UV spectra obtained for CP-P24 and CP-P33 (Figure S5.2). No
HMBC correlations were observed from H-10 to either C-2 or C-9 in the spectra of these two
molecules. Furthermore, the °C chemical shifts of 41 and 57 ppm obtained for the C-4 and C-
6 atoms of both CP-P24 and CP-P33 strongly indicate that the S atom must still be present in
the -2 oxidation state (by comparison with the significantly greater deshielding of these
resonances for the two CP-sulfoxides, as shown in Table S5.5). The lack of a well-defined
absorbance band between 1000 and 1100 cm™ in the FT-IR spectrum for CP-P33 is consistent
with this conclusion (Figure S5.13d).

The magnitude of Js7 = 6.4 Hz obtained for H-6 and H-7 of CP-P24 points to a marked
change in the H-6/C-6/C-7/H-7 bond angle relative to CP and the CP sulfoxides (Tables S5.4
and Table S5.6), which would also be consistent with the assigned stereochemistry.
Furthermore, the presence of the NH, group at N-18 is reflected by the corresponding '°N
chemical shift of -340 ppm observed for CP-P24. On the basis of these observations and
additional details obtained from its HSQC and HMBC spectra, the constitution of the CP-P24

skeleton - with the exception of C-2 and C-9 - was assigned as depicted in Figure 5.5a.

17 1715 o
'8 MW 397.40 H

10 1:,’ - NH2  theor. exact mass 397.0944 1 ,JL

15 “4  meas. exact mass 397.0941

H
o N 18 = "
"y H. H Hol Y0
HO AN AT O HN_ 3
1 ¢,°4 o MW 379.39 o7|2 10
O HN_ 3 theor. exact mass 379.0838
Oﬁi\ 70 meas. exact mass 379.0835 HO" 9°0
(a) CP-P24 HO" 970 (b) CP-P33
Figure 5.5. Atom numbering and postulated stereochemistries of CP-P24 and CP-P33

Additional compound-specific spectral details were obtained for CP-P33 from its
HMBC, NOE, 1D 'H, and °N spectra. A unique correlation observed from H-13 at 5.25 ppm
to two carbonyl resonances at 169.5 and 166.0 ppm (C-12 and C-8) in the HMBC spectrum of
CP-P33 is a strong indicator of a cyclization reaction involving formation of a N-18, C-8
bond in this molecule. No such cross-correlation peaks were observed for H-13 and C-8 in the

spectra obtained for CP or any of the other four transformation products discussed here.

160



Chapter 5

Furthermore, a "°N chemical shift of -256.6 ppm in the corresponding CP-P33 spectrum
(Figure S5.20, Table S5.7) is strong evidence that the N-18 atom is present as an amide. In
addition, NOE effects observed from H-7 to H-15 and from H-15 to H-7 for CP-P33 samples
were only observed for this particular molecule. The magnitude of Js7 = 3.3 Hz observed for
the H-6 and H-7 atoms of CP-P33 is in the same order as for CP and the CP sulfoxide isomers
(Tables S5.4 and S5.6), which may be indicative of hindered rotation around the C-6,C-7
bond, owing to bulky substituents present in the CP-P33 molecule. Roughly 100-Hz
resonances were detected at 162 and 163 ppm in the 1D 'H-NMR spectra - presumably
attributable to two carbonyl or carboxyl groups at the C-2 and C-9 positions, although no
correlations were observed from C-2 or C-9 to any other components of the HMBC spectra
(DMSO-ds and D,O solutions). Finally, three unique 'H and "N signals were detected for N-
1, N-11, and N-18, at 9.13, 8.39, and 9.04 ppm ('H) and -257.5, -266.8, and -256.6 ppm (°N),
demonstrating that all three of the N atoms in CP-P33 are present as primary amides. Taken
together, these data permit assignment of the structure and stereochemistries shown in Figure
5.5b to CP-P33.

Apart from the signals attributable to CP-(S)-sulfoxide and CP-P24, a third set of weak
signals with similar chemical shifts was observed in spectra obtained for the mixture of these
products (data not shown), presumably due to the fifth product peak (CP-P28) depicted in
Figure 5.3, as HPLC-UV analyses also indicated the presence of this component in the
isolated mixture solids. Due to the low concentration of this third constituent in the mixture,
and the overlap of its signals with resonances of CP-(S)-sulfoxide and CP-P24, no detailed
structural assignments could be made. However, the presence of a weak "°C signal at ~208.3
ppm (the diagnostic shift for a C-3 carbonyl) does permit the conclusion that the C-2/C-3
double bond was also ozonolytically cleaved in the CP-P28 molecule (data not shown). This
conclusion is also supported by the lack of the secondary absorbance maximum
corresponding the C-2/C-3 m—bond system in the UV spectra obtained for CP-P28 (Figure
S5.2e).

5.3.2 Evolution of major products in Os-treated PG and CP solutions with
increasing transferred Oz dose. Evolution of the transformation products generated in
reactions of O3 with PG and CP was quantitatively monitored by HPLC-UV, using the
purified solids of each product for quantification of observed product yields. The measured
concentrations of each transformation product are shown with the corresponding parent
molecule concentrations at increasing O3 doses in Figure 5.6. From these data, it is clear that

PG-(R)-sulfoxide and PG-(S)-sulfoxide are generated in parallel at nearly equal yield (1.2:1
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Figure 5.6. Transformation product formation during Os-treatment of (a) PG and (b) CP as a
function of O3 dose, in 1-mM, pH 7 phosphate buffer amended with 5-mM #-BuOH.

(R):(S) to be more precise) (Figure 5.6a). Furthermore, a mass balance on the measured
concentrations of two sulfoxides accounts for ~100% of the PG concentrations consumed at
increasing transferred Oz doses up to at least 1.5x the amount of O3 necessary to yield 100%
PG depletion. This illustrates that the two PG sulfoxides are effectively non-reactive toward
O3 (1.e., the rate constants for their direct reaction are negligible) and represent a reaction
terminus when Os is the only oxidant present. In addition, when taken into consideration with
the measured biological activity of PG-(R)-sulfoxide, this is consistent with prior observations
that stable levels of residual antibacterial activity persist in Os-treated PG solutions even at O;
doses in excess of those needed for complete depletion of PG (75). These observations can be

summarized via the pathways depicted in Scheme 5.1.

H

e T HE

PG-(S)-sulfoxide 0

|I

1312NH H

e
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~55% J;r’j 3
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Scheme 5.1. Postulated reaction pathways and initial yields of transformation products
resulting from attack of O; at the thioether of PG, on the basis of UV, MS/MS, 'H-NMR, and
FT-IR data obtained for purified isolates

162



Chapter 5

The data in Figure 5.6b illustrate that all four major products identified for the reaction

of O3 with CP are generated approximately in parallel. This indicates that the kinetics of O3
attack at the CP thioether and the CP C-2/C-3 double bond are quite similar ( kg)3 for both
target sites must be on the order of 8.7 x 10* M™'s™, according to previous measurements of

kg)3,app,CP (15)). These data also show that CP-(R)-sulfoxide, CP-(S)-sulfoxide, CP-P24, and
CP-P33 are generated in ~34%, ~18%, ~5%, and >28% initial yield (where the yield given for

CP-P33 can only be interpreted as a minimum value, on account of the uncertainty as to the
exact purity of the CP-P33 solids used for calibration), with a maximum of 15% of total initial
CP consumption resulting in the formation of unidentified products. At turnovers up to
~100% CP depletion, these four major products still account for - at a minimum - 75% of the
total CP consumption, leaving no more than 25% unaccounted for. At higher relative O
doses, the proportion of unidentified products increases relatively steeply

CP-(R)-sulfoxide itself is clearly also consumed relatively rapidly by Os (in comparison
to CP and the other transformation products), apparently resulting in formation of CP-P28.
This was confirmed in separate experiments, in which O3 was applied directly to pure CP-(R)-
sulfoxide, where CP-P28 accounted for roughly 30% of the initial CP-(R)-sulfoxide
consumption (leaving ~70% of the total reacted CP-(R)-sulfoxide concentrations unaccounted
for) (data not shown). These observations also indicate that CP-(R)-sulfoxide is more reactive
toward O3 than any of the other major products formed via the CP-O; reaction, as each of the
other three major products persists at relatively stable levels even at O3 doses high enough to
yield ~100% depletion of CP-(R)-sulfoxide. Taking into account the measured antibacterial
potency of CP-(R)-sulfoxide, its susceptibility toward further modification by Os is also
consistent with prior indications that a biologically-active transformation product is formed
upon treatment of CP with O3, reaches peak yield at moderate CP turnover, and is then
progressively depleted at higher O3 doses (/5). Each of the above observations can be
summarized via Scheme 5.2, in which the CP sulfoxides are shown to result from Os attack at
the CP thioether, CP-P24 and CP-P33 are formed upon ozonolytic cleavage of CP’s C-2/C-3
double bond, and CP-P28 is produced upon ozonolysis of CP-(R)-sulfoxide’s double bond.

The formation of CP-P24 and CP-P33 must proceed in each case via C-2/C-3
ozonolysis. However, the competing reaction mechanisms leading to cleavage of the f-lactam
and formation of either (a) the penicilloic acid group of CP-P24 or (b) the 7-piperazine-8,12-
dione ring of CP-P33 require additional explanation. In analogy to pathways reported in a

previous investigation for ozonolysis of the double bond of the nucleobase thymine (27), the
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Scheme 5.2. Postulated reaction pathways and initial yields of transformation products
resulting from attack of O; at the C-2/C-3 double bond of CP, on the basis of UV, MS/MS,
'H-NMR, and FT-IR data obtained for purified isolates

ozonolytic cleavage of CP’s C-2/C-3 double bond is believed to proceed initially via
formation of a Criegee (or primary) ozonide intermediate, which may decompose to either of

the C-2 or C-3 hydroperoxide intermediates depicted in Scheme 5.3.

40 CP-P33
Blg ils H N
HN il N Yoow
Hzl'I H [;:{ 0 -85% . H ﬁs wH
o}
L
Intramolecular Oi
nucleophilic attack HO™ =0
.« Cephalexin (CP) byN-18at C8
17 15 0
12 H H Q\ﬁuﬂﬂ @\(\l ;I ;I
HN }L —
HZI'T PREL 75 .1 fH o HN H,N H L
s
\)] 0 NH
- 3
R = COOH l -H:OZT . * cP-P24
0

Intermolecular
attack by Hz0 at
|-| (o]

Scheme 5.3. Postulated pathways leadmg to formation of CP-P24 and CP-P33 m the reaction
of O3 with CP

164



Chapter 5

Each of these hydroperoxides may then decay via heterolytic HO; loss to the same
intermediate 3-keto,2-keto-9-carboxylic acid f-lactam structure, which is expected to be

highly susceptible to nucleophilic attack at the already labile C-8/N-1 bond of the f-lactam
ring, on account of the added electron-withdrawing strength of the adjacent C-2 carbonyl.
Subsequently, in aqueous solution, it is expected that C-8 will be attacked by H,O (or OH"),
resulting in cleavage of the C-8/N-1 bond, formation of the primary amide at N-1 and
carboxyl group at C-8, and production of CP-P24 (Scheme 5.3). Alternatively, C-8 may be
attacked intramolecularly by the proximal N-18 amine group, yielding cleavage of the C-8/N-
1 bond, formation of the N-1 primary amide and cyclicization of the C-8/C-7/N-11/C-12/C-
13/N-18 chain to the piperazinedione ring characteristic of CP-P33 (Scheme 5.3). This
reaction has been demonstrated to take place in a number of studies focusing on
intramolecular nucleophilic cleavage of various cephalosporins’ f-lactam rings, in each case
yielding the characteristic piperazinedione structure (for which reported spectral data is also
consistent with the results described here) (28-30). As is clear from the relative CP-P24 and
CP-P33 yields shown in Figure 5.6b and Scheme 5.2, the intramolecular pathway appears to
take place approximately 2x faster than the competing intermolecular pathway under the
conditions studied here (i.e., pH 7, ~20° C).

5.3.3 Antibacterial activities of transformation products resulting from reactions
of PG and CP with Os. Biological activities of each transformation product generated in the
treatment of PG and CP with O3 were quantified for comparison with the corresponding
activities of the parent molecules via broth microdilution assay. The resulting dose-response
relationships obtained for each parent molecule and its products are depicted in Figure 5.7.
The ECs values determined for each dose-response relationship are reported here in terms of
the sample dilution, 1/2", where n corresponds to the number of times a given sample on the
microtiter plate was serially diluted. Thus, one can simply calculate the relative potencies of
each product (or product mixture) by dividing the ECsy of the parent molecule by the
measured ECs, value of the product of interest and multiplying this ratio by the ratio of the in
vitro parent concentration to the in vitro product concentration (where in vitro concentrations
are given in the caption to Figure 5.7). This calculation indicates that PG-(R)-sulfoxide and
PG-(S)-sulfoxide are approximately 15% and 0.7% as active as PG relative to B. subtilis
ATCC 6051. Similarly, CP-(R)-sulfoxide is roughly 83% as active as CP for B. subtilis ATCC
6051, while the mixture of CP-(S)-sulfoxide, CP-P24, and CP-P28, as well as the sample of
CP-P33, elicited effectively zero response in the microdilution assay. These values are

consistent with prior reports that the antibacterial activities of the penicillin and cephalosporin
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Figure 5.7. Averages of measured replicate (6-fold) dose-response relationships (using B.
subtilis ATCC 6051 as reference bacterium) for transformation products resulting from the
reaction of O3 with (a) PG, and (b) CP, where undiluted in vitro concentrations of PG, PG-

(R)-sulfoxide, PG-(S)-sulfoxide were 2.5, 1.7, and 2.5 pM, respectively, and those of CP, CP-
(R)-sulfoxide, CP-(S)-sulfoxide, CP-P24, CP-P28, and CP-P33 were 5, 3.3, 1.4, 1.4, ~0.2, and
2.6 uM, respectively. The independent variable “dilution” is equal to 1/2", where “2” is the
serial dilution factor used in preparing dose-response series (i.e., for 2-fold, or 1:1 dilution),
and “n” the number of times a given sample has been serially diluted relative to the
corresponding parent sample (i.e., 1/2° corresponds to the dilution of each parent sample).

(R)-sulfoxides may be appreciable in comparison to the parent S-lactams, whereas the
corresponding (S)-isomers are typically much less potent (17,18,31).

5.3.4. Modeling evolution of biological activities of Os-treated PG and CP solutions
with increasing transferred O3 dose. On the basis of the product concentration
measurements depicted in Figure 5.6, the biological activity measurements shown in Figure
5.7, and the reaction pathways proposed in Schemes 5.1 and 5.2, one can attempt to
quantitatively account for the observed trends in bulk biological activities measured for
solutions of PG and CP treated with Os. By assuming that the only active components of the
Os-treated f-lactam solutions are the parent molecules themselves and the (R)-sulfoxide
transformation products, and applying the relative per potency values obtained via
microdilution assay of each sulfoxide on a per mole basis to the measured concentrations of
PG, PG-(R)-sulfoxide, CP, and CP-(R)-sulfoxide, one can calculate the expected activities due
to (a) the parent molecules, (b) their (R)-sulfoxides, and (c¢) the sum of the parent molecules
and their (R)-sulfoxides for each O;-treated PG or CP sample, to obtain plots of predicted vs.
measured activities, as shown in Figures 5.8a and 5.8b, for PG and CP, respectively. As
apparent from each of these figures, the predicted bulk activities (i.e., the sums of the parent
molecule and (R)-sulfoxide activities) agree very well with the measured bulk activities for

the Os-treated solutions of PG and CP.
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Figure 5.8. Correlations of measured and predicated antibacterial activities of Os-treated (a)
PG and (b) CP solutions with approximate transferred Oz dose, in 1-mM, pH 7 phosphate
buffer amended with 5-mM #-BuOH, assuming that any residual activity not attributable to
the parent molecules can be attributed solely to their (R)-sulfoxide transformation products

5.3.5 Deactivation of PG- and CP-(R)-sulfoxides by O3 and "'OH. As shown in Figure
5.6a, PG-(R)-sulfoxide is recalcitrant toward further reaction with Os. This suggests that, if
the only oxidant present during oxidative treatment of PG 1s Os, no further loss of biological
activity will be achievable once all PG has been depleted and PG-(R)-sulfoxide has been
formed in full yield. However, hydroxyl radical ("OH) will always be present during
ozonation of wastewaters, on account of its production in the autocatalytic decomposition of
O3 and the direct reactions of O3 with various functional groups present in dissolved organic
matter (20,32-34). Thus, it 1s of substantial interest to determine the reactivity of PG-(R)-
sulfoxide toward "OH, as well as to investigate the consequences of this reaction for the
sulfoxide’s biological activity.

Via competition kinetics experiments (using pCBA as a competitor), the apparent
second-order rate constant for oxidation of PG-(R)-sulfoxide by "OH, k:OH_.app.PG-(R)-sulfoxjde ,

was determined as 7.4 (+0.1) x 10° M''s™ at pH 7 (see Figure S5.21 for a detailed plot of the
corresponding experimental data). Accompanying changes in the antibacterial activity of a
"OH-treated PG-(R)-sulfoxide solution were monitored via microdilution assay. The results of
the biological assay are shown in Figure 5.9, plotted in terms of residual potency equivalents
(PEQs) (calculated from eq 1) vs. the normalized residual concentration of parent molecule,
[C]/[CJo. These data illustrate that slightly less than 1 PEQ appears to be depleted per mole
equivalent of the parent molecule oxidized. This may be indicative of the formation of
moderately active oxidation products such as p-hydroxy benzylpenicillin-(R)-sulfoxide, in

analogy to the potent antibacterial molecule p-hydroxybenzylpenicillin (penicillin X) (35,36),
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Figure 5.9. Deactivation of PG-(R)-sulfoxide samples treated with increasing "OH exposures
in 1-mM, pH 7 phosphate buffer. The raw dose-response relationships from which these data
were obtained are shown in Figure S5.23.

which is reportedly formed during ‘OH treatment of PG (37). Nevertheless, the measured
deviation from ideal deactivation stoichiometry is relatively minor (generally < 20%), and
PG-(R)-sulfoxide is clearly deactivated quite effectively by "OH.

In contrast to PG-(R)-sulfoxide, CP-(R)-sulfoxide is susceptible to further

transformation by Oj; (as illustrated in Figure 5.6b and Scheme 5.2), and presumably also to
‘OH. The kg)S,app,CP-(R)—sulfoxide and kl'OH,app,CP-(R)-sulfoxide values corresponding to these

reactions were determined to be 2.6 (£0.3) x 10* M's™ and 7.6 (+0.2) x 10° M's! |
respectively, at pH 7 (see Figure S5.22 for detailed plots of the corresponding experimental
data). The good agreement between measured and predicted activities in CP solutions treated
with O3 (Figure 5.8b) provides a preliminary indication that the former reaction results in loss
of CP-(R)-sulfoxide’s antibacterial activity, as formation of any appreciably active product
from CP-(R)-sulfoxide would have resulted in a marked positive deviation of measured
activities from predicted values. As shown in Figure 5.10a, which depicts the results obtained
from microdilution assay of Os-treated CP-(R)-sulfoxide samples, this is indeed the case. In
addition, corresponding results for ‘OH-treatment (Figure 5.10b) illustrate that CP-(R)-
sulfoxide is also deactivated with effectively ideal stoichiometry by ‘OH.

5.3.6 Implications for S-lactam deactivation during ozonation of municipal
wastewaters. The results of this investigation, when evaluated in the context of the reaction
kinetics measured for oxidation of PG, CP, and their corresponding (R)-sulfoxides by O3 and
‘OH, suggest that the antibacterial activities of these representative S-lactams, as well as the

activities of many other structurally-analogous penicillins and cephalosporins, should be
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Figure 5.10. Deactivation of CP-(R)-sulfoxide samples treated with increasing (a) Oz and (b)
"OH exposures in 1-mM, pH 7 phosphate buffer (which also contained 5-mM #-BuOH for the
O; experiments). The raw dose-response relationships from which these data were obtained
are shown in Figure S5.24.

effectively eliminated during ozonation of aqueous matrixes as long as the parent f-lactam is
itself analytically verified (e.g., by LC/MS/MS) to be depleted from solution, and as long as
‘OH plays a significant role in the oxidation process (as the biologically-active (R)-sulfoxides
are apparently formed only via direct reactions of PG and CP with O3).

Accordingly, a semi-quantitative estimate of the relative degree to which O; and ‘OH
influence PG and CP oxidation during ozonation of a hypothetical wastewater can aid
substantially in evaluating the likely significance of (R)-sulfoxide formation under varying
conditions. This can be achieved by first calculating the parameter f.onm(s (i-€., the fraction
of model compound, M, oxidation attributable to "OH) for varying ratios of cumulative ‘OH
exposure to cumulative O3 exposure after an arbitrary exposure time, 7, according to eq 3

(4,19,38),

T T " —1
kO ,app,M ko,.appM [ 1
foorM(r) =| 1+ 20— I OH Jds IO3]dt =[1+—=2 3)

OH ,app,M 0 0 k°OH,app,M RCt(T)

T

where Ry represents the cumulative ratio of ‘OH exposure,”* OH]dt, to O3 exposure,
0

[03]0’1 , after time, 7, and the rate constants for PG and CP can be obtained from (4). The

O ey

results of these calculations are depicted in Figure 5.11, for which the range of R values
likely to be encountered during ozonation of municipal wastewaters (estimated on the basis of

data reported in (20,39)) is shaded in gray.
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Figure 5.11. Theoretical variations in PG and CP deactivation efficiencies with changing
Re (1.€., the cumulative in situ ratio of "OH and O3 exposures up to an arbitrary reaction
time, 7), during ozonation at pH 7. Theoretical fractions, f.on(), of PG and CP oxidation
attributable to reactions with ‘OH are depicted with theoretical (R)-sulfoxide yields (Y ).-
sulfoxide) 1N Mole product/mole parent compound reacted at oxidant doses sufficient to yield
~100% depletion of PG and CP, as well as the corresponding residual antibacterial activities,
PEQres. (»)-sulfoxide, attributable to the resulting (R)-sulfoxide concentrations. The data shown in
this figure were obtained by assuming ~55% and ~16% (R)-sulfoxide yields for ~100% PG
and CP consumption by Os, respectively (according to Figure 5.6), 15% and 83% potencies
for PG- and CP-(R)-sulfoxide (relative to PG and CP, respectively, according to Figure 5.7),
and roughly quantitative elimination of PG and CP activity via ‘OH reactions (according to

the data reported in (/5)). The approximate range of R values shown here (shaded in gray)
for municipal wastewaters is based on data reported in (20).

Assuming that the f-lactam-(R)-sulfoxides are formed only by direct reaction of O3
with each f-lactam, one may then evaluate the variation in theoretical yields of PG- and CP-
(R)-sulfoxide (Y (r)-sutfoxide) With changing R, values for a particular degree of PG or CP
depletion. This can be achieved by multiplying the fosm( (i.€., 1 — fionm(s) values calculated
for PG and CP at each R, value (via eq 3) by the (R)-sulfoxide yields, yz)-sulfoxide, measured
for the selected degree of parent compound consumption in Os-treated, phosphate-buffered
solutions of PG and CP (Figure 5.6). As an example, theoretical Y z)sulfoxide Values calculated
for oxidant doses sufficient to achieve ~100% consumption of PG and CP are depicted as
dash-dot-dashed lines in Figure 5.11, where the y()sufoxide Values measured for PG-(R)-
sulfoxide and CP-(R)-sulfoxide formation at ~100% PG and CP consumption were ~0.55 and
~0.16 mole/mole of parent compound consumed by Os, respectively (Figure 5.6).

Theoretical residual antibacterial activities, PEQyes. (r)-sulfoxide, attributable to the (R)-
sulfoxide yields at each R value can likewise be calculated by multiplying each Y (z)-sutfoxide

value by the measured potency of the corresponding purified (R)-sulfoxide relative to its
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parent f-lactam (where each yield and potency is expressed as a fractional value). Values of
PEQres. (»)-sulfoxide calculated for complete consumption of PG and CP at each R, are depicted
as dotted lines in Figure 5.11 (taking the measured potencies of PG- and CP-(R)-sulfoxide to
be ~0.15x and ~0.83x those of PG and CP, respectively, according to the dose-response
relationships presented in Figure 5.7).

The data shown in Figure 5.11 indicate that the magnitude of PEQqes. (r)-sulfoxide 1S likely
to be appreciable only at the low end of the R range likely to be observed during secondary
effluent ozonation, for which O3 exposure will be sufficiently high to result in appreciable
formation of Os-derived oxidation products. Such conditions - which will be found at the left
side of the shaded gray region in Figure 5.11 - are most likely to occur only in effluents
containing relatively low DOC concentrations (e.g., < 5 mg/L) or high ‘OH scavenger
concentrations (e.g., [carbonate]i > 10 mM), or at high transferred O; doses (e.g., > 10
mg/L) (34,39). Thus, it may be concluded that PG and CP (R)-sulfoxides will generally be
formed in relatively minor yields during wastewater ozonation. Furthermore, the data
presented in Figure 5.11 are inherently conservative, as they do not account for further
oxidation of the biologically-active (R)-sulfoxides by Oz or ‘OH. That is, even if these (R)-
sulfoxides are formed in appreciable yields, they will ultimately be deactivated by reactions
with either O3 (CP-(R)-sulfoxide only) or ‘OH, even at the relatively low transferred O; doses
likely to be applied to municipal wastewater effluents (i.e., ~5-10 mg/L (/9,40)), according to
Figures 5.9 and 5.10. The same conclusions should apply generally to any f-lactam
antibacterial compound for which the main targets of direct attack by O are the characteristic
thioether or cephalosporin C-2/C-3 double bond, during ozonation of aqueous matrixes for

which R values consistently exceed ~107.
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Figure S5.1. Ultraviolet spectra of (a) PG, (b) PG-(R)-sulfoxide, (¢) and PG-(S5)-
sulfoxide, acquired via the HPLC-UV analytical method described for PG in the
Materials and Methods section of the main text
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Figure S5.2. Ultraviolet spectra of (a) CP, (b) CP-(R)-sulfoxide, (¢) CP-(S)-sulfoxide, (d)
CP-P24, (e) CP-P28, and (f) CP-P33, acquired via the HPLC-UV analytical method
described in the Materials and Methods section of the main text
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Figure S5.3. High-resolution, full-scan, positive-mode ESI mass spectrum acquired for
PG, using the Orbitrap FT-MS as detector
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Figure S5.4. (a) High-resolution, full-scan, positive-mode ESI mass spectrum acquired
for PG-(R)-sulfoxide, using the Orbitrap FT-MS as detector, and (b) Normal-resolution,
positive-mode ESI Ms’ spectrum acquired for PG-(R)-sulfoxide, using the LTQ linear-
ion trap for target ion fragmentation and product detection
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Figure S5.5. (a) High-resolution, full-scan, positive-mode ESI mass spectrum acquired
for PG-(S)-sulfoxide, using the Orbitrap FT-MS as detector, and (b) Normal-resolution,
positive-mode ESI Ms’ spectrum acquired for PG-(5)-sulfoxide, using the LTQ linear-
ion trap for target ion fragmentation and product detection
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Figure S5.6. High-resolution, full-scan, positive-mode ESI mass spectrum acquired for
CP, using the Orbitrap FT-MS as detector
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Figure S5.7. (a) High-resolution, full-scan, positive-mode ESI mass spectrum acquired
for CP-(R)-sulfoxide, using the Orbitrap FT-MS as detector, and (b) Normal-resolution,
positive-mode ESI MS” spectrum acquired for CP-(R)-sulfoxide, using the LTQ linear-

ion trap for target ion fragmentation and product detection
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Figure S5.8. (a) High-resolution, full-scan, positive-mode ESI mass spectrum acquired
for CP-(S)-sulfoxide, using the Orbitrap FT-MS as detector, and (b) Normal-resolution,
positive-mode ESI MS? spectrum acquired for CP-(S)-sulfoxide, using the LTQ linear-
ion trap for target ion fragmentation and product detection
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Figure S5.9. (a) High-resolution, full-scan, positive-mode ESI mass spectrum acquired
for CP-P24, using the Orbitrap FT-MS as detector, and (b) High-resolution, positive-
mode ESI MS? spectrum acquired for CP-P24, using the Orbitrap for target ion

fragm

entation and product detection
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Figure S5.10. (a) High-resolution, full-scan, positive-mode ESI mass spectrum acquired
for CP-P33, using the Orbitrap FT-MS as detector, (b) High-resolution, positive-mode
ESI MS’ spectrum acquired for CP-P33, using the Orbitrap for target ion
fragmentation and product detection, (c) High-resolution, positive-mode ESI MS?
spectrum acquired for the CP-P33 + NH," adduct (m/z 397.1178), using the Orbitrap for
target ion fra%mentation and product detection, and (d) Normal-resolution, positive-
mode ESI MS” spectrum acquired for CP-P33 + Na" adduct (m/z 402.0730), using the
LTQ linear-ion trap for target ion fragmentation and product detection
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Figure S5.11. (a) High-resolution, full-scan, negative-mode ESI mass spectrum acquired
for CP-P33, using the Orbitrap FT-MS as detector, and (b) High-resolution, negative-
mode ESI MS? spectrum acquired for CP-P33, using the Orbitrap for target ion
fragmentation and product detection
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Figure S5.13. Solid-state FT-IR spectra acquired for (a) CP, (b) CP-(R)-sulfoxide, (¢)
CP-(S)-sulfoxide, and (d) CP-P33
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Figure S5.14. '"H NMR spectra acquired for CDCl; solutions of (a) PG-(S)-sulfoxide and
(b) PG-(R)-sulfoxide
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Figure S5.15. '"H NMR spectra acquired for DMSO-d; solutions of (a) PG, (b) PG-(5)-
sulfoxide, and (c¢) PG-(R)-sulfoxide
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Figure S5.16. '"H NMR spectra acquired for DMSO-d; solutions (a) CP, (b) CP-(S5)-
sulfoxide, and (c) CP-(R)-sulfoxide
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Figure S5.17. "H NMR spectra acquired for DMSO-dg solutions of (a) CP-(S)-sulfoxide,
(b) CP-P24, and (c) CP-P33
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Figure S5.18. "H NMR spectra acquired for D,O solutions of (a) CP, (b) CP-(S)-
sulfoxide, and (¢) CP-(R)-sulfoxide
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Figure S5.19. "H NMR spectra acquired for D,O solutions of (a) CP-(S)-sulfoxide, (b)
CP-P24, and (c) CP-P33
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Figure S5.20. Natural abundance '"H,>"N HMQC spectra acquired for DMSO-dg
solutions of PG and PG transformation products and D;O solutions of CP and CP
transformation products, except for CP-P33 which was analyzed in DMSO-d¢
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Figure S5.21. Competition kinetics plot for reaction of PG with ‘OH (using pCBA as a
reference competitor) in 1-mM, pH 7 phosphate buffer
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Figure S5.22. Competition kinetics plots for reaction of CP with (a) O3 (using PG as a
reference competitor) and (b) "OH (using pCBA as a reference competitor) in 1-mM, pH 7
phosphate buffer (which also contained 5-mM 7~-BuOH for the O3 experiments)
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Figure S5.23. Dose-response relationships measured for oxidation of PG-(R)-sulfoxide by
*OH. %I measurements (symbols) depicted with 95% confidence intervals determined for
triplicate data sets. Fits (lines) obtained as described in Materials and Methods section of the
main text. The independent variable “dilution” is determined as described in the caption to

Figure 5.7 in the main text.
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Figure S5.24. Dose-response relationships measured for oxidation of CP-(R)-sulfoxide by (a)

Os and (b) *OH. %I measurements (symbols) depicted with 95% confidence intervals

determined for triplicate data sets. Fits (lines) obtained as described in Materials and Methods
section of the main text. The independent variable “dilution” is determined as described in the

caption to Figure 5.7 in the main text.
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Chapter 6

Wastewater ozonation is rapidly becoming a process of choice for tertiary wastewater
treatment applications in which a major objective is micropollutant oxidation prior to
discharge or reuse of the treated effluents. Several of the more notable reasons for this
resurgence in the popularity of Oj-based treatment have been (a) relatively extensive
historical experience in the design and application of gas-liquid ozonation applications in
water treatment, (b) the reported effectiveness of ozonation in yielding the apparent
elimination of many micropollutant molecules (e.g., pharmaceuticals, natural steroid
hormones, biocides, anti-corrosive agents), whether by direct reactions with O3 or with
incidentally-produced ‘OH, and (c) a perception that Os-based treatment is relatively green
(i.e., it leaves no stable residual, and utilizes only O, and electricity as inputs).

In regards to the second of these factors, there has been frequent discussion within the
literature as to whether the analytically-apparent “disappearance” of various micropollutant
classes during ozonation is accompanied by (i) loss of their undesirable properties (in the case
of such biologically-active compounds as steroid hormones and antibacterial agents), or (ii)
emergence of undesirable properties associated with formation of unidentified transformation
products. While each of these two topics is of sufficient importance to merit study in the
context of human health and ecotoxicological risks, the first seems to be of substantially
greater priority as regards wastewater treatment, primarily due to the fact that certain classes
biologically-active wastewater-borne micropollutants that exert target-specific modes of
activity - namely the steroid hormones and antibacterial agents - are already sufficiently
potent that the concentration levels at which they are present in wastewaters may approach or
exceed relevant biological effect levels for various susceptible aquatic organisms. Any
deleterious transformation products generated during ozonation would likewise have to be of
very high target-specific toxicity to exert appreciable effects on a given organism, which is
relatively unlikely, considering the restrictive stereochemical and physical-chemical
constraints on typical target-specific biological effects.

As of the initiation of this work, appreciable data was available as to the O; and ‘OH
reaction kinetics and toxicological outcomes of Os-based treatment for steroid hormones.
However, only limited data was available pertaining to reaction kinetics for oxidation of
antibacterial molecules by O; and 'OH, and essentially no information was available as to
how the biological activities of antibacterial agents were affected by such reactions during
ozonation. Accordingly, the present investigation was undertaken with the primary objectives
of (a) measuring the kinetics of O3 and "OH reactions with representative members of the

most prominent antibacterial classes present in municipal wastewaters, (b) determining the
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resulting changes in biological activities of these model antibacterial compounds, (c) in the
case of model compounds not deactivated by reaction with either oxidant — identifying and
characterizing the biologically active products, and (d) providing the data necessary to make
informed decisions as to the likely benefits of and design requirements for utilizing Os-based
oxidative treatment to achieve elimination of target-specific antibacterial activities. The

corresponding outcomes and major conclusions of this work can be summarized as follows:

All of the model antibacterial compounds included in this investigation were found to be

oxidized by Oz with apparent second-order rate constants, &, >1x10° M'ls'l, atpH 7,

O5,app

with the exception of N(4)-acetyl-sulfamethoxazole, for which ké} app 18 2.5 x 102 M's7

k

83,app (pH 7) for macrolides, sulfamethoxazole, trimethoprim, tetracycline, vancomycin,

amikacin, and triclosan were found to correspond to oxidation of biochemically essential
moieties. Initial reactions of O3 with N(4)-acetylsulfamethoxazole, fluoroquinolones,
lincomycin, and flactams do not lead to appreciable oxidation of biochemically essential
moieties, although O; does attack such moieties within the fluoroquinolones and
lincomycin via slower secondary reactions. During ozonation of various secondary

municipal wastewater effluent samples, measured model compound losses were highly

0,.app» DUt effectively independent of k,"OH,app . O3 doses > 3 mg/L yielded >

dependent on £

Oyapp = 2 X 10* M'ls'l). Eleven of the model

99% depletion of fast-reacting substrates (&

compounds were oxidized primarily via direct reactions with Oj, whereas only four
(amikacin, penicillin G, cephalexin, N(4)-acetylsulfamethoxazole) were oxidized to a
substantial degree by ‘OH. These results provide a strong indication that many antibacterial

compounds will be oxidized in wastewater via selective reactions with Os.

Microbiological assays developed to quantify the changes in antibacterial potencies
resulting from treatment of each model antibacterial compound with increasing doses of O
and "OH show that O; and "OH reactions lead in nearly all cases to stoichiometric
elimination of antibacterial activity (i.e., loss of one mole equivalent of potency per mole
of parent compound consumed). The f-lactams penicillin G (PG) and cephalexin (CP)
represent the only two exceptions, as bioassay measurements indicate that the direct
reaction of these two compounds with O3 leads to formation of biologically active

transformation products. Nevertheless, these data, coupled with knowledge of ozonation
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process data at the pilot- and full-scale, suggest that wastewater ozonation will generally
yield sufficient structural modification of the investigated antibacterial molecules to
eliminate their antibacterial activities, whether oxidation results from selective reactions

with Oj; or from relatively non-selective reactions with incidentally-produced "OH.

PG was found to yield two major products in nearly equal yields, together accounting for
approximately 100% of the parent compound consumption. These two products were
identified unambiguously as the stereoisomeric (R)- and (S)-sulfoxides of PG. The former
of these was determined to retain roughly 15% of the potency of the parent PG molecule,
whereas the latter was functionally inactive. Each of the PG sulfoxides was determined to

be recalcitrant toward further oxidation by Os;. However, the (R)-sulfoxide was readily
transformed by ‘OH (with k-“OH,app: 7.4 x 10° M''s”, at pH 7), resulting in roughly

quantitative elimination of its biological activity. CP was found to yield four major
transformation products. These were unambiguously identified as the (R)- and (S)-
sulfoxides of CP (formed in ~34% and ~18% yields) and two C-2/C-3 double bond
cleavage products (formed in ~5% and >28% yields); one a structural analogue of the
penicilloic acid of CP - formed by intermolecular nucleophilic attack of H,O on the
electrophilic C-8 carbon of the CP f-lactam ring, and the other a 7-piperazine-8,12-dione
containing rearrangement product - formed by intramolecular nucleophilic attack of the N-
18 amino nitrogen on the same carbon. As in the case of PG, the (R)-sulfoxide of CP was
found retain considerable biological activity (~85% that of the parent CP molecule),
whereas each of the three other CP transformation products was determined to be

functionally inactive. CP-(R)-sulfoxide was found to be susceptible to further oxidation by

both O; and "OH (with k¢, = 2.6 x 10° M's™ and k.o 4, = 7.6 x 10° M's™", at pH 7),

leading to approximately quantitative elimination of antibacterial activity in each case.
These results, when evaluated in the context of the reaction kinetics measured for
oxidation of PG, CP, and their Os-derived transformation products, suggest that the
antibacterial activities of these representative f-lactams, as well as the activities of many
structurally-analogous penicillins and cephalosporins, should be effectively eliminated

during ozonation of municipal wastewaters.

In summary, the results obtained from this investigation demonstrate that, not only are

most antibacterial molecules rapidly oxidized during ozonation of municipal wastewater by
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selective reactions with Os, but that these reactions generally occur at target sites for which
structural modification by Os results in quantitative loss of the parent antibacterial molecules’
mode-specific biological activities. Furthermore, oxidation of every antibacterial molecule
included in this investigation by ‘OH - which will be produced in high yield during any
wastewater ozonation process - led to nearly quantitative elimination of the model
antibacterials’ biological activities. In the only cases for which biological activities were not
eliminated via the initial reaction with Oz — that is, for the two f-lactams PG and CP — the
biologically active (R)-sulfoxide products formed in these reactions could be further oxidized
by either O3 (CP-(R)-sulfoxide only) or 'OH (both CP-(R)-sulfoxide and PG-(R)-sulfoxide) to
inactive products. These findings, when taken into consideration with additional operational
data obtained here and in other investigations of municipal wastewater ozonation, suggest that
effectively complete deactivation of nearly every major antibacterial structural class will be
achieved at the 5-10 mg/L O3 doses typically required to achieve close to 100% depletion of
such antibacterial molecules in such matrixes. This in turn leads to the more general
conclusion that wastewater ozonation can now be expected to provide a robust, relatively
efficient barrier to discharge of biologically-active antibacterial compounds - which are,
outside of steroiod hormones, one of the most potent biologically-active sub-classes of

micropollutants known to be present in wastewaters.
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Abstract

Bench-scale, semi-batch experiments were performed to examine physical-chemical
constraints on ozone (O3) absorption and micropollutant oxidation during ozonation of
source-separated hydrolyzed urine and the concentrate and diluate streams produced via
electrodialysis of hydrolyzed urine. O3 consumption by each matrix was found to occur within
a fast pseudo-first-order kinetic regime. Critical constraints on micropollutant oxidation were

found through mass transfer modeling to be (i) micropollutant diffusion from the bulk

solution into the gas-liquid interfacial film for compounds recalcitrant toward Os (e.g., kg)},app

<< 10* M's™), and (ii) aqueous-phase mixing for compounds highly reactive toward Os (i.c.,

k2)3,app >>10° M"'s™). Homogeneous chemical reaction modeling indicated that aqueous

reaction chemistry is significantly influenced by the degree to which incidentally-produced
hydroxyl radicals are consumed by NHj3 in each matrix, in terms of (a) micropollutant
oxidation efficiencies, and (b) potential yields of oxidation by-products. On the basis of the
experimental data reported here, per capita energy requirements were estimated for treatment
of source-separated urine via (1) ozonation, (2) ozonation with post-electrodialysis, and (3)
electrodialysis with post-ozonation. These estimates indicate that scenario (1) would likely be
less energy efficient than ozonation of municipal wastewater effluent in achieving equivalent
reductions in urine-derived micropollutant loads, whereas scenarios (2) and (3) could be more
efficient than equivalent centralized wastewater treatment strategies in achieving equivalent
levels of urine-derived nutrient and micropollutant attenuation. Furthermore, experimental
and model data suggest that urine ozonation efficiency may be substantially improved by

optimizing aqueous-phase mixing and specific gas-liquid interfacial area.
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A.1 Introduction

The discharge of urine-derived nutrients and micropollutants from municipal sewers has
traditionally been attenuated by implementation and augmentation of “end-of-pipe” municipal
wastewater treatment processes. However, considering that the per capita volumetric flow of
human urine represents < 1 % of the total flow of municipal wastewater (/), yet contains a
disproportionately large fraction of many biologically-active micropollutants (e.g.,
pharmaceuticals and natural hormones (2)) and nutrients (e.g., 80% of nitrogen, 50% of
phosphorous, and 90% of potassium (/,3)), treatment of source-separated urine may present
an attractive alternative for minimizing the passage of such species into municipal sewers.
Urine separation and treatment also enable the recovery of nutrients for potential re-use in
agriculture, although for such applications to garner a high degree of public and/or regulatory
acceptance, urine-derived micropollutants will likely need to be separated from recoverable
nutrient content or deactivated if possible. In principle, various treatment options could be
applied to produce an acceptable, minimal-risk agricultural product from urine (e.g.,
nanofiltration, struvite precipitation, or electrodialysis) (4). However, these processes are
variably effective in separating inorganic nutrients from organic micropollutants, and none
achieves complete separation, necessitating a supplemental treatment process capable of
selectively removing or degrading organic micropollutants.

Ozonation presents a particularly attractive option for degrading and deactivating the
more potent, biologically-active micropollutants present in urine, such as estrogenic steroid
hormones (5) and antibiotics (6). Prior work has demonstrated that the estrogenic activity of
17-a~ethinylestradiol (EE2)-spiked urine is lowered by greater than two orders of magnitude
at an absorbed O3 dose of 1.1 g/L (7). Furthermore, Escher et al. (2006) reported that
absorption of ~1-2 g/L. of O3 yields ~70%-90% reductions in the general algal toxicity of a
20:80 tap water:hydrolyzed urine solution and ~60-75% toxicity reductions for a similar
solution spiked with a representative suite of pharmaceuticals (7).

The As a variety of complementary treatment processes are available for facilitating
nutrient recovery and removal from source-separated urine (4), ozonation could foreseeably
be applied for micropollutant oxidation in a wide range of process configurations. For
example, Oz could be applied with electrodialysis (ED), struvite precipitation, or
nanofiltration, or as a stand-alone process if urine is simply collected for pre-treatment prior
to discharge into municipal sewers. Several such options were explored here by performing

semi-batch ozonation of hydrolyzed urine, ED diluate (the diluted ED membrane reject
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stream, which is depleted of charged species), and ED concentrate (the concentrated ED
membrane permeate, which is enriched in charged species) spiked with a suite of six model
micropollutants: p-chlorobenzoic acid (pCBA), carbamazepine (CM), diclofenac (DC), EE2,
ibuprofen (IP), and propranolol (PP) (all shown in Table SA.1). These model compounds,

with apparent second-order rate constants for the direct reaction with Os, k2)3,app , spanning

over nine orders of magnitude under the experimental conditions used here (Table SA.1),
were selected to enable characterization of the relative influence of homogeneous reaction
kinetics and mass transfer on micropollutant oxidation rates during ozonation of each urine
matrix.

Micropollutant losses during ozonation were monitored by HPLC and correlated with
absorbed Os doses and estimated in situ yields of hydroxyl radical ((OH), which is generated
via auto-catalytic O3 decomposition (8) and/or reactions of O3 with various constituents of
dissolved organic matter (9,10). Approximate ‘OH yields were determined by using pCBA as
a selective "OH probe (/7). A numerical model accounting for mass transfer constraints on the
homogeneous, aqueous-phase kinetics of O; and ‘OH reactions with individual matrix
constituents was developed to examine fundamental physical-chemical limitations on the
micropollutant oxidation rates observed during heterogeneous ozonation of each urine matrix.
Additional homogeneous chemical modeling was utilized to evaluate the importance of
secondary reactive species formed via ‘OH reactions with prominent matrix constituents.
Model results were then compared with experimental data to evaluate key operational aspects
of urine ozonation, including: (1) energy inputs required to achieve selected effluent quality
targets, (2) opportunities for optimization of gas-liquid O; transfer and reactor configuration,
and (3) potential formation of undesirable oxidation by-products, in order to highlight

possible opportunities for enhancing the efficiency and effectiveness of urine ozonation.

A.2 Experimental Section

A.2.1 Chemicals and urine matrixes. All model compounds used in this study were of
95% purity or higher. Chemical sources and stock compound preparations are described in the
Supporting Information for Appendix A, Text SA.1. Natural urine (male only), ED diluate,
and ED concentrate were collected and/or prepared as described in Text SA.1. Important

matrix parameters are listed in Table A.1.
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Table A.1. Urine matrix characteristics
Alkalinity  NHs; Phosphate DOC

Matrix PH  MHCO,) @NL) (mgPL) (gCL)
Hydrolyzed urine 9 03-032 4146 200220  1.8-2.0
ED diluate 8 0.03 0.4 39 1.6"
ED concentrate 9 0.99 14.9 630 4.9?

“Addition of ethanol-based pharmaceutical stocks to the ED feed solution from which ED diluate and ED
concentrate solutions were derived resulted in increased DOC levels within the diluate and concentrate (see Text
SA.1).

A.2.2 Analytical Methods. All model compounds were measured by HPLC (see Text
SA.1 for a method description). Additional water quality parameters were determined as
described in Text SA.1.

A.2.3 Experimental conditions and methods. Ozonation. Semi-batch experiments
were carried out in a stirred, thermostatted glass vessel with a total volume of 1.7 L (see
Figure SA.1); typically at 25° C (additional experiments demonstrated that temperature
variations from 10° C to 25° C have minimal effect on observed micropollutant oxidation
rates, data not shown). O3 - produced with a Brown Boveri Co. LN103 generator, using pure
0, (0.8 bar) as a feed gas - was supplied to the urine solutions at a flow rate of 30 L/h, via a
2.5-cm diameter porous glass diffuser disc (Schott Duran P0, with a porosity of ~0.35 and
pore-size between 160 and 250 um) placed 2 cm above a rapidly rotating magnetic stir bar
(for continuous mixing of the bulk liquid phase). Gas-phase Oz concentrations, Co3(g),in and
Co3(g),0ut» Within the inlet and outlet gas streams of the reactor were measured
spectrophotometrically at 258 nm and recorded continuously at 1-s intervals with an on-line
data logger to monitor O3 absorption by each urine matrix. Absorbed Oz dose was calculated

from these concentrations and the gas flow rate.

A.3 Results and Discussion

A.3.1 Oxidation of micropollutants in hydrolyzed urine. Measured losses of pCBA,
CM, DC, EE2, IP, and PP during ozonation of hydrolyzed urine are presented versus absorbed
O3 dose for four applied gas-phase O3 concentrations in Figure A.1. The data presented here
illustrate that very high doses of O3 were required to achieve substantial degrees of
micropollutant oxidation, on account of the extremely high concentrations of Os-consuming
reactive matrix constituents (RMCs) (e.g., amino acids and activated aromatic compounds)

present in hydrolyzed urine (Table A.1) (/2). The data shown in Figure A.1 also indicate that
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Figure A.1. Observed and modeled losses for each model compound, compared to absorbed
O3 dose, during ozonation of hydrolyzed urine at Cosg)in = (a) 15 mg/L, (b) 30 mg/L, (c) 60
mg/L, and (d) 120 mg/L. Measured data are represented by symbols ( @ CM, @ pCBA, &
DC, V EE2, < P, © PP), whereas model results are depicted as lines (== == CM,

pCBA, ===DC, EE2, ===+ =P, PP). Solutions treated with
Co3(g).in = 15 and 60 mg/L were dosed with 1.0 x 10° M of CM, DC, IP, EE2, and PP, and 5.0
x 10° M of pCBA, whereas solutions treated with Cos(g)in = 30 and 120 mg/L. were dosed
with 1.0 x 10" M of all model compounds.

model compounds with relatively high rate constants for reaction with O; (1.e., CM, EE2, DC,
and PP - Table SA.1) were generally depleted at lower O3 doses than compounds with low
reactivity toward Os (1.e., IP and pCBA - Table SA.1), suggesting that direct reactions with O3
play an important role in governing oxidation rates of the four “fast-reacting” model
compounds during urine ozonation.

Furthermore, the absorbed O3 dose required to reach a given degree of micropollutant
oxidation increased with applied O3 concentrations for fast-reacting model compounds
(Figure A.1). For example, approximately 550, 750, 1100, and 1450 mg/L of absorbed O3
were required to achieve >99% depletion of EE2 at each of the four Co3g) in values,

respectively, indicating that the efficiency with which fast-reacting model micropollutants
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were oxidized (in terms of mole of micropollutant depleted per mole of O3 absorbed)
decreased significantly as Co3()in Was increased from 15-120 mg/L. In contrast, the oxidation
efficiency for pCBA - which does not react directly with O; (Table SA.1) - appeared to be
much less sensitive to Cos)in OVer the range of applied O3 concentrations. As shown in
Figure A.1, ~50% depletion of pCBA was achieved at absorbed O3 doses of 1050-1200 mg/L
in all four cases.

An additional feature of the data shown in Figure A.1 is the decreasing separation in
magnitudes of measured depletion rates for the fast-reacting micropollutants EE2, PP, CM,
and DC with mcreasing Cos(g)in- That 1s, the measured loss rates for each compound were
widely separated at the lowest applied O3 concentration, but converged toward a single loss
rate as Co3(g).in Was raised. This suggests the existence of a physically- or chemically-imposed
limit on the rate at which compounds were depleted by direct reaction with O3 during urine
ozonation, which will be discussed in greater detail below.

A.3.2 Oxidation of micropollutants in ED effluents. Measured profiles of
micropollutant depletion during ozonation of ED diluate and concentrate at Co3(g)in = 60 mg/L

are shown in Figure A.2. Much lower absorbed O; doses were required in ED diluate than in
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Figure A.2. Observed and modeled losses for each model compound, compared to absorbed
O3 dose, during ozonation of (a) ED diluate and (b) ED concentrate at Cos(g)in = 60 mg/L.

Measured data are represented by symbols ( @ CM, B pCBA, & DC, V EE2, @ Ip, ©
PP), whereas model results are depicted as lines (=== == CM, pCBA, ===D(C,

EE2, ==+=="=1P, PP). Solutions were dosed with 1.0 x 10° M of CM, DC,
IP, EE2, and PP, and 5.0 x 10° M of pCBA.

hydrolyzed urine to yield equivalent micropollutant losses (Figures A.lc, A.2a). For example,
at Co3(g).in = 60 mg/L, >99% EE2 loss was achieved at ~250 mg/L in ED diluate, compared to
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~1100 mg/L in hydrolyzed urine, whereas ~50% pCBA loss was achieved at ~350 mg/L in
ED diluate, compared to ~1100 mg/L in hydrolyzed urine.

In contrast, the absorbed O3 doses required to yield equivalent losses of fast-reacting
compounds (i.e., CM, DC, EE2, and PP) in ED concentrate were comparable to those for
hydrolyzed urine, while oxidation of pCBA was much less efficient in ED concentrate
(Figures A.lc, A.2b). For example, at Co3(g)in = 60 mg/L, >99% EE2 loss was achieved at
~1050 mg/L in ED concentrate and in hydrolyzed urine, whereas ~50% pCBA loss would
have been achieved at ~2400 mg/L (based on extrapolation from measured data) in ED
concentrate, compared to ~1100 mg/L in hydrolyzed urine.

The observations pertaining to ED diluate are consistent with expectations, as dilution
of charged RMC:s (e.g., amino acids) in the ED diluate should result in slower direct
consumption of aqueous Os, relative to the hydrolyzed urine feed solution. This should lead to
greater availability of dissolved Oj; for direct reactions with fast-reacting micropollutants in
the ED diluate. Furthermore, removal of carbonate, ammonia, and charged dissolved organic
matter (DOM) from the diluate stream during electrodialysis would be expected to result in
decreased scavenging of ‘OH by these species during ozonation of this matrix, resulting in
enhanced pCBA oxidation efficiency.

The observed trends in fast-reacting micropollutant loss during ED concentrate
ozonation are also in reasonable agreement with expected changes in ED concentrate
composition relative to hydrolyzed urine. Higher levels of charged RMCs in the ED
concentrate should yield faster direct consumption of O3 during ozonation. This should lead to
decreased availability of dissolved O3 for direct reactions with fast-reacting micropollutants.
However, the accompanying accumulation of charged "OH scavengers (e.g., HCO3/COs> and
NH;") in ED concentrate should result in attenuation of auto-catalytic O3 decomposition
resulting from "OH-mediated O, formation (8), thereby offsetting the effects of increased
direct O3 consumption by RMCs. As an additional consequence of the higher ‘OH-scavenger
levels in ED concentrate relative to hydrolyzed urine, pCBA oxidation efficiencies should be
decreased during ozonation of the former, in agreement with the trends shown in Figures A.lc
and 2b.

Substantial concentrations of ethanol (~87 mM) were present in each of the

electrodialysis product streams (as discussed in Text SA.1). Although this should not have
had an appreciable effect on oxidation rates of micropollutants with high values of k63’app ,

efficiencies with which Os-recalcitrant compounds (e.g., IP and pCBA) were oxidized by "OH
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in the ED product solutions were likely lower than would have been observed in the absence
of ethanol, due to consequent enhancement of "OH scavenging and auto-catalytic O3
decomposition rates (8). This effect is qualitatively illustrated by comparison of
micropollutant depletion rates in ethanol-free and ethanol-amended hydrolyzed urine (Figure
SA.2).

A.3.3 Quantitative modeling and system characterization. Modeling Gas-Liquid O;
Mass Transfer. Quantitative modeling of the heterogeneous urine ozonation process can aid in
elucidating the critical physical and chemical factors influencing the observations discussed
above, thereby highlighting potential opportunities for process optimization. Several
theoretical approaches are available for development of appropriate chemically-enhanced
mass transfer models, including Higbie’s and Danckwert’s surface renewal theories (/3), and
film theory (/4). For purposes of conceptual and computational simplification, the latter has
been implemented here. Physical-chemical parameters utilized in this modeling are
summarized in Table SA.2.

According to film theory, transfer of gas-phase O; into solution is governed by its
passage through a conceptual “film” separating the surface of each gas bubble from the bulk
solution (Figure A.3). In the case of a sparingly soluble gas such as O3, physical mass transfer
is dominated by liquid-phase resistance (/4). Consequently, dissolved O3 concentrations can
be assumed to be in equilibrium with Coj3() at the gas-film interface, allowing one to model
O3 mass transfer with a “one-film” approach (74).

When gas-phase Os is applied to an aqueous matrix containing very high excesses of
RMCs, O3 consumption by RMCs within the film may be so fast as to render rates of gas-
phase O3 absorption into the film insufficient to maintain an appreciable concentration of O3
in the bulk solution, yielding a “fast pseudo-first-order kinetic regime” of Oz absorption
(Figure A.3), in which reactions between micropollutants and dissolved Oj; are confined to the
film. On the initial assumption that such a condition prevailed in each of the systems
examined here (on account of the extremely high RMC concentrations present in each matrix

- Table A.1), absorption of O3 was modeled according to eq 1 (/4),

’[0s],, do;]

1, x
D 7, — > 1
dx? 03 dt M

D o3
where D o3 is the diffusion coefficient for O; in water (in m’ s'l), [Os]ix 1s the aqueous-phase
Os concentration (in mol L) at a given point x within the film, and o3 represents the rate of
O3 depletion within the film (in mol L™ s™), which is primarily a function of kinetics for the

reactions between Oz and RMCs within the urine matrix. Assuming steady-state and pseudo-
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Figure A.3. Representation of the interfacial film for a fast pseudo-first-order kinetic regime
with respect to O3 consumption, where [Os];5 1s governed by [RMC]i and [S]i 1s governed by
[O3]ix according to the pictured boundary value conditions, and Siow, Smod, and Shigh represent
hypothetical model compounds with low, moderate, and high reactivity toward Os,
respectively.

first-order conditions within the film at a given moment (as [RMC] 1s much larger than [Os];),
eq 1 could be simplified to eq 2,

[0s],

105 2 - k&h,RMC [03]1,,; =0 ()

where kb;,RMC is the pseudo-first-order rate constant (in s™) for O3 consumption by RMCs at

a given instant. With knowledge of Dj o3 (Table SA.2) and ké)g,RMC , €q 2 could then be

modeled as a boundary-value system with the constraints [O3];x = [Os]iq at x = 0 and [O3]ix =
0 at x = 8, where [O3]i¢q 1s the equilibrium O3 concentration at the gas-film interface, and & 1s
the film thickness (in m) (Figure A.3).

[O3]1.eq Was determined from the average gas-phase O3 concentration in the reactor,
[O3]gave » at a given time (calculated as described Text SA.2), using the appropriate

dimensionless solubility ratio, Hps, for each urine matrix (Table SA.2). The terms & and

k, ,rmc Were then calculated according to Texts SA.3 and SA.4. Following determination of
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each of these parameters, the initial assumption of a fast pseudo-first-order kinetic regime was
tested and validated for the full extent of modeled reaction times in each matrix, as described
in Text SA.4.

Modeling Heterogeneous Oxidation of Individual Micropollutants. Concentration

profiles of individual micropollutants, S, within the film were modeled with eq 3,

d’[s]

Dig R (k€)3 S [oX ]1,x [s]+ k-“OH,S [- OH][S]) =0 3)

" " . . 1 -1
where &, ¢ and k.o are the respective second-order rate constants (in mol L™ s™) for

reactions of O3 and *OH with S, and [O3];x was assumed to be governed independently by eq
2, as [S] was negligible compared to [RMC] in the urine matrix (Table A.1). For the same
reason, [ OH] was also assumed to be governed by eq 2, as ‘OH yields are dependent on
[O3]ix (15). Accordingly, [[OH] was estimated from the time-dependent term, Regq) ~
[[OH]/[O5]; (15) - measured using pCBA as an Os-recalcitrant ‘OH probe, as described in Text
SA.5. An empirical function describing R (Table SA.3) was then incorporated into eq 3, to
yield eq 4,

d*[S ’ .
D T8 0,1, 50, + Kinsfao)= 0 @
where Ry was assumed to be spatially-invariable at a given time (i.e., a plot of [ OH]x/[ OH]

vs. position, x, in the film would have traced that of [O3];x/[Os3]1,0, as shown in Figure A.3).

Equations 2 and 4 in turn constitute a single boundary-value system with the additional

constraints # =0 at x =0 and [S] = [S]buix at x = 8 (Figure A.3). Once the required input
X

parameters (listed in Tables SA.1, SA.2, and SA.3) were available, this system was solved
numerically by utilizing the MATLAB ODE system solver “bvp4c” (Mathworks, Inc.), to
obtain reactant concentrations at all positions X, across the length, 9, of the film (via Script
SA.1), yielding film profiles such as those depicted in Figure SA 4.

Coupling profiles of reactant concentrations in the film to analysis of the bulk solution.
When the bulk liquid phase in contact with gas bubbles in such a system as described here is
well-mixed, the effects of reactions taking place within the film on micropollutant behavior
within the bulk solution can be modeled via the same MATLAB script (Script SA1) by
reformulating eq 4 in terms of the flux, Jx (in mol m?s™), according to eq 5.

d(ds)_-1d [0,).0s]. .
A 1Th = ’ R
dx( dx j Dl,S dx (JS’X) Dl,S (kos,s +k-OH,s ct(t)) (5)
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The flux of S into the film at x = can then be determined at a given time via eq 6 (i.e., Fick’s

first law, with [S] expressed in units of mol m™),

d[S
Js,6 = —Dl,s(%szs (6)

which can be expressed in terms of the absorption rate, Ng 5, (in mol L's") of compound S

from the bulk solution into the film, according to eq 7,

_ Jsohs :_(d[s]j z_(@j
10000-5p)  \dr )5 \dt Jouy (7)

where A, (Table SA.2) is the specific gas-liquid interfacial area (in m*/m’) relative to the

Ng s

bubble-containing volume in the reactor (inclusive of gas and liquid volumes), determined as

described in Text SA.6, and 1-&, is the liquid holdup in the bubble-containing volume (i.e.,

Vi ui
_Hd ) (Text SA.6, Table SA.2).
Viiguia T Vas

However, inspection of the ozone reactor (Figure SA.1) reveals that the average
diameter of the bubble-containing volume produced by passage of Os-containing gas through
the 2.5-cm glass diffuser used here was significantly smaller than the reactor’s full 10-cm
inner diameter (Figure SA.1b). Thus, even with mechanical mixing, only a limited portion of
the liquid volume in the reactor was in contact with Os-containing bubbles at any given time.
Consequently, because no dissolved Os residual was present in the bulk solution during
ozonation, the reactor was segregated into two zones (Figure SA.1b): (i) a well-mixed
“reactive zone” within the bubble-containing volume, in which micropollutants could interact
with O3 and "OH at the gas-liquid interface (as in Figure A.3), and (ii) a “non-reactive zone”
outside of the bubble-containing volume, in which micropollutants were isolated from O; or
‘OH.

The reactive zone can be modeled as a typical semi-batch bubble column, within which
the liquid phase is completely-mixed, the gas phase in plug flow, and reactant behavior as
depicted in Figure A.3. However, modeling the reactive zone in isolation would not account
for micropollutant behaviors across the entire reactor, as fluid elements within the non-
reactive zone at a given instant would not have been directly affected by processes taking
place in the reactive zone (i.e., direct reactions with O3 and ‘OH could only have occurred
within the reactive zone). Rather, one must consider that fluid elements were continuously
exchanged between each zone at a rate governed by aqueous-phase mixing. Thus, the

observed rates at which micropollutants in the bulk liquid were depleted (Figures A.1 and
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A.2) would have been dependent not only on heterogeneous processes taking place within the
film, but also on their rate of transport fo the film (i.e., from the non-reactive zone to the
reactive zone).

These considerations suggest that observed micropollutant oxidation rates were actually
composites of (1) reactant diffusion rates into the interfacial film adjacent to each gas bubble
(as described by eqs 1-7), and (2) advective transport rates of micropollutants from the non-
reactive zone to the reactive zone. Diffusive limitations likely governed depletion rates of Os-
recalcitrant micropollutants (e.g., pCBA), as their diffusion into the film would presumably
have been too slow for advective transport to become a limiting factor (as shown for Sjo in
Figure A.3). In contrast, the depletion rates of micropollutants reacting very rapidly with O3
(e.g., EE2) were likely strongly dependent on mixing limitations, as their rates of diffusion
into the film could have been fast enough to exceed their rate of transport from the non-
reactive zone to the reactive zone (as illustrated for Sy in Figure A.3). Micropollutants with
intermediate reactivities toward Os (e.g., CM, DC, IP, and PP) would have been variably
subject to advective and diffusive mass transfer limitations (see Syoq in Figure A.3).

Depletion of a given compound from the bulk solution was therefore hypothesized to be
constrained in series by (a) advective transport and (b) diffusion. Accordingly, micropollutant

loss rates were modeled by modifying eq 7 to yield the “resistance-in-series” model

represented by eq 8,
-1
1000(1 - ¢
(@j =_( -e) 1 J @®)
dt bulk JS,ﬁAS kmix [S]bulk.

with the first term representing diffusive transport and the second term representing advective
transport, where approximate first-order “mixing constants,” k,'m.x (in s) - representing the

velocity of fluid element transport in the reactor, were extracted from the slopes of plots of
In(JEE2]/[EE2]p) vs. time (Figure SA.5b) - assuming that EE2 loss rates were governed
exclusively by advective transport limitations, according to the rationale discussed in Text
SA.7. Next, using Scripts SA.2 and SA.3, eq 8 was stepped by discrete time increments At,

according to eq 9,

d[S
[S]bulk,t+At ~ [S]bulk,t - [%) - At )
bulk,¢

to yield concentration profiles of [S]puk Versus time, which were then correlated with

measurements of absorbed O3 dose.
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The advective transport term in eq 8 provides a likely physical explanation for the
observed decrease in EE2 consumption per mole of O3 absorbed as Co3(g)in Was increased in
hydrolyzed urine (Figure A.1). Namely, even though the rate of O3 diffusion into the film
would have increased at higher Cos(g), the EE2 consumption rate could not have exceeded the
rate of EE2 transport to the film, resulting in higher apparent O3 absorption for approximately
the same rate of EE2 consumption. Likewise, these phenomena are consistent with the
relatively constant pCBA oxidation efficiency observed for increasing Cos(g)in (Figure A.1),
as pCBA loss would have been governed primarily by its rate of diffusion into the film (which
is directly proportional to Coj3(g)), rather than advective transport to the film.

Model results for oxidation of micropollutants in stored, hydrolyzed urine. Model
results for hydrolyzed urine are depicted as lines in Figure A.1. As shown here, modeled
depletion rates correlated well with corresponding measured depletion rates for CM, pCBA,
DC, and EE2, whereas IP and PP depletion rates were substantially underpredicted (Figure
A.1). On account of the urine matrix’s complexity, the reason for these higher than predicted
depletion rates is uncertain. However, interactions of IP and PP with secondary reactive
species (e.g., NH, and CO;") formed via reaction of "OH with matrix constituents such as
NH; and HCO;7/COs5* could represent one plausible explanation that would be consistent with
observed pollutant loss rates, as will be discussed in detail below.

Model results for oxidation of micropollutants in ED effluents. Model results for ED
diluate and concentrate are depicted as lines in Figure A.2. Model results for ED concentrate
also correlated well with measured rates of CM, pCBA, DC, and EE2 depletion, yet
substantially underpredicted measured IP and PP depletion rates (Figure A.2b). However, in
the case of ED diluate, model predictions correlated very well with observed depletion rates
for all model compounds (Figure A.2a). This is consistent with the possible role of secondary
reactive species derived from NH; and HCO3/COs> in mediating IP and PP loss rates in
hydrolyzed urine and ED concentrate, as ED diluate contains much lower concentrations of
NHj; and carbonate than the latter two matrixes (Table A.1).

A.3.4 Modeling homogeneous reaction chemistry and formation of secondary
radicals. A significant fraction of ‘OH generated during urine ozonation may react with NH;
and HCOg'/COgZ' (Table SA.4) to produce the aminyl radical, ‘NH,, and carbonate radical,
COs;™, respectively (16). According to calculations discussed in Text SA.8, resulting levels of
‘NH, and CO;~ should be ~10-50x higher than [[OH]ss in hydrolyzed urine and ED
concentrate, and ~4-8x lower than [[OH]s in ED diluate (Table SA.7), consistent with the

higher IP and PP loss rates in the former two matrixes (Figures A.1 and A.2).
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Comparison of the aromatic structures of PP and IP, as well as PP’s secondary amine
(Table SA.1), with similar structures for which 'NH, and COs" rate constants are available
(16), suggests that PP is likely moderately to highly reactive toward each radical (i.e., 10* M

Is1< k. <10°M'st and 10° M's? < £ < 10" M's™), whereas IP is

""NH, .propranolol CO;" .propranolol

likely only appreciably reactive toward COs™ (ie., 10* M's™ < k-::o;" buprofen 10° M''s™).

Thus, considering the values of k:OH’ibupmfm and k,"OH,prmolol (Table SA.1), [ NH;]s and

[CO3™ ] would likely have to be ~10*-10%x higher than ["OH], for 'NH; and CO3™ to compete
with "'OH in oxidizing IP and PP. It is therefore unlikely that direct production of 'NH; and
CO;" via reactions of "'OH with NH; and HCOg'fCO;z' alone could account for the
discrepancies in modeled and measured IP and PP loss rates.

However, as NH, would be almost exclusively scavenged by O)q 10 0zonated urine
solutions (Table SA.6), additional CO;™ could be generated (with an equal yield of nitrogen
dioxide, "NO,) via formation and decomposition of peroxynitrite, ONOQO", in the presence of

COxaq), Via eqs 10-12 (17,18),

k10a . kuow
. .- k11 -
kyzat LSy . .
ONOO™ + COz(aq) _— ONOOCO, == 'NO, + CO;5"
K12ar fr\ k1ot
R k
12¢ N03 4 CO?_ 12d

(12)
where rate constant magnitudes are as reported in (/6-18) and O,” would be generated via O,
reduction by carbon-centered radicals produced in reactions of ‘OH, COs", or 'NH, with
DOM (106), or by direct reactions of O3 with certain DOM moieties (/0). Due to the ~1-mM
COxq) concentrations present at equilibrium with [carbonate]; in hydrolyzed urine at pH 9,
f1n.onoo- 1n such solutions should have been ~33 ms (78), which is of the same order of

magnitude as the characteristic time for ONOO' diffusion through the film to the bulk solution

: 5? _ . .
(e, fir onoor = = ~ 72 ms (14), assuming Dionoo- ~ 2 x 10® m?/s for an inorganic
1.ONOO®

solute such as ONOO™ (/9)). This suggests that ONOO™ levels within the film would have
followed a profile similar to that shown in Figure SA.6, where ONOO™ depletion via eq 12 1s
offset by its production via eqs 10 and 11 and its diffusion from regions of the film closer to
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the gas-film interface (where [O;]; is higher), thereby sustaining appreciable 'NO, and CO3"
levels even in the absence of O3 (Figure SA.6).

The possibility that 'NO, and CO;"~ production via eqs 10-12 might account for the
discrepancies in predicted and measured IP and PP loss rates was investigated by using
Kintecus (20) to model a hypothetical system comprising the reactions expected to be most
important in governing homogeneous redox chemistry during ozonation of hydrolyzed urine
and ED diluate, at Co3(g)in = 60 mg/L (Table SA.8). This system was modeled for each matrix
under: (1) steady-state conditions approximating reactant concentrations at the gas-film
interface (i.e., x = 0), where [O3]ix = [O3]ieq, and (2) dynamic conditions approximating the
evolution of reactant concentrations across the film as Os is depleted with increasing distance
from the gas-film interface (i.e., from x = 0 to x = §). Corresponding model results are
included in the Figures SA.7-SA.10.

The Kintecus model output for hydrolyzed urine under condition (1) validates the
['NH;]s/[ OH]ss and [CO; " ]s/[ OH]ss values discussed above (Figure SA.7). Furthermore, the
corresponding results for condition (2) indicate that as O3 is depleted and ONOO"™ diffuses
across the film, the levels of 'NO, and CO;" generated via ONOOCO;" decay within the film
may be as much as 10°-fold higher than [[OH], (Figure SA.8). The model output obtained for
ED diluate under conditions (1) and (2) also indicates that 'NO, and CO;" levels should be
~10-20x lower during ozonation of ED diluate than in hydrolyzed urine (Figures SA.9,
SA.10). If the 2- to 10-fold deviations in measured and modeled IP and PP loss rates for
hydrolyzed urine were indeed solely attributable to an excess of secondary radical
concentrations over [ OH], such a 10-20x decrease in the ratios of [[NO,] and [CO3"] to [ OH]
would be expected to yield conditions in which measured loss rates agree with model results,
just as observed for ED diluate. Thus, the Kintecus model output is consistent with a positive
influence of radicals such as ‘NO, and CO;~ on IP and PP loss rates during ozonation of
hydrolyzed urine and ED concentrate.

Oxidation by-products and associated toxicological risks. The Kintecus models
described above also indicate that in situ concentrations of 'NO,, 'NO, and carbon-centered
radicals may be high enough during urine ozonation to yield appreciable quantities of nitrated
and nitrosated by-products via 'NO,-DOC" and 'NO-DOC" addition reactions (Figures SA.7 to
SA.10). Such by-products may be important in terms of potential chronic cytotoxic,
genotoxic, or carcinogenic effects, as reported for a variety of organic molecules bearing

nitro- or nitroso- groups (2/). Their formation could be circumvented by removing NH3 prior
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to ozonation; precluding "NO, and 'NO formation via ‘OH-NHj reaction pathways. This could
be achieved with optimization of such complementary processes as electrodialysis, ion
exchange, or biological nitrification/denitrification (4,22).

In a related matter, Br™ levels in urine are quite high (typically ~3-9 mg/L, or ~40-110
uM) (Z2). Although some bromate (BrOs’) may form via oxidation pathways mediated by
OBre during urine ozonation (23), overall BrOs” yields should be suppressed via HOBr/OBr
scavenging by NH; and DOC (23). Accordingly, should NH3 be removed prior to ozonation
for the purpose of minimizing nitrated and nitrosated byproduct formation, as discussed
above, substantial increases in BrOj;™ yields could result. Thus, any future decisions regarding
pre-treatment of urine prior to ozonation must take into account the likely impacts of NH;
removal on the formation of both nitrogenous oxidation byproducts and BrOs". For this
reason, detailed investigations into the potential formation of nitrogenous oxidation by-
products and BrOs™ under various operational conditions are strongly encouraged.

A.3.5 Practical operational implications of experimental observations and model
results. Estimated energy consumption for potential treatment scenarios. As demonstrated
above, ozonation of source-separated urine may provide an effective means of attenuating
urine-derived micropollutant loads to municipal sewers. Furthermore, when coupled with
additional pre-treatment (e.g., electrodialysis), the relatively high energy costs of ozonation
may be offset by the added benefits of nutrient recovery and decreases in nitrogen,
phosphorous, and potassium loading to downstream municipal wastewater treatment facilities.
However, except for potassium removal, similar effects can be achieved via enhanced “end-
of-pipe” wastewater treatment. For ozonation to prove feasible in the context of urine pre-
treatment, the costs and benefits of urine treatment strategies in which it is applied must be
demonstrated to compare favorably with centralized treatment strategies. Therefore, gross
primary energy inputs required to achieve selected treatment criteria related to oxidation of
urine-derived micropollutants were estimated - on the basis of the experimental data reported
in Figures A.1 and A.2 - for six hypothetical scenarios in which ozonation is utilized alone or
with electrodialysis (I-VI), and compared with energy inputs required for four equivalent end-
of-pipe treatment scenarios (A-D). Energy needs for pumping and infrastructure fabrication
were excluded from these calculations.

In scenarios (I), (III), and (V), energy requirements were calculated for > 99%
elimination of estrogenicity derived from steroid hormones (using EE2 as a model) via
ozonation of (I) hydrolyzed urine, (IIT) ED feed (i.e., hydrolyzed urine), and (V) ED effluents

(i.e., diluate and concentrate). In scenarios (II), (IV), and (VI), energy requirements were
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determined for > 50% oxidation of a// micropollutants (using pCBA as a model) in (II)
hydrolyzed urine, (IV) ED feed, and (VI) ED effluents. Scenarios (I) and (II) represent stand-
alone ozonation processes, whereas scenarios (I11)-(VI) represent processes in which
ozonation is coupled with continuous electrodialysis. In scenarios (A) and (B), energy needs
were calculated for ozonation of the effluent discharged from a typical municipal wastewater
treatment facility utilizing conventional secondary activated sludge clarification, with the goal
of lowering discharged micropollutant loads to levels otherwise achievable via upstream
ozonation of source-separated urine, where absorbed Oz doses of 2 and 5 mg/L were assumed
for (A) >99% elimination of estrogenic activity derived from steroid hormones (24) and (B)
50% oxidation of total micropollutant loads (24,25), respectively. In scenarios (C) and (D),
effluent ozonation (at absorbed O doses of 2 and 5 mg/L, respectively) was assumed to be
coupled with full nitrification/denitrification (using methanol as an external carbon source)
and enhanced phosphorous removal, so as to evaluate the energy required for end-of-pipe
wastewater treatment to produce effluent micropollutant and nutrient levels comparable to
those otherwise achievable via upstream urine source separation and pre-treatment. Calculated
energy requirements (obtained as described in detail within Text SA.9) are summarized for
each scenario in Table A.2.

Comparison of scenarios (I) and (II) with scenarios (A) and (B) illustrates that if
nutrient recovery/removal steps are omitted (i.e., if only ozonation is implemented),
micropollutant oxidation would likely be achieved more efficiently via ozonation of
municipal wastewater effluents. In contrast, when costs and benefits of nutrient removal are
considered, as shown by comparison of (III) and (IV) with (C) and (D), energy requirements
for urine pre-treatment may be significantly lower than those required to achieve similar
effluent quality via enhanced downstream wastewater treatment, on account of energy savings
derived from upstream resource recovery. Furthermore, if ozonation is applied afer
electrodialysis, additional improvements in energy efficiency may be realized through the
overall decrease in O3z demand achieved via partitioning of RMCs from the higher-volume ED
diluate stream into the lower-volume ED concentrate stream during electrodialysis, as
demonstrated by comparison of (V) and (VI) with (C) and (D). In addition, as O;-
consumption and ‘OH-scavenging rates for each ED effluent would likely have been
appreciably lower if they had not contained ethanol, one may expect that the calculated
energy requirements for scenarios (V) and (VI) are relatively conservative, and that
electrodialysis with post-ozonation could ultimately yield substantial energy savings over

comparable centralized wastewater treatment schemes. However, one benefit of end-of-pipe
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Table A.2. Estimated gross primary energy inputs (exclusive of pumping or infrastructure
fabrication) for comparable urine and wastewater treatment scenarios (see Text SA.9 for
full calculations).”

Gross Primary Energy Consumption (Wh/person/day)

Urine treatment scenario 1 11 111 1 \Y \Y VI
Treatment Scheme” Urine = O; Urine = O3 = ED  Urine = ED = O3
Treatment Criterion® * o * w0k * *%

Energy Consumed
Ozonation (Co3(g),in = 60

70 76 70 76 32 64

mg/L)

Electrodialysis - - 145 145 145 145

Sum: 70 76 215 221 177 209
Recovered Resources

N fertilizer - - -81 -81 -81 -81

P fertilizer - - -4 -4 -4 -4

Sum: - - -85 -85 -85 -85
Total: 70 76 130 136 92 124
:Z:rsl‘;er\ix(l)ater treatment A B C D
Treatment Scheme” WW°¢ = 0; WW¢ = N-,P-removal = O;
Treatment Criterion® * ok ¢ ok
Energy Consumed

Ozonation 25 63 25 63
Cal;légr.l/demtr. w/o ext. i i 109 109

Nitr./denitr. w/ MeOH - - 55 55

P-precipitation w/ FeSO4 - - 10 10
Total: 25 63 199 237

“Assuming 1.5 L urine/pe/d, 300 L wastewater/pe/d, ~13.1 kWh/g O; for a medium-output, air-supplied O;
generator, and ~31% electricity generation efficiency, as discussed in Text SA.9, which includes details of all
calculations. “O; was assumed to be applied to hydrolyzed urine in scenarios (I) and (IT), ED feed (i.e.,
hydrolyzed urine prior to electrodialysis) in scenarios (III) and (IV), and ED effluents (i.e., ED diluate and
concentrate) in scenarios (V) and (VI). “Treatment criterion “*” corresponds to >99% elimination of
estrogenicity derived from steroid hormones, whereas “*#” corresponds to 50% elimination of total urine-
derived micropollutant load. Corresponding required absorbed O doses are 1.1, 1.2, 1.1, 1.2, 0.5, and 1.0 g/L for
scenarios I, I, III, IV, V, and VI, and 2, 5, 2, and 5 mg/L for scenarios A, B, C, and D, respectively, as discussed
in Text SA.9. “0; was assumed to be applied to a secondary municipal wastewater effluent in scenarios (A) and
(B), and nitrified/denitrified, phosphate-depleted secondary effluent in scenarios (C) and (D). “‘WW - wastewater.

ozonation that would not be achievable via urine pre-treatment alone is oxidation of
micropollutants from sources other than urine (e.g., industrial discharges, cleaning products).
Physical-chemical process limitations. Further improvements in energy efficiency could

likely be achieved by optimizing various physical and chemical aspects of the urine ozonation
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process. For example, oxidation efficiencies of micropollutants with k:)}’app lower than ~10°
M's™ (e.g., pPCBA) are limited in large part by rates of micropollutant diffusion into the film,

. . . . . . . " 1 -1
whereas oxidation efficiencies for compounds with increasing kg, ,,, above ~10°M's” (e.g.,

.app
EE?2) are progressively more dependent on mixing efficiency. Thus, higher oxidation
efficiencies may be achieved for some micropollutants by increasing specific gas-liquid
interfacial area (4s) (to enhance micropollutant diffusion info the film), or in other cases, by
enhancing mixing efficiency (to enhance advective transport of micropollutants fo the film).
For example, doubling A could theoretically triple pCBA oxidation efficiency (while
having negligible effect on EE2 oxidation efficiency) (Figure SA.8). Alternatively,
enhancements in mixing may yield up to ~20-fold improvement in EE2 oxidation efficiency
(with negligible improvement in pCBA oxidation efficiency) (Figure SA.8). In practice, A
could be increased by decreasing bubble size (e.g., by using Venturi mixers or diffusers with
smaller pore sizes (26)), or by raising gas flow rate (26,27). Mixing efficiencies could be
improved for typical bubble contactors by ensuring that the cross-sectional areas of the
contactor and gas diffuser are more closely aligned - to improve bubble-driven aqueous-phase
mixing and prevent segregation of the contactor into reactive and non-reactive zones, or by

physical augmentation of mixing (e.g., via impeller or static mixer).

Acknowledgements

M.C.D. and S.Z. contributed equally to the completion of this work. The research was
supported by the Swiss AIB (Amt fiir Industrielle Betriebe, Baselland) and the Swiss
sustainability program Novatlantis. M.C.D. gratefully acknowledges financial support from a
United States National Science Foundation Graduate Research Fellowship and the European
Commission project RECLAIM WATER (Contract-No. 018309). The authors thank Martin
Biebow, Jacqueline Traber, and Elisabeth Salhi for technical assistance. Hansruedi Siegrist is
gratefully acknowledged for assistance with energy usage calculations. Special thanks to
Marc Huber for providing the foundations of the MATLAB ODE system solution code, and

to Yunho Lee and Ioannis Katsoyiannis for helpful discussions.

Supporting Information Available

Tables, figures, texts, MATLAB scripts, Kintecus worksheets, and Kintecus model

output addressing experimental methods and modeling approaches, matrix sources and

A20



Appendix A

procurement, redox chemistry modeling, and energy input calculations. This information is

available free of charge via the Internet at http://pubs.acs.org.

Literature Cited

(1)
(2)

(3)

(4)

(6)

(7)

)

(10)

(11)

(16)
(17)

(18)

Larsen, T. A.; Gujer, W. Separate management of anthropogenic nutrient solutions
(human urine). Water Sci. Technol. 1996, 34, 87-94.

Lienert, J.; Gudel, K.; Escher, B. I. Screening method for ecotoxicological hazard
assessment of 42 pharmaceuticals considering human metabolism and excretory routes.
Environ. Sci. Technol. 2007, 41, 4471-4478.

Maurer, M.; Muncke, J.; Larsen, T. A. In Water Recycling and Resource Recovery in
Industry; Lens, P.; Pol, L. H.; Wilderer, P.; Asano, T., Eds.; IWA Publishing: London,
2002, pp 491-510.

Maurer, M.; Pronk, W.; Larsen, T. A. Treatment processes for source-separated urine.
Water Res. 2006, 40, 3151-3166.

Lee, Y.; Escher, B. L.; von Gunten, U. Efficient removal of the estrogenic activity
during oxidative treatment of waters containing steroid estrogens. Environ. Sci.
Technol. 2008, 42, 6333-6339

Dodd, M. C.; Kohler, H.-P. E.; Von Gunten, U. Oxidation of antibacterial compounds
by ozone and hydroxyl radical: Elimination of biological activity during aqueous
ozonation processes. Submitted for publication in Environ. Sci. Technol..

Escher, B. I.; Pronk, W.; Suter, M. J. F.; Maurer, M. Monitoring the removal efficiency
of pharmaceuticals and hormones in different treatment processes of source-separated
urine with bioassays. Environ. Sci. Technol. 2006, 40, 5095-5101.

von Gunten, U. Ozonation of drinking water: Part 1. Oxidation kinetics and product
formation. Water Res. 2003, 37, 1443-1467.

Mvula, E.; von Sonntag, C. Ozonolysis of phenols in aqueous solution. Org. Biomol.
Chem. 2003, 1, 1749-1756.

Buffle, M. O.; von Gunten, U. Phenols and amine induced HOe generation during the
initial phase of natural water ozonation. Environ. Sci. Technol. 2006, 40, 3057-3063.
Elovitz, M. S.; von Gunten, U. Hydroxyl radical/ozone ratios during ozonation
processes. 1. The R, concept. Ozone: Sci. Eng. 1999, 21, 239-260.

Ciba-Geigy, Ed."Eds. Wissenschaftliche Tabellen Geigy, Teilband Korperfliissigkeiten;
8 ed.: Basel, 1977.

Charpentier, J. C., Mass-transfer rates in gas-liquid absorbers and reactors; Academic
Press: New York, NY, 1981; Vol. 11.

Beltran, F. J. Ozone Reaction Kinetics for Water and Wastewater Systems; Lewis
Publishers: Boca Raton, FL, 2004.

Buffle, M. O.; Schumacher, J.; Salhi, E.; Jekel, M.; von Gunten, U. Measurement of the
initial phase of ozone decomposition in water and wastewater by means of a continuous
quench-flow system: Application to disinfection and pharmaceutical oxidation. Water
Res. 2006, 40, 1884-1894.

Radiation Chemistry Data Center of the Notre Dame Radiation Laboratory. Available at
http://allen.rad.nd.edu/. University of Notre Dame Radiation Laboratory

Laszlo, B.; Alfassi, Z. B.; Neta, P.; Huie, R. E. Kinetics and mechanism of the reaction
of 'NH, with O, in aqueous solutions. J. Phys. Chem., A 1998, 102, 8498-8504.
Goldstein, S.; Lind, J.; Merenyi, G. Chemistry of peroxynitrites as compared to
peroxynitrates. Chem. Rev. 2005, 105, 2457-2470.

A21



Appendix A

(19) Perry, R. H.; Chilton, C. H. Chemical Engineers' Handbook; 5th ed.; McGraw-Hill,
Inc.: New York, 1973.

(20) Ianni, J. C., Kintecus, Windows Version 3.95, 2008, Available at www.kintecus.com.

(21) IRIS Database. Available at http://cfpub.epa.gov/ncea/iris/index.cfm. United States
Environmental Protection Agency

(22) Pronk, W.; Biebow, M.; Boller, M. Electrodialysis for recovering salts from a urine
solution containing micropollutants. Environ. Sci. Technol. 2006, 40, 2414-2420.

(23) von Gunten, U. Ozonation of drinking water: Part II. Disinfection and by-product
formation in presence of bromide, iodide, or chloride. Water Res. 2003, 37, 1469-1487.

(24) Huber, M. M.; Gobel, A.; Joss, A.; Hermann, N.; Loffler, D.; McArdell, C. S.; Ried, A.;
Siegrist, H.; Ternes, T. A.; von Gunten, U. Oxidation of pharmaceuticals during
ozonation of municipal wastewater effluents: A pilot study. Environ. Sci. Technol.
2005, 39, 4290-4299.

(25) Ternes, T. A.; Stuber, J.; Herrmann, N.; McDowell, D.; Ried, A.; Kampmann, M.;
Teiser, B. Ozonation: a tool for removal of pharmaceuticals, contrast media and musk
fragrances from wastewater? Water Res. 2003, 37, 1976-1982.

(26) Zhou, H. D.; Smith, D. W. Ozone mass transfer in water and wastewater treatment:
Experimental observations using a 2D laser particle dynamics analyzer. Water Res.
2000, 34, 909-921.

(27) Roustan, M.; Wang, R. Y.; Wolbert, D. Modeling hydrodynamics and mass transfer
parameters in a continuous ozone bubble column. Ozone: Sci. Eng. 1996, 18, 99-115.

A22



Supporting Information for Appendix A

Supporting Information for Appendix A.

Ozonation of Source-separated Urine for Resource
Recovery and Waste Minimization: Process
Modeling, Reaction Chemistry, and Operational
Considerations

50 pages, including 9 narratives, 8 tables, 12 figures, and 3 MATLAB scripts

A23



Supporting Information for Appendix A

Text SA.1. Materials, methods, and experimental procedures

Chemicals. Diclofenac (DC), propranolol (PP), carbamazepine (CM), ibuprofen (IP)
and 17-a-ethinylestradiol (EE2) were purchased from Sigma-Aldrich. para-Chlorobenzoic
acid (pCBA) was obtained from Merck. All model compounds used in this study were of 95%
purity or higher. Model compounds were generally added directly to urine solutions to
achieve starting concentrations of ~10 uM. pCBA was dosed to all solutions at starting
concentrations of ~50 uM, with the exceptions of hydrolyzed urine stocks treated with Co3(g)in

=30 and 120 mg/L, to which pCBA was added at ~10 uM.

Urine collection and preparation. Natural urine (male only) was obtained from an on-
site urine collection system at Eawag (Diibendorf, Switzerland) and stored to ensure complete
hydrolysis of urea to ammonia, as described previously (/). Prior to ozonation, hydrolyzed
urine was passed through a 0.2-um polypropylene membrane to remove particulate matter.
ED effluents were prepared as described previously, using hydrolyzed urine as a feed solution
(2). ED diluate and concentrate streams were collected during continuous operation at a feed
flow rate of 1.03 L/d, a concentration factor of 2.6, and desalination efficiency of 90% (2). In
the ED experiments, the urine feed solution was initially spiked with micropollutants by
adding 5 mL of an ethanol stock containing 2 mM of each model compound to 1 L of feed
solution. The resulting ethanol concentration in the feed was ~4 g/L (87 mM). Theoretically,
ethanol should then have been distributed equally between the diluate and concentrate during
ED, as it is uncharged and quite hydrophilic, though this was not analytically verified.
Because a substantial proportion of micropollutants dosed to the feed solution was lost via
adsorption to the ED membrane during operation (2), micropollutant concentrations in the
diluate and concentrate were re-adjusted to 10 uM, and pCBA added at 50 uM, by dissolving
each compound directly into the appropriate solution.

Analytical Methods. Total ammonia and urea (as N) were determined photometrically
(via reaction with bromocresol purple) by flow-injection analysis (Ismatec AG, Glattbrugg,
Switzerland). DOC measurements were obtained by acidification followed by oxidation and
CO; determined by IR spectroscopy. Before each analysis, urea was hydrolyzed to ammonia
with urease. Alkalinity was determined by titration with HCI using methyl orange as an
indicator.

All model compounds were measured by HPLC, using a Chromcart HPLC column with
125/4 Nucleosil 100-5 C18 packing (125 mmx4mm), and a CC 8/4 Nucleosil 100-5 C18

precolumn. The flow-rate was 1 mL/min and elution was carried out with a linear gradient of
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acetonitrile and phosphoric acid (10 uM in water) from 5/95 to 40/60 in five minutes and
from 40/60 to 60/40 in seven minutes. EE2, PP and IP were measured using a fluorescence
detector with excitation at 229 nm and detection at 309 nm. DC, CM, and pCBA were
measured with a UV detector at 220 and 275 nm respectively.

Measurement of O, mass transfer into urine. Pure O, was bubbled into hydrolyzed urine
under the same experimental conditions utilized for O3 application. A dissolved O, meter
(WTW OXI 196, Weilheim, Germany), connected to the same on-line data-logger used in
ozonation experiments was used to track changes in dissolved O, concentrations during the
O, mass transfer experiments. Data was obtained from experiments conducted with the same
urine on two different dates - spaced three days apart. O, mass transfer parameters were

calculated from the average of data obtained on these two dates.

Text SA.2. Derivation of the expression for Co3(g)ave. Within the reactor during ozonation

In order to accurately model transport of gas-phase O3 into the aqueous solution within
a bubble column reactor, one must account for any evolution in Cos(g) during vertical passage
of the bubbles through the reactor. Assuming that the properties of the bulk solution
surrounding the gas bubbles remain constant during the time-scale over which an individual
bubble passes from the bottom to the top of the reactor, that the bulk solution in contact with
the bubbles is well-mixed, and that the gas-phase of the reactor exhibits plug-flow, one can
characterize O3 transport out of the gas-phase (i.e., flux of O3 through the gas-liquid interface)
for differential fluid elements with height dz according to eq S1 (3,4),

dC 03(g),z

dz

where Co3(g), represents the concentration of O3 in the gas phase at a given vertical point

Qg =_(1_gg)AstO3As =_(1_gg)AxsEkL,O3AsCO3(g),zHO3 (Sl)

within the reactor’s liquid volume, Eky 03A; is the apparent rate of O3 absorption by the
matrix of interest - determined as described in Text SA.4, Q. is the gas flow rate through the
effective reactive zone of the reactor (i.e., the bubble-containing volume described in the main
text, which is shown centered above the glass diffuser disc in Figure SA.1) (Table SA.2), 1-&,
is the calculated liquid holdup - determined as described in Text SA.6, Ay is the cross-
sectional area of the effective reactive zone (Table SA.2), and Ho; is the dimensionless
equilibrium solubility ratio (Cos jiquid phase/ Co3,gas phase) for O3 in the urine matrix of interest
(Table SA.2). A solution for Coj3(g) at any vertical point in the reactor can be obtained by
integrating eq S1 over a given liquid height in the reactor, z (Table SA.2), to obtain eq S2.
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-(-¢,)

g

Co3(g),z = CO3(g),in exp( AxsEkL,O3 AsHo3 Z} (S2)

The average gas-phase concentration in the reactor at a given instant can then be obtained by

integrating eq S2 over At (= h / (1 - &, ) - the full height of the effective reactive zone

(inclusive of gas and liquid volumes), which can be calculated from the values in Table SA.2,
and dividing by A, to obtain eq S3.

C -C ‘ Qg l—exp _(l_gg)AxsEkL,O3AsHO3hT (i) (S3)
03(g),avg 03(g),in (1 _ gg )A N Ek L,OSASHOS Qg T

Text SA.3. Estimation of &

The film thickness, 3, can be estimated from measurements of mass transfer properties
for controlled operating conditions, from the definition of the O3 mass transfer coefficient,
ki 03 (eq S4),
Ko, =Djp, /6 (e, 3=D,p, /kL,O3 ) (S4)
where Djo3 is known, and ki o3 can be determined indirectly by measuring physical
absorption (i.e., exclusive of reactive enhancement) of O, as a surrogate for Os.

The volumetric mass transfer coefficients for each gas are related by eq S5 (5) (derived

from Danckwert’s surface renewal theory (6)),

(kL,O2As,f )02 B [DI,OZ Jl/z

(kL,OfAs,f)o3 - Dl,O3

where A is the specific interfacial area (in m*/m’) of gas bubbles relative to the full reactor

(85)

volume (calculated as described in Text SA.6). Asr was used here rather than A - the specific
interfacial area relative to the volume of the effective reactive zone during ozonation (i.e., the
bubble-containing volume described in the main text, which is shown centered above the
glass diffuser disc in Figure SA.1) - because O, absorption was purely physical, and was not
limited only to the bubble-containing volume.

Variation in the bulk liquid-phase concentration of Oy, [O2]puk, While continuously
bubbling pure O, through the reactor can be characterized according to eq S6,

d[0 i

JOzAS,f :T‘l: kL,OzASaf ([02]1,eq '[OZ]bulk) (S6)
which applies for purely physical absorption with negligible gas-phase resistance, where

[O2]ieq 1s the equilibrium O, concentration in solution, which can be calculated from matrix-
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specific values of Ho; - the dimensionless solubility ratio for O, (Table SA.2). Integrating eq
S6 over time yields eq S7,

ln{ [O 2 ]I,eq - [O 2 ]bulk

[02 ]l,eq
from which the volumetric mass transfer coefficient (ki 02Asf)o2 can be determined by

. [02]1 eq [Oz]bulk . .
plotting measured values of In [ ] vs time. K1 03 can in turn be determined by
2 ll,eq

J =k o, Apt (57

solving eq S5 for the volumetric mass transfer coefficient (ki 03Asf)os and dividing this value
by Asf. Assuming only minor variation in physical mass transfer properties amongst the three
urine matrixes included in this investigation, the ky o3, As, and A ¢ values determined for
hydrolyzed urine were used as approximations of the corresponding values for ED diluate and

ED concentrate.

Text SA.4. Determination of k(')3 RMC*

Analytical solution of eq 2 in the main text for the boundary conditions

[0, =[0;] ,at x =0, and [0;] , =0atx =3, yiclds eq S8 (for [Os]; within the film)

(4.7).
[0,],, = m([@ louic sinh((Ha)(%D+ 03], sinh[(Ha)(l—gm (S8)

' 1/2
(k03 ,RMC 1,03 )

where Ha = is the Hatta number, which represents the ratio of the

ki o,
maximum possible O3 consumption rate within the film to the maximum rate of physical O;
mass transfer into the film, and ki o3 represents the liquid-side mass transfer coefficient for O;
- determined as described in Text SA.3.

By considering the expression for gas flux into a liquid at a gas-liquid interface (eq S9),

do,],
Jos = _DI,O{ d)BC - l_o (59)
one can obtain from eq S8 the expression, eq S10, for Oz flux through the film (4, 7).
kL,O3 [03 ]l,eq Ha [03 ]bulk 1
To, = 1- =Bk, 0,[0;] (S10)
tanh(Ha) [0, ]l,eq cosh(Ha) ’
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where E (equal to J, / ki o, [03 ]l,e q ) represents the enhancement factor for O; absorption in

the presence of a reaction occurring within the absorbing liquid. By definition, when Os is
consumed within a “fast” kinetic regime, Ha > 3, and tanh(Ha) = 1 (4,7). In addition, because
[O3]puik = O for a fast pseudo-first-order kinetic regime, eq S10 simplifies to eq S11 in this

instance.

1

/2
Jo, = Eky o, [03]1,eq = Hak o, [03 ]1,eq = [03]1,eq (1‘03,111\/1(:1)1,03 )| (S11)
As aresult, the enhancement factor, E, is effectively equal to Ha. Equation S11 then yields

the following generic expression for volumetric O3 absorption into the film (eq S12)

\ /2
NO3 = EkL,O3As[O3 ]l,eq = A [03]1,eq (k03,RMCD1,O3 )I (S12)

which can be rearranged to eq S13.

' (EkL,O As) ?
k03,RMC :[A3j D1,o3 (S13)

The specific interfacial area, A (in m?/m’), relative to the volume of the effective
reactive zone during ozonation (i.e., the bubble-containing volume described in the main text,
which is shown centered above the glass diffuser disc in Figure SA.1) can be calculated
according to Text SA.6. The apparent rate of O3 mass transfer into a solution containing large
concentrations of RMCs can be determined for a semi-batch process from eq S14 (4,8),

C ou
Ek| o A, = Qo | ZOswo (S14)
V1H03 CO3 (g),in

where V; is the liquid volume of the effective reactive zone (in m’ ) - calculated from Ay and
hy (Table SA.2), Q, represents the gas flow rate into the system (m’/s) (Table SA.2), Co3(g),in 18
the O3 concentration in the gas entering the reactor (mg/L), and Co3(g)out (mg/L) is the O3
concentration in the gas at the reactor outlet. For modeling purposes, the effective reactive
zone defined by the bubble-containing volume in the semi-batch reactor (as opposed to the
reactor’s full liquid volume) was represented as an annular volume with an outer diameter of
2.5 cm (equal to the diameter of the diffuser disc, Figure SA.1b) and an inner diameter of 0.85
cm (equal to the diameter of the glass gas inlet tube connecting the diffuser disc to the Os inlet
line, Figure SA.1b).

Plots of Ek; 03As vs. time and absorbed O3 dose are depicted in Figure SA.3 for each of
the four O3 concentrations (Co3(g),in = 15, 30, 60, and 120 mg/L) applied to hydrolyzed urine,
as well as for the two pre-treated urine products (Co3(g),in = 60 mg/L). Eki 03As values for ED

diluate and ED concentrate were consistently lower and higher, respectively, than those for
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hydrolyzed urine, due to the respective dilution and concentration of RMCs in the former two
matrixes. Time-dependencies of Ek; o3As could be described by an exponential decay model,

('b’), where values of the parameters yo, a, and b (summarized in Table SA.3) were

Yot ae
obtained via non-linear regression of the data using SigmaPlot (Systat Software). The

corresponding expressions for Ekp 03A as a function of time could be used to determine the

pseudo-first-order rate constant, k(')3 Rumc » for O3 consumption by RMCs, according to eq S13.

As a check on the initial assumption of fast pseudo-first-order O3 consumption kinetics
(made on the basis of reasons discussed in the main text), values of Ha and E;, the
enhancement factor for instantaneous O3 consumption by RMCs, were determined for each
matrix according to the above expression for Ha and the expression E; = 1 + D rmc[RMC)/
D1,03[O3]1,eq, assuming that Djrmc ~ 5 x 10" m?/s and that RMCs were constituted exclusively
of DOC, where DOC concentrations (Table A.1 in the main text) were normalized to
MW arbon = 12 g/mol. For hydrolyzed urine, values of Ha (= E) ranged from ~176 at the
commencement of ozonation to ~5 at the highest absorbed O3 doses and E; values varied from
6.4 x 10° at Co3(g),in = 15 mg/L to 8.0 x 10° at Co3(g),in = 120 mg/L, validating the assumption
of fast pseudo-first-order O3 consumption kinetics according to the generally accepted
convention that 3 < Ha < E;/2 for a fast pseudo-first-order kinetic regime (4). For ED diluate,
values of Ha (= E) ranging from ~15 at the commencement of ozonation to ~3 at the highest
absorbed O; doses were calculated relative to an E; value of 1.2 x 10° at Co3(g).in = 60 mg/L,
also providing sufficient justification for the assumption of fast pseudo-first-order kinetics
within the regime of absorbed ozone doses investigated here. For ED concentrate, values of
Ha (= E) ranged from ~99 at the commencement of ozonation to ~11 at the highest absorbed
05 doses, while E; was determined to be 5.6 x 10° at Co3(g),in = 60 mg/L; also consistent with

the assumption of fast pseudo-first-order kinetics.

Text SA.S. Determination of R

Prior to attempting to model the ozonation processes described here, one must also be
able to account for the [[OH] term within eq 3 in the main text. This value can be indirectly
estimated by using an Os-resistant ‘'OH probe compound to monitor in situ "OH yield during

ozonation of the urine solution (9). p-Chlorobenzoic acid, which exhibits second-order rate

constants of kg} <0.15M's™ (10) and k,"OH =5.0x 10° M's (11), was used as a "OH probe

in the present investigation.
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As apparent from a plot of In([pCBA]/[pCBA]p) vs time (Figure SA.5a), pCBA
depletion in this system exhibits apparent first-order kinetics. For this to be possible, the
steady-state concentration, [ OH]s, in the ozonated urine solution must be approximately
constant during the course of the ozonation process. This in turn implies that R, the time-
dependent ratio of [ OH]/[Os]; within the urine ozonation system, must vary inversely with
respect to the evolution of O3 concentrations in the film over time. Likewise, because the O3
concentration at a particular point within the film at any given moment is inversely related to
Ek; 03A; over time_ one can infer that the temporal variation in R at that point should be
proportionally related to Eky 03As. On the basis of this assumption, one should be able to
model the evolution of Ry over time according to the same empirical relationship by which
Eky 03As can be described, after substitution with the appropriate coefficient. Since in this

case, Eky 03A; has been modeled by an exponential decay function, y, + ae™)

, one can simply
substitute the y, term with a term, Ry, representing the ratio of ‘OH exposure to O3 exposure
at very large times (at which point conditions in the reactor have reached a relatively stable
equilibrium, as illustrated by the relatively constant Ek; o3A values measured at high
ozonation times (Figure SA.3a) (i.e, absorbed O3 doses, Figure SA.3b), and the term a with
another time-dependent R term Rcy() to adapt the model for the purpose of modeling
temporal changes in Rct). The exponent b remains the same.

Values of R and R0y can be determined indirectly by evaluating the film profiles for
a given urine matrix (using Script SA.1) first at a very large time (e.g., 8 h) to determine Ry,
and then at t = 0 to determine Rc(). This is achieved by iteratively varying R s and then Ryo)
until the calculated fluxes, J,cga s, of pPCBA from the bulk solution into the film equal the

fluxes calculated from observed slopes of the In([pCBA]/[pCBA]y) plots shown in Figure
SA.5a, where the observed pseudo-first-order rate constant for pCBA loss, k,,, (ins™),
multiplied by [pCBA]y, is equal to the calculated rate of pCBA absorption into the film,
(JocBa,5A6)/(1000(1-¢)), defined in eq 7 within the main text, where the factor of 1000 is
simply for conversion of the flux from units of mol m™ s™ to units of mol L™ s™". The resulting

values of the R (i.€., “y0”) and Ry (i.€., “a”) parameters used to model the exponential

time-dependency of R are summarized for each urine matrix in Table SA.3.
Text SA.6. Determination of A

The specific interfacial area of the gas-liquid interface relative to the volume of the

effective reactive zone in the urine ozonation reactor (i.e., the bubble-containing volume
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described within the main text, which is shown centered above the glass diffuser disc in
Figure SA.1), can be calculated from eq S15 (72),

6¢g,
A, = (S15)
dbubble

gas

where &, is the gas holdup within the effective reactive zone ( ), and dpybbie 1S the

liquid TV gas
system average gas bubble diameter (m). &, can be estimated from the empirical relationship
ineq S16 (13),
g, =12x107-u (S16)

where the superficial gas velocity, u# (m/s), can be determined from the cross-sectional area,
Ay, of the effective reactive zone, and the gas flow rate, Qg (Table SA.2). dpubble (Table SA.2)
was measured photographically from a sample of 50 bubbles taken during oxygenation of a

urine solution at O, =30 L/h (8.3 x 10 m’/s) with the same reactor setup as used for

Viiquid

ozonation experiments, according to (/4). The liquid holdup, ,1s equal to 1-&,.

liquid T V gas
The same value of dpybie Was used to model micropollutant losses in each of the three
urine matrixes, assuming only minor variation in bubble geometries within each. The specific
interfacial area, Ay, of gas bubbles relative to the full reactor volume can be calculated by
multiplying A by the ratio of the full effective reactive zone volume (including gas and liquid

volumes) to the full reactor volume (including the effective reactive zone and non-reactive

i
zone), or
’ 1- &g

&
g

Axs,fhf +Axsh (1 i ) =5.5x 107, as determined from the
“eg

dimensions provided in Table SA.2.

Text SA.7. Estimation of &,

To provide a quantitative measure of advective transport limitations on micropollutant
depletion rates, EE2 was selected as an in situ probe for the approximate rate of fluid element
transport from the non-reactive zone into the reactive zone. This decision was based upon the
fact that EE2 reacts at extremely high rates with O3 in homogeneous solution at pH 8-9 (Table
SA.1), and should therefore not have been subject to appreciable diffusive limitations on its
consumption by O3 within the reactive zone, on account of its extremely steep concentration

gradient across the film to the gas-film interface (as illustrated for Sy;gn, in Figure A.3 within
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the main text). That is, without any appreciable limitation on their diffusion into the film, EE2
molecules should theoretically have been absorbed into the film as soon as they came into
contact with the film-bulk liquid interface. Thus, the observed loss rate for EE2 would have
been approximately equal to its rate of advective transport to the film within the reactive zone.
The use of EE2 for this purpose is supported by comparing theoretical EE2 absorption
T

————  inmol L! s'l, calculated via Script SA.1) with
1000(1 - ¢&,)

rates into the film (i.e.,

measured EE2 depletion rates (i.e., kg, [EE2], » also in mol L™ s, where kg, is the

observed pseudo-first-order rate constant of EE2 loss, in s™) for various operating conditions.
This comparison showed that the former term (which excludes mixing limitations) was
consistently ~10-100x higher than the latter (which includes mixing limitations) under the
investigated conditions (data not shown), confirming that observed EE2 loss rates were

constrained primarily by advective transport. Approximate first-order “mixing constants,”
k.. (= kgp,), were therefore extracted from the slopes of plots of In([EE2]/[EE2]o) vs. time

(Figure SA.5b).

Text SA.8. Estimation of [[NH,]s/[ ‘OH]ss and [CO3 " ]ss/[ OH]s

Approximate steady-state concentrations of 'NH, and CO;™ can be estimated by taking
into account the relative reactivities of each radical’s precursor (i.e., NH,"/NH; and HCO5
/CO32') with "OH at pH 9, in addition to the magnitudes of reactivities of 'NH, and CO;"~ with
the predominant RMCs in each matrix.

Assuming steady-state conditions at a particular instant in time, the balance of NH,,

and CO;” inputs and outputs within the film can be expressed by eqs S17 and S18,

d|cO,” , . , .

- d; ] ~in T Tout T k'OH,carbonate[ OH]SS o kCO3",total [CO3 ]ss =0 (817)
d|'NH, | , . | .

- dt =lin = Tour = k'OH,ammonia[ OH]SS - k'NHQ,total[ NH2 ]ss =0 (818)
where k. OH.ammonia and k. OH.carbonate TEPTESENE the respective pseudo-first-order rate constants

for consumption of ‘OH by excess ammonia (NH; only) and excess carbonate (HCO;3™ and

2- . ' ' .
COs™ only) at a given pH, and k.NHz’total and & oy total A€ the respective pseudo-first-order

rate constants for consumption of 'NH, and CO;~ by all abundant matrix constituents, as

summarized in Tables SA.4-SA.6. By substituting the appropriate values for each of the
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pseudo-first-order rate constants into eqs S19 and S20 (which follow from the relationships in

eqs S17 and S18),

1

[CO3.-]SS _ k'OH,carbonate

ki - (S19)
CO; ,total

NH2]SS _ k'OH,ammonia

' S20
k'NHz,total (520)

one can determine that [[NH;]ss and [CO; ]ss should each have been approximately 10-50
times higher than [[OH]s; in the hydrolyzed urine and ED concentrate, compared to ~4-8 times

lower in ED diluate (Table SA.7).

Text SA.9. Estimates of energy consumption for urine source separation with pre-
treatment and for enhanced treatment measures required in municipal wastewater
treatment to reach effluent quality comparable to that achievable by implementing
decentralized urine pre-treatment

Urine source separation and pre-treatment. Gross energy requirements were estimated
for various hypothetical scenarios in which ozonation (at Co3(g)in = 60 mg/L) was either
utilized alone or coupled with electrodialysis to achieve N and P recovery (Table A.2 in the
main text). In scenarios (I), (III), and (V), energy requirements were calculated for > 99%
elimination of estrogenicity derived from steroid hormones (using EE2 as a model) via
ozonation of (I) hydrolyzed urine, (III) ED feed, and (V) ED effluents (i.e., diluate and
concentrate). In scenarios (II), (IV), and (VI), energy requirements were determined for >
50% oxidation of a/l micropollutants (using pCBA as a model) in (II) hydrolyzed urine, (IV)
ED feed, and (VI) ED effluents. Scenarios (I) and (II) represent stand-alone ozonation
processes, whereas scenarios (II1)-(VI) represent processes in which ozonation is coupled
with continuous electrodialysis. Energy needs for each of these scenarios were calculated
from the absorbed O3 doses required to meet each micropollutant oxidation target criterion in
the present investigation (Figures A.1 and A.2 in the main text) and available ED process
data.

From Figure A.1c in the main text, one can determine that the O; doses required for
scenarios (I) and (IIT) amount to ~1100 mg/L, whereas those for scenarios (II) and (IV)
amount to ~1200 mg/L, at Co3(g),in = 60 mg/L. In comparison, the required Oz doses for

scenarios (V) and (VI) amount to ~510 mg/L and ~1010 mg/L, as determined from the data in
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Figure A.2 by assuming ~68% and ~32% effluent volume contributions (relative to the feed
stream) for diluate and concentrate streams, respectively, under the same electrodialysis
operating conditions used to produce the diluate and concentrate solutions used in the present
investigation (i.e., 506 mg/L = 250 mg/L x 0.68 in ED diluate + 1050 mg/L x 0.32 in ED
concentrate for scenario (V) and 1006 mg/L = 350 mg/L x 0.68 in ED diluate + 2400 mg/L x
0.32 in ED concentrate for scenario (VI)). Electricity consumption for O; generation was
assumed at 13.1 Wh/g O3 (for a medium-output, air-supplied O3 generator such as Wedeco
model SMA 750 (15), excluding peripheral energy consumption via such devices as pumps or
compressors), with a 31% electricity generation efficiency (based on a reported average for
Europe (16)), from which gross energy consumptions of 70, 76, 70, 76, 32, and 64 Wh/pe/d
were calculated for scenarios (I), (IT), (IIT), (IV), (V), and (VI), respectively. These
calculations incorporate the implicit assumption that applied Os is fully utilized (i.e., that each
mole of gas-phase O3 generated and applied to a hypothetical urine ozonation reactor is
consumed within the aqueous phase), which should be essentially fulfilled for an optimally-
designed reactor (i.e., in which gas-liquid contact time is high enough to ensure nearly 100%
transfer of gas-phase O3 into the surrounding liquid).

As shown in Figure SA.11 (which depicts generic mass flows for decentralized urine
treatment and enhanced wastewater treatment), total excreta-derived N and P loads to
municipal sewerage can be assumed to be roughly 9 g N/pe/d and 1.5 g P/pe/d (17). Of these
loads, approximately 7.2 g N/pe/d and 0.76 g P/pe/d are contributed by urine, where daily
urine production is assumed to be ~1.5 L/person/d, and fresh urine contains roughly 4.8 g N/L
and 0.5 g P/L) (18). Following source separation and collection, urine is typically stored for
sufficient times to facilitate complete hydrolysis of urea to ammonia. During this storage
time, one can assume that roughly 50% of the urine’s P content may be precipitated from
solution, depending on the degree to which the urine is diluted by water (derived from
upstream flushing if practiced) within the tank, and that approximately 50% of this
precipitated P load can be recovered as struvite for subsequent use as a slow-release fertilizer
(D).

Electrodialysis can enable recovery of an additional ~90% of the N and P remaining in
stored, hydrolyzed urine (i.e., 6.5 g N/pe/d and 0.34 g P/pe/d), translating to an ultimate
reduction in downstream wastewater effluent N and P loads to ~0.27 g N/pe/d and ~0.188 g
P/pe/d, respectively, as depicted in Figure SA.11. Assuming that the electrical input required
for ED is ~30 Wh per liter of hydrolyzed urine (/9), and accounting for a 31% electricity

generation efficiency, gross energy requirements for electrodialytic pre-treatment can be
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estimated as approximately 145 Wh/pe/d, though this value is exclusive of pump energy
requirements, and may be subject to revision upon availability of data from operational full-
scale plants. Using reported average gross energy consumptions for N- and P-based fertilizer
production of 45 and 29 MJ per kg N and kg P, respectively (/6), the gross energy saved by
application of electrodialysis with respect to recovered resources can be calculated as 81 and
4 Wh/pe/d.

Conventional and enhanced municipal wastewater treatment without decentralized
urine pre-treatment. To provide comparisons of scenarios (I)-(VI) with equivalent end-of-
pipe treatment strategies, energy needs were also determined for four hypothetical centralized
wastewater treatment scenarios incorporating effluent ozonation (Table A.2 in the main text).
Scenarios (A) and (B) were developed to evaluate energy needs for ozonating the effluent
discharged from a typical municipal wastewater treatment facility utilizing conventional
secondary activated sludge clarification, with the goal of lowering discharged micropollutant
loads to levels achievable via upstream ozonation of source-separated urine without actually
implementing urine source treatment, where absorbed Oz doses of 2 and 5 mg/L were
assumed for (A) >99% elimination of estrogenic activity derived from steroid hormones (20)
and (B) 50% oxidation of total micropollutant loads (20,21), respectively. In scenarios (C)
and (D), effluent ozonation (at absorbed O3 doses of 2 and 5 mg/L, respectively) was assumed
to be coupled with full nitrification/denitrification (using methanol as an external carbon
source) and enhanced phosphorous removal, so as to evaluate the energy required for
enhanced end-of-pipe wastewater treatment to produce effluent micropollutant and nutrient
levels comparable to those achievable via upstream urine source separation and pre-treatment
(as in scenarios (II1)-(VI)). Taking into account a total effluent volume of 300 L/pe/d (/7) and
the energy requirements listed above for ozone generation, Os-specific gross energy
consumptions of 25 Wh/pe/d and 63 Wh/pe/d can be calculated for these two process options
at 31% electricity generation efficiency. As above, these calculations include an implicit
assumption of ~100% gas-liquid O3 transfer efficiency, which is consistent with observations
for flow-through bubble columns operated continuously at the pilot-scale (20,21).

Nitrogen elimination in conventional wastewater treatment plants can be divided into a
fixed fraction (incorporation in sludge biomass) and a variable fraction (incidental
denitrification). In conventional activated sludge plants practicing secondary clarification,
these eliminations are about 1.5 g and 0.75 g/pe/d, respectively (Figure SA.11), taking into

account that some incidental denitrification takes place in a typical activated sludge process
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(/7). Conventional biological P elimination removes a fixed amount of phosphorous -
typically ~0.6 g P/pe/d (Figure SA.11) (17).

Therefore, in order to reach effluent N and P values comparable to those achievable
with upstream urine source separation, conventional wastewater plants must be upgraded. For
instance, conventional activated sludge treatment can be modified with minimal capital
investment by incorporation of a dedicated, oxygen-depleted (i.e., non-aerated), pre-
denitrification stage. Such a process can be assumed to yield ~100% nitrification of influent
ammonia, at a gross energy cost of approximately 45 MJ/kg N, or 12.5 kWh/kg N (due
primarily to energy consumed by aeration of the activated sludge), or 109 Wh/pe/d for
nitrification of 8.73 g N/pe/d) (16). One can then estimate that, without addition of an external
carbon source, approximately 60% of the NO;™ resulting from nitrification (i.e., ~5.4 of 9
g/pe/d N) can be converted to N, via pre-denitrification. As discussed above, an additional
~1.5 g N/pe/d can be assumed to be removed via incorporation into biomass during the
aerobic activated sludge clarification (Figure SA.11) (/6). This leaves ~1.83 g N/pe/d to be
removed by process augmentation in order to reach the target effluent N value of 0.27 g/pe/d.
This can be achieved within existing physical constraints by implementing full denitrification
with methanol addition, at a gross energy cost of ~109 MJ/kg N, or 30.3 kWh/kg N,
translating to an additional gross per capita energy consumption of ~55 Wh/pe/d (16).
Alternatively, full denitrification could be implemented without addition of a supplemental
carbon source by upgrading physical facilities to raise solids retention times. However, this
would necessitate considerably higher capital investment costs, which are outside the scope of
the present operational cost comparison.

Increased phosphorous removal can be achieved in municipal wastewater treatment by
precipitation with FeSO4, which requires a gross energy input of ~49 MJ/kg P, or 13.6
kWh/kg P (16). As explained above, approximately 0.6 g P/pe/d are removed during
conventional nitrification. Thus, an additional 0.712 g P/pe/d must be removed via FeSO4
addition to achieve a target effluent value of 0.188 g P/pe/d, requiring a gross energy
consumption of ~10 Wh/pe/d. Furthermore, the resulting precipitate is not suitable for
recycling in agriculture (22). Consequently, no energetic credits can be derived from this

product.
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Table SA.1. Model compounds, with important properties and reported apparent
second-order rate constants for reactions with Oz” (pH 8 and 9) and "OH’, and
expected sites of O; attack

p-Chlorobenzoic acid

Compound Carbamazepine (CM) (pCBA)

Diclofenac (DC)

Cl 0

o -
'&Ai 3 _---PKs s @N{ :K
HO
Structure O ;\ O }—QCI cl t ~_ OH

o]
0” “NH, 03{:. °
pK, NA 40° 407
Dy, m*/s 6.2 x 1017 8.2 x 1017 55x 1017
k, Mg
Opam % 31073 x10°¢ <02/<02" ~1.0 x 10%~1.0 x 10°¢
(pH 8/9)
Fiog,M's' 88 (x1.2) x 10°¢ 5.0 (0.8) x 10°* 7.5 (£1.5) x 10° £
Compound (IE?]—Saz-)Ethmylestradlol Ibuprofen (IP) (¥)-Propranolol (PP)
0, o
Structure E.Ka ? \‘N{\
y OH H ™
on LN, ™
O +———03
pkK, 10.4° 459 9.5¢
D, m%/s 5.0x 107/ 5.9 %10/ 53x 10"/
ke Mgt .
(pog“‘é’jgf) S 28x10727x10°¥" 9.6/9.62 ~1.1x10°/~22x10°*
kiog,M's' 98 (£1.2)x 10°¢ 74 (*1.2)x 10°¢ ~1.0 x 10"’

%20(£0.5) °C. *25(x0.5) °C. “*Values from °(23), “(24). or %(25)./Values estimated according to (26). using molar
volume contributions tabulated in (27). £Values taken from or calculated on the basis of data reported in £(28)
(*kos3 for anionic EE2 only), "(10). ((11). or’ (29) (*ko;3 for neutral EE2 only). *Calculated from the average of
rate constants measured for reaction of O; with neutral atenolol, acetbutolol, and metoprolol (i.e., 5.9 x 10° Mls
! (30)) as surrogates for neutral propranolol, in conjunction with the rate constant measured for cationic
propranolol (i.e., ~1 x 10° M's™ (30)). 'Value from (30).
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Table SA.2. Important mass transfer modeling parameters

Symbol(s)
Cosg

[Os]ix
[Os]ieq
[03]bulk

[S]

HO33 HOZ

D03
Dis

k O5,RMC
Rct(t)

5

kL,02

kL,O3

Jos
Nos

Jss

A
Axst
h
g

&g f

dbubble

Dimensions

g/m’, mg/L
mol/L, mol/m’
mol/L, mol/m’
mol/L, mol/m’
mol/L

m?/s

m?/s

mol/(m®-s)
mol/(L-s)
mol/(m**s)
mol/(L-s)

m

Parameter(s)

Gas-phase O; concentration

Liquid-phase O; concentration at point, x, within the film
Liquid-phase O; equilibrium concentration

O; concentration in the bulk solution

Liquid-phase micropollutant concentration

Dimensionless O3 and O, solubility ratios (Ciiquid phase/Cgas
phase)
O; aqueous-phase diffusion coefficient

Micropollutant aqueous-phase diffusion coefficients

Pseudo-first-order rate constant for O; consumption by
RMCs

Time-dependent ratio of ‘OH exposure to O3 exposure
Film thickness

0, liquid mass transfer coefficient (in hydrolyzed urine)
O; liquid mass transfer coefficient (in hydrolyzed urine)

Specific interfacial area relative to volume of the
effective reactive zone (Figure SA.1)

Specific interfacial area relative to full reactor volume
Hatta number
Enhancement factor for O3 consumption by RMCs

Enhancement factor for instantaneous O3 consumption
by RMCs

O; flux into film

O; absorption into film

Micropollutant flux into film

Micropollutant absorption into film

Average cross-sectional area of effective reactive zone
Average cross-sectional area of full reactor

Height of liquid volume in effective reactive zone
Height of full liquid volume in reactor

Gas flow rate through reactor

Superficial gas velocity through the effective reactive
zone

Gas holdup fraction within the effective reactive zone
Gas holdup fraction distributed over full reactor volume

Average gas bubble diameter (Sauter mean (/4), in
urine)

Value(s)
Time-dependent
Time-dependent
Variable

0"
Time-dependent

Variable?

1.7 x10°(4)
Table SA.1

Time-dependent

Table SA.3
1.0 x 107
1.9 x 10™
1.7x10*

436

24
Time-dependent

Time-dependent
Variable*

Time-dependent
Time-dependent
Time-dependent
Time-dependent
43x10*
7.9 x 107
2.0 x 10
22x10"
8.3x 10

1.9 x 107

83 x 102
4.6% 107

1.1x10°

“Assumed to be negligible for ozone consumption in the fast pseudo-first-order kinetic regime (4), "Hos = 0.23,
0.27,0.17, 0.24 and Hp, = 0.027, 0.030, and 0.020 for hydrolyzed urine, ED diluate, and ED concentrate,
respectively, corrected for ionic composition, according to (37), and using Hoz = 0.27 (32) and Hp, = 0.031 (33)
as benchmark values for pure aqueous solution, “E; values of 1.6 x 10%, 1.2 x 10%, and 5.6 x 10* were calculated
for Co3(g),in = 60 mg/L in hydrolyzed urine, ED diluate, and ED concentrate, respectively, according to the
equation E; = 1 + D gmc[RMC]/ Dy 03[ O3] ¢q, assuming that Dy gavic ~ 5 x 10" m*/s and that RMCs were
constituted exclusively of DOC, where DOC concentrations (Table A.1 in the main text) were normalized to
MW ¢arbon = 12 g/mol.
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Table SA.3. Fitted parameters for exponential decay models of Eky A and R (vs.
time, in s)

Matrix PN Flad, Reo
Yo a b Yo a

Hydrolyzed Urine 15 045  11.8  0.0003 53x10* 1.11x102
Hydrolyzed Urine 30 043 476  0.0005 482x10* 4.16x 107
Hydrolyzed Urine 60 047 375  0.0007 543x10* 3.45x10°
Hydrolyzed Urine 120 033 261 0001  407x10* 224x103
ED Diluate 60 021  0.86  0.0018 498x10* 1.14x 103
ED Concentrate 60 074 619 00012 554x10* 3.87x107

“The same value of b is used in exponential fits of Ek; A and R for the same urine matrix

Table SA.4. 'OH scavenging by key matrix constituents

HCO;/CO;* NH,"/NH; DOC Total
Matrix ' ' ) ' '

kc_eirb; nate fcarbonatea ketrlnrzloma fammoniaa k]_)lo S fDOCa kt_o]tab

(s™) (s™) (s7) (s)
Hydrolyzed ¢ 3 100 012 93x10° 0.14 51x10" 074 6.9 x 10’
urine
ED diluate 3.0 x 10° 0.007 1.2x10° 0.003 43%x107 099 4.4x10’
ED 2.6x 107 0.14 3.2x107 0.17 13x10° 0.69 1.9x10°
concentrate

“Estimates of the rates at which ‘OH was scavenged by major reactive matrix constituents were calculated from
the concentrations of HCO;, NH;, PO,*, and DOC and - after accounting for acid-base speciation at the
appropriate pH - the corresponding elementary second-order rate constants for each of these reactions, where

_ 6 1.-1 8 1.-1 7 1 -1
kOH,HC% 8.5 x 10° M's™ (34), kOHCOz 3.9 x 10° M 35), Klop i, = 9 x 107 M's™ (36),

k.on.poc ~ 27 x 10* L'mg’'s™ as estimated from the average of the values determined for three wastewater

isolate fractions in (37).
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Table SA.5. COs™ scavenging by key matrix constituents

NH, /NH; DOC Total
Matrix . ha a ' -I\a a ' -1\a

kammonia (S ) fammonia kDOC (S ) fDOC ktotal (S )
Hydrolyzed =\ o 10t 002 53x10° 098 5.4 % 10°
urine
ED diluate  ~1.4 x 10? <0.001 45x10° >0.999 45x10°
ED ~3.6 x 10* ~0.03 1.4x10° 097 1.4 % 10°
concentrate

“Estimates of the rates at which CO;~ was scavenged by major reactive matrix constituents were calculated from
the concentrations of HCO5™, NH;, PO, ", and DOC and - after accounting for acid-base speciation at the
appropriate pH - the corresponding elementary second-order rate constants for each of these reactions, where the
rate constant for reaction of CO3™~ with NH; (which would most likely proceed via H-abstraction, as for *OH,
SOy, and PO,*(36)) was assumed to be no greater than ~1 x 10° M™'s™ on the basis of (a) the range in
magnitudes of rate constants tabulated for H-abstraction reactions of CO;™ with various aliphatic compounds,
and (b) the generally close agreement in the tabulated magnitudes of rate constants for H-abstraction of NH; by a
given inorganic radical with the magnitudes of rate constants for H-abstractions of other aliphatic compounds by

the same radical (38), whereas k ranges from 0.4-2.8 x 10> L-mg's™" as reported in (39) (a value of 2.8

€0, ,DOC
x 10> L-mg's™" was assumed in the present calculations).

Table SA.6. 'NH, scavenging by key matrix constituents
HCO;3/CO3” DOC 0, Total
Matrix k'

carbonate

(S-l)a

K, o ke . Kk
DOC fD oc ) fO ) total

(s™)" (s) (s)"

f a
carbonate

Hydrolyzed & 105 0.002 ~1.9%x10° ~0.002 88x10° 0996 8.8x 10°
urine

ED diluate 1.5x 10> <0.001 ~1.6 x10° ~0.002 99x10° 0998 99x10°
ED 47%x10°  0.007 ~49%x10° ~0.007 65x10° 098 6.6 x10°
concentrate

“Estimates of the rates at which 'NH, was scavenged by major reactive matrix constituents were calculated from
the concentrations measured for HCO;™ and DOC, the calculated values of Oy q) (8.7 x 10*,9.8 x 10*, and 6.5
x 10* mol/L, in hydrolyzed urine, ED diluate, and ED concentrate, respectively, for pos max = 0.8 bar in the
applied O; gas streams, using the Ho, values shown in Table SA.2), and - after accounting for acid-base
speciation at the appropriate pH - the corresponding elementary second-order rate constants for each of these

reactions, where k. NH. HCO- <50x10°Ms! (40), the rate constant for reaction of 'NH, with CO> (viae™-
2> 3

transfer) is assumed to be neglible on the basis of estimated reduction potentials for the couples 'NH,/NH, (~0.6
V (41)) and CO5™/CO5” (~1.6 V (42)) and the reported non-reactivity of "NH, toward the thermodynamically

more favorable (relative to CO;>) single-electron reductant SO5> (41), k'.'N =1.0x10° M's™ (43), and
2

H,.0

k “NH. DOC "~ 1 L-mg’'s" as estimated from the general observation that rate constants for reactions of "NH,
25

with organic substrates are typically ~2 orders lower than those of CO;™ (38) - assuming a range of ~40-280

mg-L's” for kéo;‘,DOC (39).
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Table SA.7. Estimated ratios of [CO;"]s and [[NH;]s to [[OH]s,
during ozonation of each urine matrix

Matrix [CO;™]so/[ OH]ss" ['NH;]s/[ ‘OH]s"
Hydrolyzed urine 1.5 x 10 1.1 x 10
ED diluate 2.7 % 107! 1.2x 10"
ED concentrate 1.9 x 10 4.9 % 10

“Calculated from eq S19, using the rate constant values provided in Tables SA.4 and SA.5. “Calculated from eq
S20, using the rate constant values provided in Tables SA.4 and SA.6.
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Table SA.8. Reactions included in Kintecus models of radical and reactive species

yields during urine ozonation
Reactions

Ozone, peroxide, and oxide radical reactions
Al 0; + DOC — 03"+ DOC™™"

A2 0O;+DOC - O, + DOC(oxidized)
A3 03 + DOC — Ox('Ag) + DOC (oxidized)
A4 O; +DOC — DOC(peroxide)

AS O3 + 02._ — 03._ + O,

A6f 0;"—>0"+0,

Ab6r 0,+0" = 05~

A7f  O;"+H' — HO;

A7t HO; — O;"+H'

A8 HO3. — .OH + Oz

A9 DOC’ + O, — DOCOO’

A10 DOCOO" — DOC oxidized) + HO'
All DOCOO’ + OH — DOC(oxidized) + 0,
Al2 0y + DOC oxidizedy — 02 + DOC™
Al3 0,”"+HO," - HO, + O,

Al4  O3+HO;, — 'OH+0,+0,"
Al15f O"+H,O — 'OH +OH

Al5r 'OH+OH — O™+ H,0

Hydroxyl radical reactions

Bl ‘OH + DOC — DOC’ (+ H,O, for H-abstr.)
B2 ‘OH + HCO3; — CO3™ + H,O

B3 "OH + CO3* — CO;™ + OH

B4 ‘OH + NH; — ‘NH, + H,O

B5 OH + 03 — HO2. + 02

B6 "OH + H,0, — 0," +H,0+H"

B7 ‘OH+HO;, — 0,"+OH +H"
Carbonate radical reactions

Cl COs™ + DOC — DOC™™ + CO5™
C2 CO3.- + NH; — .NHz + HCO5”

C3 CO3._ + HzOz — HOZ. + HCO3_

C4 CO3._ + HOz_ — 02._ + HCO3
Aminyl radical reactions

D1 ‘NH, + DOC — DOC’" + NH;

D2 .NH2 + 02 — NH202.

Nitrogen redox chains

El NH202. — .NO + HzO

E2f "NO + 0,” — ONOO

E2r ONOO™ — 'NO + O,”

E3 ONOO + CO; — 0.33’'NO, + 0.33CO3™
E4 ONOO™ — NO5

ESf ONOO — 'NO, + O™

A42

Rate or equilibrium
constants: (M'zs'l),
M's™), (s, or
dimensionless

~10° in Hydr. Urine,
~10% in ED Diluate

1.5 % 10°

2.8x10°

3.6 x 10°

52x10"
3.7 x 10*

1.1 x10°

~2.5 % 10°
~100

Refs.
and
notes
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E5r  'NO,+ 0" — ONOO 3.5 % 10° (56)
E6 ONOO ™ + 03 — ('NO; + O," + 0,)? ~5 x 10° i

E7 ONOO™ + ‘OH — "NO + O, + OH 4.8 x 10° (57)
E8 ONOO + CO;” — 'NO + O, + CO5* 3.7 % 10° (57)
E9f  'NO,+ ‘OH — ONOOH 4.5x% 10 (56)
E9r  ONOOH — ‘NO, + ‘OH 3.5% 107 (54)
E10  'NO+HO, — ONOOH 3.2 x10° (54)
El1l  ONOOH — NO; +H" 9.0 x 10! (54)
E12 ONOOH+H' — NO; +2H" 43 (58)
E13f ONOOH + H,0 + H" — HNO, + H,0, +H* 1.1 x 10" (58)
E13r HNO,+ H,0, + H — ONOOH + H,O + H" 9.6 x 10° (58)
El4f °'NO,+ 0,” — 0,NOO 4.5 x 10’ (59)
El4r  O,NOO — ‘NO, + 0,” 1.0 (60)
E15  O,NOO — NO, + O, 1.4 (60)
El6f °NO,+HO, — O,NOOH 1.8 x 10° (59)
Elér  O,NOOH — ‘NO, + HO," 2.6 x 107 (54)
E17  "NO,+DOC — DOC™ +NO, ~3 % 10° J
E18  'NO,+DOC — DOCNO, ~3 x 10° k
E19  "NO+DOC — DOCNO ~3x10° i
E20  NO, +0; — NO;y + O, 6.0 x10° (61)
Ammonia acid-base equilibrium

Fl NH," == NH;+H" 5.0 x 10" (pK, = 9.3) (62)
Carbonate acid-base equilibria

Gl H,0 + CO; == HCOs; +H" 4.0 x 107 (pK, = 6.4) (62)
G2 HCO; == CO;* +H" 50x 10" (pK,=10.3)  (62)
Superoxide acid-base equilibrium

HI HO," == O,"+H" 2.0 x 10” (pK, =4.7) (63)
Hydrogen peroxide acid-base equilibrium

11 H,0, == HO, +H" 25x 102 (pK,=11.6)  (62)
Peroxynitrite acid-base equilibrium

J1 ONOOH == ONOO +H" 2.5x 107 (pK, = 6.6) (54)
Peroxynitrate acid-base equilibrium

K1 O,NOOH == O,NOO +H" 1.3 x 10 (pK, = 5.9) (54)
Nitrite acid-base equilibrium

L1 HNO, == NO, +H" 5.0 x 10™ (pK, = 3.3) (62)
Initial conditions

Species Concentrations (mol/L)"  Notes
H,0 55.6

H 10°/10°®

0, 8.7 x10%9.8 x 10

03 2.9 % 10%3.3 x 10™ n
NH; 1.0x10"/1.4 x 107

NH," 2.1x10'2.7%x 107

COs> 1.5% 10%1.5x 10

HCO5 29x%10'2.9x% 107

CO, 7.4 x10%7.3 x10* 0
DOC 1.6 x 107/1.3 x 10™ e
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“ The total rate of O3 consumption (ka; + kap + ka3 + kag) was calculated from indirect determination of first-
order rate of O; consumption by matrix constituents in hydrolyzed urine, using measured DOC concentrations,
as described in the main text. The rate constant is normalized to MW 0, = 12 g/mol. O3 was assumed for the
purposes of modeling to be consumed in roughly equal proportion by pathways A1-A4.

b Approximation based on range of tabulated values for reactions of R” species with O, as listed within (64)

¢ Approximation based on range of tabulated values for decay of various ROO" species, as listed within (65)

¢ Approximation based on range of tabulated rate constants for O, reactions with oxidized DOC constituents
(e.g., carbonyls, carboxylic acids, various quinones), as listed within (64)

¢ Normalized to MW 00 = 12 g/mol

/" Estimated value, based on relative average magnitudes of tabulated rate constants for ‘OH and CO," H-
abstraction reactions, as listed within (64)

¢ Estimated value, based on relative average magnitudes of tabulated rate constants for ‘OH, CO;"-, and ‘NH,
reactions with organic substrates, as listed within (64)

" Assuming approximately 1-mM dissolved O, concentration

"Rate constant estimated from fitting of N3', NO,’, and peroxynitrite concentrations during continuous ozonation
of N3~ (66); corresponding mechanism proposed here on the basis of analogy with HO,-Oj; reaction

J Estimated value, based on relative average magnitudes of tabulated rate constants for NO,", ‘OH, CO;", and
‘NH, reactions with organic substrates, as listed within (64)

¥ Rate constant - used here for exploratory purposes only - based on reported value for nitration of the tyrosyl
radical (TyrO") by 'NO, (67)

! Rate constant - used here for exploratory purposes only - based on reported value for nitrosation of the 1-
hydroxyethyl radical (CH;CHOH) by ‘NO (68)

" Concentration values given for Cos(g)in = 60 mg/L applied to hydrolyzed urine and electrodialysis diluate. In
the case of two listed values, the first value corresponds to hydrolyzed urine, second to electrodialysis diluate.
Single values indicate no difference between samples.

" Values of [Os],q calculated with the Hos values listed in Table SA.2. Utilized only for analysis of radical
concentrations during pulsed or continuous addition of Oj; (i.e., for batch or semi-batch modes, respectively),
otherwise turned off during modeling

? CO, concentration assumed to be constrained by initial carbonate concentration - no input from or loss to gas
bubbles containing O, and O,
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Figure SA.1. Double-walled, thermal-jacketed, semi-batch reactor used in urine

ozonation experiments. (a) Overview of reactor with Oj; inlet and outlet, sensors, and
constant temperature water lines. (b) Important internal reactor dimensions.
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Figure SA.2. Observed depletion rates for each model compound during ozonation of
hydrolyzed urine (hollow symbols) and hydrolyzed urine containing 4 g/L. (86 mM) of
ethanol (solid symbols), compared to measurements of cuamulative absorbed O; doses at
Co3(g),in = 60 mg/L (lines). Solutions were spiked with 1.0 x 10 M of each model
compound, except pCBA, which was spiked at 5.0 x 10° M.
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Figure SA.3. Variation in the apparent O; mass transfer coefficient, Ek; A, with (a) time
and (b) increasing cumulative Oz absorption, during ozonation of hydrolyzed urine (at

Cosg),imn = 15, 30, 60, and 120 mg/L) and pre-treated urine solutions (at Cg3(g)in = 60
mg/L)
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Figure SA.4. Representation of oxidant species and reactive substrate concentration
gradients within conceptual film between gas bubble surface and bulk solution, during
ozonation of hydrolyzed urine, at t = 0, Co3(),n = 60 mg/L, and 25 °C. (a) Reactant
concentrations (normalized to initial concentrations) on linear scale, (b) Reactant
concentrations on log scale

A46



Supporting Information for Appendix A

o]

In([pCBAV[PCBA],)
In([EE2)/[EE2],)
IS

@ Urine- 15mglL O, 5 4
44 @ urre-30mgrLo,

A Urine - 60 mgiL O, 5 @ Urne-15mg/L O,
5 & Urine - 120 mglL O, > m Urne - 30 mg/L O,
h g Eg:g:\m le} 74 & Urine-60 mg/L O, O ED-Diluate

centrate ¢ Uine-120mg/lL. 0, @ ED-Concentrate
-6 T T T T T T T -8 T T T T T
1] 30 60 90 120 150 180 210 240 0 10 20 30 40 50 60
t (min) t (min)

Figure SA.S. Observed depletion rates of (a) pCBA and (b) EE2 for various applied, gas-
phase O; concentrations, during ozonation of unmodified, hydrolyzed urine and pre-
treated, hydrolyzed urine products at 25 °C.
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Figure SA.6. Representation of the film for a fast pseudo-first-order kinetic regime with
respect to O3 consumption, accounting for secondary radical (i.e., NH,, CO;", and 'NQO,)
formation and decay within the film and in the adjacent bulk solution, where S, and S,
represent hypothetical model compounds that are recalcitrant and susceptible to
reactions with secondary radicals, respectively.
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Figure SA.8. Temporal evolution of reactants in hydrolyzed urine in the absence of
continuous ozone input (using the steady-state reactant concentrations from Figure SA.7 as
initial conditions)
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Figure SA.9. Steady-state conditions at the gas-film interface during ozonation of ED diluate at Cy;,
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Figure SA.10. Temporal evolution of reactants in ED diluate in the absence of continuous
ozone input (using the steady-state reactant concentrations from Figure SA.9 as initial
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Urine treatment
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Figure SA.11. Schematic flow diagram and mass balances of N and P expressed as gram
per person per day for a scenario including urine source-separation and pre-treatment
(top) and enhanced end-of-pipe wastewater treatment leading to similar effluent values.
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Figure SA.12. Effects of varying A; and mixing efficiency on pCBA and EE2 oxidation
efficiencies at Co3(g)in =15 mg/L. Three scenarios are depicted: (1) the reference
scenario, corresponding to the measured data shown in Figure A.1a (discrete points), (2)
a model case in which A, is doubled beyond that of scenario (1) (dashed lines), and (3) a

model case in which mixing constraints prevailing in scenario (1) are neglected (solid
lines). Model results were obtained using Scripts SA.2 and SA.3.
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Script SA.1. “film_profiles norm.m” used to obtain instantaneous profiles of reactant
concentrations within and fluxes into and out of the gas-liquid interface separating
ozone bubbles from bulk urine solutions, for the purpose of calibrating the full model
(defined by Scripts SA2 and SA3) for *OH exposures determined by measurement of
*OH-probe compound (p-chlorobenzoic acid) depletion during ozonation

% Function "film_profiles_norm" - models reactant concentrations within gas-liquid

% film region for O3 reactions in a semi-batch system (assuming steady-state O3 and
% reactant concentrations throughout the film at a given instant)with consumption of
% O3 by bulk reactive matrix constituents in the fast kinetic regime, and inclusion

% of *OH reactions. Produces a plot of concentration profiles in the film.

function film_profiles_norm
clear all

% global variables.
global FilmThickness
global O3_leqavg
global CO_RMC
global ROHO3
global kO3_CM
global kO3 _pCBA
global kO3_DC
global kO3_EE2
global kO3_IP
global kO3_PP
global KOH_CM
global kOH_pCBA
global kOH_DC
global kOH_EE2
global KOH_IP
global KOH_PP
global D_CM
global D_pCBA
global D_DC
global D_EE2
global D_IP
global D_PP
global As

global CO_CM
global CO_pCBA
global CO_DC
global CO_EE2
global CO_IP
global CO_PP
global kKO3RMC
global D_O3
global D_RMC

% global variable definitions

HO3 = 0.23; %03 solubility ratio in Urine (dimensionless)

%HO3 = 0.27; %03 solubility ratio in Electrodialysis diluate (dimensionless)

%HO3 = 0.17; %03 solubility ratio in Electrodialysis concentrate (dimensionless)

kO3_CM = 3.0e5; %Apparent, second-order rate constant for CM-O3 reaction, pH 9 (M*-1*s*-1)
kO3_pCBA = 0; %Apparent, second-order rate constant for pPCBA-O3 reaction, pH 9 (M*-1*s”-1)
kO3_DC = 1.0e6; %Apparent, second-order rate constant for DC-O3 reaction, pH 9 (M*-1*s”-1)
%kO3_EE2 = 2.8e7; %Apparent, second-order rate constant for EE2-O3 reaction, pH 8 (M*-1*s”-1)
kO3_EE2 = 2.7e8; %Apparent, second-order rate constant for EE2-O3 reaction, pH 9 (M*-1*s”-1)
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kO3_IP = 9.6; %Apparent, second-order rate constant for IP-O3 reaction, pH 9 (M*-1*s”-1)
%kO3_PP = 1.1e5; %Apparent, second-order rate constant for PP-O3 reaction, pH 8 (M"-1*s”-1)
kO3_PP = 2.2e5; %Apparent, second-order rate constant for PP-O3 reaction, pH 9 (M*-1*s”-1)
kOH_CM = 8.8e9; %Apparent, second-order rate constant for CM-+OH reaction, pH 9 (M*-1*s”-1)
kOH_pCBA = 5.0e9; %Apparent, second-order rate constant for pPCBA-+OH reaction, pH 9 (M*-1*s”-1)
kOH_DC = 7.5e9; %Apparent, second-order rate constant for DC--OH reaction, pH 9 (M*-1*s*-1)
kOH_EE2 = 9.8e9; %Apparent, second-order rate constant for EE2-<OH reaction, pH 9 (M*-1*s"-1)
kOH_IP = 7.4e9; %Apparent, second-order rate constant for IP-<OH reaction, pH 9 (M*-1*s"-1)
kOH_PP = 1.1e10; %Apparent, second-order rate constant for PP-«OH reaction, pH 9 (M*-1*s”-1)
D_CM = 6.2e-10; %Diffusion coefficient for CM in H20 (m*2/s)

D_pCBA = 8.2e-10; %Diffusion coefficient for pCBA in H20 (m”2/s)

D_DC = 5.5e-10; %Diffusion coefficient for DC in H20 (m”"2/s)

D_EE2 = 5.0e-10; %Diffusion coefficient for EE2 in H20 (m”2/s)

D_IP = 5.9e-10; %Diffusion coefficient for IP in H20 (m”2/s)

D_PP = 5.3e-10; %Diffusion coefficient for PP in H20 (m"2/s)

D_03 = 1.7e-9; %Diffusion coefficient for O3 in H20 (m”"2/s)

D_RMC = 5e-10; %Diffusion coefficient for RMC in H20 (m”"2/s)

on_mix = 0; %Switch for inclusion or exclusion of mixing constant, kmix, in model

% local variables

t = 0; %Reaction time (s)

CO3_gin = 15; %lInlet gas-phase O3 concentration (g/m”3)

03 _leq = (CO3_gin/1000/48)*HO3; %Equilibrium aqueous-phase O3 concentration at gas-film
interface (mol/L)

Q_gas = 30/3600/1000; %lnlet gas flow rate (m”3/s)

Axs = 4.3e-4; %Cross-sectional area of effective reactive zone (m*2)

hl = 20/100; %Liquid height in effective reactive zone (m)

GasHoldup = 8.3e-2; %Gas holdup relative to effective reactive zone (dimensionless)

hT = hl/(1-GasHoldup); %Total height (liquid and gas volumes) in effective reactive zone (m)
FilmThickness = 10e-6; %Film thickness (m)

As = 436; %Specific gas-liquid interfacial area relative to effective reactive zone (m*2/m”3)
CO_RMC = 5e-2; %lnitial concentration of RMCs in aqueous phase (mol/L)

CO_CM = 1e-5; %lnitial concentration of CM in aqueous phase (mol/L)

CO0_pCBA = 5e-5; %lnitial concentration of pCBA in aqueous phase (mol/L)

CO0_DC = 1e-5; %lnitial concentration of DC in aqueous phase (mol/L)

CO_EEZ2 = 1e-5; %]Initial concentration of EE2 in aqueous phase (mol/L)

CO_IP = 1e-5; %lnitial concentration of IP in aqueous phase (mol/L)

CO_PP = 1e-5; %lnitial concentration of PP in aqueous phase (mol/L)

% first-order mixing constant (1/s)

kmix = 7.3e-4; %Hydrolyzed Urine, 15 mg/L O3 dose

%kmix = 8.0e-4; %Hydrolyzed Urine, 30 mg/L O3 dose

%kmix = 1.3e-3; %Hydrolyzed Urine, 60 mg/L O3 dose

Y%kmix = 2.0e-3; %Hydrolyzed Urine, 120 mg/L O3 dose

Y%kmix = 5.0e-3; %Electrodialysis diluate, 60 mg/L O3 dose
Y%kmix = 1.1e-3; %Electrodialysis concentrate, 60 mg/L O3 dose

% time-dependent functions of EKLAs (1/s)

EkLAs = (0.45+11.8*exp(-0.0003*t)); %Hydrolyzed Urine, 15 mg/L O3 dose

%EKLAs = (0.43+4.76"exp(-0.0005"t)); %Hydrolyzed Urine, 30 mg/L O3 dose

%EKLAs = (0.47+3.75%exp(-0.0007*t)); %Hydrolyzed Urine, 60 mg/L O3 dose

%EKLAs = (0.33+2.61*exp(-0.001*t)); %Hydrolyzed Urine, 120 mg/L O3 dose

%EKLAs = (0.21+0.86*exp(-0.0018*t)); %Electrodialysis diluate, 60 mg/L O3 dose
%EKLAs = (0.74+6.19"exp(-0.0012*t)); %Electrodialysis concentrate, 60 mg/L O3 dose

=~

% average dissolved O3 concentration at the film side of the gas-film interface, over the full reactor
height, hT (mol/L)

03 leqavg = ((0O3_leq*(Q_gas/((1-GasHoldup)*Axs*EKLAs*HO3))*(1-exp((-(1-
GasHoldup)*Axs*EkLAs*HO3*hT)/Q_gas)))/hT);
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% first-order rate constant for consumption of O3 by reactive wastewater constituents (RMC) (1/s)
kO3RMC = ((EkLAs/As)*2)/D_0Og3;

% time-dependent functions of R*OH/O3 (dimensionless)

ROHO3 = (0.53e-3+1.114e-2*exp(-0.0003*t))*2; %Hydrolyzed Urine, 15 mg/L O3 dose

%ROHO3 = (0.482e-3+4.155e-3*exp(-0.0005%t))"2; %Hydrolyzed Urine, 30 mg/L O3 dose
%ROHO3 = (0.543e-3+3.448e-3*exp(-0.0007*t))2; %Hydrolyzed Urine, 60 mg/L O3 dose
%ROHO3 = (0.407e-3+2.238e-3*exp(-0.001*t))"2; %Hydrolyzed Urine, 120 mg/L O3 dose
%ROHO3 = (0.498e-3+1.14e-3*exp(-0.0018*t))*2; %Electrodialysis diluate, 60 mg/L O3 dose
%ROHO3 = (0.554e-3+3.865e-3*exp(-0.0012*t))"2; %Electrodialysis concentrate, 60 mg/L O3 dose

% helper functions "bvpinit" and "bvpset" prepare ODE BVP system for processing by function "bvp4c"
solinit = bvpinit(linspace(0,FilmThickness,50),@ex1init);
options = bvpset('Stats’,'on','RelTol',1e-4);

% function "bvp4c" - provides numerical solution of 2nd-order ODE BVP equation system
sol = bvp4c(@ex1ode,@ex1bc,solinit,options);

% solutions of the ODE BVP systemat at mesh points x and y
X = sol.x;
y = sol.y;

% chemical species concentrations at mesh points (mol/L)
03 = sol.y(1,:)}

OH = 03*ROHO3;

RMC = sol.y(2,:)";

CM = sol.y(5,:)’;

pCBA = sol.y(7,:)’;

DC = sol.y(9,:)’;

EE2 = sol.y(11,:)’;

IP =sol.y(13,:)’;

PP = sol.y(15,:)}

% concentration gradients at mesh points (mol/(L*m))
Deriv_0O3 = sol.y(3,:);

Deriv_RMC = sol.y(4,:)’;

Deriv_CM = sol.y(6,:)’;

Deriv_pCBA = sol.y(8,:)’;

Deriv_DC = sol.y(10,:);

Deriv_EE2 = sol.y(12,:)’;

Deriv_IP = sol.y(14,:)";

Deriv_PP = sol.y(16,:)";

% x dimensions of concentration gradient arrays
dim_O3 = size(Deriv_03)

dim_RMC = size(Deriv_RMC);

dim_CM = size(Deriv_CM);

dim_pCBA = size(Deriv_pCBA);

dim_DC = size(Deriv_DC);

dim_EE2 = size(Deriv_EE2);

dim_IP = size(Deriv_IP);

dim_PP = size(Deriv_PP);

% flux of O3 from the gas-phase into the film, and of aqueous-phase reactant species from the bulk
liquid into the film (mol/(m”2*s))

Flux_O3 = Deriv_03(1,1)*1000*D_O3;

Flux_RMC = Deriv_RMC(dim_RMC(1,1),1)*1000*D_RMC;

Flux_CM = Deriv_CM(dim_CM(1,1),1)*1000*D_CM,;
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Flux_pCBA = Deriv_pCBA(dim_pCBA(1,1),1)*1000*D_pCBA
Flux_DC = Deriv_DC(dim_DC(1,1),1)*1000*D_DC;
Flux_EE2 = Deriv_EE2(dim_EE2(1,1),1)*1000*D_EE2
Flux_IP = Deriv_IP(dim_IP(1,1),1)*1000*D_IP;

Flux_PP = Deriv_PP(dim_PP(1,1),1)*1000*D_PP;

% depletion of reactant species from the bulk liquid (mol/(L*s))

Dep_RMC = -1/(1/(Flux_RMC*As/((1-GasHoldup)*1000))+on_mix/(kmix*C0_RMC));
Dep_CM = -1/(1/(Flux_CM*As/((1-GasHoldup)*1000))+on_mix/(kmix*C0_CM));
Dep_pCBA = -1/(1/(Flux_pCBA*As/((1-GasHoldup)*1000))+on_mix/(kmix*C0O_pCBA));
Dep_DC = -1/(1/(Flux_DC*As/((1-GasHoldup)*1000))+on_mix/(kmix*C0_DC));
Dep_EE2 = -1/(1/(Flux_EE2*As/((1-GasHoldup)*1000))+on_mix/(kmix*C0_EEZ2));
Dep_IP =-1/(1/(Flux_IP*As/((1-GasHoldup)*1000))+on_mix/(kmix*C0_IP));

Dep_PP = -1/(1/(Flux_PP*As/((1-GasHoldup)*1000))+on_mix/(kmix*C0_PP));

% data for plot
x1 = x/FilmThickness;
y1(;,1) = O3/03_leqavg;

y1(;,2) = OH/OH(1);
y2(;,1) = RMC/CO_RMC;
vy2(;,2) = CM/CO_CM;
v2(:,3) = pCBA/CO_pCBA,;
y2(;,4) = DC/CO_DC;
y2(;,5) = EE2/CO_EE2;
vy2(:,6) = IP/CO_IP;

y2(;,7) = PP/CO_PP;

xy = [x1'y1y2];
xIswrite('film_profiles_norm_out',xy)

% plot of reactant concentrations within the film vs. time
close all

[AX,H1,H2] = plotyy(x1,y1,x1,y2,'plot’);

set(H1,'linewidth',2)

set(H2,'linewidth',2)

set(H2(1),'color',[0 1 0])

set(H2(5),'color',[1 0.7 0])

set(H2(6),'color',[0 1 1])

set(AX(1),"YLim', [0 1],"XLim’, [0 1],"YTickMode', ‘auto’,"Y Color', [0 0 0],'FontSize',14)
set(AX(2),"YLim', [0 1],'XLim’, [0 1],"YTickMode', 'auto',"Y Color', [0 0 0],'FontSize',14)
set(get(AX(1),"Ylabel'),'String','[Oxidant]/[Oxidant]_interface','FontSize',14)
set(get(AX(2),"Ylabel"),'String','C/C_bulk','FontSize',14)

set(get(AX(1), Xlabel'),'String','x/\delta','FontSize',14)
leg1=legend(AX(1),""OH','O_3',3);
leg2=legend(AX(2),'RMC','CM',']pCBA",'DC','EE2",'IP','PP",4);

set(leg1,'FontSize',14)

set(leg2,'color',[1 1 1],'FontSize',14)

%

% helper function - generates reactant concentration gradients at each mesh point for "bvp4c"
function dydx = ex1ode(x,y)

global kKO3_CM
global kO3_pCBA
global kO3_DC
global kKO3_EE2
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global kO3_IP
global kO3_PP
global kOH_CM
global kOH_pCBA
global KOH_DC
global KOH_EE2
global KOH_IP
global KOH_PP
global D_CM
global D_pCBA
global D_DC
global D_EE2
global D_IP
global D_PP
global ROHO3
global KO3RMC
global D_O3
global D_RMC
global CO_RMC

dydx =[y(3)
y(4)
1/D_03*y(1)*kO3RMC
1/D_RMC*y(1)*y(2)*(kO3RMC/CO_RMC(1,1))

Supporting Information for Appendix A

)1,56D)_CM*y(5)*y(1 )*(kO3_CM+kOH_CM*ROHO3)
)1l§8D)_pCBA*y(7)*y(1 )*(kO3_pCBA+kOH_pCBA*ROHO3)
¥§E)(1)Dc*y(9)*y(1 )*(kO3_DC+kOH_DC*ROHO3)
)1/5I1D2_)EE2*y(1 1)*y(1)*(kO3_EE2+kOH_EE2*ROHO3)
¥Z§)2IP*y(‘I 3)*y(1)*(kO3_IP+kOH_IP*ROHO3)

y

1/D_PP*y(15)*y(1)*(kO3_PP+kOH_PP*ROHO3)];

%

% helper function "ex1bc" - compiles boundary conditions for "bvp4c"

function res = ex1bc(ya,yb)

global O3_leqavg
global CO_RMC
global CO_CM
global CO_pCBA
global CO_DC
global CO_EE2
global CO_IP
global CO_PP

res =[ya(1) - O3_leqavg
ya(4)
ya(6)
ya(8)
ya(10)
ya(12)
ya(14)
ya(16)
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yb(1)

yb(2) - CO_RMC
yb(5) - CO_CM
yb(7) - CO_pCBA
yb(9) - CO_DC
yb(11) - CO_EE2
yb(13) - CO_IP
yb(15) - CO_PPYJ;

%

% helper function "ex1init" - compiles guesses for initial concentration and concentration gradient
values for "bvp4c"
function v = ex1init(x)

global FilmThickness
global O3_leqavg
global CO_RMC
global CO_CM

global CO_pCBA
global CO_DC

global CO_EE2
global CO_IP

global CO_PP

v = [03_legavg-x*O3_leqavg/FilmThickness
x*CO0_RMC/FilmThickness
-O3_leqavg/FilmThickness
CO0_RMC/FilmThickness
x*C0O_CM/FilmThickness
CO_CM/FilmThickness
x*C0O_pCBA/FilmThickness
CO_pCBA/FilmThickness
x*CO_DC/FilmThickness
CO_DC/FilmThickness
x*CO_EE2/FilmThickness
CO_EE2/FilmThickness
x*CO_IP/FilmThickness
CO_IP/FilmThickness
x*C0_PP/FilmThickness
CO_PP/FilmThickness];
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Script SA.2. “film_profiles.m” used to obtain instantaneous profiles of model reactant
concentrations within and fluxes into and out of the gas-liquid interface separating
ozone bubbles from bulk urine solutions

% Helper function "film_profiles" - models reactant concentrations within

% gas-liquid film region for O3 reactions in a semi-batch system (assuming

% steady-state O3 and reactant concentrations throughout the film at a given

% instant) with consumption of O3 by bulk reactive matrix constituents in the fast
% kinetic regime, and inclusion of *OH reactions.

function film_profiles

% global variable definitions
global FilmThickness
global O3_leqavg
global ROHO3
global kO3_CM
global kO3 _pCBA
global kO3_DC
global kO3_EE2
global kO3_IP
global kO3_PP
global KOH_CM
global kOH_pCBA
global kOH_DC
global kOH_EE2
global KOH_IP
global KOH_PP
global D_O3
global D_RMC
global D_CM
global D_pCBA
global D_DC
global D_EE2
global D_IP
global D_PP
global C_RMC
global C_CM
global C_pCBA
global C_DC
global C_EE2
global C_IP
global C_PP
global Dep_RMC
global Dep_CM
global Dep_pCBA
global Dep_DC
global Dep_EE2
global Dep_IP
global Dep_PP
global count
global O3

global RMC
global CM

global pCBA
global DC

global EE2

global IP

global PP

global kO3RMC
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global Flux_0O3
global Flux_CM
global Flux_pCBA
global Flux_DC
global Flux_EE2
global Flux_IP
global Flux_PP
global t

global xpoints

% global variables

HO3 = 0.23; %03 solubility ratio in Urine (dimensionless)

%HO3 = 0.27; %03 solubility ratio in Electrodialysis diluate (dimensionless)

%HO3 = 0.17; %03 solubility ratio in Electrodialysis concentrate (dimensionless)

kO3_CM = 3.0e5; %Apparent, second-order rate constant for CM-O3 reaction, pH 9 (M*-1*s*-1)
kO3_pCBA = 0; %Apparent, second-order rate constant for pPCBA-O3 reaction, pH 9 (M*-1*s”-1)
kO3_DC = 1.0e6; %Apparent, second-order rate constant for DC-O3 reaction, pH 9 (M*-1*s”-1)
%kO3_EE2 = 2.8e7; %Apparent, second-order rate constant for EE2-O3 reaction, pH 8 (M*-1*s”-1)
kO3_EE2 = 2.7e8; %Apparent, second-order rate constant for EE2-O3 reaction, pH 9 (M*-1*s”-1)
kO3_IP = 9.6; %Apparent, second-order rate constant for IP-O3 reaction, pH 9 (M*-1*s”-1)
%kO3_PP = 1.1e5; %Apparent, second-order rate constant for PP-O3 reaction, pH 8 (M"-1*s”-1)
kO3_PP = 2.2e5; %Apparent, second-order rate constant for PP-O3 reaction, pH 9 (M*-1*s”-1)
kOH_CM = 8.8e9; %Apparent, second-order rate constant for CM-<OH reaction, pH 9 (M*-1*s"-1)
kOH_pCBA = 5.0e9; %Apparent, second-order rate constant for pPCBA-+OH reaction, pH 9 (M*-1*s”-1)
kOH_DC = 7.5e9; %Apparent, second-order rate constant for DC--OH reaction, pH 9 (M*-1*s*-1)
kOH_EE2 = 9.8e9; %Apparent, second-order rate constant for EE2-<OH reaction, pH 9 (M*-1*s"-1)
kOH_IP = 7.4e9; %Apparent, second-order rate constant for IP-OH reaction, pH 9 (M*-1*s"-1)
kOH_PP = 1.1e10; %Apparent, second-order rate constant for PP-«OH reaction, pH 9 (M*-1*s”-1)
D_CM = 6.2e-10; %Diffusion coefficient for CM in H20 (m”2/s)

D_pCBA = 8.2e-10; %Diffusion coefficient for pCBA in H20 (m”2/s)

D_DC = 5.5e-10; %Diffusion coefficient for DC in H20 (m”"2/s)

D_EE2 = 5.0e-10; %Diffusion coefficient for EE2 in H20 (m”2/s)

D_IP = 5.9e-10; %Diffusion coefficient for IP in H20 (m”2/s)

D_PP = 5.3e-10; %Diffusion coefficient for PP in H20 (m”2/s)

D_03 = 1.7e-9; %Diffusion coefficient for O3 in H20 (m”"2/s)

D_RMC = 5e-10; %Diffusion coefficient for RMC in H20 (m”2/s)

on_mix = 1; %Switch for inclusion or exclusion of mixing constant, kmix, in model

% local variables

CO3_gin = 15; %lInlet gas-phase O3 concentration (g/m”3)

03 _leq = (CO3_gin/1000/48)*HO3; %Equilibrium aqueous-phase O3 concentration at gas-film
interface (mol/L)

Q_gas = 30/3600/1000; %lnlet gas flow rate (m”3/s)

Axs = 4.3e-4; %Cross-sectional area of effective reactive zone (m"2)

hl = 20/100; %Liquid height in effective reactive zone (m)

GasHoldup = 8.3e-2; %Gas holdup relative to effective reactive zone (dimensionless)

hT = hl/(1-GasHoldup); %Total height (liquid and gas volumes) in effective reactive zone (m)
FilmThickness = 10e-6; %Film thickness (m)

As = 436; %Specific gas-liquid interfacial area relative to effective reactive zone (m*2/m”3)

% first-order mixing constant (1/s)

kmix = 7.3e-4; %Hydrolyzed Urine, 15 mg/L O3 dose

Y%kmix = 8.0e-4; %Hydrolyzed Urine, 30 mg/L O3 dose

Y%kmix = 1.3e-3; %Hydrolyzed Urine, 60 mg/L O3 dose

Y%kmix = 2.0e-3; %Hydrolyzed Urine, 120 mg/L O3 dose

Y%kmix = 5.0e-3; %Electrodialysis permeate, 60 mg/L O3 dose
Y%kmix = 1.1e-3; %Electrodialysis concentrate, 60 mg/L O3 dose

% time-dependent functions of EKLAs (1/s)
EkLAs = (0.45+11.8%exp(-0.0003*t(1,count))); %Hydrolyzed Urine, 15 mg/L O3 dose
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%EKLAs = (0.43+4.76"exp(-0.0005*t(1,count))); %Hydrolyzed Urine, 30 mg/L O3 dose

%EKLAs = (0.47+3.75"exp(-0.0007*t(1,count))); %Hydrolyzed Urine, 60 mg/L O3 dose

%EKLAs = (0.33+2.61*exp(-0.001*t(1,count))); %Hydrolyzed Urine, 120 mg/L O3 dose

%EKLAs = (0.21+0.86"exp(-0.0018*t(1,count))); %Electrodialysis permeate, 60 mg/L O3 dose
%EKLAs = (0.74+6.19*exp(-0.0012*t(1,count))); %Electrodialysis concentrate, 60 mg/L O3 dose

% average dissolved O3 concentration at the film side of the gas-film interface, over the full reactor
height, hT (mol/L)

03_legavg = ((03_leq*(Q_gas/((1-GasHoldup)*Axs*EkLAs*HO3))*(1-exp((-(1-
GasHoldup)*Axs*EKLAs*HO3*hT)/Q_gas)))/hT);

% first-order rate constant for consumption of O3 by reactive wastewater constituents (RMC) (1/s)
kO3RMC = ((EkLAs/As)*2)/D_0O3

% time-dependent functions of R*OH/O3 (dimensionless)
ROHO3 = (0.53e-3+1.114e-2*exp(-0.0003*t(1,count)))*2; %Hydrolyzed Urine, 15 mg/L O3 dose

%ROHO3 = (0.482e-3+4.155e-3*exp(-0.0005*t(1,count)))*2; %Hydrolyzed Urine, 30 mg/L O3 dose
%ROHO3 = (0.543e-3+3.448e-3*exp(-0.0007*t(1,count)))*2; %Hydrolyzed Urine, 60 mg/L O3 dose
%ROHQO3 = (0.407e-3+2.238e-3*exp(-0.001*(1,count)))*2; %Hydrolyzed Urine, 120 mg/L O3 dose
%ROHO3 = (0.498e-3+1.14e-3*exp(-0.0018*t(1,count)))*2; %Electrodialysis permeate, 60 mg/L O3
dose

%ROHO3 = (0.554e-3+3.865e-3*exp(-0.0012*t(1,count)))"2; %Electrodialysis concentrate, 60 mg/L
O3 dose

% desired number of meshpoints on which the ODE BVP system is to be solved
meshpoints=50;

% helper functions "bvpinit" and "bvpset" prepare ODE BVP system for processing by function "bvp4c"
solinit = bvpinit(linspace(0,FilmThickness,meshpoints), @ex1init);
options = bvpset('Stats’,'on','RelTol',1e-4);

% function "bvp4c" - provides numerical solution of 2nd-order ODE BVP equation system
sol = bvp4c(@ex1ode,@ex1bc,solinit,options);

% solutions of the ODE BVP systemat at mesh points x and y
X = sol.x;
y = sol.y;

% creation of null matrix to receive data generated by ODE BVP system solution functions
dim = size(sol.y);

rows(1,count) = dim(1,2);

zerorows(1,count) = 4*meshpoints-rows(1,count);

zerospace = zeros(zerorows(1,count),1);

xspacing = FilmThickness/rows(1,count);

% chemical species concentrations at mesh points (mol/L)
03 = cat(1,so0l.y(1,:)',zerospace);

RMC = cat(1,so0l.y(2,:)',zerospace);

CM = cat(1,so0l.y(5,:)',zerospace);

pCBA = cat(1,sol.y(7,:)',zerospace);

DC = cat(1,sol.y(9,:)',zerospace);

EE2 = cat(1,s0l.y(11,:)',zerospace);

IP = cat(1,s0l.y(13,:)',zerospace);

PP = cat(1,s0l.y(15,:)',zerospace);

% array containing the horizontal coordinates of mesh points within the film
xpoints = cat(1,xspacing.*linspace(0,FilmThickness,rows(1,count))’,zerospace);
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% concentration gradients at mesh points (mol/(L*m))
Deriv_03 = sol.y(3,:)"

Deriv_RMC = sol.y(4,:)’;

Deriv_CM = sol.y(6,:)’;

Deriv_pCBA = sol.y(8,:)’;

Deriv_DC = sol.y(10,:);

Deriv_EE2 = sol.y(12,:);

Deriv_IP = sol.y(14,:)';

Deriv_PP = sol.y(16,:)";

% flux of O3 from the gas-phase into the film, and of aqueous-phase reactant species from the bulk
liquid into the film (mol/(m”2*s))

Flux_O3(1,count) = Deriv_03(1,1)*1000*D_0O3;

Flux_RMC(1,count) = Deriv_RMC(dim(1,2),1)*1000*D_RMC;

Flux_CM(1,count) = Deriv_CM(dim(1,2),1)*1000*D_CM;

Flux_pCBA(1,count) = Deriv_pCBA(dim(1,2),1)*1000*D_pCBA,;

Flux_DC(1,count) = Deriv_DC(dim(1,2),1)*1000*D_DC;

Flux_EE2(1,count) = Deriv_EE2(dim(1,2),1)*1000*D_EEZ2;

Flux_IP(1,count) = Deriv_IP(dim(1,2),1)*1000*D_IP;

Flux_PP(1,count) = Deriv_PP(dim(1,2),1)*1000*D_PP;

% depletion of reactant species from the bulk liquid (mol/(L*s))

Dep_RMC(1,count) = -1/(1/(Flux_RMC(1,count)*As/((1-
GasHoldup)*1000))+on_mix/(kmix*C_RMC(1,count)));

Dep_CM(1,count) = -1/(1/(Flux_CM(1,count)*As/((1-
GasHoldup)*1000))+on_mix/(kmix*C_CM(1,count)));

Dep_pCBA(1,count) = -1/(1/(Flux_pCBA(1,count)*As/((1-
GasHoldup)*1000))+on_mix/(kmix*C_pCBA(1,count)));

Dep_DC(1,count) = -1/(1/(Flux_DC(1,count)*As/((1-
GasHoldup)*1000))+on_mix/(kmix*C_DC(1,count)));

Dep_EE2(1,count) = -1/(1/(Flux_EE2(1,count)*As/((1-
GasHoldup)*1000))+on_mix/(kmix*C_EE2(1,count)));

Dep_IP(1,count) = -1/(1/(Flux_IP(1,count)*As/((1-GasHoldup)*1000))+on_mix/(kmix*C_IP(1,count)));
Dep_PP(1,count) = -1/(1/(Flux_PP(1,count)*As/((1-GasHoldup)*1000))+on_mix/(kmix*C_PP(1,count)));

%

% helper function "ex1ode" - generates reactant concentration gradients at each mesh point
function dydx = ex1ode(x,y)

global kKO3_CM
global kO3_pCBA
global kO3_DC
global kKO3_EE2
global kO3_IP
global kO3_PP
global kOH_CM
global kOH_pCBA
global kOH_DC
global KOH_EE2
global KOH_IP
global KOH_PP
global D_O3
global D_RMC
global D_CM
global D_pCBA
global D_DC
global D_EE2
global D_IP
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global D_PP
global ROHO3
global kO3RMC
global C_RMC
global on_prim

dydx = [y(3)
y(4)
1/D_03*y(1)*kO3RMC
1/D_RMC*y(1)*y(2)*(kO3RMC/C_RMC(1,1))

)115?))_CM*y(5)*y(1 )*(kO3_CM+kOH_CM*ROHO3)
}1/58D)_pCBA*y(7)*y(1 )*(kO3_pCBA+kOH_pCBA*ROHO3)
)1/§I13(1)D0*y(9)*y(1 )*(kO3_DC+kOH_DC*ROHO3)
)1/§I1Z)2_)EE2*y(1 1)*y(1)*(kO3_EE2+kOH_EE2*ROHO3)
)1/2I:3;IP*y(1 3)*y(1)*(kO3_IP+kOH_IP*ROHO3)

y

1/D_PP*y(15)*y(1)*(kO3_PP+kOH_PP*ROHO3)];

%

% helper function "ex1bc" - compiles boundary conditions
function res = ex1bc(ya,yb)

global O3_leqavg
global C_RMC
global C_CM
global C_pCBA
global C_DC
global C_EE2
global C_IP
global C_PP
global count

res =[ya(1) - O3_leqavg
ya(4)
ya(6)
ya(8)
ya(10)
ya(12)
ya(14)
ya(16)
yb(1)
yb(2) - C_RMC(1,count)
yb(5) - C_CM(1,count)
yb(7) - C_pCBA(1,count)
yb(9) - C_DC(1,count)
yb(11) - C_EE2(1,count)
yb(13) - C_IP(1,count)
yb(15) - C_PP(1,count)];

%

% helper function "ex1init" - compiles guesses for initial concentration and concentration gradient

values
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function v = ex1init(x)

global FilmThickness
global O3_leqavg
global C_RMC
global C_CM

global C_pCBA
global C_DC

global C_EE2

global C_IP

global C_PP

global count

v = [03_legavg-x*O3_leqavg/FilmThickness
x*C_RMC(1,count)/FilmThickness
-O3_legavg/FilmThickness
C_RMC(1,count)/FilmThickness
x*C_CM(1,count)/FilmThickness
C_CM(1,count)/FilmThickness
x*C_pCBA(1,count)/FilmThickness
C_pCBA(1,count)/FilmThickness
x*C_DC(1,count)/FilmThickness
C_DC(1,count)/FilmThickness
x*C_EE2(1,count)/FilmThickness
C_EE2(1,count)/FilmThickness
x*C_IP(1,count)/FilmThickness
C_IP(1,count)/FilmThickness

x*C_PP(1,count)/FilmThickness
P

P(1,count)/FilmThickness];
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Script SA.3. “bulk_profiles.m” used for implementing iterations of “film_profiles.m” to
model changes in model reactant concentrations within bulk urine solutions during
ozonation

% Function "bulk_profiles" - models depletion of pharmaceuticals from bulk liquid

% in a semi-batch system according to film theory (assuming steady-state O3 and

% reactant concentrations throughout the film at a given instant) with consumption

% of O3 by bulk reactive matrix constituents in the fast pseudo-first-order kinetic regime,
% and inclusion of *OH reactions. Models time-evolution of reactant concentrations in the
% bulk liquid, by looping the instantaneous solutions of reactant depletion rates at the

% film-bulk liquid interface - generated by the "film_profiles" helper function - over

% differential changes in time.

clear all

% global variable definitions
global C_0O3
global C_RMC
global C_CM
global C_pCBA
global C_DC
global C_EE2
global C_IP
global C_PP
global O3_leqavg
global Dep_RMC
global Dep_CM
global Dep_pCBA
global Dep_DC
global Dep_EE2
global Dep_IP
global Dep_PP
global Depf RMC
global Depf_CM
global Depf_pCBA
global Depf_DC
global Depf_EE2
global Depf_IP
global Depf_PP
global Depk_RMC
global Depk_CM
global Depk_pCBA
global Depk_DC
global Depk_EEZ2
global Depk_IP
global Depk_PP
global dt

global count
global O3

global RMC
global CM

global pCBA
global DC

global EE2

global IP

global PP

global Flux_0O3
global Flux_CM
global Flux_pCBA
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global Flux_DC
global Flux_EE2
global Flux_IP
global Flux_PP
global t

global xpoints

% local variables

C_RMC(1,1) = 5e-2; %lInitial concentration of RMCs in aqueous phase (mol/L)
C_CM(1,1) = 1e-5; %lnitial concentration of CM in aqueous phase (mol/L)
C_pCBA(1,1) = 5e-5; %lnitial concentration of pCBA in aqueous phase (mol/L)
C_DC(1,1) = 1e-5; %lnitial concentration of DC in aqueous phase (mol/L)
C_EE2(1,1) = 1e-5; %lnitial concentration of EE2 in aqueous phase (mol/L)
C_IP(1,1) = 1e-5; %lInitial concentration of IP in aqueous phase (mol/L)
C_PP(1,1) = 1e-5; %lnitial concentration of PP in aqueous phase (mol/L)

dt = 50; %differential time interval (s)

count = 1; %initial value for counter

t(1,1) = 0; %initial time for time matrix

% loop to perform numerical integration of reactant concentration profiles in film over time
while t(1,count) < 14400

% Helper function "film_profiles" - models reactant concentrations within

% gas-liquid film region for O3 reactions in a semi-batch system (steady-state
% O3 and reactant concentrations throughout system at a given instant) with
% consumption of O3 by bulk matrix consituents in the fast kinetic regime,

% and inclusion of *OH reactions.

film_profiles

C_03(1,count) = O3_leqavg; %matrix of C_O3 at times, t(1,t), in (mol/L)

C_RMC(1,count+1) = C_RMC(1,count)+Dep_RMC(1,count)*dt; %matrix of C_RMC at times, t(1,t),
in mol/L

C_CM(1,count+1) = C_CM(1,count)+Dep_CM(1,count)*dt; %matrix of C_CM at times, t(1,t), in
mol/L

C_pCBA(1,count+1) = C_pCBA(1,count)+Dep_pCBA(1,count)*dt; %matrix of C_pCBA at times,
t(1,t), in mol/L

C_DC(1,count+1) = C_DC(1,count)+Dep_DC(1,count)*dt; %ematrix of C_DC at times, t(1,t), in mol/L

C_EE2(1,count+1) = C_EE2(1,count)+Dep_EE2(1,count)*dt; %matrix of C_EE2 at times, t(1,t), in
mol/L

C_IP(1,count+1) = C_IP(1,count)+Dep_IP(1,count)*dt; %matrix of C_IP at times, t(1,t), in mol/L

C_PP(1,count+1) = C_PP(1,count)+Dep_PP(1,count)*dt; %matrix of C_PP at times, t(1,t), in mol/L

t(1,count+1) = t(1,count)+dt; %matrix of times, t(1,t), in (s)
count = count+1 %counter
end

% reactant concentrations at film-bulk liquid interface (for further analysis), in mol/L
C_bulk(:,1) = C_CM/C_CM(1,1);

C_bulk(:,2) = C_pCBA/C_pCBA(1,1);
C_bulk(;,3) = C_DC/C_DC(1,1);
C_bulk(;,4) = C_EE2/C_EE2(1,1):
C_bulk(;,5) = C_IPIC_IP(1,1);
C_bulk(:,6) = C_PPIC_PP(1,1):

% reactant concentrations at film-bulk liquid interface (for plot), in mol/L
y(:,1) = C_RMC/C_RMC(1,1);

y(:,2) = C_CM/C_CM(1,1);

y(:,3) = C_pCBA/C_pCBA(1,1);

A66



Supporting Information for Appendix A

DC/C_DC(1,1);
_EE2/C_EE2(1,1);
IP/IC_IP(1,1);
_PP/IC_PP(1,1);

oo
O000

~N o oA
N N e

y(:
y(
y(
y(

% flux of O3 from the gas-phase into the film, and of aqueous-phase reactant species from the bulk
liquid into the film, in mol/(m”2*s)

fl(:,1) = Flux_O3;

fl(:,2) = Flux_CM;

fl(:,3) = Flux_pCBA;

fl(:,4) = Flux_DC;

fl(:,5) = Flux_EEZ2;

fl(:,6) = Flux_IP;

fl(:,7) = Flux_PP;

% volumetric rates of reactant depletion at film-bulk liquid interface (for plot), in mol/(L*s)
d(:,1) = Dep_CM;

d(:,2) = Dep_pCBA;

d(:,3) = Dep_DC;

d(:,4) = Dep_EEZ2;

d(:,5) = Dep_IP;

d(:,6) = Dep_PP;

% plot of reactant concentrations at film_bulk liquid interface (i.e., in bulk solution) vs. time, in mol/L
close all

H=plot(t,y);

set(gca,'YLim', [0 1])

set(gca,'XLim', [0 t(length(t))])

set(gca,'XTickMode', 'auto’)

set(gca,'YTickMode', 'auto’)

set(get(gca,'Ylabel'),'String','C/C_0")

set(get(gca, Xlabel"),'String','time [s]')

title('Depletion of model compounds in bulk solution during ozonation')
legend(gca,' RMC','CM','/pCBA",'DC','EE2",'IP','PP",4)
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Abstract

Kinetics and mechanisms of As(IIl) oxidation by free available chlorine (FAC - the sum
of HOCI and OCI), ozone (O3), and monochloramine (NH,Cl) were investigated in buffered
reagent solutions. Each reaction was found to be first order in oxidant and in As(III), with 1:1

stoichiometry. FAC-As(III) and O3-As(IIl) reactions were extremely fast, with pH-dependent,

app 2

apparent second-order rate constants, k., of 2.6 (0.1) x 10° M"'s™ and 1.5 (£0.1) x 10° M~

n

app

's! at pH 7, whereas the NH,Cl-As(III) reaction was relatively slow (k,, =4.3 (x1.7) x 10"

M's™ at pH 7). Experiments conducted in real water samples spiked with 50 pg/L As(III)
(6.7 x 107 M) showed that a 0.1 mg/L Cl, (1.4 x 10° M) FAC dose was sufficient to achieve
depletion of As(IIl) to <1 ug/L As(IIl) within 10 s of oxidant addition to waters containing
negligible NH; concentrations and DOC concentrations <2 mg-C/L. Even in a water
containing 1 mg-N/L (7.1 x 10 M) of NH3, >75% As(III) oxidation could be achieved within
10 s of dosing 1-2 mg/L Cl, (1.4-2.8 x 10° M) of FAC. As(IIl) residuals remaining in NH;-
containing waters 10 s after dosing FAC were slowly oxidized (¢, > 4 h) in the presence of
NH,ClI formed by the FAC-NHj3 reaction. Ozonation was sufficient to yield >99% depletion
of 50 ug/L As(III) within 10 s of dosing 0.25 mg/L Os (5.2 x 10" M) to real waters containing
<2 mg-C/L of DOC, while 0.8 mg/L O3 (1.7 x 10 M) was sufficient for a water containing
5.4 mg-C/L of DOC. NH;3 had negligible effect on the efficiency of As(IIl) oxidation by Os,
due to the slow kinetics of the Os3;-NHj; reaction at circumneutral pH. Time-resolved
measurements of As(III) loss during chlorination and ozonation of real waters were accurately

modeled using the rate constants determined in this investigation.
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B.1 Introduction

Arsenic is a common contaminant of groundwater resources around the world (/-4).
Soluble inorganic arsenic occurs in surface waters and groundwaters primarily as a
combination of arsenous acid (As(IIl)) and arsenic acid (As(V)) (1). The former state
predominates under anoxic conditions (e.g., in oxygen-limited groundwaters), and the latter
under oxic conditions (7), although As(IIT) can exist as a meta-stable species even in oxygen-
rich environments, due to the slow kinetics of its oxidation by oxygen (7). Generally,
dissolved arsenic occurs in groundwaters at concentrations <5 ug/L (/,2,5). However, in
certain regions, including the Western United States (2,6) and southern Asia (3,4),
groundwaters utilized for drinking water often contain arsenic concentrations in substantial
excess of the 10 pg/L guideline value recommended by the WHO (5) and adopted as a
regulatory limit by the EU (7) and USEPA (8).

When sufficient infrastructure is available, aqueous arsenic concentrations can be
lowered to <10 pg/L by a variety of conventional drinking water treatment methods, though
many of these methods remove As(IIl) substantially less efficiently than As(V) (9). In cases
for which As(total) is constituted in large part by As(III), arsenic removal can be improved by
pre-oxidizing As(IIl) to As(V) (9-11). However, oxidant-scavenging matrix constituents such
as dissolved organic matter (DOM) and NHj - which can be present at high concentrations
within reduced, As(Ill)-laden groundwaters (3,1/2,13) - may impair As(IIl) oxidation
efficiency by competing with As(IIl) for available oxidant (/0). Quantitative knowledge of
the rate constants and mechanisms governing oxidation of As(IIl) by common drinking water
oxidants would greatly facilitate modeling and optimization of As(III) oxidation processes for

treatment of such waters.

Apparent second-order rate constants, k,,,,

were measured for oxidation of As(IIl) by

FAC, NH,Cl, and O3 within the pH range 2 to 11, to permit evaluation of pH-dependencies
for each reaction. Stoichiometries and reaction orders were also measured, to facilitate
identification of probable oxidation mechanisms. Additional experiments were conducted in
water samples collected from Lake Zurich, in Switzerland, and from two groundwater
treatment facilities in Hanoi, Vietnam, to quantify the effects of matrix composition on
As(IIT) oxidation efficiency, and to test the suitability of measured rate constants for modeling

As(IIT) oxidation in real water systems.
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B.2 Materials and Methods

B.2.1 Chemical Reagents. As(Ill) and As(V) stock solutions were prepared from
NaAsO; (purity > 99%) and Na,HAsO4 7H,O (purity > 98.5%) obtained from Fluka. FAC
stock solutions were prepared from NaOCI (~7% available chlorine) obtained from Riedel-de
Haén, and standardized by iodometric titration (/4). Chloramine and O3 stocks were prepared
according to published procedures (/5,16). Additional reagents were commercially-available
and of at least reagent grade purity. All stock solutions were prepared in deionized water (Q2 >
18.2 m /cm) obtained from a Millipore Milli-Q® or Barnstead NANOpure® water purifier.
Fifty-mM As(III) stocks were prepared approximately bi-monthly, during which time they
were stable to within 5% of their initial concentration. Working As(III) solutions were
prepared from these stocks before each experiment. Aluminosilicate adsorbent - for the
separation of As(IIl) and As(V) - was purchased from Dr. Xiaoguang Meng, Stevens Institute
of Technology, Hoboken, NJ..

B.2.2 Analytical Methods. As(Ill) and As(V) concentrations were measured by ion-
chromatography/ICP-MS (see Supporting Information for Appendix B, Text SB.1 for details).
p-Chlorobenzoic acid (pCBA) and benzaldehyde analyses were performed by HPLC-UV
(Text SB.1).

B.2.3 Determination of Rate Constants. Rate constants for the reactions of As(II) with
FAC, NH,Cl, NHCl,, and O;, were measured by various techniques selected according to
reactant characteristics and reaction rates. In each case, oxidant consumption was measured in
the presence of a large excess of As(IIl), to maintain pseudo-first-order conditions. Individual
experimental procedures are summarized in Table B.1 and described in detail within Text
SB.2.

B.2.4 Stoichiometric Measurements. Stoichiometries of the reactions between As(III)
and each oxidant (excluding NHCI,) were measured with either As(IIl) or the oxidant in
excess. In each case, increasing concentrations of the limiting reactant were dosed under
constant, rapid stirring to buffered solutions of the reactant-in-excess. Reactions were allowed
to proceed for time intervals sufficient to ensure complete consumption of the limiting
reactant, prior to sampling and analysis for the reactant-in-excess. When As(I11) was dosed to
solutions containing excess O3, experiments were conducted under gas-tight conditions to
minimize evaporative O losses (details in Text SB.3).

B.2.5 Real Water Experiments. Water samples used for real water experiments are
listed with corresponding water quality parameters in Table B.2. These waters, which

contained native As(III) concentrations <2 ug/L As(III), were spiked with 50 pg/L As(III) for
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Table B.1. Experimental approaches used for rate constant measurements and real water
experiments

Experiment T (°C) Measurement Experimental Quenching
(Method)“ Endpoint® Matrix(es)® Agent(s)®
NH,Cl
kinetics é:SO 5) 1\11;25121:38 s (measured Buffered As(IIl) stock NA
(Batch?) D) a nm)
NHCI,
kinetics ?:EO 5) I\ilic_lz;lo SS (measured Buffered As(IIl) stock NA
(Batch”) : atA= nm)
o Buffered As(III) stock
FAC kinetics ¢« FAC loss (measured
(CFL?) 23 (£2) via DPD method) (C1), Buffered FAC DPD (C3)
stock (C2)
o . Buffered As(III)
O; kinetics O3 loss (measured via .
Crin 23 @) s rfle thod) stock (C1),pH4 05 Indigo (C3)
stock (C2)
0; kinetics 20 05 loss (measured at Buffered As(III) stock
(SFL?) (0.5) % = 258 nm) (C1), Buffered O; NA
’ stock (C2)
Real water 25 Measuremept of As(III) As(IIT)-spiked real Ascorbic
chlorination (20.5) loss for various FAC water acid or DPD’
(Batch®) : doses
Real water Measurement of As(III)
chlorination 25 loss in the presence of  As(II)-spiked real Ascorbic
(Batch®) (£0.5) various NH,Cl water acid or DPD'
concentrations
oronation 20 loss forvarious On | AsUIDspikedreal
¢ (£0.5) 3 water
(Batch®) doses
Real water rl;:é?l?;fisr?lvoe? As(II) As(III)-spiked real Ascorbic
chlorination 23 (i2)d loss for angapplie d water (C1), Buffered  acid or DPD
(CFL) excess of FAC FAC stock (C2) (C3)
Real water Time-resolved As(III)-spiked real
ozonation 23 (22 monitoring of As(III) water (C1), pH 4 O3 Cinnamic
(CFLS) loss for an applied stock (C2a), Buffer acid (C3Y
excess of O3 (C2b)"

“CFL-continuous-flow, SFL-Stopped-flow, "Experimental details included in Text SB.2, “Experimental details
included in Text SB.5. “Room temperature, “Reaction kinetics experiments conducted with As(III) in large
excess of each oxidant. Real water experiments conducted at starting concentrations of 50 pg/L As(III) (6.7 x
107 M), /Phosphate, acetate, and borate buffers adjusted to desired pH values in reaction kinetics experiments,
or - in real water experiments - to the appropriate real water’s native pH. O; stocks acidified to pH 4 by
dropwise addition of 150 mM sulfuric acid, *As(II)-containing solutions introduced on channel 1 (C1) of the
CFL system, oxidant solutions on channel 2 (C2), and quenching reagent solutions on channel 3 (C3), "O5 stock
(C2a) and buffer (C2b) pre-mixed to yield a buffered O; stock (C2) at the real water pH immediately prior to
further mixing with As(IIT)-spiked real water (C1), ‘Ascorbic acid used to quench samples intended for As(IIT)
analyses and DPD used to monitor FAC residuals, “The Os-cinnamic acid reaction yields benzaldehyde in 1:1
stoichiometry (/7). Residual O; concentrations were calculated from benzaldehyde concentrations in quenched
samples.
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Table B.2. Water sources and important parametric measurements”

DOC, Alkalinity,

Water pH mg-C/L. mM HCOy NHj3, mg-N/L (mol-N/L)
Lake Zurich (LZ) 80 1.5-1.6 2627 <0.01 (<7.1 x 107

Lake Zurich (LZ1)" 8.0 1.5-1.6 2.6-2.7 1(7.1 x 107)

Lake Zurich (LZ20)" 8.0 1.5-1.6 2.6-2.7 20 (1.4 x 107)

Phap Van (PV) 73 53-54  5.1-52 20-25 (1.4-1.8 x 10)
Yen Phu (YP) 72 1.1 2.1-2.9 <0.01 (<7.1 x 107

“Multiple samples of each water - collected on different dates over a four-month time-span - were utilized to
conduct the real water experiments described herein; thus, ranges of measurements are provided for each water
quality parameter. Single values indicate that measurements were the same for each sample. “Separate aliquots of
native LZ water were amended with NH,CI (LZ1 with 1 mg-N/L (7.1 x 10” M), and LZ20 with 20 mg-N/L (1.4
x 107 M)) for use in batch and time-resolved chlorination experiments.

experiments. Separate aliquots of Lake Zurich water were spiked with 1 or 20 mg-N/L (7.1 x
10° or 1.4 x 10° M) of NH; to simulate waters containing high NH; and low DOC
concentrations. Sample procurement details and source water descriptions are provided in
Text SB.4. Methods utilized for real water experiments are summarized in Table B.1, and

described in detail within Text SB.5.

B.3 Results and Discussion

B.3.1 As(III) Oxidation Kinetics. Pseudo-first-order rate constants, &, , were obtained

for reactions of As(III) with each oxidant by linear regression of plots of In([Oxidant]) versus

time, or by exponential regression of plots of [Oxidant] versus time, where appropriate.

'

As(IIT) reaction orders were determined by evaluating the dependence of &, on [As(III)] for

obs

each reaction. Plots of log(k,,, ) v. log([As(II)]) for FAC, NH,Cl, and Oj; reactions yielded

slopes of 1.0 (+0.08) (Figure SB.1), indicating that each reaction is first-order with respect to
As(IIT). The reactions of As(Ill) with FAC, NH,Cl, and O3 could thus be described by a

second-order kinetic model (eq 1),

s _afl0x) - pnsqmfos]- &, fox] 0

'

where & (calculated by dividing k

app

by [As(IIT)]) represents the pH-dependent, apparent

obs
second-order rate constant at a particular pH. In contrast to its reactions with the other

oxidants, As(IIT) was found to react with NHCI, with an order of 0.7 (Figure SB.1).
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n

Free available chlorine. Figure B.1a - which shows the magnitude of & c at

app,FA
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Figure B.1. Apparent second-order rate constants for As(IIl) oxidation by (a) FAC, (b)
NH,Cl, and (c) Os. FAC experiments conducted at [As(II[)] = 15-50 x 10° M, [FAC], = 1.5-5
x 10° M, and 23 (£2) °C, NH,ClI experiments at [As(II[)] = 5 x 10° M, [NH,Cl], = 2 x 10™
M, and 25 (+0.5) °C, and Os experiments at [As(III)] = 10-200 x 10° M, [O3]o = 1-10 x 10
M, and 23 (£2) °C.

various pH values - illustrates that As(III) reacts very rapidly with FAC. k;pp,F Ac 18 2.6 (£0.1)
x 10°M's™" at pH 7, corresponding to a ti2,asairy of 95 ms in the presence of 2 mg/L Cl, (2.8 x
10° M) of FAC. The pH-dependency of k;pp’F Ac can be attributed to the varying

contributions of each reactant’s acid-base species to apparent FAC-As(III) reactivity.

As(OH); dissociates in aqueous solution according to eqs 2-4 (18).
K

al
As(OH); === As(OH),0" +H" pK,; =9.2 @)
Ka2 ) 4
AS(OH)zo- AS(OH)Oz "+ H Php = 12.1 (3)
) Ka3 3 "
AS(OH)OZ . ASO3 "+ H Phyz = 12.7 (4)
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At circumneutral pH, As(OH)s represents the most abundant As(III) species. A small fraction
(up to ~0.1) of As(Il) is present as As(OH),O  under these conditions, and very small
fractions (< 5 x 10°) are present as As(OH)(0),” and As(O);™ (Figure B.1a). FAC speciation

can be described by eq 5 (79).

K,
HOCl === OCI'+H" pK, =74 (5)

FAC-As(IIT) reaction kinetics can be characterized according to eight possible reactions
between the four As(IIl) species (eqs 2-4) and two FAC species (eq 5), by incorporating

species distribution terms into eq 1 and rearranging to yield eq 6,

. k; e, [FAC] B, [As(1ID)] .
k = y ¢ 2 = k.o. 3. 6
v % [FAC][As(1ID) % e ©
j=1,2,3,4 j=12,3,4

where a; and f; represent the respective fractions of oxidant and substrate present as the

species i and j at a given pH (20), and klj represents the specific second-order rate constant
for each i and j pair.

The increase in magnitude of k;pp,F Ac up to pH 8.3 can be attributed primarily to an
increase in the fraction of As(IIl) present as As(OH),O’, which is expected to be a stronger
nucleophile than As(OH);. The decrease in magnitude of k;pp,FAC above pH 8.3 can be
attributed to an accompanying decrease in proportion of HOCI relative to OCI, which is a
much weaker oxidant than HOCI (75,27-23). Consequently, the magnitude of k;pp,FAC is
highest near pH 8.3 (the average of pKaiasam and pKinoc)), where the product
Aol AS(OH), 0" (a,p,) reaches a maximum (Figure B.1a). These observations indicate that
OCI reactions are unimportant relative to HOCI reactions within the pH range studied. The

magnitude of k;pp,FAC is therefore governed primarily by the reactions of each acid-base
species of As(OH); with HOCL k;pp,F Ac can thus be modeled by neglecting OCI reactions.

Specific rate constants, klj - calculated by non-linear regression of measured k;pp,F AC
values according to eq 6 (via SigmaPlot 2002, SPSS Software) - are summarized in Table B.3.

The model fit shown in Figure B.la, which was obtained by using these klj values,

demonstrates the accuracy of eq 6 in describing measured magnitudes of & c- k1"4 could

app,FA

not be accurately determined from available data. However, this term is unimportant within
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Table B.3. Specific rate constants determined for reactions of As(IIl) with HOCI, NH,Cl,
and O;

ko M's™), pH 7
Oxidant Substrate Specific Rate Constant (1 at 2 mg/L, oxidant
concentration)”
As(OH); ki, =43 (*0.8)x 10° M's™
@) i . i 2.6 (£0.1) x 10°
@) As(OH),0 ki, =5.8(*0.1)x 10" M's
s (t1/2 =95 ms)

As(OH)(0),”  ky3 =1.4(20.1)x 10°M's"

o) { As(OH),0 ky“=6.9 (£2.7) x 10 M?s™! } 43 (£1.7) % 107

z As(OH)(O),” k3 =83 (£7.8)x 10" M%s™! (tin=16h)

s { As(OH); kj =5.5(*0.1)x 10°M's” } 1.5 (£0.1) x 10°
As(OH)O ky=1.5(x0.1)x 10° M's™ (t12 =11 ms)

“Third-order, H+-cata1ysis rate constant, Pcalculated for pseudo-first-order conditions of excess oxidant,
assuming 2 mg/L concentrations of FAC (28 uM), NH,Cl (28 uM), and O3 (42 pM).

the pH range studied, as HOCI-As(III) reactivity is governed almost exclusively by kfl , kfz ,

and kI"3 under these conditions (Figure B.1a).
Chloramines. The magnitude of k;pp,NHZCI is shown at various pH values in Figure

B.1b. These data illustrate that As(III) reacts relatively slowly with NH,CL k;pp,NHZCI 1s 4.3
(£1.7) x 10" M 's! at pH 7, corresponding to a 12 asamry of 16 h in the presence of 2 mg/L Cl,
(2.8 x 10 M) of NH,Cl. The inverse relationship between pH and magnitude of k;pp,NHZCI

from pH 8 to 11 (Figure B.1b) is suggestive of acid-catalysis, in analogy to the reactions of

NH,Cl with SOs* (24), NO,™ (25), and I" (15). This catalysis appears to be H -specific, as
k;pp,NHZQ exhibited no measurable dependence on phosphate (50-182 mM) or borate (10-80
mM) concentrations.

The plateau in magnitude of k;pp,anm below pH 8 indicates that NH,Cl-As(III) reaction
kinetics are not significantly influenced by neutral As(OH); within the pH range studied,
because H'-catalyzed oxidation of As(OH); would require that the magnitude of k;pp,NH2C1

increase continuously with increasing acidity. The trends in Figure B.1b can therefore be
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attributed to H'-catalyzed reactions of NH,Cl with one or more anionic As(III) species,

according to eq 7,

k;pp,NHzG = [H+ ]( zkjﬂ/J (7

j=2,3,4
where kj represents respective third-order H -catalysis rate constants for each of the three
anionic As(III) species, j. In the context of eq 7, the data in Figure B.1b also suggest that the
magnitude of k;pp,NHZCI is governed primarily by As(OH),O below pH 8. Under these

conditions, each successive unit decrease in pH is offset by an order of magnitude decrease in
the mole fraction of As(OH),0’, resulting in a constant value for the product of the [H'] and
B, terms in eq 7. This should in turn lead to a constant value of k;pp,NHzcn assuming that
As(OH)O,” and AsOs’ have minimal influence on reaction kinetics below pH 8.

These inferences were tested by non-linear regression of measured £k, \iy.c Vvalues
ipp,INIHy

" "

according to eq 7. The resulting model fit - obtained with the &, (OH), O and k, (OO,
S 2 2

values listed in Table B.3 - is shown in Figure B.1b. k,:so ;. could not be accurately
3

determined, due to lack of data above pH 11. However, this term is unimportant within the pH

range studied, because the magnitude of k;pp o1 18 influenced primarily by &, (OH)
’ 2

o and
k/:s (OH)O between pH 6.5 and 11 (Figure B.1b).

An Arrhenius plot of k;pp,NHzCl from 10-30 °C showed that E, for the As(III)-NH,Cl
reaction is 27 (£2) kJ/mol (Figure SB.2). A temperature change of 10 °C will therefore result
in variation of k;pijHZC] by a factor of 1.4-1.5 within temperature ranges relevant to drinking

water treatment.

NHCIl,-As(III) reaction kinetics were found to be far slower than NH,CI-As(III) kinetics.

kc')bs,NHCIZ increased from 0.4 x 10 to 2.4 x 107 s (i.e., #1/, = 8-48 h) in the presence of 13.2

mM of As(Ill), as pH decreased from 4 to 5 (Figure SB.3). These data indicate that the
reaction of As(III) with NHCI, can be neglected under typical drinking water disinfection

conditions.

Ozone. The magnitude of k,,, o

- measured by CFL and SFL methods - is shown at

various values of pH in Figure B.1c. As illustrated by these data, As(IIl) reacts extremely
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rapidly with Os. & is 1.5 (£0.1) x 10° M's™ at pH 7, corresponding to a #i2 asqm) of 11

app,0;

"

app

ms in the presence of 2 mg/L Oz (4.2 x 10 M). The magnitude of & 0, 1s also strongly pH-

dependent. However, oxidant speciation does not need to be considered for O3 reactions, so

app,0;

Kappo, can be characterized according to As(III) speciation alone. The constancy of &

app,

app,0;

above pH 6 can be attributed primarily to the O3-As(OH),0" reaction. As(OH)O” and AsO3™

below pH 6 can be attributed to the O3-As(OH); reaction, whereas the increase in &

exert negligible influence on the magnitude of k,,, o,

below pH 8.5, since molar fractions of

these two species are very small under such conditions (<5 x 107).

app.0, 10 the

k] values were determined for the Os-As(III) reaction by fitting eq 6 to k&

same manner as for the As(III)-FAC reaction (with O; terms substituted for FAC terms). The

resulting model fit - obtained with the k;s(OH)S and &, (OH), 0" values listed in Table B.3 - is
2

and k' _ could not be accurately determined from

shown in Figure B.lc. & AS(OH)O, A0

available data. However, the importance of these terms is negligible within the pH range

studied, as apparent from the nearly exclusive dependence of k;pp’% on k;S(OHh and

k.. (OH), 0" under these conditions (Figure B.1c¢).

B.3.2 Mechanistic Considerations. As mentioned above, each reaction was found to be
first-order with respect to As(IIl) and oxidant (Figure SB.1). In addition, stoichiometries of
As(IIT) oxidation by FAC, NH,Cl, and O3 were found to be 1:1 for all three reactions; that is,
one mole of As(IIl) was consumed for each mole of oxidant consumed, whether experiments
were conducted with As(III) or oxidant in excess (Figure SB.4). Experiments conducted with
As(III) in excess also verified that one mole of As(V) is produced for every mole of As(III)
consumed (Figure SB.4).

Free available chlorine. On the basis of reaction order and stoichiometry, the oxidation
of As(OH); by HOCI - yielding AsO(OH); - superficially resembles a direct oxygen transfer
reaction. O-transfer would involve direct nucleophilic substitution by As(III) at the oxygen
atom in HOCI, with HCIl as a leaving group. However, comparison with FAC reaction
systems involving other inorganic nucleophiles (e.g., SOs*, NO,, I', CN (22)) suggests that
As(IIT) oxidation more likely proceeds via initial CI'-transfer from HOCI to the As atom, with

concomitant loss of OH™ (a much more favorable leaving group than HCI), to yield a transient
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As(IIDCI" intermediate that hydrolyzes to CI" and As(V) (eqs 8 and 9). This pathway is
expected to apply to HOCIl reactions with all four As(III) species.

kHOCl,As(OH)3

HOCI + As(OH); — > C1 As(OH); + OH )
ke
N CI"As(OH), + -
CI'As(OH); + H,0O —— AsO(OH); + 2H" + Cl ©)

Monochloramine. NH,Cl is known to react with a number of inorganic nucleophiles (e.g.,
SOs*, NO,, I) by acid-catalyzed Cl'-transfer, to yield the same chloro-intermediates
produced in corresponding FAC reactions (/5,24,25). The order and 1:1 stoichiometry of the

NH,CI-As(III) reaction, together with the pH-dependence of k;pp,NHzCl’ are consistent with a

similar mechanism (eq 10), which should apply to oxidation of all three anionic As(III)

species. The chloro-intermediate formed in eq 10 would hydrolyze in analogy to eq 9.

i

N _ "HrNHcLAsOH),0T )
H + NHQC] + AS(OH)ZO » Cl AS(OH)ZO + NH3 (10)

Ozone. O; generally reacts with inorganic nucleophiles by two-electron processes
involving O-transfer from O; to the nucleophile via a primary ozonide adduct, which
decomposes to yield the oxidized substrate and O, (26,27). The order and 1:1 stoichiometry
of the As(IIl)-O; reaction indicate that As(IIl) is similarly oxidized to As(V) by O-transfer
from O3 to the As atom (eqs 11 and 12). The same pathway is expected to apply to reactions
of O; with all four As(III) species.

kO s(

5, As(OH);

0O; + As(OH); — > O00As(OH), (11)
k;)OOAs(OH)3

OOOAs(OH); ———— AsO(OH); + O, (12)

B.3.3 Oxidation of As(IIl) in Real Waters. Chlorination - free available chlorine
reactions. Figure B.2a depicts measured As(IIl) losses at various FAC doses in each of the
real waters listed in Table B.2. Fifty pg/L As(III) (6.7 x 107 M) was depleted to <1 pg/L
As(III) by as little as 0.1 mg/L Cl, (1.4 x 10 M) of FAC during batch experiments conducted
with LZ and YP waters (Figure B.2a). Such high As(IIl) oxidation efficiency is consistent
with the low DOC concentrations and lack of NHj in these two waters (Table B.2). In
contrast, As(IIl) oxidation efficiency was markedly suppressed in LZ1, LZ20, and PV waters
(Figure B.2a), due to rapid scavenging of FAC by the NHj present in the latter three waters

(k;pp,FACJ\JH3 > 1 x 10*M's " between pH 7 and 8 (23)).

B12



Appendix B

Time-resolved As(III) losses during chlorination of LZ, LZ1, and YP waters were
monitored by the CFL system mentioned in Table B.1. Results obtained from these

experiments are summarized in Figure B.2b. FAC residuals were present during the
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Figure B.2. As(IIT) oxidation during chlorination of real waters spiked with 50 pg/L. As(I1I)
(6.7 x 107 M) (water quality data in Table B.2). (a) As(III) loss 10 s after FAC addition to
each real water at 25 (£0.5) °C, (b) time-resolved As(III) loss within LZ, LZ1, and YP waters
for an applied FAC dose of 0.5 mg/L Cl, (7.1 x 10° M) at 23 (£2) °C, (c) comparison of
As(IIT) losses measured within LZ1 water - in batch (25 (+0.5) °C) and by CFL (23 (£2) °C),
with As(IIT) losses predicted for the same water by modeling FAC losses according to the
second-order reaction between FAC and NHj3. The CFL system achieves much more efficient
mixing than the batch setup, as discussed in the main text. (d) As(III) losses in LZ1, 1.Z20,
and PV waters, m the presence of NH,Cl formed from various FAC doses at 25 (+0.5) °C.
CC1, CC2, and CC3 represent “combined chlorine” (i.e., NH,Cl) concentrations of 0.1, 0.25,
and 0.5 mg/L Cb (1.4 x 10®,3.5x 10, and 7.1 x 10° M) for LZ1 water, and 0.5, 1.0, and 1.8
mg/L CL (7.1 x 10%, 1.4 x 10>, and 2.5 x 10° M) for LZ20 and PV waters. DPD
measurements verified that [NH,Cl] did not decrease more than 10% during the total reaction
times 1n any of these reaction solutions. Symbols in (b)-(d) refer to measurements, lines to
model predictions.

monitored reaction periods in all three waters, ensuring rapid As(IIT) oxidation in each case.

The higher rate of As(III) oxidation in LZ water, compared to YP water, can be attributed to
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the difference in pH of the two waters; with k;pp’p ac = 6.9 x 10° M's™ at pH 8 (LZ water),

and 3.6 x 10° M''s™ at pH 7.2 (YP water). Comparison of the results for LZ and LZ1 waters
shows that As(IIl) oxidation efficiency was appreciably impaired in the latter, due to rapid
consumption of FAC by NHj (Figure B.2b). These findings are consistent with the results
obtained for batch experiments with the same waters (Figure B.2a).

The As(IIl) losses shown in Figure B.2b can be modeled with the rate constants
reported in Table B.3, by compensating for contemporaneous FAC loss to side-reactions with

matrix constituents in each water. FAC losses were modeled according to pseudo-first-order
rate “constants,” kg AC.matrix » Obtained from plots of In([FAC]) vs time in each water. As(III)

oxidation was in turn modeled by inserting the pseudo-first-order expression for FAC decay

(eq 13) into a separate expression for As(IIl) oxidation (eq 14), and integrating to yield eq 15.

[FAC] = [FAC]O e(_k};AC.mauix 1) (1 3)

(Hopac [ IFACHD
[As(IID)] = [As(IID), e 0 (14)
[k;pp:mc [Fac]y [e<—k'mc,matrix ) IH
[As(ITD)] = [As(ITD)], ' “FAcmr (15)
The resulting model fits are shown as dotted lines in Figure B.2b. The close agreement
between model predictions and measured data for each real water demonstrates that one can
accurately predict oxidation of As(IIl) by FAC in various real waters if the rate of FAC loss
for a given water is known. However, in certain cases, one can make predictions of expected
As(IIT) oxidation efficiencies even without directly measuring FAC loss rates. For example,
FAC reacts with NH3 far more rapidly than with DOM and most other matrix constituents;
thus, in systems containing substantial NH; concentrations (e.g., >0.5 mg-N/L), FAC loss will
likely be dominated by FAC-NHj3 reaction kinetics. In such cases, FAC loss can be predicted
by modeling FAC consumption according to the second-order reaction between NH; and
FAC. As(III) loss can in turn be modeled by substituting a second-order expression for FAC
loss (eq 16) into eq 14 and integrating with respect to ¢, as described in Text SB.6, to yield eq

17.
[FAC]{l _NH j

[FAC],

1— [NH} ]0 e(([NHs ]0 _[FAC]O )k;pp,FAC,NH3 f)
[FAC],

[FAC]= (16)
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. [NH; ] .
kg wac.Asam [FAC]y [1* [FAé]Z ) e( (INt3 ] -[FACT Jeapp, FAC, NH 3 fj N '
(Inn; l,-[Fac], )k;])17,FAC.NH3 t [NH; ], e( (Inm3 ]y -[FACT) Jkapp, FAC, NH 3 t) 5 [NH;], B
[FAC], [FAC], (17)

[As(11D)] = [As(1ID)] e

Model predictions obtained by eq 17 are compared with measurements from LZ1 water
in Figure B.2c. The model substantially over-predicted As(IIl) losses with respect to batch
measurements. This was presumably a consequence of suboptimal mixing in the batch
systems, which would have resulted in disproportionately large consumption of FAC by NHj3;
during FAC dosage, in turn leading to lower As(IIl) loss than predicted for an ideally-mixed
system. However, model predictions correlated very well with CFL measurements (Figure
B.2¢), consistent with the superior mixing efficiency achieved by the CFL system (i.e., FAC
and real water solutions are mixed through a tee in 1:1 proportion during CFL experiments, as
described in Text SB.2).

Chlorination - NH>CI reactions. As(IIl) loss is expected to occur within two phases
during chlorination of a water containing significant NH; concentrations: (i) initial, rapid
oxidation of As(IIl) by FAC, and (i1) secondary, slow oxidation of As(III) in the presence of
NH,Cl generated by the FAC-NH; reaction, if insufficient FAC is added to completely
oxidize As(IIl) during the first phase. As(IIl) losses measured within the latter phase, during
chlorination of LZ1, LZ20, and PV waters, are shown in Figure B.2d.

With the exception of LZ1 water dosed with 0.1 mg/L Cl, (1.4 x 10° M) of FAC, NH,Cl
concentrations in each water were in substantial excess of [As(IIl)], and remained essentially
constant during monitored reaction periods in these waters (i.e., <10% change from [NH,Cl],,

data not shown). As(III) losses were therefore modeled initially by eq 18.

[As(1ID)] = [As(ID], o el (18)

However, this model substantially under-predicted the rate of As(III) loss observed
within LZ1, LZ20, and PV waters (dotted lines in Figure B.2d), presumably because it does
not account for effects of the equilibrium between NH,Cl and HOCI (eq 19) on As(III)

oxidation.

Khyd
NH3 + HOCI —_— NH2C1 + H20 (19)

The importance of eq 19 can be investigated by using the equilibrium constant, Kyyq =
1.5 x 10" M (28) to determine the equilibrium concentration, [HOCl].q, from known
concentrations of NH3 (Table B.2) and NH,Cl. [FAC]q (including both HOCI1 and OCI’) can
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then be calculated from [HOCl]q and incorporated with ,fr; A mto eq 18, to yield eq 20, by

C.app

which contributions of NH>Cl and HOC] to As(IIT) loss can be modeled together.

[ As (ED] _ [ As (IH)]O e(—(k;mNHQCI[NH201]+k;pPHC [FAC],, )e) (20)

As shown by the solid lines in Figure B.2d, eq 20 yielded predictions that are in very
good accord with measured As(III) loss in LZ1 and LZ20 waters, illustrating that the NH»Cl-
HOCI equilibrium plays a significant role in governing As(IIT) loss in the presence of excess
NH,Cl. However, predictions obtained for PV water by eq 20 still deviated substantially from
measured As(IIT) losses (Figure B.2d). The reason for these discrepancies is presently
unknown.

O:zonation. Figure B.3a depicts measured As(III) losses for various O3 doses in LZ, YP,
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Figure B.3. As(IIT) oxidation during ozonation of real waters spiked with 50 pg/L. As(II)
(6.7 x 107 M) (water quality data in Table B.2). (a) As(III) loss for various O3 doses within
real waters included in this study, at 25 (£0.5) °C, (b) time-resolved As(III) loss within LZ
water ([O3]o = 0.25 mg/L (5.2 x 10° M), 23 (£2) °C), YP water ([Os]o = 0.25 mg/L (5.2 x 10°®
M), 23 (£2) °C), and PV water ([O3]o = 1 mg/L (2.1 x 10 M), 23 (£2) °C). Symbols refer to
measurements, lines to model predictions.

and PV waters. A dose of only 0.25 mg/L Os (5.2 x 10°® M) was sufficient to achieve >99%
loss of 50 pg/L As(III) (6.7 x 10”7 M) in LZ and YP waters. Comparable oxidation of 50 pg/L
As(III) was also achieved in PV water at a relatively low O3 dose (0.8 mg/L Os, or 1.7 x 107

M) (Figure B.3a), because O; - in contrast to FAC - reacts very slowly with NHz (4, = 0.2

app
M?s?t at pH 7.3 (29)). The observation that more O3 than FAC (on a molar basis) is required
to achieve comparable oxidation of As(II) in LZ and YP waters (Figures B.2a and B.3a) can
be attributed to the higher reactivity of O3 toward DOM, which results in comparably more

rapid Oj loss to side-reactions with water matrix constituents.
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Figure B.3b - depicting time-resolved measurements of O; and As(III) losses in LZ, YP,

and PV waters - illustrates that #,,, is less than 0.33 s in LZ and YP waters, whereas

fiprac €xceeds 1.8 s for the same waters (Figure B.2b). Molar-equivalent doses of FAC and
O; therefore resulted in similar rates of As(IIl) oxidation within these waters, even though the

magnitude of k;pp,03 exceeds that of k;pp’F Ac by a factor of 5 to 15 at circumneutral pH.

Figure B.3b also shows that O3 loss is more rapid in PV water than in LZ or YP waters, due to
the higher DOC concentration in PV water. This is consistent with the comparably lower
efficiency of As(IIl) oxidation by O; in PV water (Figure B.3a). Furthermore, Figure B.3b
shows that the rate of As(III) loss is significantly faster in LZ water than in YP water, and
approximately equivalent to the rate of As(IIl) loss in PV water, even though the latter was

dosed with four times as much Os. This can be attributed in part to the higher pH of LZ water;

that is, k;pp,03 is 9.4 x 10° M's™ at pH 8 (LZ water), compared to 2.0 x 10° M's™ at pH 7.2

(YP water) and 2.4 x 10° M's™ at pH 7.3 (PV water).
Hydroxyl radicals (*OH) - generated by autocatalytic O3 decomposition or by direct

reactions of O; with water matrix constituents (30,3/) - also react rapidly with As(III)
(/C.HOH’AS(OH)3 = 8.5 (£0.9) x 10° M's™ (32)). p-Chlorobenzoic acid (pCBA) - which reacts

rapidly with *OH, but is effectively nonreactive toward Os - was used as an in situ probe (33)
to evaluate the importance of *OH-As(III) reactions during ozonation of each real water. The
PCBA losses depicted in Figure B.3b show that *OH was generated in measurable yield
within each system. However, calculated contributions of *OH to observed As(IIl) losses
were very low (i.e., <5% of total observed loss for LZ and YP waters, and <10% for PV water
- see Text SB.7 for a detailed discussion). Time-resolved measurements of As(III) losses in
these waters were therefore modeled by considering only O3-As(IIl) reaction kinetics (via eq
15, with O3 terms substituted for FAC terms). The close agreement of model predictions with
experimental data confirms that As(III) loss was dominated by direct reactions with O3
(Figure B.3b).

B.3.4 Implications for As(III) Oxidation during Full-Scale Drinking Water
Treatment. As demonstrated here and in prior work (/0), oxidant-scavenging matrix
constituents such as NH; and DOM can lower the efficiency of As(II) pre-oxidation
processes. Fe(Il) - which reacts very rapidly with FAC and O; at pH < 2 (34,35) - may

represent another important oxidant scavenger in such waters, though FAC-Fe(Il) and O;-
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Fe(Il) reaction kinetics must be measured at circumneutral pH to permit quantitative
evaluation of its potential influence on chlorination or ozonation processes.

When oxidant-scavenger concentrations are relatively low, their influence on As(III)
oxidation efficiency during chlorination or ozonation processes will likely be offset by the
extremely fast kinetics of FAC-As(II) and Os-As(IIl) reactions. However, high scavenger
concentrations may substantially impair As(IIl) oxidation efficiency (Figures B.2a and B.3a).
Proper selection of oxidants can minimize matrix effects in the latter case. For example,
ozonation will generally be preferable to chlorination for oxidation of As(IIl) in waters
containing high NHj3 concentrations (e.g., PV water), because O3 reacts slowly with NHs. In
comparison, chlorination is likely to prove more efficient than ozonation for As(III) oxidation
in waters lacking NHj3, because FAC typically reacts more slowly than Os; with DOM over
time-scales relevant to FAC-As(III) reactions (Figures B.2b and B.3b).

In waters with high oxidant scavenging rates, As(IIl) oxidation efficiencies will also be
highly sensitive to mixing efficiency during oxidant application (Figure B.2c¢). The high
sensitivity of FAC-As(I1I) and Os-As(III) reaction kinetics to pH (Figure B.1) indicates that
pH control may also play an important role in As(IIl) oxidation efficiency. Careful attention
to these considerations will facilitate optimization of oxidant dose when As(III) oxidation
must be balanced with constraints such as disinfection by-product formation.

In an optimized chlorination or ozonation process, complete pre-oxidation of As(III)
should generally be achievable at oxidant doses for which disinfection by-product formation
will be minimal. For example, THM and NDMA formation potentials in YP and PV waters
are known to be far below WHO, EU, and USEPA limits at FAC doses required to achieve
full As(IIl) oxidation within these waters during the present investigation (/3). Bromate
formation during ozonation of these waters is also expected to be low, because YP water
contains low Br’ concentrations (i.e., <30 pg/L), and PV water contains high NH;
concentrations, which will substantially suppress bromate formation by scavenging HOBr
generated by reaction of O3 with Br™ (36).

NH,Cl formed during chlorination of ammoniacal waters will likely only have
appreciable effect on As(IIl) fate in special cases; for example, if source waters undergo
limited or no treatment prior to chlorination, and insufficient FAC is added to directly oxidize
As(IIT) during chlorination. Although the direct NH,Cl-As(III) reaction may result in minimal
As(IIT) oxidation subsequent to chlorination, indirect NH,Cl-mediated oxidation reactions can

yield substantial As(IIl) oxidation within such systems over reaction times of several hours
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(e.g., within disinfection contact chambers or distribution networks), as illustrated in Figure

B.2d.
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Text SB.1. Analytical methods

lon Chromatography/ICP-MS method. Samples were diluted (generally 10-20 times) in 2
uM phosphate solution prior to injection, and introduced to the column by automated
injection-loop filling (20 pL) via an auto-sampler module (ASX-510, CETAC). A micro-bore
gradient pump 40 (Dionex) was used to deliver samples through the anion-exchange column
(AGI11/AS11, 250 x 2 mm, Dionex). Arsenic species were eluted (0.3 mL/min) by a
NH4NOs-gradient (5 mM at 0 min to 72 mM at 4 min, 72 mM from 4-7 min and
equilibration at 5 mM from 7-10.5 min) at pH = 7.0-7.3. The effluent of the anion-exchange
column was connected to a micro-flow PFA nebulizer (ESI, Elemental Scientific
Instrumentation) mounted on a cooled (5 °C) Scott-type quartz spray chamber of an Element2
(Thermo Electron) high-resolution, double-focusing, sector-field ICP-MS. Arsenic in the ion-
exchange column effluent was tracked in low resolution at m/z 75. Plasma conditions were:
power forward 1150 W (3 W reflected), argon gas flows 15.5 L/min cooling, 0.9 L/min
plasma and 0.9 L/min sample. MS chromatograms were exported from MS software in ASCII
format and peak areas were integrated in Excel. Method detection and quantification limits
were 0.4 ug/L As (5.3 x 10° M) and 1.4 pg/L As (1.9 x 10™ M), respectively. Relative
standard deviations for each measurement ranged from £2-3%.

Preservation of As(Ill)-As(V) speciation. Samples intended for measurement of As(III)
and As(V) content within one day of preparation were stored at 4 °C, without additional
preservation, until analysis by IC/ICP-MS. Stability of arsenic speciation in the Phap Van
water (described below) - spiked with equal concentrations of As(IIl) and As(V) ranging from
0.5-50 pg/L (6.7 x 107-6.7 x 107 M) - was found to be stable for up to 7 days of storage
under such conditions. Additional controls indicated that As(IIl) was stable for at least two
days in all other samples kept under such storage conditions.

In cases for which prolonged sample storage was necessary, an aluminosilicate adsorbent
(0.1-0.3 mm particle diameter) was used to selectively remove As(V) from samples.
Additional details of the adsorbent characteristics are available in ref. (/). One-mL cartridges
packed with ~ 0.8 g of the adsorbent were used for As(V) removal. 2.5-mL water samples
collected with a 10 mL-syringe were filtered through these cartridges at a flow rate of ~ 10
mL/min. Total arsenic content in the filtrate was taken to represent As(IIl) content in a given
sample. Individual filter cartridges were only used for a single As(V) removal.

Recoveries of As(Ill) and breakthrough of As(V) during aluminosilicate filtration were
evaluated in Milli-Q water and in the Phap Van groundwater described below. To evaluate

As(IIT) recovery, these waters were each spiked with an As(IIl) concentration of 100 pg/L
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(1.3 x 10 M). The difference in measured As(III) concentrations between filtered and non-
filtered samples was less than 5 %. To evaluate As(V) breakthrough under typical sampling
conditions, a sample of Milli-Q water was spiked with 300 pg/L As(V) (4.0 x 10° M) and a
sample of Phap Van water spiked with 100 pug/L As(V) (1.3 x 10° M). Less than 1 % of the
starting As(V) concentrations passed through a 1-mL filter cartridge during filtration of a 5-
mL sample. Adsorbent capacity was evaluated by repeatedly passing 5-mL volumes of Milli-
Q water containing 250 pg/L As(V) (3.3 x 10 M) through a single 1-mL filter cartridge.
Negligible As(V) breakthrough was observed even after filtration of 110 mL. All samples
were filtered at pH values within the range recommended by the aluminosilicate provider
(i.e., between pH 4 and 9)

HPLC analyses. All p-chlorobenzoic acid (pCBA) and benzaldehyde analyses were
performed on a Hewlett-Packard 1050 HPLC system equipped with a Supelco Discovery RP
Amide C16 column (3 mm x 250 mm, 5 pm), and a single-wavelength UV detector (A = 250
nm). Isocratic separations were performed with 35% acetonitrile and 65% 0.05 M H3;PO4
(adjusted to pH 2.2 with NaOH). Limits of quantification by this method were approximately

0.05 uM for each analyte. Standard deviations for each measurement varied from +1-3%.

Text SB.2. Rate constant measurements

Free available chlorine. FAC decay ([FAC]p = 1.5-5 x 10° M) was monitored in the
presence of 15-20x molar excesses of As(IIl) ([As(III)] = 15-50 x 10 M) via a continuous-
flow, quenched-reaction (CFL) apparatus described in detail previously (2). Solutions of
As(IIT) and FAC were mixed through a tee at constant flow-rate, Qyeaction = Qrac + Qasam, 1n
1:1 proportion with a multi-position Harvard Apparatus 22 syringe pump. The effluent of this
tee was directed through one of seven PTFE loops with volumes, Viyop, ranging from 16.1-
199.3 uL (inclusive of dead volume). The effluent end of each PTFE loop was directed into a
second tee receiving a stream of quenching reagent (DPD sulfate) to stop the reaction
between As(IlI) and FAC after reaction times corresponding to Vigep/Qreaction- Residual FAC
concentrations were measured by monitoring DPD cation radical absorbance at 515 nm (3).
Desired reaction pH was achieved by buffering FAC and As(IIl) solutions with 10 mM
acetate (pH 5), 10 mM phosphate (pH 6-8.5), or 40 mM borate (pH 9-11). FAC and As(III)
solutions containing twice the desired reaction concentrations were mixed in 1:1 proportion to
initiate the reaction, which was quenched after various reaction times (ranging from ~ 30-
1400 ms) with a deoxygenated solution containing 3 mM of DPD sulfate (buffered at pH 6.5

with 0.1 M phosphate). Experiments were performed in triplicate, at room-temperature
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'

(23(£2) °C). Pseudo-first-order rate constants, k, , were obtained from plots of In([FAC])

obs >
versus time. As(II) reaction order was determined at pH 6, by varying [As(III)] from 25-100
uM. Additional details of FAC-As(IIl) rate constant determinations and the raw data from
which these rate constants were calculated are included in additional Supporting Information
files accompanying the manuscript from which this chapter is derived (4), at
http://pubs.acs.org.

Calibrations of FAC measurement were performed by measuring the absorbance of the
DPD cation radical generated from various known concentrations of FAC, and were found to
be linear over the full range of FAC concentrations employed in these studies. DPD solutions

(3 mM) were prepared as described previously (2). Calibration of the CFL apparatus — by

means of the reaction between NH; and HOCI — yielded a calculated value of k;OCLNm =24

x 10° M's™, compared to the most precisely-determined literature value of 3.1 x 10° M's™
(%).

Chloramines. Rate constants for reactions of As(IIl) with NH,Cl and NHCI, were
measured in batch, by monitoring NH,Cl or NHCI, decay (via spectrophotometric analysis at
243 nm and 310 nm, respectively) in the presence of [As(IIl)] >> [chloramine]y at 25(£0.5)
°C. In NH,ClI experiments, 25-ml volumes of 5 mM As(III), buffered with 50 mM phosphate
(pH 6.5 to 8.5) or borate (pH 9 to 11), were dosed under constant, rapid stirring with 0.2 mM
of NH,Cl, to initiate the reaction. Samples were then taken every 3 min for NH,Cl analysis.
Experiments were performed in triplicate at each pH. Controls verified that NH,Cl losses in
the absence of As(IIl) were negligible during each experiment.

In NHCI, experiments, 6-mL volumes of 13 mM As(IIl), buffered with 60 mM acetate
(pH 4-5) were pipetted into each of two 2-cm spectrophotometer cells. These As(III) solutions
were then dosed with 60 mM acetate solutions containing 350-550 uM of NHCl,, stoppered
to prevent evaporative loss of NHCl,, and agitated by rotating the stoppered cell several
times. Decay of NHCI, in these duplicate cells was followed for 2 to 5 h, depending on the
pH, by measurement at 310 nm. Controls verified that NHCIl, was stable in the absence of
As(III) during experiments conducted at pH 4-4.3. Non-negligible losses of NHCIl, were
observed in As(II) controls at pH 4.5 and 5. Measured rates of NHCI, loss in the presence of
As(III) at pH 4.5 and 5 were corrected for NH,Cl loss rates observed in the corresponding
As(IIT) controls.

x

obs

values were obtained from plots of In([NH,Cl]) and In([NHCl,]) versus time,

respectively. As(IIl) reaction orders were determined in the case of NH,Cl by varying
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[As(III)] from 2-15 mM, at pH 8.5, and in the case of NHCI, by varying [As(III)] from 5-40
mM, at pH 4. Additional details of rate constant determinations for the NH,CI-As(IIl) and
NHCI,-As(III) reactions, in addition to the raw data from which these rate constants were
calculated, are included in additional Supporting Information files accompanying the
manuscript from which this chapter is derived (4), at http://pubs.acs.org.

Ozone (continuous-Flow). Rate constants for the reaction between Oz and As(IIl) were
measured using the same apparatus and procedures as for the FAC-As(III) reaction. O3 loss
([O3]o = 1 uM) was monitored in the presence of 10 uM of As(IIl). The reaction between
As(IIT) and O3 was quenched with a 4 uM solution of indigo trisulfonate (which was adjusted
to pH 2 with H3POy4 to ensure 1:1 stoichiometry of the indigo-Os reaction (6)), and O3 residual
was followed by monitoring the quenched solution’s absorbance at 600 nm (6).

Working O3 stocks were prepared in Milli-Q water adjusted to pH 4 with sulfuric acid to
stabilize O3 (7). These O3 stocks were stored in a stoppered 1-L flask connected to a Metrohm
Dosimat dispensing system, prior to transfer from the Dosimat to a 25-mL, Hamilton gas-tight
syringe for use in kinetics experiments. Working O3 stock concentrations were checked
before each experiment by mixing a syringe-full of the O3 stock solution in 1:1 proportion
with Milli-Q water (in place of As(IIl)). Constant solution pH was maintained by buffering
As(II) solutions in phosphate buffers of approximately 10 mM concentration. Separate
experiments conducted by manually mixing equal volumes of pH 4 water and each buffered
solution indicated that pH of the mixed solutions did not change by more than 0.1 unit from
that of the buffered As(IIl) stock. 10 mM #-BuOH was added as a hydroxyl radical (*OH)
scavenger to each As(III) solution. However, this was later found to be unnecessary, because
stoichiometric data and mechanistic findings obtained subsequent to CFL experiments
indicated that the reaction of As(III) with Os does not generate *OH (see the Mechanistic
Considerations section in the main text), and As(II1)-Os reaction kinetics are fast enough to
ensure that *OH formation via autocatalytic O3 decomposition is negligible at the pH values

used for these experiments. All experiments were performed at room-temperature (i.e., 23(£2)
°C). k,,, values were obtained from plots of In([Os]) versus time. Each [Os] value used in

these plots was obtained by averaging the [O3] values measured for at least three individual
samples collected at the corresponding reaction time during a single CFL experiment.
Detailed examples of these calculations are provided with the corresponding raw
experimental data in in additional Supporting Information files accompanying the manuscript
from which this chapter is derived (4), at http://pubs.acs.org. As(IIl) reaction order was
determined by varying [As(IIl)] from 10-30 uM, at pH 2.
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Ozone (stopped-flow). Stopped-flow measurements of Oz decay in the presence of excess
As(IIT) were performed using an Applied PhotoPhysics SX-17MV system, with temperature
controlled at 20(+0.5) °C. As(IIl) and O; solutions, at concentrations ranging from [As(III)] =
40-200 uM, and [O3] = 2-10 uM, were buffered with either 10 mM phosphate (pH 3, and 6-
7.8) or acetate (pH 4 and 5). O3 solutions were prepared by transferring appropriate volumes
of undiluted O3 stock (via gas-tight syringe) from a Dosimat to 10 mM buffer solutions
immediately prior to each experiment. Buffered O3 and As(III) solutions were then mixed at

1:1 proportion to initiate the reaction between As(IIl) and O3, and Os loss was monitored

directly at A = 258 nm. k,, values were calculated by exponential regression (SigmaPlot

2002, SPSS Software) of the average Os decay curves calculated from at least nine replicate
curves for each pH. Details of these calculations are included with the corresponding raw
experimental data in additional Supporting Information files accompanying the manuscript
from which this chapter is derived (4), at http://pubs.acs.org. +~-BuOH was not added to
solutions used in stopped-flow experiments, for reasons mentioned above. As(IIl) reaction

order was investigated at at pH 3 and 7, by varying [As(III)] from 100-500 uM.

Text SB.3. Measurements of Os-As(III) stoichiometry with O3 in excess

Solutions of As(IIl) were prepared at 8-120 uM concentration in either pH 2 water
acidified with sulfuric acid or in 10 mM, pH 7 phosphate buffers. O; was prepared at 200 uM
in Milli-Q water adjusted to pH 2 (for experiments with pH 2 As(III) solutions) or pH 4 (for
experiments with pH 7 As(III) solutions) with sulfuric acid. Working O3 stocks were stored
and transferred as in the reaction kinetics experiments conducted using the continuous-flow
apparatus. After transfer of a working Oj; stock into a Hamilton gas-tight syringe, initial O3
concentration in the syringe was checked by mixing in 1:1 proportion with As(III)-free water
(for pH 2 experiments) or 10 mM, pH 7 phosphate buffer (for pH 7 experiments) contained
within an identical 25-mL syringe. The two solutions were driven by a multi-position syringe
pump (at a flow rate of 10 mL/min) through the inlet channels of a mixing tee whose outlet
was directed through a 1-cm flow-through spectrophotometer cell. O3 concentrations were
directly measured at A = 258 nm. The standardized O; solution contained within the first
syringe was then similarly mixed in 1:1 proportion with a solution of As(IIl) contained within
a third syringe, and the residual O3 concentration was recorded after 5 s of reaction time
(20.999,As(1m), OF ¢ for 99.9% depletion of As(Ill), was ~ 13 and 5 ms under these conditions at pH 2

and 7, respectively). This procedure was repeated in duplicate for each As(III) dose. Control
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experiments showed that Os losses between each standardization step and As(III)-Os mixing

step were negligible.

Text SB.4. Real water sample procurement and composition

Real water samples were collected from Lake Zurich, Switzerland, and from two
partially-treated drinking waters derived from reduced groundwater sources in Hanoi,
Vietnam to validate the applicability of reaction kinetics reported here to modeling reactions
in real water systems. Lake Zurich samples were taken from a depth of 30 m below the
surface of the lake, which represents the raw water for Zurich’s drinking water supply. The
Vietnamese water samples were taken from Hanoi’s Phap Van and Yen Phu drinking water
treatment facilities. Each water sample was filtered through a 0.45-um membrane
immediately after collection, protected from light, and transported to the Ilaboratory
(EAWAG) as rapidly as possible (typically 2-3 days transport time), whereupon it was
refrigerated at ~ 4 °C prior to usage.

The Phap Van and Yen Phu plants draw raw water from two separate groundwater
supplies that contain relatively high total arsenic concentrations comprised predominantly of
As(IIT), in addition to high Fe(Il) concentrations, and - in the case of PV water - high NHj3
concentrations (8). At each plant, the respective raw groundwater sources first undergo
aeration to oxidize dissolved Fe(Il), followed by a settling step to allow precipitation of
Fe(IlI)-(hydr)oxides formed during oxidation of Fe(Il). The aerated waters are then passed
through a gravity-filter bed containing quartz-sand filter media, before chlorination and final
passage into the city’s distribution network. The Phap Van and Yen Phu samples were taken
from locations in each plant between their filtration and final chlorination steps, at which
point As(IIT) concentrations are very low. IC/ICP-MS analyses showed that native As(III)
concentrations were < 2 ug/L in the Yen Phu and Phap Van water samples. Because these
water samples were saturated with dissolved oxygen by the time they passed through the filter
beds in the plants, and were subsequently filtered through 0.45-um membranes, Fe(total)
concentrations in each were also negligible. Other important water quality parameters are
provided in the main text (Table B.2).

Separate volumes of Lake Zurich water were amended with a NH4ClI dose of either 1 mg-
N/L (7.1 x 10° M) to yield LZ1 water, or 20 mg-N/L (1.4 x 10° M) to yield LZ20 water, to
provide synthetic waters for quantitatively assessing the affect of various NH3 concentrations
on As(III) oxidation rates in a real water dosed with FAC. Native As(IIl) concentration is < 1

ug/L in Lake Zurich water.
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Text SB.5. Monitoring reactions in real waters.

Batch chlorination experiments. Each real water was spiked with 50 pg/L As(III) (6.7 x
10”7 M) and added in various volumes to either 30-mL amber, borosilicate glass vials, or 100-
mL glass bottles wrapped in aluminum foil to exclude light, depending on the number of
samples desired from each experiment. These solutions were thermostatted at 25(+0.5) °C
and, under constant, rapid stirring (via magnetic stir-bars), dosed with various concentrations
of FAC. Samples were taken from all waters after 10 s of reaction time, quenched with 1 mM
ascorbic acid, filtered through aluminosilicate media to remove As(V), and subsequently
analyzed by IC/ICP-MS for residual As(III). Additional samples were taken from LZ1, LZ20,
and PV waters at 1- or 3-h intervals, up to 9 h reaction time, and analyzed in the same
manner. In the latter two cases, reaction vials were capped after taking the 10-s samples to
prevent unnecessary exposure to light. Samples collected at 10 s of reaction time were used to
assess oxidation of As(IIl) by FAC. Subsequent samples were collected to monitor oxidation
of residual As(III) in the presence of the excess NH,Cl formed by reaction of FAC with NH;
in the LZ1, LZ20, and PV waters. NH,Cl concentrations were monitored during each reaction
by DPD-colorimetry (3).

Continuous-flow chlorination experiments. Oxidation of As(IIl) by FAC was directly
monitored in real waters by means of the CFL apparatus described above, at room
temperature (i.e., 23(x2) °C). The contents of two 25-mL syringes — one containing the real
water spiked with 100 pg/L (1.3 x 10° M) of As(IIl); the other containing 10 mM phosphate
buffer adjusted to the pH of the real water and spiked with the appropriate FAC concentration
— were mixed in 1:1 proportion to initiate the reaction. FAC consumption by each real-water
matrix was monitored by quenching FAC residuals with DPD. As(IIl) oxidation was
monitored separately by quenching residual chlorine in the reaction solution with a 10-mM
ascorbic acid solution, to eliminate the possibility of side-reactions between the DPD cation
radical and residual As(IIl) after sampling. As(IIl) samples were taken from the effluent
leaving the CFL mixing valve, filtered through the aluminosilicate media to remove As(V),
and analyzed by IC/ICP-MS.

Batch ozonation experiments. 20-mL volumes of each real water, spiked with 50 pg/L of
As(IIl) (6.7 x 107 M), were added to 30-mL, amber, borosilicate glass vials, and
thermostatted at 20(+0.5) °C. Under constant, rapid stirring, these solutions were dosed with

various concentrations of Os. Samples were taken from each water after 10-s reaction
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intervals, dosed with 1-mM 3-buten-2-ol to ensure quenching of any residual Os, filtered
through aluminosilicate media to remove As(V), and subsequently analyzed by IC/ICP-MS.
Continuous-flow ozonation experiments. Oxidation of As(Ill) by aqueous O3 was
monitored via CFL reaction monitoring (2), at room temperature (i.e., 23(£2) °C). Each real
water solution was dosed with 100 pg/L As(II) (1.3 x 10° M) and 2 puM of PCBA (used as a
hydroxyl radical probe (9)), to yield reaction conditions of 50 pg/L As(III) (6.7 x 107 M) and
1 uM of pCBA. Working Os stocks were prepared in Milli-Q water adjusted to pH 4 with
sulfuric acid, and handled as in As(IIT)-Os reaction kinetics measurement experiments. Online
pH-adjustment of the O3 working stocks was required to permit execution of experiments at
each real water’s native pH, because Os is quite unstable in aqueous solution at circumneutral
and higher pH values (7). This was achieved by pumping the O3 working stock and a 10 mM
phosphate buffer of the same pH as the corresponding real water through a mixing tee in 1:1
proportion, and routing the effluent directly into one channel of a second mixing tee receiving
a parallel stream of real water at a flow rate equal to that of the pre-mixed Os stream. The
effluent of the second mixing tee was directed through one of the CFL reaction loops
described above. After passage of the reaction solution through a given reaction loop, residual

O; was quenched with a 1-mM solution of cinnamic acid, which reacts with Oz to yield

app.0; ~ 38X 10° M's™ at circumneutral pH (10)).

benzaldehyde in 1:1 stoichiometry (with &

Quenched samples were collected for analysis of As(IIl), benzaldehyde, and pCBA. Residual
ozone concentrations and *OH exposures were calculated from benzaldehyde and pCBA
measurements, respectively (see Text SB.7 for additional discussion of *OH exposure
calculations). Initial O3 concentrations were measured by the same procedure, with Milli-Q

water substituted for As(III)-amended real water.

Text SB.6. Modeling As(III) loss by second-order kinetics in NH3-dominated systems
In waters containing NHj concentrations (in mg-N/L) at least 0.5 times greater than the
concentration of DOC (in mg-C/L), FAC loss will most likely dominated by the NH3;-FAC

reaction. FAC loss can be modeled in such cases according to the second-order model

represented by eq S1.
[FAC]O (1 _ [NH3 ]0 j
[FAC] = [Facl (s1)
_ [NH3 ]0 e(([NH3 l,-[Fac], )k;pp,FAC,NH3 t )
[FAC],

This can be incorporated into a rate expression for As(III) loss (eq S2),
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(_k;pp,FAC J. [FAC]dt)

[As(1IT)] = [As(IID), e 0 (52)
to yield eq S3.
[NH; ],
" . [FAC]O{I—[FAC] j
*kapp,FACJ‘ a
[NHy], \([NH3]0 [FAcly Japp.pacnms 1)
[As(1ID)] = [As(TID)] e [Fach” (53)

The integral in eq S3 can be represented by the general form shown in eq S4,

t t t c c t c

J- a _[ :_[ a(be( 2 —1)_ abe') :J- . be!!) . (s4)
S 1-bel) 4 b be =1 el 1) T el -1

where a = [FAC], (1 [[NHC]]OJ b= F:;Ié}z , and ¢ :([NH3] -[FAC], )kapp FACNH, - £q S4

can be integrated with respect to ¢, to yield eq S5.

() (et)
¢ el 1 . € bel) 1 b-1

Eq S5 can then be substituted with appropriate variables and incorporated into eq S3 to yield
eq S6.

‘at - ln(be(“) - 1]; = gln(e(“))— ln(be(“) - ql =

¢ 0

" [NH, ],
—k app FAC.As(IID) [FAC]O(]7 [FAC]O ]( (([NHﬂo (FAC)) Jkapp FAC, NH3 j i I
(I, ly-[FAC], )k;pp,FAC,NH:; L [NH; ], [ [NH3 Jg~[FAC]) kapp FAC,NH; t) 4 [NH;], B
[As(ID)] = [As(IID], e Fach” rach (S6)

Text SB.7. Contributions of *OH to observed As(IIl) losses during real water ozonation
experiments

Hydroxyl radicals (*OH) are generated continuously during real water ozonation
processes, as a consequence of autocatalytic ozone decay or direct reactions between O3 and
various functional moieties within dissolved organic matter (//,/2). Oxidation of As(III) will
therefore be governed by contributions from O3 and *OH in such systems, according to eq S7,

m[ [As(in),

! t
[AS(HI)]O ] ) _k;pp ’03’AS(IH).[ [0 Jar - k;pp,'OH,AS(HI) J‘ [- OH Jar (S7)
0 0

where k;pp,'OH,As(III) (for reaction between *OH and As(OH)3), is 8.5(x0.9) x 10° M's™.

t t
I[O3]dt can be determined by direct measurement of O3 (9). “- OHJdt can be calculated
0 0

with eq S8 (9),
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j[-OH]dt: . _ h{[P]fJ (S8)

0 kapp,'OH,P
where P represents a probe compound that reacts selectively with *OH. p-Chlorobenzoic acid

(pCBA) was used as a *OH probe in this case, because it reacts rapidly with <OH
(kgppeorpcsa = 5:0 x 10° M's™ (13)), and very slowly with O3 (k,,, 0 ,cpa < 0.15 M's™

(14)). The relative importance of *OH radical reactions in oxidation of As(IIl) during real water ozonation ex

t
k;pp,-OH,As(m)j [« OH ut
0 (59)

f-OH,M(t) =

t t
Kapp.0, ,As(llI)J. [03 ]dt + k;pp,-OH,As(m).[ [’ OH]dt
0 0

which represents the ratio of observed oxidation due to *OH, relative to that due to direct

reactions with Os. Eq S9 was substituted with eqs S7 and S8 to yield eq S10, which was used

to calculate f “OHM(7) -
_ {kt:z:pp,-OH,As(IH) ln( [pCBA], JJ
kapp,-OH,pCBA [pCBA]O (S 1 0)

. y Koy Ot A CBA
kapp,03 ’ AS(HI);[ [O3 ]dz _{ PP OH, As(III) ln{ [[IIZCBA}; D

app,*OH, pCBA

f-OH,M(t) =
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Figure SB.1. Reaction orders with respect to As(IIl) in the reactions of As(III) with FAC,
NH,Cl, NHCl,, and Os. pH 2 O3 experiments were conducted by continuous-flow, quenched
reaction monitoring. pH 3 and 7 O3 data were obtained by stopped-flow spectrophotometry.

04

0.6 - In(kyp,") = -32x10°T + 96

E, =27 + 2 kJ/mol

/
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Figure SB.2. Temperature-dependence of apparent, second-order rate constant for decay of
NH,Cl in the presence of excess As(IIT). Experiments conducted at [As(III)] = 5 x 10> M, and
[NH,Cl]o =2 x 10* M, in pH 9, 10 mM borate buffer, except for the 25° C experiment, which
was performed under the same conditions in 50 mM borate buffer.
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Mole Fraction

35 4.0 45 5.0 5.5

Figure SB.3. pH-dependence of observed pseudo-first order rate constants for decay of
NHCI, in the presence of excess As(IIT). Experiments conducted in 60 mM acetate buffer, at
[As(IID)] = 1.3 x 10> M, [NHCL]o =3.5-5.5 x 10 M, and 25(£0.5) °C. Values measured at
pH 4.5 and 5 corrected for observed losses of NHCI, in corresponding As(IIT) controls.
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Figure SB.4. Observed stoichiometries for the reactions of As(IIl) with FAC, NH,Cl, and Os:
(a) As(III) in molar excess, and (b) oxidants in molar excess. FAC experiments conducted at
pH 7, NH,Cl experiments conducted at pH 9, and O; experiments conducted at pH 7. All
experiments were conducted at room temperature (23(£2) °C).
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