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Abstract 

Floodplain ecosystems are some of the most biodiverse ecosystems on earth. This level 
of biodiversity is sustained by a great diversity of habitats and ecological niches, resulting from 
the interaction between the natural flow and sediment regimes. However, the ecological 
integrity of floodplains is rapidly deteriorating worldwide because of human activities. Flow 
regulation for hydropower production is one of the main drivers of ecological degradation in 
freshwaters and in floodplains in particular. Dams, impoundments and diversions result in a 
simplification of the natural flow regime, which becomes less variable, this in turn drives a 
simplification of the riverscape and a decrease in its biodiversity and ecological functioning. 
The general aim of this thesis is to investigate how communities of aquatic macroinvertebrates 
are shaped by hydrology in an alluvial floodplain in order to refine our understanding of 
hydrology – biodiversity linkages in complex ecosystems. To achieve this aim, I conducted an 
extensive field survey and an innovative field experiment on the Maggia River floodplain, in 
southern Switzerland. First, I investigated how different flooding regimes and recent flooding 
history lead to different community structures amongst floodplain habitats. I found that frequent 
flooding favored rheophilic species over more lentic groups, and limited strong competitive 
interactions to occur by maintaining low periphyton standing crops. Then, I developed a novel 
experimental setup, where 24 ponds were excavated out of two gravel bars in the floodplain, 
and monitored macroinvertebrate metacommunity assembly over 45 days. I showed that the 
interaction between the local environment and the degree of connectivity to the regional species 
pool can lead to different assembly trajectories through time. The findings of the experiment 
were then broadly compared to the temporal changes in metacommunity organization observed 
in the natural habitats. There, I found that local environmental conditions and the degree of 
landscape connectivity greatly affected metacommunity structure. Most importantly, I showed 
that metacommunity organization changed in time during post-disturbance metacommunity 
assembly, and that the temporal shifts between the main structuring processes differed with the 
dispersal ability of species. Finally, I used stable isotope analyses to calculate the food chain 
length within macroinvertebrate communities, and assessed how it responded to gradients of 
habitat size, productivity and disturbance regime. There, I showed that flooding reduced food 
chain length, because predators were feeding at lower trophic levels in frequently disturbed 
habitats. Overall, this study shows that maintaining flow variability and spatial heterogeneity in 
flood disturbance is key to sustaining floodplain aquatic biodiversity. My research also 
contributes to the field of metacommunity ecology by showing that metacommunity 
organization is highly variable in time and especially during assembly after disturbance. 
  



 

Résumé 

Les zones alluviales sont l’un des biotopes à plus haute biodiversité sur notre planète. 
Cette biodiversité est due à la grande diversité d’habitats et de niches écologiques, résultant de 
l’interaction entre les régimes hydrologiques et sédimentaires naturels. Cependant, le statut 
écologique des zones alluviales connait une rapide détérioration. La régulation des débits pour 
la production d’hydro-électricité est l’une des principales causes de la dégradation écologique 
des écosystèmes d’eaux douces et des zones alluviales en particulier. Les barrages et les 
dérivations entrainent une simplification du régime hydrologique, dont la variabilité est réduite, 
ce qui se traduit par une perte de biodiversité et de fonctionnement écologique. L’objet de ce 
travail est d’étudier l’effet du régime hydrologique sur les communautés d’invertébrés 
aquatiques d’une zone alluviale, dans le but d’améliorer notre compréhension des relations entre 
hydrologie et biodiversité dans les écosystèmes complexes. Mes recherches sont basées sur une 
campagne d’échantillonnage de terrain et une expérience novatrice effectuées dans la zone 
alluviale de la rivière Maggia, en Suisse. Dans un premier temps, j’ai étudié les processus directs 
et indirects liant le régime de crues et la structure des communautés d’invertébrés dans divers 
habitats de la zone alluviale. Cela a permis de montrer qu’une fréquence de crue élevée favorise 
les espèces rhéophiles, et limite le développement de fortes interactions compétitives entre 
espèces, en limitant la production primaire. Ensuite, j’ai utilisé une analyse d’isotope stables 
pour calculer la longueur de la chaine alimentaire au sein des communautés d’invertébrés, et 
testé si elle variait avec différents niveaux de taille d’habitat, de productivité et de perturbation. 
J’ai montré que les chaines alimentaires étaient plus courtes dans les habitats les plus souvent 
perturbés, car les prédateurs se nourrissaient à des niveaux trophiques plus bas. J’ai ensuite 
développé un système expérimental novateur, où nous avons creusé 24 étangs dans deux barres 
en gravier de la zone alluviale et suivi l’assemblage de la metacommunauté d’invertébrés durant 
45 jours. J’ai montré que l’interaction entre les conditions environnementales locales et le degré 
de connectivité au réservoir d’espèces régional peut conduire à différentes trajectoires 
d’assemblage. Finalement, j’ai comparé les résultats de cette expérience avec les changements 
temporels d’organisation de la métacommunauté observés dans la zone alluviale. Cela a permis 
de montrer que les conditions environnementales locales mais aussi le degré de connectivité du 
paysage ont un très fort impact sur la structure de la métacommunauté. Mais surtout, j’ai montré 
que la structure de la métacommunauté change au cours de l’assemblage qui succède à une 
perturbation, et que la séquence temporelle dans les processus d’organisation de la 
métacommunauté diffère avec la capacité de dispersion des espèces considérées. Dans 
l’ensemble, ce travail montre que conserver la variabilité du régime hydrologique ainsi que 
l’hétérogénéité spatiale des perturbations (crues) est indispensable pour conserver la 
biodiversité aquatique dans les zones alluviales. Ma recherche contribue aussi à notre 
compréhension des métacommunautés, en montrant que l’organisation de la métacommunauté 
est très variable dans le temps, et surtout au cours de l’assemblage à la suite d’une perturbation. 
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Introduction 

General Background 

Floodplains, the low-lying regularly flooded areas alongside river channels, are some of 
the most diverse ecosystems on earth (Tockner and Stanford 2002). Yet, human interventions 
are rapidly degrading their ecological integrity. In Europe for instance, 90% of floodplains are 
functionally extinct (Tockner and Stanford 2002) and 70% of floodplains have been destroyed 
in Switzerland alone since 1850 (Office Fédéral de l’Environnement, Suisse). The conflicts 
arising where human activities overlap with these natural zones of river expansion are often 
solved by constructing levees and embankments. These constructions disconnect the natural 
floodplain from the river channel and greatly impair its ecological and biogeochemical 
functioning. By reducing flow variability, river flow regulations and diversions also affect these 
ecosystems negatively because the ecological functioning of floodplains is so tightly dependent 
on the natural variability in discharge. Therefore, the rapidly rising global demand for 
hydropower puts a huge amount of pressure on floodplains and aquatic ecosystems in general. 
In order to ensure that the ecological integrity of floodplains can be maintained or restored, a 
sound understanding of the complex linkages between hydrology and biodiversity is needed.  

Floodplains: the dynamic habitat mosaic sustains high biodiversity 

Floodplains are often described as dynamic habitat mosaics because they comprise an 
array of different aquatic and terrestrial habitats of which the spatial layout is regularly 
remodelled by floods (Stanford et al. 2005). The variety in aquatic habitat conditions results 
from differences in disturbance regimes and degrees of hydrological connectivity to the main 
channel and to groundwater (Amoros and Bornette 2002). Because of that great heterogeneity 
in habitat types and ecological niches in the floodplain, parafluvial aquatic habitats, the 
permanent or temporary aquatic habitats within the regularly flooded area, contribute 
disproportionally to biodiversity. Floodplains are pulsed ecosystems, where floods of different 
magnitude drive geomorphological, biogeochemical and ecological processes (Junk et al. 1989, 
Tockner et al.1999, Stone et al. 2017). Large floods (exceedance probability <5%) remodel the 
geomorphological structure of floodplains and maintain a high habitat diversity, including side 
arms, ponds, backwaters, gravel bars and vegetated islands (Arscott et al. 2002; Van der Nat et 
al. 2003). Maintaining these large floods is therefore critical to maintaining geomorphological 
complexity, the template for habitat diversity. The more frequent, lower-magnitude floods play 
a major role in sustaining habitat heterogeneity and biodiversity at the floodplain scale by acting 
as spatially heterogeneous disturbances and by differentially connecting habitats. Physico-
chemical attributes of parafluvial habitats are homogenized during phases of hydrological 
connection due to mixing and then diverge during disconnection phases, partly as a result of 
differing water sources (groundwater, side-tributaries, etc. Thomaz et al. 2007). These floods 
can affect biota either directly by removing or redistributing individuals (Matthaei et al. 1997, 
Bond and Downes 2000), thus resetting communities to earlier successional stages or by 
increasing ecological connectivity and therefore aquatic dispersal during inundation (Paillex et 
al. 2007, Gallardo et al. 2008, Fernandes et al. 2014). They also can indirectly affect biota by 
changing local habitat conditions and primary production (Paillex et al. 2013, Fernandes 2014, 



 

Gallardo 2014). Because of the covariation between flood magnitude, environmental 
heterogeneity and lateral connectivity, beta diversity may either increase or decrease 
immediately after flooding. For instance, a relatively large flood could reduce beta diversity by 
filtering species according to their ability to resist high flows across habitats. Similarly, a flood 
may increase beta diversity either through spatially heterogeneous disturbance or through 
stochastic resampling of communities. In general, understanding how disturbance affects 
communities through deterministic or stochastic processes remains a central theme in ecology 
(Myers et al. 2015). In floodplains, HC is generally the main environmental gradient affecting 
communities, and is often pulsed during flood events. Generally, taxonomic richness in 
Ephemeroptera, Plecoptera and Trichoptera (EPT) is higher in well-connected habitats because 
these species need well-oxygenated and cold water (Usseglio‐Polatera and Tachet, 1994). 
Contrastingly, richness in Coleoptera and Heteroptera peaks in isolated, stable environments 
(Arscott et al. 2005, Bonada et al. 2006, Skern et al. 2010, Gallardo et al. 2014). Taxonomic 
richness usually increases with HC, and peaks at intermediate levels (Ward 1998, Tockner et al. 
1999, Gallardo et al. 2014, Whiles and Golowitz 2005). This likely supports the intermediate 
disturbance hypothesis (Connell 1978), where taxonomic richness is low in highly disturbed 
environments where only resistant species can survive, and also in very stable habitats where 
strong competitors outcompete other taxa. On the contrary, functional diversity tends to increase 
with hydrological isolation, and can also peak at intermediate levels, probably depending on the 
duration of the hydrological fragmentation period and environmental harshness. Functional 
diversity is low in highly connected environments because the frequent connectivity events may 
select only a small set of traits enabling species to survive in frequently disturbed environments 
(Paillex et al. 2013). In isolated habitats, functional diversity could either peak because strong 
competitive interactions force functional diversification (Hardin 1960, Paillex et al. 2013), or 
be low if environmental conditions are too harsh and therefore also select very specific traits 
(Gallardo et al. 2014). In spatially complex ecosystems like floodplains, the ecological 
connectivity between habitats also greatly affects the structure and functioning of communities, 
by influencing dispersal and colonization rates (Fernandes et al. 2014, Tonkin et al. 2016). 

Metacommunities in dynamic landscapes 

Research is increasingly showing that ecological connectivity and dispersal play a 
central role in structuring communities. Thus, considering the ensemble of local communities 
as interacting parts of a metacommunity may notably contribute to our understanding of the 
processes maintaining biodiversity in complex dynamic landscapes. Metacommunities are 
traditionally defined as an ensemble of local communities linked by the dispersal of multiple, 
potentially interacting species, where both local interactions and regional processes influence 
community assembly (Leibold et al. 2004). By bridging local processes and spatial patterns, 
metacommunity ecology consists in understanding how local communities are structured and 
how they interact within a landscape. Four main metacommunity paradigms were originally 
described (Neutral theory, Patch Dynamics, Mass Effects and Species Sorting, see Leibold et 
al. 2004), yet it is now well accepted that metacommunities should rather be described along a 
continuum between Species Sorting (SS) and Mass Effects (ME) (Cottenie 2005), of which the 
position may be influenced by the strength of environmental filtering and dispersal rates 
(Lindström and Lagenheder 2012, Winegardner et al. 2012). Spatial control may be especially 
important, depending on the dispersal ability of species in relation to spatial distances and 



 

connectivity levels (Heino et a. 2015, Datry et al. 2016, Thompson and Townsend 2006, Canedo 
et al. 2015). 

In highly disturbed freshwater ecosystems, such as alluvial floodplains and intermittent 
rivers, the factors influencing the metacommunity structure (local environmental conditions and 
connectivity levels) may greatly vary in time, and this can result in temporal shifts in the 
processes structuring metacommunities (Fernandes et al. 2014, Datry et al. 2016, Sarremejane 
et al. 2017). In streams and floodplains, spatial control on communities tends to increase during 
high flows, reflecting local homogenization (Sarremejane et al. 2017, Chaparro et al. 2018), 
although other studies in floodplains have shown that environmental control increases during 
long inundation periods, suggesting that SS dominates when aquatic species are released from 
dispersal limitation and can track environmental variation (Dias et al. 2016, Fernandes et al. 
2014). 

Beyond structural attributes: the floodplain food web 

The effects of hydrology and associated environmental gradients on structural aspects 
of local communities have been extensively studied, but responses at the functional level remain 
poorly understood. Because trophic interactions can play a particularly important role in 
structuring ecological communities in floodplains, especially during phases of hydrological 
disconnection (Townsend et al. 1997, Fairchild et al. 2000, Mouquet et al. 2003, Cadotte 2007), 
understanding how food web attributes such as food chain length vary in response to 
environmental conditions and hydrology could greatly improve our understanding of floodplain 
ecosystems. Food webs describe the feeding links between species within communities, and the 
food chain length is a key attribute of food webs, known to influence species diversity, 
community structure and stability (reviewed in Sabo et al. 2009). Recent research shows that 
better knowledge of food web response to environmental drivers can improve our understanding 
of environment-biota relationships in heterogeneous landscapes such as alluvial floodplains 
(Thompson et al. 2012, Bellmore et al. 2013).  

 
Aim of the study: The overarching aims of this thesis were, first, to examine the 

complex effects of floodplain hydrology on structural and functional aspects of 
macroinvertebrate communities, and second, to assess specifically how landscape connectivity, 
disturbance and temporal changes in environmental conditions affected metacommunity 
organization through time. 

In chapter 1, I investigated the relative effects of flood frequency, magnitude and time 
elapsed since the last flood on macroinvertebrate communities of 24 parafluvial habitats in the 
Maggia river floodplain, Switzerland. Parafluvial habitats were sampled seasonally over one 
year and a combination of 2D hydrodynamic modelling and piecewise structural equation 
modelling was used to quantify the direct and indirect effects of local hydrological metrics on 
macroinvertebrate communities. 

In chapter 2, I created 24 ponds in two gravel bars within the floodplain, differing in 
levels of hydrological and landscape connectivity (i.e. distance to source habitats of potential 
colonists). I measured ecosystem properties and aquatic macroinvertebrates over 45 days to 
assess the relative strength of processes contributing to community composition and functional 
diversity. 



 

In chapter 3, I characterized invertebrate communities and local habitat conditions 
before and at regular intervals after a major flood. First, I examined patterns of diversity in 
environmental conditions and macroinvertebrate communities over time. Then, I explored the 
temporal variation in structuring processes affecting the metacommunity of aquatic 
macroinvertebrates and asked whether it would change with the dispersal ability of species. 

In chapter 4, I investigated how food chain length, a central aspect of food webs, varied 
among floodplain habitats and asked whether habitat size, productivity and disturbance regime 
could explain this variation. 

As a whole, this work aims at providing insights into the complex effects of hydrology 
on the structure and functioning of a macroinvertebrate metacommunity in a regulated 
floodplain. The final section of this thesis summarizes the main findings and discusses their 
implications for the management of river floodplains and for ecological research in general.  

 
 

  



 

References 

Amoros, C., and Bornette, G. 2002.  Connectivity and biocomplexity in waterbodies of riverine 
floodplains. Freshwater Biology 47: 761-776. 

Arscott, D. B., Tockner, K., Van der Nat, D., and Ward, J. V. 2002. Aquatic Habitat Dynamics 
along a Braided Alpine River Ecosystem (Tagliamento River, Northeast Italy). 
Ecosystems 5:802-814 

Arscott D.B., Tockner K. & Ward J.V. (2005) Lateral organization of aquatic invertebrates 
along the corridor of a braided floodplain river. Journal of the North American 
Benthological Society, 24, 934–954. 

Bellmore, J. R., Baxter, C. V., Martens, K. and Connolly, P. J. 2013. The floodplain food Ib 
mosaic: a study of its importance to salmon and steelhead with implications for their 
recovery. Ecological Applications, 23: 189-207. doi:10.1890/12-0806. 

Bonada N., Rieradevall M., Prat N. & Resh V.H. (2006) Benthic macroinvertebrate 
assemblages and macrohabitat connectivity in Mediterranean‐climate streams of northern 
California. Journal of the North American Benthological Society, 25, 32–43. 

Bond N. R., and Downes B. J. 2000. Flow-related disturbance in streams: an experimental test 
of the role of rock movement in reducing macroinvertebrate population densities. Marine 
and Freshwater Research 51, 333-337. 

Cadotte, M. W. 2007. Competition-colonization trade-offs and disturbance effects at multiple 
scales. Ecology 88:823- 829. 

Canedo-Arguelles, M. et al. 2015. Dispersal strength determines meta-community structure in a 
dendritic riverine network. – J. Biogeogr. 42: 778–790.  

Chaparro G, Horváth Z, O'Farrell I, Ptacnik R, Hein T. 2018. Plankton metacommunities in 
floodplain Itlands under contrasting hydrological conditions. Freshwater Biol, 63:380–
391. 

Connell J. 1978. Diversity in tropical rainforests and coral reefs. Science, 199 ,1302–1310. 
Datry, T., Bonada, N., and Heino, J. 2016. Towards understanding the organization of 

metacommunities in highly dynamic ecological systems. Oikos 125: 149-159. 
Dias, J.D., Simões, N.R., Meerhoff, M., Lansac-Tôha, F. A., Machado Velho, L. F., and 

Bonecker, C. C. 2016. Hydrological dynamics drives zooplankton metacommunity 
structure in a Neotropical floodplain. Hydrobiologia 781: 109-125 

Fairchild, G. W., Faulds, A. M., and Matta, J. F. 2000. Beetle assemblages in ponds: effects of 
habitat and site age. Freshwater Biology 44: 523-534. 

Fernandes, I. M., Henriques-Silva, R., Penha, J., Zuanon, J., and Peres-Neto, P. R. 2014. 
Spatiotemporal dynamics in a seasonal metacommunity structure is predictable: the case 
of floodplain-fish communities. Ecography 37: 464-475. 

Gallardo, B., Doledec, S., Paillex, A., Arscott, D. B., Sgeldon, F., Zilli, F., Mérigoux, S:, 
Castella, E., and Comin, F. A. 2014. Response of benthic macroinvertebrates to gradients 
in hydrological connectivity: a comparison of temperate, subtropical, Mediterranean and 
semiarid river floodplains. Freshwater Biology 59: 630-648. 

Gallardo, B., Garcia, M., Cabezas, A., Gonzalez, E., Gonzalez, M., Ciancarelli, C., and Comin, 
F. A. 2008. Macroinvertebrate patterns along environmental gradients and hydrological 
connectivity within a regulated river-floodplain. Aquatic Sciences 70: 248-258. 

Hardin, G. (1960) Competitive exclusion principle. Science, 131, 1292–1297. 



 

Heino, J., Melo, A. S., Siquiera, T., Soininen, J., Valanko, S., and Bini, L. M. 2015. 
Metacommunity organisation, spatial extent, and dispersal in aquatic systems: patterns, 
processes and prospects. Freshwater Biology 60: 845-869 

Junk, W. J., P. B. Bayley and R. E. Sparks. 1989. The flood pulse concept in river-floodplain 
systems. Canadian Special Publications of Fisheries and Aquatic Sciences. 106:110-127. 

Leibold, M., A., Holyoak, M., Mouquet, N., Amarasekare, P., Chase, J. M., Hoopes, M. F., Holt, 
R. D., Shurin, J., B., Law, R., Tilman, D., Loreau, M., and Gonzalez, A. 2004. The 
metacommunity concept: a framework for multi-scale community ecology. Ecology 
Letters 7: 601-613 

Lindström, E. S., and Lagenheder, S. 2012. Local and regional factors influencing bacterial 
community assembly. Environmental Microbiology Reports, 4:1-9. 

Matthaei, C. D., Irthmüller, D., Frutiger, A. 1997. Invertebrate recovery from a bed-moving 
spate: the role of drift versus movements inside or over the substratum. Archiv für 
Hydrobiologie 140:221-235. 

Mouquet, N., Munguia, P., Kneitel, J. M., and Miller, T. E. 2003. Community assembly time 
and the relationship betIen local and regional species richness. Oikos, 103: 618-626. 

Myers, J. A., Chase, J. M., Crandall, R. M. and Jiménez, I. 2015. Disturbance alters beta‐
diversity but not the relative importance of community assembly mechanisms. J Ecol. 103: 
1291-1299.  

Office Fédéral de l’Environement OFEV (www.bafu.admin.ch) 
Paillex, A., Castella, E., and Carron, G. 2007. Aquatic macroinvertebrate response along a 

gradient of lateral connectivity in river floodplain channels. Journal North American 
Benthological Society 26: 779-796. 

Paillex, A., Doledec, S., Castelly, E., Mérigoux, S, and Aldridge, D. C. 2013. Functional 
diversity in a large river floodplain: anticipating the response of native and alien 
macroinvertebrates to the restoration of hydrological connectivity. Journal of applied 
ecology 50: 97-106. 

Sabo J.L., Finlay J.C., and Post D. M. 2009 Food chains in freshwaters. The Year in  Ecology 
and Conservation Biology, 2009: Ann NY Acad Sci 1162: 187–220.   

Sarremejane R, Cañedo-Argüelles M, Prat N, Mykrä H, Muotka T, and Bonada N. 2017. Do 
metacommunities vary through time? Intermittent rivers as model systems. Journal of 
Biogeography 44: 2752–2763.  

Skern M., Zweimueller I. & Schiemer F. 2010. Aquatic Heteroptera as indicators for 
terrestrialisation of floodplain habitats. Limnologica, 40, 241–250. 

Stanford, J. A., M. S. Lorang and F. R. Hauer. 2005. The shifting habitat mosaic of river 
ecosystems. Internationale Vereinigung fur Theoretische und Angewandte Limnologie 
Verhandlungen. 29(1):123-136. 

Stone M.C., Byrne C.F., and Morrison R.R. 2017. Evaluating the impacts of hydrologic and 
geomorphic alterations on floodplain connectivity. Ecohydrology10;e1833. 

Thomaz, S. M., Bini, L. M., and Bozelli, R. L. 2007. Floods increase similarity among aquatic 
habitats in river-floodplain systems. Hydrobiologia 579: 1-13 

Thompson, R. M. et al. 2012. Food Ibs: reconciling the structure and function of biodiversity. – 
Trends. Ecol. Evol. 27: 689-697.  



 

Thompson, R., and Townsend, C. 2006. A truce with neutral theory: local deterministic factors, 
species traits and dispersal limitation together determine patterns of diversity in stream 
invertebrates. Journal of Animal Ecology 75: 476-484 

Tockner, K., Pennetzdorfer, D., Reiner, N., Schiemer, F. and Ward, J. V. 1999. Hydrological 
connectivity, and the exchange of organic matter and nutrients in a dynamic river–
floodplain system (Danube, Austria). Freshwater Biology, 41: 521-535 

Tockner, K. and Stanford, J. A. 2002. Riverine flood plains: present state and future trends. 
Environmental Conservation 29: 308–330. 

Tonkin, J., Stoll, S., Jähnig, S., and Hase, P. 2016. Contrasting metacommunity structure and 
beta diversity in an aquatic-floodplain system. Oikos 125: 686-697.  

Townsend C. R., Scarsbrook M. R, Dolédec S.1997. The intermediate disturbance hypothesis, 
refugia, and biodiversity in streams, Limnology and Oceanography, 42: 938-949 

Usseglio‐Polatera P. & Tachet H. (1994) Theoretical habitat templets, species traits, and species 
richness – Plecoptera and Ephemeroptera in the Upper Rhône River and its 
floodplain. Freshwater Biology, 31, 357–375. 

Van Der Nat, D., Tockner, K, Edwards, P. J., Ward, J. and Gurnell, A. M. 2003. Habitat change 
in braided flood plains (Tagliamento, NE‐Italy). Freshwater Biology, 48: 1799-1812 

Ward, J.V., 1998. Riverine landscapes: Biodiversity patterns, disturbance regimes, and aquatic 
conservation. Biological Conservation 83: 269 – 278  

Whiles, M. R. and B. S. Goldowitz, 2005. Macroinvertebrate communities in Central Platte 
River wetlands: Patterns across a hydrologic gradient. Wetlands 25: 462 – 472  

Winegardner, A. K., Jones, B. K., Ng, Y. S. Y., Siqueira, T., and Cotneie, K. 2012. The 
terminology of metacommunity ecology. Trends in Ecology and Evolution 73:253-254. 

 
  



 

Chapter 1 

  



 

Direct and indirect effects of flood regime on 

macroinvertebrate assemblages in a floodplain 

riverscape 

 
P. C. M. Chanut1,2, T. Datry3, C. Gabbud4, C. T. Robinson1,2 

 

1 Department of Aquatic Ecology, Eawag, 8600 Duebendorf, Switzerland 
2 Institute of Integrative Biology, ETH-Zurich, 8092 Zurich, Switzerland 
3  Irstea, UR MALY, centre de Lyon-Villeurbanne, Villeurbanne, France 
4 Institute of Earth Surface Dynamics, University of Lausanne, 1015 Lausanne. 

 
Author for correspondence: pierre.chanut@eawag.ch 
 
 

Running head: Effect of flood regime on floodplain macroinvertebrate communities 
  



 

Abstract: Floods are necessary for the functioning of floodplain ecosystems. 
Ultimately, flood effects on biota are spatially complex and unfold at various time scales. Yet, 
biodiversity conservation in regulated floodplains requires a sound quantification of the main 
pathways how floods affect riverine ecosystems. Here, we investigated the relative effects of 
flood frequency, magnitude and time elapsed since the last flood on macroinvertebrate 
communities of 24 parafluvial habitats in the Maggia river floodplain, Switzerland. Parafluvial 
habitats were sampled seasonally over one year and a combination of 2D hydrodynamic 
modelling and piecewise structural equation modelling was used to quantify the direct and 
indirect effects of local hydrological metrics on macroinvertebrate communities. We found that 
high flood frequency favoured rheophilic species (EPT taxa) over other groups (Coleoptera, 
Diptera) and prevented strong competitive interactions and competitive exclusion by 
maintaining low food resource levels. Importantly, we found that parafluvial habitats exhibited 
more lentic-like characteristics as time passed after a flood, which caused EPT taxa to be 
relatively more abundant and taxa richness higher immediately after flood disturbance. Lastly, 
overall taxa richness increased over time after a flood and even more so after larger floods. Our 
results suggest that variation in flood magnitude, frequency and return period maximizes beta 
diversity within floodplain riverscapes due to the independent and spatially-interactive 
responses of parafluvial habitats. 

 
Keywords: floodplain, flood regime, stream invertebrates, ecological succession 

  



 

Introduction 

Alluvial floodplains are widely recognized as valuable features of our landscapes, for 
the goods and services they provide humans and for their intrinsic ecological value and high 
biodiversity (Tockner et al. 2010). Despite these values, human activities still threaten their 
integrity and ecological status globally by directly altering their morphological structure and 
natural flow regimes. For instance, 90% of floodplains are functionally extinct in Europe 
(Tockner and Stanford 2002). Preserving or restoring spatial heterogeneity in flow regimes 
(flooding) is a much-recommended measure in floodplain restoration (Paillex et al. 2009, 2013), 
yet restoring the natural flow regime in regulated rivers is rarely an option and instead 
compromises must be made between hydropower production, flood protection and ecological 
values. 

Indeed, floodplains are pulsed ecosystems, where floods of different magnitude drive 
geomorphological, biogeochemical and ecological processes (Junk et al. 1989, Tockner et 
al.1999, Stone et al. 2017). In particular, large floods (exceedance probability <5%) remodel the 
geomorphological structure of floodplains and maintain a high habitat diversity, including side 
arms, ponds, backwaters, gravel bars and vegetated islands (Arscott et al. 2002; Van der Nat et 
al. 2003), thus sustaining high biodiversity (Stanford et al. 2005, Datry et al. 2014). 

In addition, low-to-medium magnitude floods exert a strong influence on primary 
production and biota within floodplains. During the flood, so called connection phase, organic 
matter and nutrients are exported to the floodplain, which triggers an increase in primary 
production when the flood recedes, so called disconnection phase (Tockner et al. 1999, Tockner 
et al. 2000, Ahearn et al. 2006). Lesser magnitude floods also affect biota directly through the 
mechanical removal/redistribution of individuals (Matthaei et al. 1997, Matthaei et al. 1999, 
Bond and Downes 2000) or increased ecological connectivity and dispersal during inundation 
(Paillex et al. 2007, Gallardo et al. 2008, Fernandes et al. 2014). They also can indirectly affect 
biota by changing local habitat conditions and primary production (Paillex et al. 2013, 
Fernandes 2014, Gallardo 2014). For instance, flooding scours bottom substrata and displaces 
individuals, thereby resetting communities to earlier successional stages (Amoros and Bornette 
2002, Thomaz et al 2007). Because parafluvial habitats have different thresholds and 
frequencies of inundation, the floodplain is often described as a mosaic of habitats at different 
successional stages (Bravard et al. 1986, Salo et al. 1986, Mouw et al. 2013, Whited et al. 2007).  

Local physico-chemical conditions among parafluvial habitats largely result from the 
interaction between habitat positions within the geomorphological settings of the floodplain, 
which, e.g., determines water sources such as groundwater inputs (Malard et al. 2007, Capderrey 
et al. 2014). Local conditions also vary with the level of lateral connectivity to the main channel 
and vertical connectivity with alluvial aquifers, both of which can be pulsed or constant over 
time (Amoros and Bornette 2002, Brunke et al. 2003, Opperman et al. 2010, Capderrey et al. 
2014). More specifically, physico-chemical attributes of parafluvial habitats are homogenized 
during phases of hydrological connection due to mixing and then diverge during disconnection 
phases, partly a result of differing water sources (groundwater, side-tributaries, etc.) and 
different properties in ecological succession (Thomaz et al. 2007). For example, typical habitat 
responses to decreases in hydrological connectivity include increases in electrical conductivity 
and ammonium concentration (Paillex et al. 2007, Paillex et al. 2009, Larned and Datry 2013), 
and decreases in dissolved oxygen (Gorski et al. 2013, Scott et al. 2011, Larned and Datry 2013). 
Nutrient concentrations in parafluvial habitats also tend to increase with connectivity to the main 
channel and with groundwater seepage, but are also affected by water retention time as well as 



 

biological processes (Amoros and Bornette 2002, Brunke et al. 2003, Larned and Datry 2013). 
Lastly, water temperature is affected by connectivity gradients as well, where habitats with 
groundwater inputs typically have more constant temperatures through the year (Amoros and 
Bornette 2002, Larned and Datry 2013). These differences in local abiotic conditions driven by 
hydrological connectivity constrain biotic assemblages within parafluvial habitats of the 
floodplain (Brunke et al. 2003, Starr et al. 2014, Cadotte et al. 2017). 

The coupling of environment-biota relationships is ubiquitous in fluvial systems, but 
parafluvial floodplain habitats are particular in that environmental conditions evolve over time 
during disconnection phases, effectively creating a time-varying environmental filter on biotic 
communities (Chang et al. 2016, Cadotte et al. 2017). For instance, macroinvertebrate 
assemblages are constrained by the dispersal mode of organisms in relation to the distance to 
potential sources of colonists following a flood and, mass effects excluded, by local conditions, 
resource availability and inter-patch hydrological connectivity (Amoros and Bornette 2002, 
(Tonkin et al. 2016). In the initial phase of colonisation, strong aerial dispersers can colonize 
habitat patches in priority, tracking favourable environmental conditions (Leibold et al. 2004, 
Cadotte 2007, Soininen 2014) as local habitat conditions diverge; i.e., the local environment 
dictates assemblage composition (Chang et al. 2016). As time passes after a flood, competitive 
interactions can gain importance as a structuring force of communities, see Figure 1 (Fairchild 
et al. 2000, Mouquet et al. 2003, Cadotte 2007). 

 
 

Figure 1. Conceptual diagram outlining the effects of flood frequency and time since last flood 
on community assembly rules (full arrows), taxa richness and evenness (dashed arrow), primary 
productivity, abiotic conditions and community composition. 

 



 

Species functional traits in relation to dispersal ability and niche breath can be 
particularly useful in identifying the relative importance of specific processes such as 
environmental filtering in structuring communities (Thompson and Townsend 2006, Smith et 
al. 2015, Tonkin et al. 2016). Functional diversity, commonly defined as “the value and range 
of the functional traits of the organisms in a given ecosystem” (Diaz and Cabido 2001, Tilman 
2001), has often been used by community ecologists to infer community assembly rules. This 
approach is based on the assumption that communities structured by the environment have low 
functional diversity because only adapted phenotypes (corresponding to specific ecological 
niches) are selected by the environmental filter (van der Valk et al. 1981, Keddy 1992, Diaz et 
al. 1999). In contrast, communities structured by strong interspecific competitive interactions 
have high functional diversity as a result of limiting similarity processes such as niche 
partitioning, whereby only species occupying non-overlapping ecological niches can co-occur 
(MacArthur and Levins 1967, Cornwell et al. 2009). In cases where strong competition leads to 
competitive exclusion, functional diversity also is low (Kraft et al. 2015, Cadotte et al. 2017, 
Passy et al. 2017). Although patterns of functional diversity must be interpreted with caution, 
they still provide robust evidence for different community assembly mechanisms when 
associated with sound understanding of the study system (Paillex et al. 2013, Li et al. 2015, 
Cadotte et al. 2017, Passy et al. 2017).  

In this study, we aimed at quantifying the relative effects of long-term flood regime and 
recent flood history on macroinvertebrates inhabiting parafluvial habitats within a regulated 
floodplain riverscape. We sampled 24 parafluvial habitats seasonally for one year in a 
heterogeneous floodplain and developed a 2D hydrodynamic model of the floodplain to derive 
flooding frequencies and flood history. A piecewise structural equation modelling approach 
(SEM) was used to quantify the direct and indirect effects of flood regime through changes in 
local habitat and resource availability on the macroinvertebrate communities. We hypothesized 
that recent disturbance history (time elapsed since last flood) would be the main constraint of 
local habitat conditions and biota, with habitat characteristics (H1) and communities (H2) 
transitioning from lotic-like to lentic-like over time. Specifically, the time elapsed since last 
flood would affect the community composition directly by favouring strong dispersers early in 
assembly and indirectly through temporal changes in habitat conditions. Further, we anticipated 
that biofilm standing crops (food resource) would be lower in frequently flooded sites but 
increase over time after a flood (H3), and that decreased biofilm standing crop would lead to 
increased competitive interactions and decreased community evenness (H4).  

Methods 

Study site 

The Maggia river is located in the south–eastern part of the Swiss Alps and flows 
southward into Lake Maggiore (Figure 2). It is one of the last remaining natural (non-urbanized) 
floodplains in Switzerland, and therefore has been declared a site of national importance (Kuhn 
and Amiet 1988). Its catchment covers an area of 930 km2 with elevations ranging from 200 to 
3300 m a.s.l. Owing to the presence of two glaciers in the headwaters and snowfall precipitation 
in winter, the hydrological regime is classified as glacionival. Following the construction of a 
complex hydropower scheme in the headwaters in 1953, the flow regime of the river has been 
substantially modified (Pfamatter and Zanetta 2003, Molnar et al. 2008). The original high flows 
during snowmelt have been replaced by essentially constant flows (minimum flow requirements 



 

~ 1.5 m3/s) with occasional flood peaks (Figure 3) with no correlation between magnitude and 
return period (Molnar et al. 2008, Perona et al. 2009). The alluvial floodplain used in this study 
is located in the middle of the valley; it is about 7-km long and nearly 2-km wide in some 
sections. Because of the fairly low storage of the hydropower scheme and high lateral hillslope 
runoff during major rain events, the larger flood peaks still occur (Figure 3) but the lesser 
magnitude floods do not (under ~ 10 m3/s).  

 

 

Figure 2. Map of Switzerland showing the location of the Maggia River floodplain and the 
parafluvial habitats sampled. 
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Figure 3. Hydrograph of the Maggia River upstream of the modelling domain (gauging station 
Bignasco), from January 2010 to November 2016. 
 

The combination of high flows and an abundance of bedload sediment (mean diameter 
of stones = 120 mm) maintains a diverse floodplain habitat. Within the floodplain, single-thread 
sections alternate with braided reaches where various types of parafluvial habitats occur: ponds, 
connected and disconnected side arms, and backwaters. For this study, we selected 24 
permanently-wetted parafluvial habitats, specifically permanent ponds, disconnected side arms, 
and side arms connected at their downstream end with a shallow riffle. 

Field sampling & laboratory analysis 

Samples were collected once per season: in February 2016, in May 2016, August 2016 
and October 2016. On each visit, a water sample (0.5 L) was collected from each habitat and 
stored on ice in the dark for chemical analysis in the laboratory. In the laboratory, water samples 
were analyzed for calcium (Ca, mg/L), nitrate (NO3, mg/L), and pH using standard methods 
following Tockner et al. (1997). Spot measurements of dissolved oxygen (mg/L, Hach HQ40d 
connected to a LD10101 oxygen probe), water temperature (°C), and electrical conductivity 
(µS/cm, WTW meter, Germany) also were taken on each visit. At each sampling event, the order 
in which water samples and physico-chemical variables were measured was randomized among 
ponds to reduce bias of collection time. Additionally, a temperature sensor-logger (Thermocron, 
i-button) was deployed within each habitat for a period of 7 days following each visit that 
recorded water temperature hourly. The mean, standard deviation, range, minimum and 
maximum water temperatures were then calculated for each site and each season. Substrate size 
composition was measured using the zig-zag pebble count method where 50 cobbles were 
randomly selected along a reach and their b-axis measured (King et al. 1995). The structural 
diversity of the substratum within each habitat was calculated using the Shannon-Wiener index 
H (Cellot et al. 1994, Burnett et al. 1998, Brunke et al. 2003): 

! = −$(&'	ln	(&'))
,

'-.
 

With S being the number of Wentworth substrate size classes (Wentworth et al. 1922, 
Table S1 in supporting information) and pi the proportion of the total sample belonging to the 
ith size class. 

Surface biofilms (periphyton) were measured by randomly selecting 5 stones (cobble-
size) within each habitat. The biofilm was removed from each stone by scrubbing with a wire 
brush into a plastic container with 100 mL of distilled water, and the scrubbed area measured 
(after Uehlinger 1991). The biofilm suspension was subsequently filtered through a glass fiber 
filter (0.45 µm, Whatman GFF) and stored on ice in the dark. Chlorophyll-a extraction was 
conducted by incubating each half-filter in 6 mL 90% ethanol at 70°C for 10 minutes. 
Chlorophyll-a (µg /L) was then determined using standard spectrophotometry (Hitachi 2000) 
following methods in Meyns et al. (1994). In parallel, the other half of each filter was dried at 
60°C for 24h, weighed, then combusted at 450°C for 6h and reweighed for estimates of organic 
matter biomass as AFDM. Benthic macroinvertebrates were randomly collected (n = 3, at each 
site and date) using a Hess sampler (250 µm mesh, 0.04 m2 area) and preserved in 70% ethanol. 
In the laboratory, collected individuals were hand-picked, counted and identified to the lowest 



 

possible taxonomic level using Tachet et al. (2010). Of all taxa, 88% were identified to the 
family level, 6% to the class level and 6% to the order level.   

Data analysis 

Macroinvertebrate metrics - Macroinvertebrate taxa richness and community evenness 
were calculated for each site. To assess changes in community composition we also used the 
relative proportion (%) of the major groups: Coleoptera, Ephemeroptera, Plecoptera, 
Trichoptera, and Diptera. Functional diversity (FD) was calculated as the standardized effect 
size of Rao’s quadratic entropy (SES-RaoQ), calculated as the standard deviation of the 
observed RaoQ from that of a null model. The null model was constructed by shuffling species 
abundances within each site and calculating RaoQ at each of 999 iterations. This type of null 
model approach, commonly used in functional diversity studies, has the advantage of removing 
the influence of differences in species richness on FD (Mason et al. 2013). For the analysis, we 
used all biological traits available in our database and used in previous studies on floodplain 
systems (e.g., Paillex et al. 2013, Van der Vorste et al. 2016), amounting to 41 categories 
distributed in 9 biological traits (Table S2, Supporting Information). Functional traits for all taxa 
were obtained from the Tachet database for each taxon (Tachet et al. 2010). To give the same 
weight to all traits in the diversity measure, affinity scores were standardized so that their sum 
for a given taxon would equal 1 (see Paillex et al. 2013). 

Hydrodynamic model- We developed a 2D hydrodynamic model for the floodplain 
which enabled us to calculate two key hydrological metrics for each habitat: flood frequency 
over the two years preceding a sampling event and recent disturbance history represented by the 
number of days elapsed since the last flood. The model was constructed using Basement 
software (Faeh et al. 2010, developed at ETH Zurich: http://www.basement.ethz.ch/), which 
solves the depth-averaged shallow-water Saint-Venant equations to calculate water depth, 
current velocity and bottom shear stress for each element within the modelling domain. Because 
of the spatial complexity of groundwater-surface water interactions in this alluvial floodplain 
that cannot be accurately simulated under the current state of system characterization, we only 
used the model to derive thresholds of discharge at which a given habitat becomes inundated 
with surface water as well as local bottom shear stress. Our modelling approach consisted of 
running steady-state simulations for the range of discharges corresponding to flood peaks that 
occurred between 13 March 2014 and the end of our study period on 28 October 2016. During 
this period, 45 identified flood events occurred (Table S3, Supporting Information), with a 
maximum discharge of 570 m3/s. For each discharge simulation, the model produced a simulated 
water depth for each cell of the modelling domain which was then overlapped with a map of our 
sampling sites to determine whether a particular habitat was flooded at a given discharge. We 
were then able to calculate a flood frequency for each habitat during the modelling period as 
well as the time elapsed since the last flood at each sampling campaign (February, May, August 
and October). We used the bottom shear stress values calculated by the model as a proxy for 
flood magnitude, as the effect of flooding on macroinvertebrates is dependent on bottom shear 
stress values (Borchardt 1993, Gibbins et al. 2007, Gibbins et al.2009).  

Floodplain bathymetry was obtained from a ground-proofed 6-cm resolution digital 
elevation model (DEM) derived from orthoimages captured from a drone flight on 10 February 
2016. Because no major geomorphological changes occurred within the floodplain during the 
study period, we used the same DEM for all simulations for the four sampling events. The 
dimensions of the model mesh were chosen so as to minimize computation time and allow for 



 

an accurate representation of flow-paths within the floodplain (Table S4, Supporting 
Information). We used measurements of substrate size distributions in the following equation 
(1) (Meyer-Peter and Müller 1948) to estimate kstr, the initial Strickler coefficient for bottom 
friction: 

kstr = 
/...
√2345  

Because of the uncertainty surrounding this coefficient, it was then incrementally 
adjusted as part of the model calibration procedure. The upstream boundary condition for the 
model was the discharge value being modelled and the downstream boundary was a discharge-
stage relationship. For model calibration, we used discharge and stage data for the period 13 
March 2014 – 28 October 2016 from an automated gauging station at the downstream end of 
the modelling domain. Given the flashy nature of floods in the Maggia (typical flood duration 
<1day), no measurements of discharge-inundation relationships were made available, thus used 
a single gauge for calibration. The calibration to a single stream gauge was deemed robust, given 
the high vertical resolution of the bathymetry data and the fact that only one Strickler coefficient 
was used for the entire floodplain. The simulated stage-discharge relationship at the gauging 
station for each kstr valuewas compared with the measured one for the range of modelled floods 
and kstr was sequentially adjusted to minimize the root mean square error (RMSE). During the 
modelling period, 45 floods occurred, with a minimum discharge of 20.1 m3/s, a maximum of 
570 m3/s, and average of 141.2 m3/s and standard deviation 164.8. 

Habitat characterization- To summarize the physico-chemical attributes within each 
habitat, we performed a principal component analysis on selected physico-chemical variables 
after removing variables with Pearson’s correlation greater than 0.7; variables included were 
nitrate concentration, electrical conductivity, dissolved oxygen (DO), mean water temperature 
(T) and standard deviation of water temperature.  

Statistical analysis  

We conducted a STATICO analysis to explore the relationship between 
macroinvertebrate community composition and environmental variables during the study 
period. STATICO is a three-way analysis coupling method designed to analyse the relationships 
between two series of tables: in our case a temporal series of environmental variables and one 
temporal series of species abundance data (Simier et al. 1999, Thioulouse et al. 2004, Thioulouse 
2011, Slimani et al. 2017). Its usefulness in characterizing environment-biota relationships over 
time has been demonstrated in several studies (Carassou and Ponton 2007, Simier et al. 2006, 
Mendes et al. 2009). 

We used piecewise structural equation modelling (SEM) to assess the direct and indirect 
effects of flood regime and history on macroinvertebrates. SEMs are adapted to model direct 
and indirect correlations in ecological systems while accounting for residual correlations 
between response variables (Bollen1989, Grace t al. 2006). Piecewise SEMs differ from 
traditional SEMs in that instead of a variance-covariance matrix, they rely on local estimates to 
infer direct and indirect pathways (Grace et al.2012, Pasanen-Mortensen et al. 2013). Because 
piecewise SEMs combine the information of multiple separate models into a causal framework, 
they allow for the use of random effects and release some of the assumptions made by traditional 
SEMs; they also accommodate smaller sample sizes. All pathways in the model were modelled 
using linear mixed effect models from the lme R package and combined into a structural model 
using the PiecewiseSEM R package (Lefcheck et al. 2016). Because of the repeated-measure 
structure of our dataset, we used site ID as a random effect in all models to account for 



 

unmeasured site-specific effects, and the season of each sampling event was included as fixed 
factor in each model to correct for seasonal effects. Following Grace et al. (2006, 2012), we 

constructed an initial conceptual structural model based on literature and a priori knowledge on 
the functioning of alluvial floodplain systems (Figure 4).  

  
Figure 4. Initial structural equation model corresponding to our a priori conceptual 
understanding of the system. Plain arrows represent positive correlations and dashed arrows 
represent negative correlations. 

 
We then optimized this model using a stepwise backward selection procedure based on 

the AICc criterion for each separate GLMM (Pasanen-Mortensen et al. 2013, Theodorou et al. 
2016). Based on the d-separation test implemented in the PiecewiseSEM package, we 
incrementally incorporated significant missing pathways that further improved the AICc of the 
overall model (Stenegren et al. 2017, Shipley et al. 2009, Shipley et al. 2013). The final model 
was the one with the lowest AIC and the most variables (Stenegren et al. 2017). 

Model justification, with predicted responses 

The original model was developed to be associated with our initial hypotheses with a 
summary of rationale or justification presented in Table 1. Specifically, to test H1 (see 
introduction) we included negative correlations between the habitat gradient (lotic to lentic) and 



 

both the time since last flood and the Y coordinate. To test H2, we initially assumed that the 
relative abundances of Coleoptera and Diptera would be positively correlated to the habitat 
gradient and to the time since last flood, whereas the relative abundance of EPT taxa would be 
negatively correlated to these variables. To test H3, we initially included a negative correlation 
between biofilm biomass and flood frequency and a positive one between biofilm biomass and 
time since last flood. Finally, to test H4, we assumed that functional diversity and community 
evenness would be negatively correlated to biofilm biomass. We also tested whether taxa 
richness increased over time after flood, and whether it was higher in frequently flooded habitats 
because of higher structural diversity in the substrata. To that end we included a positive 
correlation between taxa richness and time since last flood, as well as a positive correlation path 
between flood frequency, sediment structural diversity and taxa richness. 



 

Table 1. Justification and rationale for the initial structural equation mode 

Justification Response Driver Sign References 

Upwelling of groundwater in downstream reaches of the Maggia floodplain 
Conductivity Y coordinate (increase 

downstream) 
↗ Ruf et al. 2008, Larned and Datry 

2013 Nitrate ↗ 

Mixing of waters during flood, homogenization with main stem 
DO 

Time since flood 

↗ 
Paillex et al. 2009 

Conductivity ↗ 

Habitats become more isolated from surface and groundwater sources over time 
Mean 
Temperature ↗ Rostan et al. 1987, Schwartz et al. 

1996  SD Temperature ↗ 

All above relationships result in a general habitat gradient  Habitat gradient 
lotic to lentic 

Time since last flood 
AND Y coordinate ↗  

Biofilm grows over time after being reset by the flood  Biofilm Time since flood ↗ 
Biggs and Close 1989, Tockner et al. 
1999, Tockner et al. 2000, Ahearn et 
al. 2006 

The mechanical effect of floods tend to increase substrate heterogeneity Substrate 
structural diversity Flooding frequency ↗ Bornette and Amoros 1996 

Direct removal of individuals, followed by recolonization 
Taxa richness 

Time since flood ↗ Matthaei et al. 1997, 1999 

More ecological niches available with more diverse habitat structure Structural diversity of 
habitat ↗ Brunke et al. 2003 

Floods enable EPT taxa to readily disperse from the main stem where they abound. EPT are generally 
good aerial dispersers and therefore recolonize faster from adjacent patches after flood. EPT relative 

abundance 

Time since flood ↘ 
Alp et al.2012 

Flooding frequency ↗ 

EPT taxa are generally sensitive with a preference for lotic floodplain habitats Habitat lotic to lentic ↘ Brunke et al. 2003 

Coleoptera and Diptera taxa are generally tolerant taxa with a preference for lentic floodplain habitats 
Coleoptera and 
Diptera relative 
abundances 

Time since flood ↗ 
Brunke et al. 2003 

Habitat lotic to lentic ↗ 

Competitive interactions and therefore functional diversity should increase over time after flood 

Functional 
Diversity 

Time since flood ↗ Fairchild et al. 2000, Mouquet et al. 
2003, Cadotte 2017 

Functional diversity should be highest in rarely flooded habitats as a result of competitive interactions, 
short study duration is not expected to allow competitive exclusions Flooding frequency ↘ Townsend et al. 1997, Gallardo et al. 

2009, Paillex et al. 2013 
Low resource availability should favour interspecific competition and therefore lead to an increase in 
functional diversity. 

Benthic primary 
productivity ↘ 

Passy et al. 2017 The high interspecific competition at low resource availability should cause a decrease in community 
evenness as stronger competitors outgrow others. Community 

Evenness 

Benthic primary 
productivity ↗ 

Evenness should also be lowest in rarely flooded habitats as a result of competitive interactions  
Flooding frequency ↗ Townsend et al. 1997, Gallardo et al. 

2009, Paillex et al. 2013 Time since flood ↘ 
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Results 

Hydrodynamic model  

After calibration, the hydrodynamic model was able to accurately reproduce water depth 
at the gauging station (Figure S1, Supporting Information) for the range of modelled discharges 
with a kstr = 26. Equation (1) resulted in an initial value of 25 for kstr, this value was then changed 
by increments of 1 unit until a minimum RMSE was reached for all range of discharges. RMSE 
ranged from 0.14, 0.10, 0.07, 0.046, 0.047 for kstr = 23, 24, 25, 26 and 27, respectively. The kstr 

value of 26 gave the lowest RMSE among all tested values (0.046) and was therefore retained as 
the final friction parameter for the simulation of floodplain inundation. Discharge threshold 
values for habitat inundation ranged from 10 to 250 m3/s (mean = 49 m3/s, median = 35 m3/s, 
standard deviation = 58 m3/s). Flood frequency for the different parafluvial habitats ranged from 
0.52 to 18.04 floods per year (Table S5, Supporting Information). Time elapsed since the last 
flood varied greatly among habitats at each date, owing to the wide range of inundation thresholds 
(Table S5, Supporting Information).  

Habitat characteristics 

The range of values in abiotic attributes indicated that the parafluvial habitats we selected 
in the floodplain were environmentally heterogeneous (Table S6, Supporting Information). 
PCA1 explained 48% of the total variation in physico-chemistry and therefore was used as 
indicator for “habitat” type in subsequent analyses (Figure 5).  

 
Figure 5. Plot of the PCA performed on the variables: mean water temperature (Mean T, °C), 
standard deviation of water temperature (SD T, °C), dissolved oxygen (DO, mg/l), nitrate 
concentration (NO3.N, mg/l) and electrical conductivity (Condi. µS/cm). 

 
PCA1 was primarily structured by the opposition between habitats with high DO and 

nitrate concentration on the positive side, and habitats with high and variable average water 
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temperatures as well as high electrical conductivity on the negative side (Table S7, Supporting 
Information).  

Community composition 

A total of 18 taxa were collected during the surveys, including species of Ephemeroptera, 
Plecoptera, Trichoptera, Coleoptera, Diptera, Heteroptera, Hydracharina, and Oligochaeta (Table 
S8, Supporting Information). Taxa richness changed little between seasons, it was lowest in 
February (10.9 taxa), then increased in May and August (11.1 and 11.5 taxa, respectively) and 
decreased in October (11.4 taxa). Macroinvertebrate density varied through time with 338 
individuals/sample in February to 140 in May, 271 in August and 317 in October. Despite these 
temporal changes in abundances, there was little variation in community composition among 
seasons (Figure 6). 

Figure 6. NMDS plot showing the composition of the macroinvertebrate communities at each 
sampling date; ellipses are 95% confidence intervals. 

 
STATICO analysis showed that relationships between environmental variables and 

community composition were significant at all four dates (p values = 0.024, 0.006, 0.005 and 
0.017 for February, May, August and October, respectively). The first axis accounted for 63.8% 
of the explained variance and the second axis for 21.1%. Axis-1 was primarily structured by the 
opposition between habitats with high DO and nitrate concentrations as well as coarse and diverse 
substrata on the one side and habitats with warm and variable water temperatures as well as high 
electrical conductivity on the other (Figure 7a).  
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Figure 7. Plots showing the results of STATICO analysis. (a) principal axes showing the 
contributions of environmental variables, and (b) principal axes showing the invertebrate 
community composition.  

 
This result can be interpreted as a gradient from lentic-like habitats on the left side to 

lotic-like habitats on the other. Axis-2 was mainly constrained by periphyton biomass in the 
different habitats. Further, the analysis of species distributions revealed that Oligochaete, 
Corixidae, Ceratopogonidae, Hydracarina and Dytiscidae dominated communities at more lentic 
habitats (right hand side), whereas EPT taxa were more abundant at habitats with more lotic 
attributes (Figure 7b). The linkage between environmental variables and community composition 
was stronger in August and May and weaker in October and February (Figure S2, Supporting 
Information). 

Piecewise SEM 

The piecewise SEM after stepwise optimization was well supported by the data 
(Fishers’C = 104.54, p = 0.175, Figure 8). According to the final SEM model, both the distance 
downstream along the floodplain (estimate = -0.31, p = 0.025) and time elapsed since the last 
flood (estimate = -0.258, p = 0.035) negatively affected the habitat gradient (PCA1). This result 
means that habitats located further downstream or not recently flooded had lower DO and nitrate 
concentrations and higher electrical conductivity than other habitats. These habitats also had 
warmer and more variable water temperatures. Because the habitat gradient was correlated 
positively to taxa richness (estimate =0.494, p = 0.01) and the proportion of EPT taxa (estimate 
= 0.265, p = 0.033), these habitat conditions mediated the negative effects of the longitudinal 
location of habitats and time since last flood on these two variables. In contrast to the model, 
periphyton biomass was not affected by time since last flood or flood magnitude, but was 
negatively related to flood frequency (estimate = -0.324, p = 0.041). Periphyton biomass was 
positively correlated to FD (estimate = 0.286, p = 0.037, Figure S3 Supporting Information), thus 
it mediated the negative effect of flood frequency on FD and the positive effect of flood frequency 
on community evenness through a negative correlation with this response variable (estimate = -
0.386, p = 0.011). 

a b a 
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Figure 8. Final structural equation model after optimization. Plain arrows represent positive 
correlations and dashed arrows represent negative correlations and annotations on arrows show 
the strength of the relationships. R2 values correspond to marginal R squares. The thicknesses of 
the arrows are scaled to the strength of the correlations. 

 
Lastly, the relative abundance of Coleoptera and Diptera were negatively correlated to 

flood frequency (estimate = -1.01, p = 0.0387, estimate = -0.276, p = 0.04, respectively). Flood 
frequency had a positive effect on substrate diversity (estimate = 0.419, p = 0.0003), which was 
positively correlated to the relative abundance of EPT taxa (estimate = 0.78, p = 0.022). Taxa 
richness was positively correlated to the interactive term between time since last flood and flood 
magnitude (estimate = 0.485, p = 0.02, Figure S4, Supporting Information). 

Discussion 

In this study, we examined the relative effects of long-term flood frequency and time 
since the last flood on macroinvertebrate communities in 24 parafluvial habitats. We sampled 
habitats seasonally over one year and used a combination of 2D hydrodynamic modelling and 
piecewise SEM to quantify direct and indirect effects of local hydrological metrics on community 
composition, taxa evenness, taxa richness and functional diversity. Importantly, we found that 
high flood frequency favoured rheophilic species (EPT taxa) over more lentic groups 
(Coleoptera, Diptera) and limited strong competitive interactions and competitive exclusion to 
occur by maintaining low periphyton standing crops. Further, we found that habitat 
characteristics became more lentic-like as time passed after a flood. This relationship caused EPT 
taxa to be relatively more abundant and taxa richness higher immediately after flood disturbance, 
although taxa richness increased over time after a flood and even more so after large floods. 
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Local conditions are affected by recent disturbance history and flood regime 

The resulting hydrodynamic model accurately reproduced the stage-discharge 
relationship for the range of discharges considered. The single-value calibration of the bottom 
friction parameter was justified in this case, for only open gravel areas were flooded at the 
discharges considered and the spatial distribution of substrate size was relatively homogeneous. 
The wide range of modelled discharge thresholds for inundation of different parafluvial habitats 
reflected the geomorphological complexity of the floodplain. This heterogeneity also was 
apparent in the flood frequency values and time since last flood. The high average time since last 
flood in February reflected the glacionival flow regime of the catchment; precipitation mainly 
falls as snow in the headwaters during winter, resulting in stable low flows. In contrast, the 
intermediate but variable values for time since last flood in May and August (median 24and 63 
days, respectively) together with high standard deviations (120 and 123, respectively) showed 
that medium-sized floods occurred during spring and summer, affecting some habitats but not 
others. Lastly, the low median time since last flood (5 days) in October showed that a large flood 
recently inundated most parafluvial habitats.  

STATICO analysis revealed that the lotic to lentic habitat gradient had a strong effect on 
community composition, with more rheophilic EPT taxa predominantly occurring in the more 
lotic habitats. Temporal fluctuations in the strength of this environment-biota linkage (weaker 
linkage during winter and autumn compared to summer and spring) reflected the lower 
heterogeneity in habitat conditions in the floodplain in autumn and winter. Conversely, habitat 
conditions diverged more during spring and summer and the filtering effect on communities also 
was stronger. Results of this exploratory analysis confirmed that the environmental variables 
chosen to represent the effect of habitat type on communities in the subsequent SEM was 
adequate. 

As expected, physico-chemical characteristics of floodplain habitats were strongly 
affected by their location along the longitudinal axis, with habitats further downstream (lower Y 
coordinate) exhibiting more “groundwater-dominated” waters with more stable and colder 
temperatures and high nutrient levels. Importantly, these differences in physico-chemical 
attributes were not solely explained by water origin, but also by the stage of succession a given 
habitat was at (Amoros and Bornette 2002, Thomaz et al. 2007). For instance, high DO levels 
are unlikely to be caused by groundwater inputs because the degradation of organic compounds 
in groundwater typically results in low DO levels. Instead, the negative relation of time since last 
flood on PCA axis-1 provided a parsimonious explanation to this pattern, confirming H1. DO 
levels rose during floods with the influx of well-oxygenated river water, and remained high 
immediately after floods. As a habitat became disconnected from the main channel, biological 
processes consumed oxygen causing a decrease in DO levels over time. To summarize, a 
parafluvial habitat tends to be better oxygenated if recently flooded, and cooler and thermally 
more stable if receiving inputs of groundwater.  

The decrease in substrate structural diversity with increasing flood frequency likely 
resulted from geomorphological differences among habitats, where least flooded habitats were 
at a higher elevation compared to the river channel. Typically, these areas are zones of deposition 
and accumulation of smaller sized sediment during floods. This result was confirmed by the 
positive correlation between the Shannon index of structural diversity and median particle 
diameter (r = 0.67).  
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Counter to hypothesis H4, periphyton biomass did not increase over time after a flood, 
but decreased with increasing flooding frequency. This direct effect suggests that periphyton 
levels remained low due to frequent flood disturbance (e.g., scouring). Another likely explanation 
is that high EPT abundance, especially mayflies, at regularly flooded habitats also kept biofilm 
standing crops to low levels by grazing. Grimm and Fischer (1986) hypothesized that periphyton 
growth rates are controlled by ambient nutrient concentrations and that maximum standing crops 
are primarily constrained by flood frequency (also see (Biggs and Close 1989, Robinson and 
Minshall 1986). 

Community composition primarily responds to flood regime and local abiotic conditions 

Hypothesis H3 stated that community composition would change overtime after flood 
disturbance, partly reflecting the dispersal ability of taxa, was only partially supported by the 
data and the final model. No direct effect of time since last flood on community composition was 
observed, suggesting that local environmental filtering or biotic interactions played a larger role 
in structuring communities than the dispersal ability of taxa. However, the significant relationship 
between habitat characteristics and the relative abundance of EPT taxa suggests their high 
dispersal ability enabled them to track favourable environmental conditions (Tonkin et al. 2016), 
partially supporting H3. Conversely, no relationship between habitat and the relative abundances 
of Coleoptera and Diptera suggests that the habitat gradient was too short to filter these species 
or that mass effects associated with very high dispersal rates overrode environmental constraints 
(Leibold et al. 2004, Holyoak et al. 2005). Independent of environmental constraints and recent 
disturbance history, the lower relative abundances of Coleoptera and Diptera at frequently 
flooded habitats indicated that these taxa were affected by flooding to a greater extent than EPT 
taxa. This difference could result from the high flood resistance of EPT taxa or their ability to 
recolonize rapidly from other source habitats (McMullen et al. 2012, Alp et al. 2012). 

Taxa richness increases as time passes after a flood, and more so after major floods 

We observed a linear increase in taxa richness over time after flooding (slope = 0.453), 
reflecting the temporal colonization of disturbed habitats by new species. The pattern of low 
richness post flood and recovery over time has been observed in many aquatic systems (Matthaei 
et al. 1997, Rader et al. 2007, Mundahl et al. 2011, Robinson 2012). The immediate decrease 
in taxa richness after a flood results from the physical removal of individuals, either by drifting 
or crushing, and the filtering of species according to their morphological or behavioural 
adaptation to flooding (Lytle and Poff 2004). Similarly, the positive interaction between flood 
magnitude and time since last flood on taxa richness showed that the increase in taxa richness 
after a flood is faster for larger floods than for smaller floods. Because it is independent of local 
environmental conditions, this general pattern can be attributed to the direct physical effect of 
large floods on assemblages, where larger flood disturbances reset communities to earlier 
successional stages than smaller floods, resulting in a greater availability of ecological niches for 
colonization (Townsend et al. 1997, Robinson 2012). In contrast, direct recolonization from 
adjacent undisturbed substrate patches after small floods likely occurred before new species 
colonized from other habitats, resulting in similar taxa richness before and after small floods 
(Townsend et al. 1997, Francoeur et al. 1998, Matthaei et al. 1999, Robinson et al. 2003). Finally, 
high taxa richness at habitats with more optimal environmental conditions (positive PCA1) 
indicates that more taxa can live in these habitats in contrast to the other habitats containing more 
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‘tolerant’ species (Passy et al. 2017). This idea is supported by the low relative abundance of 
rheophilic EPT taxa at more lentic habitats (negative PCA1). 

Resource availability mediates the effect of flood frequency on community assembly rules 

The positive relationship between SES Rao’s Q and periphyton biomass suggested that 
limiting similarity processes associated with strong competitive interactions was a primary 
assembly rule at habitats with high resource availability, whereas environmental filtering by local 
abiotic conditions dominated habitats with low resource availability (further inferred by a 
negative functional diversity). This result was in accordance with hypothesis H5. While this 
pattern may at first seem contrary to the expectation that competition would be stronger in 
habitats with low resources (Passy et al. 2017), these less productive habitats may instead exert 
a strong selective pressure on taxa through their mode of resource acquisition for instance 
(Bernard-Verdier et al. 2012). 

The high community evenness in low resource habitats further suggested that no 
particular group of species was able to outcompete others. At high resource availability, low 
community evenness indicated that some taxa were able to outcompete others and dominate 
assemblages, as reflected in the higher functional diversity indicative of strong competitive 
interactions (Cotgreave and Harvey 1994, Hillebrand et al. 2007, Zhang et al. 2006, Gamfeldt et 
al. 2011, Larpkern et al. 2011). However, the lack of relationship between resource availability 
and the relative abundance of a particular taxon suggested that the identity of these dominant 
competitors differed between sites and thus largely constrained by stochastic processes (Tilman 
et al. 2004) or driven by site-specific external factors. It is likely that this study did not cover the 
full range of habitat conditions (higher resource availability) or time period (lower flood 
frequency) that favours interspecific competition because the outcome of such strong competition 
would likely be extirpation of poor competitors (Townsend et al. 1997), a reduction in functional 
diversity, and a potential increase in evenness (Paillex et al. 2013, Kraft et al. 2015, Cadotte et 
al. 2017). 

Previous studies investigating functional diversity in floodplain macroinvertebrate 
communities found that FD peaked at intermediate levels of inundation frequency, being lower 
at low and high inundation frequencies (Gallardo et al. 2009, Paillex et al. 2013). These findings 
are in line with predictions of the intermediate disturbance hypothesis (e.g., Townsend et al. 
1997) and dynamic equilibrium model (Huston 1979, 1994). Taken together, these concepts 
suggest that at high flood frequency and low resource availability, strong environmental filtering 
can occur, notably on species resistance to floods and respective dispersal capacities. In contrast, 
strong competitive interactions and potentially competitive exclusion can develop in rarely 
flooded, highly productive habitats. Many studies have documented these colonization-
competition trade-offs, where frequently disturbed habitats favour strong dispersers able to 
rapidly colonize recently disturbed patches and track favourable environmental conditions 
(Cadotte et al. 2007, Leibold et al. 2004, Soininen 2014, Tonkin et al. 2016), whereas strong 
competitors dominate community composition later in the assembly (Fairchild 2000, Mouquet et 
al. 2003, Cadotte et al. 2007). 

In this study, the level of flood disturbance was negatively correlated to resource 
availability (periphyton biomass), which affected the relative importance of competition and 
environmental filtering. Our findings are in accordance with the predictions of Huston (1979 and 
1994), Townsend et al. (1997) and Ward et al. (1999), in that low flood frequency at habitats 
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with high resource availability did not limit the development of strong competitive interactions, 
whereas the combination of high flood-disturbance frequency and low resource availability acted 
as a strong environmental filter on assemblages. Overall, our findings showed that high flood 
frequency maintained low periphyton biomass levels and limited the development of strong 
competitive interactions (as shown by high positive FD) and competitive exclusion to occur (as 
shown by decreasing community evenness).  

Implications for management: hydrological regime and floodplain biodiversity 

Our findings, as discussed above, have direct implications for the management of river 
flow regimes and the conservation of biodiversity in alluvial floodplain systems. First, spatial 
heterogeneity in flood frequencies should be maintained to provide ecological niches among 
parafluvial habitats for both lotic and lentic species within floodplain riverscapes. In order to 
achieve this spatial heterogeneity in flood frequencies, habitats should differ in their connectivity 
(e.g., elevation differences) with the main channel and floods should differ in magnitude. This 
heterogeneity will sustain a spatial mosaic of habitat patches with differing resource availability. 
In more productive habitats, strong competitive interactions will emerge and strong competitors 
will tend to outcompete others, thus reducing local diversity but increasing beta diversity. 
Second, independent of long-term flood frequency, a high level of heterogeneity in flood return 
period should be maintained among parafluvial habitats. This heterogeneity would result in a 
mosaic of habitat successional stages, further enhancing macroinvertebrate beta diversity at the 
floodplain scale. Additionally, high heterogeneity in disturbance states among parafluvial 
habitats can act as ‘spatial’ insurance for ecosystem functioning and stability of floodplain 
riverscapes (Loreau et al. 2003). Finally, large floods also should be maintained, for they allow 
regeneration of ecological niches and colonization by novel taxa, thereby sustaining high taxa 
richness in floodplains. 
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Supporting Information 

 
 
Table S1. Wentworth substrate size classes 
 

  
Size Code Particle diameter 

range (mm) Category 

1 <0.062 silt/clay 
2 0.062-0.125 very fine sand 
3 0.125-0.25 fine sand 
4 0.25-0.5 medium sand 
5 0.5-1 coarse sand 
6 1-2 coarse sand 
7 2-4 fine gravel 
8 4-5.7 medium gravel 
9 5.7-8 medium gravel 
10 8-11.3 coarse gravel 
11 11.3-16 coarse gravel 
12 16-22.6 small pebble 
13 22.6-32 small pebble 
14 32-45 large pebble 
15 45-64 large pebble 
16 64-90 small cobble 
17 90-128 small cobble 
18 128-180 large cobble 
19 180-256 large cobble 
20 256-362 boulder 
21 362-512 boulder 
22 512-1024 boulder 
23 >1024 boulder 
24 Bedrock bedrock 
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Table S2. List of the 9 biological traits and the number of categories in each trait used to calculate 
the functional diversity of aquatic macroinvertebrates. 

 
 

  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

  

No. Biological traits Number of categories 

1 Body size 5 
2 Dispersal 4 
3 Life duration 2 
4 Reproduction 8 
5 Locomotion 6 
6 Aquatic stage 4 
7 Feeding habits 6 
8 Respiration technique 3 
9 Voltinism 3 
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Table S3. Summary statistics of the 45 floods that occurred during the modelling period 
(March 2014 - November 2016). 

 
 

 

 

  

 Discharge of Floods (m3/s) 
Mean 141,2 
Median 80.5 
SD 164.8 
Minimum 20.1 
Maximum 570 
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Table S4. Characteristics of the model mesh.  

 

 Mean 
area (m2) 

Median 
area (m2) 

Minimum 
area (m2) 

Maximum 
area (m2) 

SD area 
(m2) 

Mesh elements 49.1 5.1 0.5 1949.9 96.9 
Modelling domain 1,698,055 - - - - 
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Table S5. Statistical summary of the modelled values for time since last flood and flooding 
frequency. 

 

 

  

  

Time since last flood Min Max Median SD Mean CV (%) 
February 131 463 131 86.6 187.9 46 
May 24 553 24 120.2 63.8 188 
August 53 653 63 123.9 85.2 145 
October 5 715 5 147.8 54.6 271 
Flood frequency (per year) 0.5 18.0 8.9 5.8 10.2 0.6 
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Table S6. Statistical distributions of the main environmental variables. 

 

  

Variable Mean Median SD Min Max 
Conductivity (µS/cm) 72.8 73.1 14.9 36.1 101.0 
pH 6.9 6.9 0.22 6.4 7.6 
Nitrate (mg/l) 0.58 0.60 0.11 0.11 0.88 
Dissolved Oxygen (mg/l) 9.1 9.1 1.5 4.5 11.8 
Biofilm standing crop (µg/l) 7.7 6.6 4.4 0.9 22.3 
Mean T (°C) 10.8 10.2 3.9 2.2 19.2 
SD T (°C) 0.75 0.60 0.53 0 2.7 
D50 (cm) 6.0 7.0 2.9 0.1 14.3 
Substrate diversity 1.3 1.4 0.4 0 1.7 
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Table S7. Contributions of the selected environmental variables to PCA axes 1 and 2. 

 

 

 

 

  

Variable PCA-1 PCA-2 
Conductivity -0.416 -0.480 
NO3-N 0.565 0.259 
Dissolved Oxygen 0.491 -0.453 
Mean T -0.418 0.581 
SD T -0.300 -0.397 
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Table S8. Summary of the occurrence and density of sampled taxa.  

 

  

Taxa SD  
density 

Min  
density 

Max  
density 

Mean 
density 

Mean 
occurrence 

Oligochaeta 14.2 0 56.8 8.9 19.8 
Hydracarina 7.0 0 27.3 6.2 21.0 

Baetidae 38.1 0.25 178.0 14.9 20.8 
Ephemerellidae 1.6 0 7.2 0.6 3.0 
Heptageniidae 9.3 0 35.3 5.9 15.8 

Leptophlebiidae 2.2 0 9.0 1.5 12.3 
Plecoptera 17.5 1 69.8 18.5 23.3 
Corixidae 97.0 0.25 458.0 46.8 20.3 
Dytiscidae 3.9 0 16.3 2.6 12.3 
Elmidae 2.9 0 13.5 1.2 8.5 

Haliplidae 0.9 0 3.0 0.7 3.5 
Hydroptilidae 40.9 0 169.0 23.2 19.0 

Polycentropodidae 2.3 0 10.5 1.1 8.2 
Ceratopogonidae 12.2 0 57.0 5.9 15.8 

Chironomidae 165.0 7.5 708.0 133.0 23.3 
Empididae 1.7 0 8.0 0.8 7.8 

Limoniidae/Pedicidae 3.2 0 11.3 2.8 18.0 
Tipulidae 7.3 0 32.8 5.5 15.5 



 52 

 

 
Figure S1. Plot showing the modelled versus observed water depth at the gauging station for kstr 
= 26 and for a range of discharges.  
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. 

 
 

Figure S2. Results of the STATICO analysis plotted separately for each sampling campaign. For 
clarity, species with projections values <0.05 on both axes of the factorial plan were not 
displayed. 
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Figure S3. Relationship between SES Rao’s Q and biofilm standing crop (scaled values). 
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Figure S4. Plot showing the interactive effect of time since last flood and flood magnitude 
(modelled bottom shear stress, scaled values) on taxa richness. 
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Abstract: Metacommunity theory provides a mechanistic approach towards understanding how 
spatial dynamics and local interactions shape community structure and biodiversity. In this 
respect, assembly processes in fluvial systems may fundamentally differ from many terrestrial 
systems due to hydrological connectivity (HC) and a highly dynamic physical environment. The 
spatial configuration of habitat patches and degree of connectivity to the regional species pool 
can be important determinants of dispersal and colonization in riverscapes. We created 24 ponds 
in a braided-river floodplain resulting in habitat patches with differing levels of hydrological and 
landscape connectivity (i.e., distance to source habitats of potential colonists). We measured 
ecosystem properties and aquatic macroinvertebrates over 45 days to assess the relative strength 
of processes contributing to community composition and functional diversity. We found that 
ponds with greater hydrological connectivity to the main stem had lower biofilm standing crops 
than those with reduced connectivity. Environmental differences among ponds resulted in 
metacommunities being structured by a combination of mass effects and species sorting during 
early stages of community assembly. Over time, the effect of the local environment diminished 
and trajectories in community structure converged, being strongly affected by landscape 
connectivity. Overall, the spatial location of ponds exerted a strong influence on community 
composition and functional diversity. This influence increasingly interacted with basal resource 
availability in the ponds over time. Our findings suggest that whilst the local environment 
constrains community assembly, its interaction with the spatial configuration of habitat patches 
can lead to different assembly trajectories through time. 

 
 

Key words: metacommunity, stream invertebrates, connectivity, dispersal, community 
ecology, floodplain 
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Introduction 

Understanding the mechanisms underpinning patterns of species distributions, 
abundances and interactions is fundamental to community ecology (Logue et al. 2011). The term 
´metacommunity´ refers to local communities linked by the dispersal of multiple, potentially 
interacting species, where both local interactions and regional processes influence community 
assembly (Leibold et al. 2004, Holyoak et al. 2005). Bridging local processes and spatial patterns 
has been the focus of ecological research developing metacommunity theory in a wide range of 
ecosystems (Leibold et al. 2004, Holyoak et al. 2005).  

Despite the four non-exclusive perspectives described in the classic metacommunity 
framework (Neutral Theory, Patch Dynamic, Species sorting, and Mass effects; see Hubbell 
2001, Hanski 1994, Leibold 1995 and Holyoak 2005, respectively), all metacommunities are 
structured by a combination of two fundamental mechanisms: species sorting and dispersal 
(Lindström and Lagenheder 2012). Species sorting designates the filtering of species within a 
habitat patch by local abiotic conditions and biotic interactions, and results in clear species-
environment linkages, provided dispersal is high enough to enable species to track variation in 
environmental conditions (Leibold 1995, Leibold et al. 2004, Soininen 2014). Dispersal rate (the 
flux of individuals between habitats) depends on the dispersal abilities of species in respect to 
the degree of connectivity between patches (Heino et al. 2015, Tonkin et al. 2016, Datry et al. 
2016b).  Mass effects can occur where excessively high dispersal rates give rise to source-sink 
dynamics that override environmental constraints, thus disrupting species-environment 
relationships (Leibold et al. 2004, Holyoak et al. 2005). 

 Reflecting these two fundamental mechanisms within the classic metacommunity 
framework, Cottenie (2005) suggested that most communities are located along a continuum 
between Species Sorting and Mass Effects, of which the position can vary in space and time 
(Holyoak et al. 2005, Datry et al. 2016a, Sarremejane et al. 2017). In this context, studies 
examining metacommunity dynamics should focus on the relative roles of dispersal and species 
sorting in community assembly (Winegardner et al. 2012). 

The central role of connectivity in shaping metacommunities through dispersal is well 
established (Heino et al. 2015). Yet in freshwaters, hydrological connectivity (HC) can affect 
the composition of fish (Tockner et al. 1998, Fernandes et al. 2009), macroinvertebrate (Arscott 
et al. 2005, Paillex et al. 2007, Gaillardo et al 2008, 2014) and plankton communities (Gorski et 
al. 2013) by facilitating dispersal or by influencing local environmental conditions and thus the 
environmental filter (Paillex et al. 2009, 2013, Gallardo 2014). There is a general consensus that 
increasing spatiotemporal variation in HC results in increased biodiversity in floodplains (Ward 
et al. 1998, Amoros and Bornette 2002, Paillex et al. 2009), yet uncertainties remain regarding 
the relative importance of local HC-driven environment filtering and dispersal on 
metacommunity dynamics (Tonkin et al. 2016). 

In floodplain systems, physico-chemical conditions within habitats diverge overtime 
(reflecting their level of HC and their position within the geomorphological setting), effectively 
creating a time-varying environmental filter for communities (Thomaz et al. 2007, Chang et al. 
2016, Cadotte et al. 2017). In the initial phase of colonisation, strong aerial dispersers can 
colonize habitat patches in priority and track favourable environmental conditions (Leibold et 
al. 2004, Cadotte 2007, Soininen 2014), as local habitat conditions diverge, local environments 
select for species adapted to different environments (Chang et al. 2016). Finally, competitive 
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interactions may gain importance over time as a structuring force on communities (Fairchild et 
al. 2000, Mouquet et al. 2003, Cadotte 2007), and more so in resource-limited environments 
(Passy et al. 2017). The analysis of species functional traits related to dispersal ability and niche 
breath may be particularly useful in identifying the relative importance of specific processes 
such as dispersal and environmental filtering in structuring communities (Thompson and 
Townsend 2006, Smith et al. 2015, Tonkin et al. 2016). 

Functional diversity (FD), commonly defined as “the value and range of the functional 
traits of the organisms in a given ecosystem” (Diaz and Cabido 2001, Tilman 2001), has often 
been used by community ecologists to infer community assembly rules. This approach is based 
on the assumption that communities structured by the environment have low functional diversity 
because only adapted phenotypes are selected by the environmental filter (van der Valk et al. 
1981, Keddy 1992, Diaz et al. 1999). In contrast, communities structured by strong interspecific 
competitive interactions have high functional diversity as a result of niche partitioning, a limiting 
similarity process (MacArthur and Levins 1967, Cornwell et al. 2009). Although patterns of FD 
must be interpreted with caution, their use within a temporal framework of community assembly 
can still provide robust evidence for different community assembly mechanisms (Li et al. 2015, 
Cadotte et al. 2017, Passy et al. 2017). Because FD reflects the balance between environmental 
filtering and competitive interactions within communities, it may increase overtime as a result 
of increasing competition (Fairchild et al. 2000, Mouquet et al. 2003, Cadotte 2007) but remain 
relatively low in environmentally harsher environments (Passy et al. 2017).   

Here, we experimentally tested how the spatial configuration of habitat patches, and the 
degree of hydrological and landscape connectivity, influenced pond ecosystem properties and 
macroinvertebrate community assembly in a braided-river floodplain. We created 24 
experimental ponds in a natural alluvial floodplain ecosystem and examined assembly dynamics 
of aquatic macroinvertebrates spanning seven weeks of sampling. The ponds were distributed 
within the active floodplain (i.e., the area around a stream regularly flooded on a periodic basis) 
to maximize differences in HC. Because the ponds are filled by exfiltration of hyporheic (i.e., 
shallow subterranean) water previously infiltrated from the river, we anticipated that pond 
location on the gravel bar would condition the length of hydrological flow paths and thus their 
degree of HC to the main river channel, thereby affecting physico-chemical properties (Boulton 
et al. 2008, Lowell et al. 2009, Larned and Datry 2013) and potential colonization through the 
hyporheos (Wood et al. 2010, van der Vorste et al. 2016). We further anticipated that different 
degrees of landscape connectivity (i.e., distance from source populations affecting dispersal and 
colonization; see below) would result from the respective location of each pond within the 
floodplain landscape. 

We tested the following hypotheses: H1: Initial pond community composition would be 
structured by local environmental conditions resulting from differences in HC. H2: At later 
stages of community assembly, different levels of HC would lead to increasingly different 
environmental conditions within ponds (in terms of physico-chemistry and primary production) 
and this would be reflected in increasingly different community compositions. Following the 
initial colonization phase, individuals of some species might develop and emerge, thus enabling 
mass effects through aerial dispersal to dominate assembly processes. As a corollary, spatial 
structuring in community composition also could result from the mass effects mechanism. H3: 
Functional diversity (FD) would initially be low, reflecting the overall low taxonomic diversity, 
the different dispersal abilities of taxa and habitat selection by active dispersers. Over time, FD 
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would tend to increase as Species Sorting processes (i.e., niche differentiation) associated with 
strong interspecific competition develop. However, FD should remain lower within the least 
connected habitat patches, reflecting the environmental filtering in these harsher, more stressful 
environments.  

Methods 

Study floodplain 

The Maggia River floodplain is located in the southern Swiss canton of Ticino and is 
characterized by a pluvio-nival hydrological regime (average annual discharge 3.87 m3/s) with 
a typical snowmelt flood-peak in June (Ruf, 2007). The dynamic flow regime and high bedload 
transport rate maintain a braided structure in the floodplain, with characteristic gravel bars and 
vegetated islands.  

Twenty-four ponds (ca. 3 x 3 m each) were excavated in two gravel bars of the floodplain 
using a mechanical digger (Figure 1). Twelve ponds (ponds 1-12) were located on a gravel bar 
that also contained a natural floodplain pond, whereas the other 12 ponds (ponds 13-24) were 
situated on a gravel bar further upstream. Both groups of ponds were separated from each other 
by the main channel of the river (ca. 8 m wetted width). On each gravel bar, 6 ponds were located 
at the downstream end (ponds 1-6 and 13-18, respectively) and 6 at the upstream end (ponds 7-
12 and 19-24, respectively) to maximize differences in physico-chemistry related to the length 
of hyporheic flow paths. 

Each pond was immediately filled with upwelling hyporheic water. All ponds were fed 
directly with upwelling subsurface waters, but pond 9 also became fed by substantial inflow of 
surface water from the main channel and was subsequently removed from analysis. Ponds were 
distributed in clusters where average, minimum, and maximum distances between ponds were 
153, 3, and 322 m, respectively (Figure 1).  

 

 
Figure 1. Experimental setup showing the approximate location of the natural and experimental 
ponds within the study floodplain. 

 

Field sampling and sample processing 

Field sampling occurred on days 15, 20, 30 and 45 after the ponds were excavated. This 
period of 45 days is longer than the average return period of 33 days for flows above 20 m3/s 
(between 2006 and 2016), which have been observed to inundate parafluvial habitats in the 
Maggia floodplain (data from the Swiss Federal Office for the Environment). On each visit, a 
water sample (0.5 L) was collected from the center of each pond and stored on ice in the dark 
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for chemical analysis in the laboratory. In the laboratory, water samples were analysed for 
calcium (Ca, mg/L), nitrate (NO3, mg/L), phosphorus (PO4, mg/L), and pH using standard 
methods following Tockner et al. (1997). Spot measurements of dissolved oxygen (mg/L, Hach 
HQ40d connected to a LD10101 oxygen probe), water temperature (°C), and electrical 
conductivity (µS/cm, WTW meter, Germany) were taken in the center of each pond. The order 
in which ponds were sampled was randomized at each sampling event to reduce bias of collection 
time. 

Biofilm was measured by randomly selecting 5 stones (cobble-size) within each pond. 
Biofilm was removed from each rock by scrubbing with a wire brush into a plastic container 
with 100 mL of distilled water, and the scrubbed area measured (after Uehlinger 1991). The 
biofilm suspension was subsequently filtered through a glass fiber filter (0.45 �m, Whatman 
GFF) and stored on ice in the dark. Chlorophyll-a extraction was conducted by incubating each 
filter in 6 mL 90% ethanol at 70°C for 10 minutes. Chlorophyll-a (µg /L) was then determined 
using standard spectrophotometry (Hitachi 2000) following methods in Meyns et al. (1994). 

Macroinvertebrates were sampled in each pond on each date using a kick-net (250 �m 
mesh). A standard surface area (~ 90 cm2) was disturbed for 30 seconds and the net was pulled 
10 times through the suspended material. A different section of each pond was sampled on each 
sampling event to minimize disturbance effects. This method was suitable for collecting 
invertebrates as substrate size and benthic primary production in each pond section appeared 
relatively homogeneous. Macroinvertebrate samples were subsampled to one quarter and all 
individuals counted and identified to the lowest possible taxonomic level using Tachet et al. 
(2010). 

Data analysis 

To evaluate our predictions, we first examined initial colonization patterns in relation to 
differences in ecosystem properties (i.e., physico-chemical characteristics and basal resource 
availability), HC and spatial location among ponds (H1). We then assessed temporal shifts in 
community assembly in relation to the spatial gradient in environmental conditions and HC 
among ponds (H2). Lastly, we evaluated functional diversity measures to infer community 
assembly rules in relation to spatially-structured environmental factors (H3). All statistical tests 
were completed at the level of significance α = 0.05. 

Hydrological connectivity - We performed a principal component analysis (PCA) for 
each sampling date to examine physico-chemical differences in the ponds that reflected the 
length of hyporheic flow paths (i.e., HC). The PCAs used six abiotic variables: electrical 
conductivity, pH, nitrate, phosphorus, water temperature and dissolved oxygen. We also 
measured the distance between each pond and the assumed location of upstream surface-water 
infiltration (corresponding to the upstream tip of the gravel bar). This distance metric was 
previously used by Larned and Datry (2013) and proved to be a robust proxy for the length of 
hyporheic flow paths. PCA1 explained 42.5%, 31.7%, 37.2% and 58.3% of the total variation at 
days 15, 20, 30 and 45, respectively. As the distance to the upstream infiltration zone was 
strongly correlated to PCA1 for each sampling date (Appendix S1: Table S2), this distance 
metric (in m) was used as the main environmental determinant of HC. We also examined the 
effect of the distance to the upstream infiltration zone on water electrical conductivity and on 
chlorophyll-a (as a measure of standing primary production) with a linear mixed effect model 
(GLMM) using sampling date as a random effect to correct for temporal autocorrelation.  
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Community composition – Because community composition was affected by the 
influence of a few highly abundant taxa, macroinvertebrate abundances were Hellinger-
transformed to increase the resolution for changes in community structure. We first conducted a 
NMDS analysis at each date to explore the differences in community composition among ponds 
and dates. We then used partial redundancy analysis to partition the variance in community 
structure between HC, environmental variables (electrical conductivity, dissolved oxygen, 
nitrate and phosphorus concentrations, water temperature and chlorophyll a) and the spatial 
positioning of the ponds (Y coordinate) at each date. For this, we first conducted a forward 
selection procedure at each date, and used the full set of retained variables as “environmental 
drivers” at all 4 dates. The forward selection was completed using 999 permutations of residuals 
under a reduced model with stopping criteria at a significance level of α = 0.05 and an adjusted 
R2 equal to that of the global model with all environmental variables included. This was 
performed with the function ordiR2step of the vegan package (Oksanen et al. 2017) in R (R core 
team, 2017). Because the X and Y coordinates of the ponds were highly correlated (Pearson’s 
coefficient = 0.98), the spatial component consisted of the Y coordinate, which increased in the 
upstream direction. 

In order to investigate the temporal changes in the effects of HC, environmental 
conditions and spatial positioning of the sites on community composition, we used the 
multivariate STATICO method (Simier et al. 1999, Thioulouse et al. 2004), which is well 
adapted to studying the temporal variability of species-environment relationships (Simier et al. 
2006, Carassou and Ponton 2007, Mendes et al. 2012, Marques et a. 2011). Data was organized 
into a succession of coupled tables of environmental descriptors and species abundances, each 
pair of tables corresponding to a sampling date. The STATICO method is a combination of the 
co-inertia analysis (Doledec and Chessel, 1994) and the Partial Triadic Analysis (Thioulouse and 
Chessel 1987). It proceeds in three stages: the first stage analyses each table one-by-one with 
PCA; the second stage consists in linking each pair of tables (a pair for each date) by co-inertia 
to find axes that maximize the covariance between row coordinates of species and environment 
matrices; finally, a partial triadic analysis is used to analyze the sequence of cross-covariance 
tables and produces a compromise, or mean species-environment co-structure for all dates. 
STATICO allows the graphical representation of the projection of sites (in the original species 
and environmental tables) on the compromise axes, and thus a straightforward analysis of 
temporal change in species-environment linkages. The analysis and plotting were conducted in 
R with the ade4 package (Thioulouse et al. 1997).  

Dispersal-related traits - We used four dispersal-related trait classes obtained from the 
Tachet database (Tachet et al. 2010) and used in previous studies (Tonkin et al. 2016). This 
database provides an affinity of a given taxa for a particular trait class using a fuzzy coding 
approach ranging from 0 for low affinity to 3 for high affinity. The four classes were “aquatic 
passive dispersal”, “aquatic active dispersal”, “aerial passive dispersal” and “aerial active 
dispersal”. For each trait class, we calculated a community-level weighted mean (CWM), which 
is the mean trait value of all species present in the community, weighted by their relative 
abundances. We used the dbFD function from the FD package in R (Laliberté and Legendre, 
2010). We used a generalized linear mixed model (GLMM) to examine relationships between 
the four CWMs, the gradient of HC, and the spatial location of the ponds (Y coordinate) over 
time. Sampling day also was included as a random effect to correct for temporal autocorrelation. 
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Functional diversity metrics - Functional diversity (FD) was calculated as the 
standardized effect size of Rao’s quadratic entropy (SES-RaoQ), calculated as the standard 
deviation of the observed RaoQ from that of a null model. The null model was constructed by 
shuffling species abundances within each site and calculating RaoQ at each of 999 iterations. 
This type of null model approach, commonly used in functional diversity studies, has the 
advantage of removing the influence of differences in species richness on FD (Mason et al. 
2013). For the analysis, we used all biological traits available in our database and used in 
previous studies on floodplain systems (e.g., Paillex et al. 2013, Van der Vorste et al. 2016), 
amounting to 41 categories distributed in 9 biological traits (Appendix S1: Table S3). Functional 
traits for all taxa were obtained from the Tachet database for each taxon (Tachet et al. 2010). In 
order to give the same weight to all traits in the diversity measure, affinity scores were 
standardized so that their sum for a given taxon would equal 1 (see Paillex et al. 2013). We used 
a generalized linear mixed model (GLMM) to examine the relationship between FD, the gradient 
of hydrological conductivity and the spatial location of the ponds (Y coordinate) over time. An 
interactive term between fixed effects was added and sampling date was also used as a random 
effect to control for temporal autocorrelation.  

Results 

Hydrological connectivity  

The distance to the upstream tip of the gravel bar was strongly associated with PCA1 and 
positively related to electrical conductivity (Appendix S1: Figure S1).  The strong association 
between electrical conductivity and the distance to the infiltration zone (p <0.001, R2adj = 0.84, 
estimate=-0.5 ±0.06, Appendix S1: Figure S2) indicates that this distance metric is a robust 
proxy for the length of hyporheic flow paths (i.e., hydrological connectivity). For clarity, we 
used the opposite of the distance to infiltration zone as gradient of HC in this study; HC = -
1*(distance to infiltration zone). We refer to the further downstream ponds as “less connected” 
in the rest of this study as these received older water with higher electrical conductivity, whereas 
the more upstream ponds are referred to as “more connected” as they primarily received younger 
water derived from the surface flow of the river. Chlorophyll-a, as a proxy for standing primary 
production, increased over time, from 25.8 ± 22.7 µg/L (Day 15) to 177.3 ± 85.0 µg/L (Day 45) 
(mean ± 1 SD; Appendix S1: Figure S3, Table S4), and was negatively correlated to HC (p = 
0.002, R2adj = 0.59, estimate = -0.91 ±0.27). 

Macroinvertebrate colonization patterns 

Total taxa richness was relatively constant through time, whereas mean taxa richness, 
mean community evenness and mean Shannon diversity slightly decreased from Day 15 to Day 
30 and increased at Day 45. Both the mean and total invertebrate densities increased over time 
(Appendix S1, Table S5). At Days 15 and 20, macroinvertebrate densities were negatively 
correlated to HC (p value = 0.006, estimate = -3.14±1.02 at Day 15, and p value = 0.006, estimate 
= -2.82 ±0.9 at Day 20). 

From the NMDS plots, it appears that differences in HC were largely reflected in 
community composition at Day 15. The sensitive and predominantly rheophilic taxa were more 
abundant in well-connected sites and the more lentic taxa in less connected sites (Appendix S1, 
Figure S4). Similar patterns were observed at Day 20. At Day 30, no cluster of sites in terms of 
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community composition was clearly identifiable, except ponds 13, 15, 16, 17 and 18 (the sites 
with low HC on the upstream gravel bar), which had more specific community structures. 
Finally, at Day 45, community composition among ponds appeared to be ordered in a 
downstream-upstream direction, suggesting that some spatial structuring may be occurring.  

Relative effects of hydrological connectivity, environmental variables and spatial 

structure on macroinvertebrate community assembly 

The variance partitioning analysis showed that overall, the relative effects of HC and 
environmental drivers decreased over time, whereas the influence of the spatial location of ponds 
increased (Figure 2; see Appendix S1, Table S6 and Figure S5 for detailed results). When 
considering shared effects with other variables, both HC and environmental drivers had 
significant effects, decreasing from Day 15 to Day 30 (from 11% to 1% and from 30% to 9% 
variance explained between Day 15 and 45, respectively). However, only the pure effect of 
environmental variables was significant at Day 15 (19% variance explained). Finally, the pure 
effect of the spatial location of ponds increased sharply at Day 45 (from 9% variance explained 
at Day 15 to 21% at Day 45), whereas its shared effect with the environmental variables 
decreased over time (from 19% variance explained at Day 15 to 8% at Day 45).  

 
Figure 2. Plot showing the amount of variation in community composition explained at each 
date by hydrological connectivity (HC), environmental descriptors (electrical conductivity, 
dissolved oxygen, nitrate and phosphorus concentrations, and chlorophyll a) and the spatial 
location of the ponds along the Y coordinate. Both the confounded effects (effect of a variable 
interacting with the two others, dashed lines) and pure effects (effect of a variable corrected for 
the other two, solid lines) are displayed. The pure environmental effect only figures as one point 
at Day 15 because it was non-significant at all other dates. 
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Temporal variation in species-environment relationships.  

Inter-structure - The STATICO analysis showed that statistically significant co-structure 
between environmental descriptors and community composition occurred at all sampling dates 
(p values = 0.001, 0.001, 0.001 and 0.009 at Days 15, 20, 30 and 45), and explained 55.4% of 
the variation with two axes (34.5% and 20.9% of variance explained by axes 1 and 2, 
respectively). The analysis of the inter-structure revealed that the fourth sampling date 
contributed the least to the compromise (contributions to the first eigenvalue of the compromise 
= 0.81, 0.82, 0.80 and 0.55 for Days 15, 20, 30 and 45, respectively), meaning that the co-
structure between the pair of environmental descriptors and species distribution tables was 
weaker at this date. 

Compromise - Axes 1 and 2 of the compromise were clearly dominant in terms of 
explanatory power, accounting for 55.8% and 33.8% of the total explained variance, 
respectively. Axis 1 was primarily structured by the opposition between sites with high HC and 
high DO levels on the positive side (contributions = 0.28 and 0.33, respectively) and sites with 
low HC, high electrical conductivity (contribution = -0.31) and high chlorophyll a (contribution 
= -0.17) on the negative side. Axis 2 was largely structured by the spatial location of sites along 
the Y coordinate (contribution = 0.35), and the upstream sites (greater Y) also had slightly higher 
chlorophyll a and lower nitrate concentrations (contributions = 0.19 and -015, respectively; 
Appendix S1: Table S7, Figure S6a).  

The co-structure between environmental descriptors and species abundances was 
composed of two components: the local hydrological connectivity and associated environmental 
gradient, and the spatial location of the ponds. The analysis of species scores on the compromise 
suggested that these two components often interacted to constrain community composition. For 
instance, the predominantly lentic taxa Culicinae and Hydrophilidae both favoured habitats with 
low HC but Culicinae were predominantly found at downstream sites (low Y coordinate), 
whereas Hydrophilidae were more abundant at upstream sites. The two rheophilic taxa Baetidae 
and Nemouridae mainly occurred at the well-connected and oxygenated sites. Finally, 
Tanytarisni, Orthocladiinae and Chironomini were mainly found at the well-connected and 
oxygenated sites located upstream (high Y coordinate), whereas Oligochaetes were found in 
similar environments but predominantly downstream (Appendix S1: Table S8, Figure S6b). 
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Figure 3. Projections of the site scores in terms of environmental descriptors (a) and species 
abundances (b) on the compromise axes at each date. 

 
Trajectories - The projection of environmental descriptors and species at each date on 

the first two axes of the compromise allowed for the visualization of the temporal variability in 
the biota-environment relationship. At Day 15, local conditions within sites were clearly 
segregated along axis 1 and this had a clear effect on community composition with the mainly 
rheophilic taxa Heptageniidae, Baetidae, Ephemerella and Oligochaete being more abundant at 
well-connected sites and the mainly lentic taxa Culicinae and Hydrophilidae at sites with low 
HC (Appendix S1: Figure S7 a, b). Axis 2 accounted for the spatial location of sites as well as 

b 

a 

b 
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their level of HC. This interaction between HC and the spatial component affected the 
distribution of Hydrophilidae and Orthocladiinae, which favoured sites with low HC and were 
more abundant upstream. At Days 20 and 30, the first axis of the compromise still represented 
the gradient of HC, but the second axis then accounted for the interaction between the spatial 
location of the sites and their level of chlorophyll a as well as their phosphorus and nitrate 
concentrations. Species distributions were then constrained by the interaction between space and 
environment, with no clear separation between rheophilic and lentic taxa (Appendix S1: Figure 
S7 c, d, e and f). At Day 45, the effect of environmental descriptors had decreased to a minimum 
and only the spatial location of the ponds remained as the single variable affecting community 
composition, mostly through high abundances of Tanytarisni upstream (Appendix S1: Figure S7 
g, h). 

The analysis of the sites scores for environmental descriptors (Figure 3a) suggested that 
environmental differences among sites remained relatively constant through time, with clear 
spatial clustering (site groups 1 to 6 and 13 to 18 were characterized by low HC and located 
respectively downstream and upstream, and other sites being well-connected), although 
conditions on the lower gravel bar appeared to slightly converge at Day 45. In contrast, the 
projection of sites scores for species abundances showed that community composition mirrored 
the environmental variability at day 15, but converged over time until Day 45 where the co-
structure was no longer identifiable and sites were instead organized along axis 2, representing 
the spatial location of the ponds (Figure 3 b). 

Effects of hydrological and landscape connectivity on dispersal-related traits 

The CWM for the trait “aquatic passive dispersal” was positively related to the level of 
HC (p = 0.03, estimate = 1.03 ± 0.45, appendix S1, Table S9). The CWM for the trait “aerial 
passive dispersal” was negatively correlated to the gradient of HC (p = 0.025, estimate = -1.07 
± 0.45,) and positively correlated to the Y coordinate of the ponds (Y increases in the upstream 
direction, p = 0.003, estimate = 1.05 ± 0.32) and to time (in days, p = 0.003, estimate = 0.08 ± 
0.01). The CWM for the trait “aerial active dispersal” was negatively correlated to the Y 
coordinate of the ponds (p = 0.01, estimate = -1.45 ± 0.37). The CWM for the trait “aquatic 
active dispersal” was not affected by any of the hydrological or spatial metrics.  

Effects of hydrological and landscape connectivity on functional diversity 

Functional diversity was significantly and negatively correlated to the level of HC (p = 
0.004, estimate = -61.85 ± 20.76, Appendix S1: Table S10; Figure 4). FD also increased over 
time (p = 0.007, estimate = 0.239 ±0.084). Time had significant positive interactions with HC (p 
= 0.006, estimate = 2.145 ±0.736) and a negative one with the Y coordinate (p = 0.006, estimate 
= -0.363 ±0.124). FD was positively affected by the interaction between HC and the Y coordinate 
(p = 0.002, estimate = 97.16 ±30.69). The three way interaction between sampling day, HC and 
the Y coordinate also had a negative effect on functional diversity (p = 0.006, estimate = -3.169 
±1.087. At Day 15, FD of well-connected ponds was centered around the zero line and did not 
vary with the Y coordinate. In contrast, FD of less connected ponds varied greatly with the Y 
coordinate. Specifically, ponds located downstream (lower Y coordinate) were functionally 
over-dispersed with regard to the null expectation and ponds located upstream were functionally 
clustered with respect to the null expectation.  For ponds located upstream (High Y coordinate), 
an increasing pattern of FD with increasing HC was noticeable at all dates. However, for 
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downstream ponds, the pattern of decreasing FD with increasing HC was present only at Days 
15 and 20, whereas an opposite pattern emerged at dates 30 and 45, where FD increased with 
increasing HC.  
 

 
Figure 4. Relationship between functional diversity (FD) and hydrological connectivity 
(measured as: -1*distance to infiltration zone (m) at Days 15, 20, 30 and 45. The different 
regression lines represent the effect of HC on FD at various distances from the floodplain pond 
(m) modelled as a continuous explanatory variable. 

Discussion 

Classical metacommunity theory implies that community assembly in a habitat patch is 
determined jointly by local properties and regional processes such as dispersal (Leibold et al. 
2004). Further, temporal variation in processes contributing to community assembly can be 
particularly important in highly dynamic ecosystems (Fukami and Nakajima 2011, Datry et al. 
2016a) such as alluvial floodplains, where habitat patches (e.g., floodplain ponds) undergo 
frequent cycles of disturbance and recovery (Tockner and Stanford 2002). In riverine 
ecosystems, assembly processes may fundamentally differ from many terrestrial landscapes due 
to hydrological connectivity and a highly dynamic physical environment (Palmer et al. 2000). 
Here, we tested how the degree of hydrological connectivity and spatial configuration of habitat 
patches affected community assembly in an alluvial floodplain over time. We used a novel field 
experiment that simulated the creation of floodplain ponds and monitored macroinvertebrate 
community assembly over 45 days. We found that the interaction between the local environment 
(here, the level of HC) and the spatial configuration of habitat patches (the probable degree of 
connectivity to the regional species pool) influenced community structure and shifts in assembly 
rules, leading to different assembly trajectories through time. 
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Direct and indirect influence of hydrological connectivity on community composition 

At early stages of community assembly, our results showed that communities were 
organized along gradients of measured environmental variables (being largely dependent on the 
degree of HC) and to some extent along the Y-axis spatial coordinates of the sites, partially 
supporting H1. We found that pond location with regard to longitudinal hyporheic flow-paths 
was an important driver of HC, as reflected in physico-chemical differences among ponds along 
this gradient. Changes in major ion concentrations and dissolved oxygen along hyporheic flow 
paths are well-documented in alluvial floodplain systems (Malard et al. 1999, Boulton et al. 
2008, Lowell et al. 2009, Larned and Datry 2013).  These findings are consistent with previous 
work showing that the geomorphic setting of habitat patches (here, floodplain ponds) often 
determines abiotic characteristics of patches and respective biota in natural floodplains (Amoros 
and Bornette 2002, Brunke et al. 2003, Opperman et al. 2010). Importantly, we further showed 
from analysis of dispersal-related traits that HC directly affected macroinvertebrate communities 
by enabling aquatic passive dispersers to colonize the ponds via hyporheic flow paths. Several 
benthic macroinvertebrates are known to use the hyporheic zone for dispersal (Wood et al. 2010, 
Van der Vorste et al. 2016). In addition, the lower abundance of aerial passive dispersers at sites 
with high HC suggests that colonization through the hyporheos at these sites may have prevented 
aerial dispersers from establishing. It is well established that depending on immigration timing, 
a given species can encounter very different probabilities of colonization success in new habitats 
(Fukami & Nakajima 2011). The stochastic nature of such “priority effects”, more broadly 
defined as the sequence of species immigration, determines the effect of biotic interactions on 
community structure (Schoener 1976, Drake 1991, Almany 2003). 

Proximity to late-successional habitat can cause mass effects under low HC  

A novel finding of our study was that the interplay between the spatial location of patches 
and HC induced temporal shifts in metacommunity structure and assembly rules. A shift 
occurred from communities being initially constrained by a combination of environmental and 
spatial variables to a predominantly spatial structuring later in assembly, partially supporting 
H2. This contrasts with the general view that species sorting is a primary structuring force in 
lentic freshwater communities (Cottenie 2005, Vanschoenwinkel et al. 2007, Waterkeyn et al. 
2008). The species-environment relationships at Day 15 highlighted in the STATICO trajectory 
analyses suggested that individuals could track differences in environmental variation (resulting 
from different levels of HC) and preferentially colonize favorable habitats. Concomitantly, the 
spatial location of the ponds had a slight constraining effect on community composition. During 
later community development, environmental filtering effects diminished while the spatial 
structuring component remained high. Vanschoenwinkel et al. (2010) reported a similar shift 
from local species sorting to mass effects in a temporary pool metacommunity, induced by late 
colonization of aerial dispersers. At Day 45, while community composition in ponds at the lower 
gravel bar (near the natural floodplain pond) differed from those at the upper gravel bar, they 
remained more segregated in relation to local environmental differences. In contrast, pond 
communities at the upstream gravel bar converged in composition, dominated by a particular 
pool of species (e.g., Tanytarsini). 

A very likely explanation for the influence of the spatial location of ponds is that the 
colonization of individual ponds was influenced by dispersal of individuals from an existing 
large natural floodplain pond at the downstream end of the study area. This effectively would 
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equate the Y coordinate to a measure of the spatial distance between each habitat and this natural 
pond, which increases with Y. Preferential colonization on the downstream gravel bar may only 
have occurred at less connected ponds with relatively high primary production as suggested by 
their separate community composition. Whereas ponds with low HC and primary production had 
similar community composition irrespective of spatial location. 

 This finding is further supported at Day 15 by the FD values in the less connected ponds:  
FD was positive in the ponds of the downstream gravel bar (in the vicinity of the floodplain 
pond), indicating that some process of limiting similarity may be acting, and negative upstream, 
suggesting that environmental filtering processes occurred there. Although FD patterns must be 
interpreted with care (Cadotte et al. 2017, Kraft et al. 2015), they are nevertheless useful in 
drawing inferences on assembly rules, especially when analyzed over time (Li et al. 2015). FD 
increased over time, suggesting an overall increase in limiting similarity, but it remained lower 
at sites located further upstream at Days 30 and 45, only partially supporting H3. This indicated 
that a downstream location (in the vicinity of the natural floodplain pond) favoured the 
development of interspecific competitive interactions. In general, communities in older habitats 
tend to be dominated by competitive interactions (Fairchild et al. 2000, Mouquet et al. 2003, 
Cadotte 2007) and mass effects from aerial dispersal are known to occur in the vicinity of large 
sources of colonists in lentic invertebrate communities (Vanschoenwinkel et al. 2007). 
Considering the increasing influence of the spatial location of the ponds within the landscape 
and therefore potentially of the distance to the natural floodplain pond (a highly productive 
habitat at a later stage of succession) and the higher relative abundance of aerial active dispersers 
in its vicinity, it is likely that it directly influenced assembly rules in nearby ponds by dispersal, 
thereby sustaining high FD. On the other hand, experimental ponds distantly located from the 
natural pond likely were exposed to colonization by a particular pool of species that generally 
perform better in these environments (e.g., Tanytarsini), potentially outcompeting other species. 
Louette et al. (2008) reported such priority effects in a similar experimental system.  

Because our sampling specifically targeted aquatic-stages of macroinvertebrates, the 
delay in the importance of landscape connectivity could be due to life histories of aerial-active 
dispersers. For example, it has been proposed that generation time can change the balance 
between species sorting and mass effects (Mouquet and Loreau 2003), with species with shorter 
generation times favouring local species sorting (Cottenie et al. 2003). Given that the duration 
of the experiment was 45 days, the trajectories in later community composition among ponds 
remain unknown. However, we evaluated community assembly for a period of time greater than 
the return period of ca. 33 days for floods above 20 m3/s (average 2006-2016) in this system, 
flows known to effect parafluvial habitats in the floodplain. Thus, whilst we cannot conclude 
whether assemblages had reached a stable state at Day 45, communities in natural ponds are 
likely to be often reset to earlier phases of assembly before reaching that stage. 

Our findings imply that species sorting by local environmental conditions is the primary 
structuring process in the early phase of community assembly, and that the emergence of mass 
effects over time is influenced by the spatial location of the habitat within the landscape, 
especially with regard to potential sources of colonists. A major finding contributing to a further 
understanding of metacommunity dynamics was that the interplay between environmental 
conditions and proximity to late successional habitats during community assembly can influence 
the balance between species sorting and mass effects over time. Knowledge on the effects of 
connectivity and dispersal on metacommunity structure has profound implications for the 
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management of fragmented landscapes, especially regarding disturbance regimes (Staddon et al. 
2010). In practice, our findings suggest that restoring high spatial heterogeneity in hydrological 
disturbance and connectivity is essential for maintaining biodiversity in alluvial floodplains, 
which may act as ‘spatial insurance´ for ecosystem functioning and stability in heterogeneous 
floodplain landscapes (Loreau et al. 2003). Specifically, resource managers should aim at 
protecting and restoring hydrological connectivity between habitats by including different flow 
regimes to maintain heterogeneity in successional stages of floodplain habitats. 
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Supporting Information 
 

 

 

 
Figure S1. Principal component analysis on the distance between a pond and the upstream end 
of the gravel bar (Dist. U/S), electrical conductivity (Cond., µS/cm), pH, nitrate concentration 
(NO3, mg/L), phosphorus concentration (PO4, mg/L), water temperature (T, °C) and dissolved 
oxygen (DO, mg/L) at Days 15 (a), 20 (b), 30 (c) and 45 (d). Numbers represent individual 
pond numbers.  
 

 

a b 

c d 

a b 

c d 



 80 

 

Figure S2. Relationship between the distance to the infiltration zone (m) and electrical 
conductivity.  
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Figure S3. Relationship between chlorophyll-a concentration (µg /L) and hydrological 
connectivity measured as -1*distance to infiltration zone (m), at Days 15 (a), 20 (b), 30 (c) and 
45 (d). 
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Figure S4. NMDS plots for each sampling date, showing the composition of 
macroinvertebrate communities. Site labels are coloured according to their level of 
hydrological connectivity. 
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Figure S5. Diagrams showing the results of the variance partitioning at Days 15 (a), 20 (b), 30 
(c) and 45 (d). 
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Figure S6. Graphical representation of the compromise produced by the STATICO analysis, 
with environmental descriptors (a) and species (b) coordinates. 
 

 

 

 

a b 
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Figure S7. Trajectory factor plots of the STATICO analysis. Projection of coordinates of the environmental variables (a, c, e, g) and of species 
abundances (b, d, f, h) on the first factorial plan at each sampling date. For clarity, species with projections values <0.05 on both axes of the 
factorial plan were not displayed.
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Table S1. Summary of spatial distances (m) among experimental ponds, between ponds and 
river channel and between ponds and a natural floodplain pond. 

 

 
  

Spatial distances Minimum Maximum Median Mean SD 

Between experimental ponds (m) 3 322 190 153 117 
Between experimental ponds and river (m) 6 46 15 17 11 
Between experimental ponds and natural 

floodplain pond (m) 
10 305 125 143 119 
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Table S2. Variance explained by PCA axes 1 and 2 and associated loadings of environmental 
variables at Days 15, 20, 30 and 45. 
 

  

 Day 15 Day 20 Day 30 Day 45 

 PCA1 PCA2 PCA1 PCA2 PCA1 PCA2 PCA1 PCA2 

Variance explained 42.5 25.6 31.7 24.4 37.2 22.9 58.3 21.7 

Distance to infiltration zone -0.55 0.07 -0.53 0.35 -0.53 0.16 -0.46 0.17 
Conductivity -0.54 -0.03 -0.6 0.3 -0.46 0.35 -0.45 0.16 
Dissolved Oxygen 0.22 0.55 -0.03 -0.4 0.44 -0.1 0.47 0.12 
pH 0.05 0.39 -0.06 -0.53 0.22 0.57 0.05 -0.49 
Nitrate 0.32 -0.45 -0.23 -0.45 -0.04 -0.51 0.24 -0.6 
Phosphorus -0.03 -0.58 0.24 0.18 0.48 0.14 -0.29 -0.53 
Temperature -0.5 -0.02 -0.49 -0.32 -0.15 -0.48 -0.46 -0.22 
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Table S3. List of the 9 biological traits and their number of categories used to calculate the 
functional diversity of aquatic macroinvertebrates. 
 

 

 

 

 

 

 

 

  

No. Biological traits Number of categories 

1 Body size 5 
2 Dispersal 4 
3 Life duration 2 
4 Reproduction 8 
5 Locomotion 6 
6 Aquatic stage 4 
7 Feeding habits 6 
8 Respiration technique 3 
9 Voltinism 3 
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Table S4. Results of the GLMM assessing the effect of hydrological connectivity on 
chlorophyll-a concentrations over time. 
 
  

   

 p value R2adj   

Overall model - 0.60   
 p value Estimate Std. error t value 

HC <0.001 -1.01 0.28 -3.55 
Date <0.001 3.97 1.03 3.85 
HC:Date 0.50 -0.01 0.02 -0.68 
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Table S5. Taxa richness, community evenness, diversity and abundances at each sampling 
date. 
 

 

 

 

 

 

 

 

 

  

  
Day 15 Day 20 Day 30 Day 45 

Total taxa richness 17 17 16 16 
Mean taxa richness 8.86 8.70 8.30 9.56 
Mean evenness 

 
0.87 0.86 0.86 0.89 

Mean Shannon Diversity 1.98 1.95 1.92 2.10 
Mean density 

 
260 381 436 477 

Total density 
 

5719 8768 10038 10964 
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Table S6. Results of the variation partitioning showing the amount of variation in 
macroinvertebrate community composition explained by the three categories of explanatory 
variables: HC, environmental descriptors, and spatial location of the sites at Days 15, 20, 30 
and 45. The shared effects represent the overall effects of each variable (including its 
interaction with other variables).  

 Day 15 Day 20 Day 35 Day 45 

 p value R2adj p value R2adj p value R2adj p value R2adj 

Overall model 0.001 0.38 0.003 0.24 0.001 0.28 0.001 0.3 

Environment (shared) 0.001 0.30 0.001 0.24 0.004 0.19 0.073 0.09 
HC (shared) 0.005 0.11 0.02 0.007 0.048 0.04 0.302 0.01 

Y coordinate (shared) 0.026 0.08 0.001 0.15 0.001 0.15 0.001 0.21 

Environment  0.008 0.19 0.346 0.01 0.087 0.07 0.127 0.06 
HC 0.074 0.03 0.728 0 0.371 0.01 0.302 0.01 

Y coordinate  0.004 0.09 0.267 0.01 0.009 0.07 0.001 0.21 
Environment & Y 0.005 0.19 0.009 0.16 0.006 0.16 0.105 0.08 

HC & Y 0.48 0 0.755 0 0.228 0.02 0.370 0 



 92 

Table S7. Table showing the row coordinates, or contribution of each explanatory variable to 
axes 1 and 2 of the compromise in the STATICO analysis.  

 

 

 

 

 

 

  

Environmental 
variables 

Axis 1 Axis 2 

HC 0.28 -0.07 
Conductivity -0.31 0.01 
Nitrate -0.08 -0.15 
Phosphorus 0.09 0.14 
DO 0.33 -0.07 
Chlorophyll-a -0.17 0.19 
Y.coordinate 0.15 0.35 
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Table S8. Table showing the column coordinates, or contribution of each taxon to axes 1 and 
2 of the compromise in the STATICO analysis.  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

Species Axis 1 Axis 2 

Chironomini 0.09 0.09 
Tanytarsini 0.07 0.17 
Diamesinae 0.01 -0.02 
Orthocladiinae 0.05 0.18 
Hydrophilidae -0.25 0.23 
Culicinae -0.43 -0.19 
Tipulidae 0.05 -0.07 
Tanypodinae 0.06 0.01 
Baetidae 0.14 -0.05 
Heptageniidae 0.05 -0.01 
Ephemerella 0.07 -0.09 
Leuctridae -0.02 0.03 
Nemouridae 0.09 -0.04 
Ceratopogoniidae -0.01 -0.05 
Oligochaete 0.21 -0.17 
Hydrachnidia 0.02 -0.03 
Laccobius -0.05 -0.04 
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Table S9. Results of the GLMM examining the effect of hydrological connectivity (HC), 
spatial location of ponds (Y coordinate), and time (days) on the CWM of the traits “Aquatic 
passive dispersal”, “Aerial passive dispersal”, and “Aerial active dispersal”. ΔAICc represents 
the difference in AICc between the additive and interactive models. 

 

 

  

Response and 
selected model Variable p value Estimate Std. 

error t value R2adj 

Aquatic passive 

 

HC 0.033 1.03 0.45 2.27 
0.41 Y 0.194 0.43 0.32 1.34 

Time 0.130 -0.03 0.02 -1.53 

Aerial passive 

 

HC 0.025 -1.07 0.45 -2.37 
0.31 Y 0.003 1.05 0.32 3.29 

Time 0.003 0.08 0.01 3.08 

Aerial active 

 

HC 0.795 -0.13 0.52 -0.26 
0.60 Y 0.01 -1.45 0.37 -3.96 

Time 0.222 -0.01 0.01 -1.26 
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Table S10. Results of the GLMM examining the effect of hydrological connectivity (HC), 
spatial location of the ponds (Y coordinate), and sampling date on functional diversity. HC and 
Y were divided by 500 and 1000, respectively, for re-scaling purposes. 
 
   

 p value R2adj   

Overall model - 0.51   

 p value Estimate Std. error t value 

HC 0.004 -61.84 20.76 -2.98 
Y 0.08 6.149 3.506 1.75 

Date 0.007 0.239 0.084 2.83 
HC : Y 0.002 97.16 30.69 3.17 
HC : Date 0.06 2.145 0.736 2.91 
Y : Date 0.06 -0.363 0.124 -2.93 
HC : Y: Date 0.06 -3.169 1.087 -2.91 
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Abstract: Metacommunity organization can change in time, reflecting changes in 
habitat connectivity, dispersal and local environmental conditions, but no studies have 
investigated the effect of flood disturbance on metacommunity structure in floodplain systems. 
Here, we examined patterns of spatial and temporal beta diversity in 24 parafluvial habitats of 
the Maggia river floodplain, Switzerland. We also characterized temporal changes in 
metacommunity organization for groups of macroinvertebrates with differing dispersal abilities. 
We found that flooding homogenized environmental conditions within sub-sections of the 
floodplain. We also found that flooding increased beta diversity by redistributing taxa in a 
stochastic manner within the floodplain, thus disrupting environment - traits linkages. Most 
importantly, we found that metacommunity organization varied in time, with greater Species 
Sorting at later stages of assembly for both aerial and aquatic dispersers. Immediately after the 
flood, Mass Effects dominated for aerial dispersers whereas aquatic dispersers were distributed 
randomly, this highlighted the fact that dispersal mode had a great effect on temporal changes 
in metacommunity organization. Our study shows that the balance between the processes 
structuring metacommunities in highly dynamic ecosystems does vary with environmental 
conditions, connectivity and the dispersal ability of species, but also importantly with the stage 
of assembly following a disturbance.   

 

Key words: Metacommunity, stream invertebrates, dispersal, floodplain, disturbance  
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Introduction 

Metacommunities are traditionally defined as an ensemble of local communities linked 
by the dispersal of multiple, potentially interacting species, where both local interactions and 
regional processes influence community assembly (Leibold et al. 2004). The main focus of 
metacommunity research is to bridge local processes and spatial patterns in landscapes 
(Leibold et al. 2004, Holyoak et al. 2005). Four main metacommunity paradigms were 
originally described (Neutral theory, Patch Dynamics, Mass Effects and Species Sorting, see 
Leibold et al. 2004), yet it is now well accepted that metacommunities should rather be 
described along a continuum between Species Sorting (SS) and Mass Effects (ME) (Cottenie 
2005), of which the position may be influenced by the strength of environmental filtering and 
dispersal rates (Lindström and Lagenheder 2012, Winegardner et al. 2012).  

The general view is that SS is the primary structuring force in freshwater communities 
(Vanschoenwinkel et al. 2007, Waterkeyn et al. 2008, Göthe et al. 2013, Heino et al. 2015). 
Yet spatial control may also be important, depending on the dispersal ability of species in 
relation to spatial distances and connectivity levels (Heino et al. 2015, Datry et al. 2016, 
Thompson and Townsend 2006, Canedo et al. 2015). For instance, the level of hydrological 
connectivity (HC) within a floodplain or a stream network can have a large effect on aquatic 
dispersal rates and therefore on metacommunity structuring, especially for aquatic dispersers 
(Gallardo et al 2008, Brown and Swan 2010, Fernandes et al .2014, Petsch et al. 2017, 
Sarremejane et al. 2017a). Similarly, macroinvertebrates with an aerial active dispersal mode 
may experience greater spatial control, as a result of ME in floodplains or stream networks, 
compared to aquatic or passive dispersers (Tonkin et al. 2016, Sarremejane et al. 2017a).  

In highly disturbed freshwater ecosystems, such as alluvial floodplains and intermittent 
rivers, the factors influencing the metacommunity structure (local environmental conditions 
and connectivity levels) may greatly vary in time, and this can result in temporal shifts in the 
processes structuring metacommunities (Fernandes et al. 2014, Datry et al. 2016, Sarremejane 
et al. 2017b). In streams and floodplains, spatial control on communities tends to increase 
during high flows, reflecting local homogenization (Sarremejane et al. 2017b, Chaparro et al. 
2018), although other studies in floodplains have shown that Species Sorting dominates during 
long inundation periods when aquatic species are released from dispersal limitation and can 
track environmental variation (Dias et al. 2016, Fernandes et al. 2014). 

Floodplain systems are particularly well-suited to studying the temporal shifts in 
metacommunity structure, because the factors known to potentially affect metacommunity 
organization, such as local abiotic conditions, level of hydrological and landscape connectivity 
(distances to potential sources of colonists) and disturbance regime can vary spatially amongst 
parafluvial habitats, and also in time (Amoros and Bornette 2002, Brunke et al. 2003, Stanford 
et al. 2005, Opperman et al. 2010, Capderrey et al. 2013) .  Local conditions vary with the level 
of lateral connectivity to the main channel and vertical connectivity with alluvial aquifers, both 
of which can be pulsed or constant over time (Amoros and Bornette 2002, Brunke et al. 2003, 
Opperman et al. 2010, Capderrey et al. 2014). The most frequently flooded habitats (high HC) 
typically exhibiting abiotic conditions rather similar to the main channel, and the more rarely 
flooded habitats (low HC) leaning towards ponds conditions (Amoros and Bornette, Paillex et 
al. 2009). Floods quickly homogenize environmental conditions and local communities among 
parafluvial habitats (Thomaz et al. 2007, Sarremejane et al. 2017b, Chaparro et al. 2018), and 
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conditions may then diverge over time, depending on their position within the floodplain and 
different properties in ecological succession (Thomaz et al. 2007). The gradient in inundation 
frequency and associated environmental responses is known to strongly affect invertebrate 
community structure (Gallardo 2008, Paillex et al. 2013, Fernandes 2014, Gallardo 2014) and, 
to a lesser extent, functional trait distributions (Paillex et al. 2009, Gallardo et al. 2014).  

Functional traits, as variables describing biological attributes of species (Resh et al. 
1994, Statzner and Bêche 2010) can be very useful in understanding processes structuring 
communities (Mondy and Usseglio-Polatera 2013, Townsend and Hildrew 1994, Townsend et 
al. 1997). Specifically, traits distribution along the HC gradients could reflect changes in 
voltinism (Townsend and Hildrew 1994, Gallardo et al 2008, Sheldon et al. 2010), feeding 
mode (Merritt et al. 2002, Paillex et al. 2009), respiratory and reproductive modes (Gallardo et 
al. 2008). Functional homogenization along environmental gradients may also help 
understanding their effects on communities, because abiotic stress typically reduces community 
specialization (Mondy and Usseglio-Polatera 2013). Despite our understanding of the 
functioning of floodplain systems, much remains unknown regarding the role of dispersal in 
these complex systems, and especially how it varies in time. We argue that to really capture the 
broad patterns of metacommunity structuring in floodplains, the relative importance of 
environmental and spatial factors must be examined in a temporal framework including flood 
events.  

Here we investigated temporal changes in metacommunity patterns among in 24 
parafluvial floodplain habitats (PFH) following a large flood. We specifically asked how local 
environmental conditions and spatial factors (including the level of landscape connectivity) 
interacted to determine metacommunity patterns in parafluvial habitats, and whether these 
factors had an effect on temporal stability of local communities. Last, using functional traits, 
we examined functional homogenization along the main environmental gradients and explored 
the environmental selection of species and the trait-environment relationships.  We tested two 
main hypotheses: H1: Flooding would reset and homogenize environmental conditions and 
communities within the floodplain thus disrupting environment-biota relationships. H2: 
Immediately after the flood, aerial dispersers would be able to recolonize where landscape 
connectivity is high, whereas aquatic dispersers would have more homogeneous distributions, 
over time, species sorting would then increase for both dispersal groups. These two hypotheses 
lead to specific pattern predictions: Beta diversity and environmental variation should be lowest 
immediately after flood. Environment-trait linkages would be weak after the flood. Overall, SS 
would dominate metacommunity organization, reflected in high turnover between local 
communities. Finally, spatial control would be higher for aerial dispersers immediately after 
the flood, whereas environmental control would especially affect aquatic dispersers at later 
stages of assembly. 

Methods 

Study Area 

The Maggia river is located in the south–eastern part of the Swiss Alps and flows 
southward into Lake Maggiore (Figure 1). It is one of the last remaining natural (non-
urbanized) floodplains in Switzerland, and therefore has been declared a site of national 
importance (Kuhn and Amiet 1988). Its catchment covers an area of 930 km2 with elevations 
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ranging from 200 to 3300 m a.s.l. Owing to the presence of two glaciers in the headwaters and 
snowfall precipitation in winter, the hydrological regime is classified as glacionival. Following 
the construction of a complex hydropower scheme in the headwaters in 1953, the flow regime 
of the river has been substantially modified (Pfamatter and Zanetta 2003, Molnar et al. 2008). 
The original high flows during snowmelt have been replaced by essentially constant flows 
(minimum flow requirements ~ 1.5 m3/s in Bignasco upstream from the floodplain) with 
occasional flood peaks with no correlation between magnitude and return period (Molnar et al. 
2008, Perona et al. 2009). The alluvial floodplain used in this study is located in the middle of 
the valley; it is about 7-km long and nearly 2-km wide in some sections. Because of the fairly 
low storage of the hydropower scheme and high lateral hillslope runoff during major rain 
events, the largest flood peaks still occur but the lesser magnitude floods do not. The 
combination of high flows and an abundance of bedload sediment (mean diameter of stones = 
120 mm) maintains a diverse floodplain habitat. Within the floodplain, single-thread sections 
alternate with braided reaches where various types of parafluvial habitats occur: ponds, 
connected and disconnected side arms, and backwaters. For this study, we selected 24 
permanently-wetted parafluvial habitats, specifically permanent ponds, disconnected side 
arms, and side arms connected at their downstream end with a shallow riffle. 

 

Figure 1. Map of Switzerland showing the location of the Maggia River floodplain and the 
parafluvial habitats sampled. 

Sampling and laboratory analysis 

We visited each site on 6 dates in 2016: May 11th, June 27th, July 11th, July 27th, August 
15th and September 13th. A relatively large flood occurred on June 16th (discharge = 478 m3/s, 

Switzerland 
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return period = 0.79), and we were therefore able to compare environmental conditions, and 
macroinvertebrate communities before and after the flood, then follow developments until 
September. On each visit, a water sample (0.5 L) was collected from each habitat and stored on 
ice in the dark for chemical analysis in the laboratory. In the laboratory, water samples were 
analyzed for nitrate (NO3, mg/L), and pH using standard methods following Tockner et al. 
(1997). Spot measurements of dissolved oxygen (mg/L, Hach HQ40d connected to a LD10101 
oxygen probe), water temperature (°C), and electrical conductivity (µS/cm, WTW meter, 
Germany) also were taken on each visit. Particulate organic matter (CPOM) was collected at 3 
locations within each habitat using a Hess sampler (250 µm mesh, 0.04 m2 area), by disturbing 
the substrate to a depth of ~ 10 cm, and the collected POM was preserved frozen. Once in the 
laboratory, POM was thawed, then dried at 60°C for 24h, weighed, then combusted at 450°C 
for 6h and reweighed for estimates of biomass as AFDM. At each sampling event, the order in 
which water samples and physico-chemical variables were measured was randomized among 
ponds to reduce bias of collection time. Substrate size composition was measured using the zig-
zag pebble count method where 50 cobbles were randomly selected along a reach and their b-
axis measured (Bevenger and King 1995). The structural diversity of the substratum within each 
habitat was calculated using the Shannon-Wiener index H (Cellot et al. 1994, Burnett et al. 
1998, Brunke et al. 2003): 

!=-"#pi	ln (pi)%
S

i=1

 

With S being the number of Wentworth substrate size classes (Wentworth et al. 1922, 
Table S1 in supporting information) and pi the proportion of the total sample belonging to the 
ith size class. We developed a 2D hydrodynamic model for the floodplain and used it to translate 
river discharges into inundation patterns within the floodplain. We were therefore able to 
calculate a flooding frequency for each habitat between March 2014 and each of our sampling 
dates. Note that flooding frequencies were the same at each date, because only one flood 
occurred during our study and inundated all habitats. The model was developed with the 
Basement software (Faeh et al. 2010, developed at ETH Zurich: 
http://www.basement.ethz.ch/), and a detailed description of the modelling process is described 
in Chanut et al. (in review). 

Benthic macroinvertebrates were randomly collected (n = 3, at each site and date) using 
a Hess sampler (250 µm mesh, 0.04 m2 area) and preserved in 70% ethanol. In the laboratory, 
collected individuals were hand-picked, counted and identified to the lowest possible 
taxonomic level using Tachet et al. (2010).  

 
Trait data- For the analysis of the relationships between the environment and species 

traits, we identified a set of functional traits that we predicted could be influenced by the main 
environmental gradients and by the flood. Specifically, we selected traits describing the 
feeding, locomotion and respiratory modes as well as the life cycle duration, voltinism and the 
type of eggs laid. This amounted to 19 categories distributed in 6 biological traits (Table 1). 
Functional traits for all taxa were obtained from the Tachet database for each taxon (Tachet et 
al. 2010), this database provides an affinity of a given taxa for a particular trait class using a 
fuzzy coding approach ranging from 0 for low affinity to 3 for high affinity. To give the same 
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weight to all traits, affinity scores were standardized so that their sum for a given taxon would 
equal 1 (see Paillex et al. 2013). 
 
Table 1. List of the 6 biological traits and their trait classes used in the analyses of community 
specialization and trait-environment linkages, and dispersal-related trait classes used to 
partition species in aerial or aquatic dispersers. Abbreviations are used in the graphical 
representations. 

Trait Trait class Abbreviation 

Life cycle duration < 1 year Short_LC 
>1 year Long_LC 

Potential number of reproductive cycles per 
year 

<1 Univ. 
>1 Pluriv. 

Reproduction 

isolated eggs, free Isol.free 
isolated eggs, cemented Isol.fixed 
clutches, cemented or 

fixed 
Clutches.fixe

d 
clutches, free Clutches.free 

Respiration 
tegument Resp_tegt 

gill Resp_gill 
spiracle (aerial) Resp_spir 

Locomotion and substrate relation 

full water swimmer Full_water 
crawler Crawler 

burrower Burrower 
temporary attached Attached 

Feeding habits 

shredder shredder 
scraper Scraper 

Deposit feeder Depos_feeder 
predator predator 

Dissemination 

Aquatic passive - 
Aquatic active - 
aerial passive - 
aerial active - 

Data analysis 

Temporal changes in local environmental conditions - To test the part of H1 positing 
that parafluvial habitats would differ in environmental conditions, we used a PCA on physico-
chemical attributes:  DO (mg/l), water temperature (°C), electrical conductivity (µS/cm), pH, 
nitrate concentration (mg/l), CPOM biomass (g/m2), substrate structural diversity, the median 
sediment size D50 (cm) and flooding frequency (floods/year). To address H1, regarding the 
homogenizing effect of flooding on habitat conditions, we tested whether the variability in local 
environmental conditions among sites differed between dates, for that we used the betadisper 
function from the vegan package on the euclidean distance matrix. We used a permutation test 
with 999 permutations to test for differences in dispersion between dates, when significant a 
pairwise permutation test was conducted to specifically examine differences between 
individual dates. In order to examine whether environmental conditions were different between 
dates, we used a PERMANOVA on a Euclidean distance matrix on the same set of 
environmental attributes, using the adonis function of the vegan package. If the results of the 
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PERMANOVA were significant, we conducted a pair-wise PERMANOVA to test significant 
differences between dates, using the pairwise.perm.manova function from the 
RVAideMemoire package.  

Diversity patterns and partitioning of beta diversity – Similarly, we tested whether 
flooding would homogenize communities. For this, we calculated beta diversity as the distance 
to group centroid based on Chao distances on abundance data, with the betadisper function from 
the vegan package. We chose the Chao index over the commonly used Bray-Curtis distance 
because it handles unequal sample sizes more efficiently, and here not all sites were present at 
all dates (Canedo et al 2015). We used a permutation test with 999 permutations to test for 
differences in beta diversity between sampling dates, when significant a pairwise permutation 
test was conducted to specifically examine differences between individual dates. We then also 
tested whether the overall community structure (i.e. the position of the centroid in non-
dimensional species space for each date) changed between dates with a PERMANOVA, using 
the adonis function of the vegan package.  

To assess whether beta diversity was more structured by turnover and nestedness, we 
partitioned beta diversity in its nestedness and turnover component following Baselga (2010) 
based on presence-absence data. We then tested whether these partitions were greater than 
expected by chance by comparing them with null matrix. Following Tonkin et al. (2016), we 
used the oecosimu function based on 10 000 permutations to create the null matrices, 
constrained with the R1 method (fixed-incidence proportional) and the nestedbetasor function 
to partition beta diversity. This method returns statistics describing whether the observed 
partitions are greater than expected by chance alone.  

Finally, we tested whether taxa richness, community evenness and temporal stability 
varied along the main environmental gradient. For that, we calculated temporal turnover in 
community composition between consecutive dates with the beta.temp function of the betapart 
package, based on presence-absence data. First, we averaged the temporal beta diversity values 
across all sites and examined the overall turnover between each consecutive date, here we tested 
whether the temporal turnover differed between pairs of consecutive dates using a one-way 
ANOVA and a Tukey’s HSD test to assess pairwise differences if the ANOVA was significant. 
Then we averaged the values across all dates for each site and tested whether temporal turnover 
was affected by environmental conditions and landscape connectivity. For that, we used a 
stepwise forward selection based on AIC criterion where the potential pool of explanatory 
variables contained all time-averaged environmental descriptors as well as all structural 
connectivity metrics. The effect of the variables retained in the forward selection procedure was 
then tested with a linear regression model. Finally, we assessed changes in taxa richness and 
community evenness through time and along the environmental gradient. We started by 
examining how landscape connectivity and environmental conditions affected taxa richness and 
community evenness, using a forward selection based on AIC criterion, including all the 
landscape connectivity variables, and the first and second axes of the PCA on environmental 
variables. The linear model used was a GLMM and because of the repeated-measure structure 
of our dataset, we included site ID as a random effect the model to account for unmeasured site-
specific effects, and the sampling date was included as fixed factor to correct for temporal 
effects. We used the stepAIC function from the MASS package for variable selection. We then 
tested whether taxa richness and community evenness significantly differed between dates 
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using one-way ANOVA, and when significant we tested for differences between individual 
dates using a post hoc Tukey’s HSD test. 

Spatial and Connectivity variables – In order to assess the level of spatial control on 
metacommunity organization, we first calculated a set of variables describing spatial distances 
amongst habitats and the level of LC. The spatial component consisted Principal Coordinates 
of Neighbourhood Matrix (PCNM). The PCNM approach (Borcard and Legendre 2002, 
Borcard et al. 2004) constructs a set of orthogonal vectors representing different scales of spatial 
variation within a system, thereby maximizing the information provided by spatial coordinates. 
These vectors then can be used as separate variables describing different scales of variation. 
Seven independent PCNM vectors representing positive spatial autocorrelation were generated. 
Two LC metrics were calculated: the distance to nearest neighbouring parafluvial habitat and a 
modified version of the “Ti metric” (Theobald et al. 2011, Fernandes et al. 2014): 

Ti="wij/(Aj × Ai)
n

j=1

 

Where wij is the spatial distance between patches i and j, and Aj and Ai the respective 
surface areas of patches i and j. High values of Ti suggest more isolation. We calculated the 
metric using surface area of the patches rather than their depth, because parafluvial habitats in 
the Maggia floodplain are relatively shallow and rather benthic than pelagic ecosystems. 
Additionally, we examined benthic macroinvertebrate communities, surface area is therefore a 
better proxy for ecosystem size than water depth or volume in that particular case, which 
contrasts with the study of Fernandes et al. (2014) which examined pelagic fish species.  

Variance partitioning – In order to tests H2, we examined the temporal changes in the 
relative influences of environmental, spatial and connectivity variables on the structure of the 
macroinvertebrate communities, using partial redundancy analysis based on Bray-Curtis 
distances at each date. Because community composition was affected by the influence of a few 
highly abundant taxa, macroinvertebrate abundances were Hellinger-transformed to increase 
the resolution for changes in community structure. Partial redundancy analysis partitions the 
effects of each explanatory matrix into its pure effect (independent of other variables) and its 
shared effects with other matrices. We used the varpart function from the vegan package. The 
amount of variation explained by each matrix was assessed using the adjusted R2 and the 
significance of each fraction was also tested separately. Prior to conducting the variance 
partitioning, a forward selection procedure based on AIC criterion was used on each 
explanatory matrix to select the most influential variables (Devercelli et al. 2016, De Campos 
et al. 2018). In order to remove highly multicollinear variables, we sequentially removed the 
variables with a variance inflation factor (VIF) greater than 10, starting from the variable with 
the greater VIF (Tonkin et al. 2016).  

In order to assess the influence of dispersal ability on metacommunity organization, we 
separated the communities in primarily aerial dispersers and primarily aquatic dispersers. For 
that, we followed Tonkin et al. (2016), and all taxa with a score for “aerial active dispersal” 
greater than 3 were categorized as aerial dispersers, all other taxa were classified as aquatic 
dispersers. We then completed the variance partitioning procedure separately for aerial 
dispersers and aquatic dispersers. 

Temporal variation in environmental filtering of traits – Finally, to test our prediction 
that trait-environment linkages would be weakest after the flood, we first calculated a 
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community-level weighted mean (CWM) for each trait class, which is the mean trait value of 
all species present in the community, weighted by their relative abundances. We used the dbFD 
function from the FD package in R (Laliberté and Legendre, 2010). We first averaged all CWM 
across sites for each date and examined the temporal variations between dates. We then used a 
STATICO analysis (Simier et al. 1999, Thioulouse et al. 2004) to examine the temporal stability 
in trait-environment linkages. Data was organized into a succession of coupled tables of 
environmental descriptors and CWM, each pair of tables corresponding to a sampling date. The 
STATICO method is a combination of the co-inertia analysis (Doledec and Chessel, 1994) and 
the Partial Triadic Analysis (Thioulouse and Chessel 1987). It proceeds in three stages: the first 
stage analyses each table one-by-one with PCA; the second stage consists in linking each pair 
of tables (a pair for each date) by co-inertia in order to find axes that maximize covariance 
between row coordinates of species and environment matrices; finally, a partial triadic analysis 
is used to analyze the sequence of cross-covariance tables and produces a compromise, or mean 
species-environment co-structure for all dates. STATICO allows the graphical representation 
of the projection of the sites (in the original species and environmental tables) on the 
compromise axes, and thus a straightforward analysis of temporal change sin species-
environment linkages. The analysis and plotting were conducted on R with the ade4 
(Thioulouse et al. 1997) package.  

To assess community homogenization along the main environmental gradients, we 
started by calculating a community specialization index following Mondy and Usseglio-
Polatera (2004). This consisted in first calculating a specialization index for each taxon and 
trait:  

&'()*=" +)*,-
.

,/0
 

With TSIti the specialization score for taxon t and trait i, and Ctik the relative use of category k 
of trait i by taxon t, with (1 £ k £ h). This score was then adjusted to take into account the 
different number of classes k in each trait i: 

&'(. 234)* = (&'()* − 89:;<=)/(82@;<= − 89:;<=) 

With minTSI = 1/k and maxTSI = 1. Finally, for each of the traits, we calculated a community 
specialization index, which we later averaged across traits to obtain an average score for 
community specialization. The community specialization index for each individual trait was 
calculated as follows:  

+'(. 234* = " (&'(. 234)* × 2))
B

)/0
/" 2)

B

)/0
 

Where at is the abundance of taxon t, with (1 £ t £ N). We used a GLMM with site ID as a 
random effect and the first and second axes of the PCA on environmental variables and the 
sampling date as a fixed effect to assess the effect of the environmental gradient on community 
specialization. 

Results 

Temporal changes in local environmental conditions 

PCA1 explained 34.5% of the total variation in on physico-chemical attributes and 
described the opposition between frequently-flooded habitats with high structural diversity, 
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sediment size, DO levels and surface area and habitats with high CPOM biomass and high-
water temperature (Figure 2). PCA1 represents the gradient of flooding frequency and resulting 
environmental variation. PCA2 explained 21.8% of total variation and segregated habitats 
according to their high DO levels on the positive side and high electrical conductivity and high 
water temperature on the negative side. This axis may represent the differences in water origins 
within the floodplain (e.g. deep groundwater, shallow groundwater, terrace aquifer exfiltration, 
river water). 

 
Figure 2. Biplot of the principal component analysis conducted on environmental variables: 
DO (mg/l), water temperature (°C), electrical conductivity (µS/cm), pH, nitrate concentration 
(mg/l), CPOM biomass (g/m2), substrate structural diversity (“Struct.div”), the median 
sediment size D50 (cm) and flooding frequency (“flood.freq”, floods/year). 

 
The dispersion of environmental conditions (measured as the distance to centroid) 

varied significantly between dates (F = 3.11, p = 0.02). Specifically, it increased significantly 
between May and June (p = 0.014, from 1.56 to 2.6) and decreased significantly from June to 
July 11 (0.01, from 2.6 to 1.54). The PERMANOVA showed that local environmental 
conditions differed significantly between sampling dates (p = 0.001, R2 = 0.25, F = 6.045). 
Specifically, differences were significant between May and June (padj = 0.015, R2 = 0.27, F = 
10.96), between July 27 and August (padj = 0.015, R2 = 0.14, F = 5.24) and between August and 
September (padj = 0.015, R2 = 0.13, F = 5.63).  
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Diversity patterns and partitioning of beta diversity  

Beta diversity varied significantly between dates (F = 2.72, p = 0.016), with a significant 
increase between May and June (from 0.97 to 1.43, p = 0.01) and a decrease between July 27 
and August 15 (Figures 3 and 4 from 1.34 to 0.97, p = 0.028). The PERMANOVA results 
showed that communities were significantly different between dates (p = 0.001, R2 = 0.19, F = 
5.02), and specifically between July 27 and August 15 (padj = 0.015, R2 = 0.11, F = 4.74).  

Figure 3. Results of the betadisper analysis, showing the dispersion of sites around the centroid 
for each date, based on Bray-Curtis distance of species abundances. May in dark blue, June in 
light blue, July 11 on green, July 27 in orange, August 15 in red and September 13 in brown. 

 
Figure 4. Boxplots showing the distributions of distances to centroid for each date. Letters 
represent the significant differences between pairs of consecutive dates, with a same letter 
signifying that the values are significantly different between these two dates. 
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At all dates, the partitioning of beta diversity and comparison to null model showed that 
beta diversity and species turnover were significantly lower than expected by chance, whereas 
nestedness was higher than expected by chance (Table S2, Supporting Information). Temporal 
turnover in community composition averaged 0.18 and was highest between May and June 
(0.29) and lowest between August and September (0.1, Figure 5).  

There was a significant difference in temporal turnover between pairs of consecutive 
dates (p = 0.018, R2 = 0.09, F = 3.15), with significantly higher turnover between May and June 
than between June and July 11 (p = 0.004) and between August and September (p = 0.02).  
Average values of temporal turnover for each site were not significantly affected by local 
environment nor landscape connectivity.  

 
 

 
Figure 5. Boxplots showing the temporal turnover in species composition between consecutive 
dates.  

Taxa richness was lower at sites with lower hydrological connectivity, but this trend 
was non-significant (p = 0.051). When compared between dates, average taxa richness was 
significantly higher on August 15 compared to June and to September (Figure 6, F=3.62, p = 
0.046). Finally, community evenness did not vary significantly between dates (F = 1.68, p = 
0.146) and was unrelated to environmental conditions or landscape connectivity (Figure 7).  

 
Figure 6. Boxplots showing the distributions of taxa richness at each date. Letters represent the 
significant differences between dates, with a same letter signifying that the values are 
significantly different between these dates. 
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Figure 7. Boxplots showing the distributions of community evenness at each date. 

Variance partitioning  

Overall, variation in community structure was best explained in May (residuals = 0.54). 
Local environment explained the most variance in community structure in May, July 11, July 
27 and August (0.29, 0.08, 0.15 and 0.25 respectively). Spatial variables had a small but 
significant effect in May, June and July 27, and their shared effect with local environment was 
highest in June (0.15). Structural connectivity had no significant effect except on July 11 
(Figure 8).  When considering only aquatic dispersers, the community structure was primarily 
constrained by environmental variables, and their pure effects were highest in May and August 
(0.32 and 0.29, respectively, Figure 9).  Shared effects between environment and space were 
relatively high in June (0.18) and the shared effects between environment, space and 
connectivity were high on July 27 (0.2). No pure effect was significant in June, July 11 and July 
27, but the overall effects (pure effects + shared effects) of environment and space were 
significant at these three dates and that of connectivity on July 27. For aerial dispersers, the 
effect of local environment was relatively high in May and July 27 (0.23 and 0.22, respectively, 
Figure 10), and the effect of spatial variables was high on July 27. Interestingly, the pure effect 
of connectivity was high in June and on July 11 (0.16 and 0.16, respectively). 

 

 
Figure 8. Histograms showing the proportion of overall variation in community composition 
explained by environmental variables, spatial variables and the level of landscape connectivity. 
Left panel describes the pure effects of each explanatory matrix, the right panel describes the 
shared effects between matrices: Environment + Space (E/S), Environment + Connectivity 
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(E/C), Space + Connectivity (S/C) and Environment + Space + Connectivity (E/S/C). Non-
significant pure effects are in lighter shade. The significance of shared effects cannot be tested. 

 

 
Figure 9. Histograms showing the proportion of overall variation in aquatic dispersers 
community composition explained by environmental variables, spatial variables and the level 
of landscape connectivity. Left panel describes the oure effects of each explanatory matrix, the 
right panel describes the shared effects between matrices: Environment + Space (E/S), 
Environment + Connectivity (E/C), Space + Connectivity (S/C) and Environment + Space + 
Connectivity (E/S/C). Non-significant pure effects are in lighter shade. The significance of 
shared effects cannot be tested. 

 

 

Figure 10. Histograms showing the proportion of overall variation in aerial dispersers 
community composition explained by environmental variables, spatial variables and the level 
of landscape connectivity. Left panel describes the pure effects of each explanatory matrix, the 
right panel describes the shared effects between matrices: Environment + Space (E/S), 
Environment + Connectivity (E/C), Space + Connectivity (S/C) and Environment + Space + 
Connectivity (E/S/C). Non-significant pure effects are in lighter shade.  
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Temporal stability in trait-environment linkages - The STATICO analysis showed that 
statistically significant co-structure between environmental descriptors and CWMs occurred in 
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variation. The analysis of the interstructure revealed that July 11 and July 27 contributed the 
least to the compromise (contributions to the first eigenvalue of the compromise = 0.68, 0.58, 
0.26, 0.50, 0.67 and 0.73 for May, June, July 11, July 27, August and September), meaning that 
the co-structure between the pair of environmental descriptors and species distribution tables 
was weaker at these two dates. 

Compromise - Axes 1 and 2 of the compromise were clearly dominant in terms of 
explanatory power, explaining 68.7% and 23.9% of the total explained variance respectively. 
Axis 1 was primarily structured by the opposition between sites with high CPOM and high 
water temperature on the negative side (contributions = -1.05 and -1.74, respectively) and sites 
with high substrate structural diversity, high flooding frequency and high D50 for substrate size 
on the positive side (contributions = 2.54, 1.93 and 1.91, respectively). Axis 2 was largely 
structured by water temperature, nitrate concentration and CPOM biomass (contributions = -
1.56, 1.44 and 1.08 respectively, Figure 11). The co-structure between environmental 
descriptors and species abundances was composed of two components, although the first one 
explained the majority of variation in CWMs: the first component represents the opposition 
between habitats that are frequently flooded, tend to have large and diverse substrate 
composition and also to be larger and better oxygenated, with sites that are less regularly 
flooded, with finer and more homogeneous substrate and higher CPOM biomass and water 
temperature. The second component may represent another environmental gradient within the 
floodplain: the opposition between habitats located along the true right bank of the floodplain 
at its downstream end which appear to exhibit a specific water type with elevated nitrate 
concentration, and the other habitats. The high concentration of nitrate in this part of the 
floodplain likely results from groundwater discharge from the adjacent alluvial terrace, as 
suggested by the presence of springs along that bank.  

The analysis of CWM scores on the compromise suggested that the first environmental 
gradient affected the distribution of CWMs most strongly (Figure 12). For instance, the habitats 
on the positive side of the gradient (high flooding frequency, coarse heterogeneous substrate, 
high DO) had greater abundances of univoltine taxa which lay cemented/fixed egg clutches. 
These taxa were also primarily scrapers and with crawling as a primary mode of locomotion. 
On the other side of the gradient, taxa were primarily plurivoltine and lay free (non-attached) 
egg clutches. These taxa were primarily shredders, using a spiracle for breathing and with full 
water swimming as a primary mode of locomotion. 

 

 

Figure 11. Graphical representation of the compromise produced by the STATICO analysis, 
with environmental descriptors coordinates. 
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Figure 12. Graphical representation of the compromise produced by the STATICO analysis, 
with species coordinates. Abbreviations for the trait categories are provided in Table 1. 
 

Community specialization – The community specialization index averaged 0.30. It 
decreased from 0.312 in May to 0.307 in June, then increased to 0.314 in early July before 
steadily decreasing until September (0.304 in late July, 0.293 in August and 0.289 in 
September). Community specialization was significantly negatively affected by PC1, with 
communities more functionally homogeneous in habitats with higher HC (p = 0.015, R2m = 
0.26). 

Discussion 

Understanding the temporal variation in processes influencing metacommunity structure is 
essential to conserve the biodiversity and ecosystem functions in highly dynamic ecosystems, 
such as floodplains (Datry et a. 2016, Ruhi et al. 2017). Here we examined spatial and temporal 
patterns of macroinvertebrate diversity and specifically assessed how flooding affected 
environment-biota linkages. We also explored how metacommunity organization varied in time 
for groups of macroinvertebrates with differing dispersal abilities. We found that flooding 
homogenized environmental conditions within sub-sections of the floodplain and increased beta 
diversity. This reflected the stochastic distribution of taxa after the flood as suggested by the 
weak environment-trait linkages. Importantly, we found that metacommunity organization 
varied in time, with greater SS at later stages of assembly for both aerial and aquatic dispersers. 
Immediately after the flood, ME dominated for aerial dispersers whereas aquatic dispersers 
were distributed randomly, this highlighted the fact that dispersal mode had a great effect on 
temporal changes in metacommunity organization. 

The floodplain as a mosaic of habitats and biotic assemblages 

The main environmental gradient filtering species consisted of a gradient of HC, opposing 
frequently-flooded, well-oxygenated, cool habitats to warm habitats with low flooding 
frequencies, a fine and homogeneous substrate and low DO levels. Surprisingly, we found that 
betadiversity consisted mostly of a nestedness component although we were expecting turnover 
along the main environmental gradient (Tonkin et al. 2016). The differences in community 
specialization along the main gradient, with functional homogenization of communities in 
rarely-inundated habitats, suggests that it might act a s a stress gradient on communities (Smart 
et al. 2006, Devictor et al. 2008, Mondy and Usseglio-Polatera 2013). We did not find a 
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significant relationship between the main axis of environmental variation and species richness, 
despite a visible trend of higher species richness with higher HC. This absence of environmental 
control on species richness was surprising, also given that a previous study conducted in the 
same system had found a positive effect of substrate structural diversity on taxa richness 
(Chanut et al., in review). This could either be due to the fact that, once included in the PCA, 
the effect of the structural diversity index was not strong enough to drive a relationship between 
PC1 and taxa richness, or that by increasing stochasticity in species distributions, flooding had 
disrupted the relationship between environment and taxa richness. This also applied to the 
absence of environmental control on species evenness, whereas Chanut et al. (in review) found 
a negative relationship between resource level and community evenness.  

The filtering of species traits along that main gradient was in line with our predictions: 
On the positive side of the gradient, the selected set of traits likely conferred a greater ability to 
live in frequently flooded habitats, with crawling as a primary locomotion mode and eggs laid 
as fixed clutches to resist high flows. The species found on the negative side of the gradient 
exhibited traits more associated with life in lentic habitats: full water swimming as a locomotion 
mode, respiration with a spiracle and eggs laid as free clutches. Surprisingly, univoltinism was 
more common in frequently disturbed, rather “lotic” habitats, where plurivoltinism would 
instead seem to be advantageous (Townsend and Hildrew 1994, Sheldon et al. 2010). But a 
similar pattern was found in other floodplain systems, with short-lived, plurivoltine species 
dominating in more isolated habitats, where they can make use of the habitat between periods 
of intense abiotic stress during long disconnection periods (Sheldon et al. 2010, Gallardo et al. 
2013). Overall, we showed that the gradient of HC constrained structural and functional aspects 
of communities, yet flooding is known to greatly affect both environmental conditions and 
biotic assemblages.   

Temporal variability in environment-biota relationships  

We found that local environmental conditions were significantly more heterogeneous among 
sites in June than in May and early July, suggesting that flooding caused this divergence, which 
contradicts our hypothesis H1 and previous findings (see Thomaz et al. 2007). It is likely that 
during this particular flood, parafluvial habitats were not all affected in a similar manner. For 
instance, it is known that different floodplain areas experience varying flow velocities and 
therefore varying levels of hydraulic shear stress for a particular discharge, owing to differences 
in slope, sinuosity or location within the geomorphological setting (Bornette and Amoros 1996, 
Amoros and Bornette 2002). 

Interestingly and contrary to H1 and our predictions, beta diversity also increased 
immediately after the flood. This suggests that flooding caused local communities to diverge 
structurally, which is also in opposition with previous findings and the general view that 
flooding homogenizes communities (Gomes et al. 2012, Bozelli et al. 2015 in Dittrich). But the 
divergence in community structures after the flood was not due to changes in the local 
environmental conditions, because the environmental control on community structure was low 
and trait-environment linkages were weak in June. This low environmental control related to 
flooding is in accordance with the theory that floods homogenize communities, but in 
opposition with previous studies in floodplains which showed that environmental control 
increased during high flows (Dias et al. 2016, Fernandes et al. 2014). In these two studies, 
Species Sorting dominated during inundation periods because aquatic species were released 
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from dispersal limitation and could track environmental variation. In the Maggia system, floods 
are typically short (duration <1day) and act rather as disturbance than connectivity events, and 
it is unlikely that aquatic species then have time to track environmental conditions. This 
explains why our results of reduced environmental control immediately after flooding are more 
in line with the findings of Sarremejane et al. (2017b) who conducted their study in highly 
dynamic systems. Beta diversity did not decrease between June and early July like 
environmental conditions did, instead it remained relatively constant and decreased markedly 
only in August. This shows that communities may have conserved the structure they had 
acquired after the flood, and the convergence in community structures in August may reflect a 
strong environmental control or simply natural temporal patterns. Indeed, most of the generally 
more sensitive EPT taxa should have emerged at this stage, which could explain the decrease 
in beta diversity. Although the strong environmental control in the variance partitioning and the 
tight trait-environment linkages in August tend to suggest that species sorting is strong at that 
date.  

Temporal changes in metacommunity organization differ with dispersal ability 

We found that SS was overall the dominant process acting on metacommunity organization, 
although ME may have occurred in May, June and on July 27, this was broadly in line with our 
predictions. The dominance of SS was reflected in the high environmental control, especially 
in May and August once the post-flood recolonization had slowed. Similarly, the minor spatial 
effects in May, June and July 27 are a sign that ME could have occurred. Interestingly, a large 
part of spatial effects in June were shared with the environment, this shows that environmental 
conditions were spatially structured after the flood and suggests that flooding had homogenized 
conditions within specific areas of the floodplain (Chaparro et al. 2018). This somewhat 
rectifies the first observation that flooding caused environmental conditions to diverge, in fact 
flooding may have homogenized conditions but only within particular areas of the floodplain. 
A spatial signal could describe either ME or DL (Heino et al. 2015), but following Tonkin et 
al. (2016), we argue that the small spatial scale, the absence of dispersal barriers, and the lower 
beta diversity than expected by chance strongly point at ME as a process homogenizing local 
communities. Overall, our findings that SS dominate as a structuring process and ME occur to 
a minor extent, are line with the general patterns that aquatic communities tend to be primarily 
structured by local environment (Vanschoenwinkel et al. 2007, Waterkeyn et al. 2008, Göthe 
et al. 2013, Heino et al. 2015). Contrasting patterns emerged when taxa were separated 
according to their dispersal mode (likely a proxy for dispersal ability, given that aerial dispersers 
may disperse farther than swimmers).  

For aquatic dispersers, in line with our predictions, SS dominated as a structuring 
process, especially in May and August. This was reflected in the strong environmental signal at 
these dates, although this signal was spatially structured in June and also shared with 
connectivity on July 27. For aerial dispersers, we found that SS and ME co-dominated, with SS 
occurring in May, late July and August, and ME (through the level of landscape connectivity) 
dominating after the flood in June and early July. This was highlighted by the relatively strong 
control of landscape connectivity after the flood in June and on July 11 and the comparatively 
weaker environmental control in May, July 27 and August. Overall, these findings supported 
our hypothesis H2. 
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Studies investigating the effects of dispersal ability on freshwater metacommunity 
structures have reported contrasting findings. For instance, Tonkin et al. (2016) and Thompson 
and Townsend (2006) both found that environmental control was stronger for aquatic and weak 
dispersers, whereas stronger dispersers were more affected by spatial distances. For Tonkin et 
al. (2016), the spatial control on aerial dispersers was an indicator of ME occurring at the small 
spatial scale of the study. On the contrary, Grönroos et al. (2013) found that environmental 
control was stronger for aerial active invertebrate dispersers in large-scale, complex river 
networks; Rodil et al. (2017) also found stronger environmental control for active 
macroinvertebrate dispersers than for passive ones, in a highly connected beach system. They 
attributed this environment control to the greater ability of aerial dispersers to track 
environmental variation. Here we propose that the balance between SS and ME may indeed 
vary with dispersal ability, connectivity and spatial scale, but also and especially with the 
assembly stage the metacommunity is at. Specifically, we showed that when no disturbance had 
recently occurred and the metacommunity was likely close to a stable state with less intense 
colonization, then SS dominated, irrespective of the dispersal mode of species. But when local 
communities were still re-assembling following disturbance, ME became the main structuring 
factor for taxa able to fly and disperse actively, and this not occurring for aquatic dispersers 
because they were unable to recolonize overland from other floodplain habitats. Instead their 
distributions were largely stochastic after the flood (in June and early July), and very moderate 
SS occurred along the then spatially structured environmental gradient. 

As a whole, study shows that the balance between the processes structuring 
metacommunities in highly dynamic ecosystems vary with local environmental conditions, the 
degree of landscape connectivity and the dispersal ability of species, but also importantly with 
the stage of assembly following a disturbance. Several studies highlighted that metacommunity 
organization changes in time, primarily as a response to changes in connectivity levels. Here 
we reinforce that idea and add that considering temporal changes in metacommunity 
organization following disturbance is key to understanding environment-biota relationships in 
spatially complex, dynamic ecosystems. We suggest that future research could focus on 
characterizing the relationships between disturbance attributes (e.g. magnitude, frequency) and 
temporal shifts in metacommunity organization. Finally, our research implies that managers 
should focus on preserving flow variability in order to maintain habitat diversity and allow both 
strong dispersers and strong competitors to successively develop within the floodplain. But 
managers should also consider the degree of hydrological and landscape connectivity with 
respect to flooding frequency, in order to ensure that dispersal rates allow for recolonization 
between flood events. 
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Supporting information  

 
Table S1. Wentworth substrate size classes 
 

  
Size Code 

Particle diameter 
range (mm) 

Category 

1 <0.062 silt/clay 
2 0.062-0.125 very fine sand 
3 0.125-0.25 fine sand 
4 0.25-0.5 medium sand 
5 0.5-1 coarse sand 
6 1-2 coarse sand 
7 2-4 fine gravel 
8 4-5.7 medium gravel 
9 5.7-8 medium gravel 
10 8-11.3 coarse gravel 
11 11.3-16 coarse gravel 
12 16-22.6 small pebble 
13 22.6-32 small pebble 
14 32-45 large pebble 
15 45-64 large pebble 
16 64-90 small cobble 
17 90-128 small cobble 
18 128-180 large cobble 
19 180-256 large cobble 
20 256-362 boulder 
21 362-512 boulder 
22 512-1024 boulder 
23 >1024 boulder 
24 Bedrock bedrock 
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Table S2. Results of the partitioning of beta diversity in overall beta diversity (Sorensen), and 
its turnover and nestedness components, for each date. The z-score result from the comparison 
between each observed metric and the null expectation, based on 10 000 simulations, using the 
R1 method to constrain null matrices. The p-values tested the significance of z-scores when the 
observed metric was greater than the null expectation.   

 
  

Date Component Observed Null 

expectation 

z - score p.value 

May Turnover 0.65 0.70 -3.75 - 
Nestedness 0.11 0.09 3.94 0.001 
Sorensen 0.76 0.79 -3.57 - 

June Turnover 0.63 0.69 -3.22 - 
Nestedness 0.14 0.11 3.31 0.007 
Sorensen 0.78 0.80 -3.09 - 

July 11th Turnover 0.54 0.62 -4.27 - 
Nestedness 0.18 0.14 4.43 0.001 
Sorensen 0.73 0.76 -4.02 - 

July 27th Turnover 0.66 0.71 -3.30 - 
Nestedness 0.12 0.09 3.45 0.005 
Sorensen 0.78 0.80 -3.12 - 

August Turnover 0.50 0.60 -5.44 - 
Nestedness 0.20 0.14 5.72 <0.001 
Sorensen 0.70 0.74 -5.05 - 

September Turnover 0.61 0.69 -3.72 - 
Nestedness 0.14 0.10 3.92 0.002 
Sorensen 0.76 0.79 -3.48 - 
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Abstract: Characterizing food web responses to environmental factors could greatly 
improve our understanding of environment-biota relationships, and especially in floodplains 
where trophic interactions can be particularly important during phases of hydrological 
disconnection. The effects of floodplain hydrology and environmental attributes on structural 
aspects of biotic assemblages have been extensively studied, but responses at the functional 
level remain largely unknown. Here, we characterized a central aspect of food web architecture, 
the food chain length, as the maximum trophic position within 24 macroinvertebrate 
communities of parafluvial habitats in the Maggia river floodplain, in Switzerland. We 
investigated how the food chain length changed with different levels of habitat size, primary 
productivity and disturbance, the three factors potentially affecting food chain length in both 
theoretical and empirical studies. We found that food chain length was shorter in frequently 
flooded habitats and immediately after a flood. We also showed that trophic omnivory, where 
predators fed at lower trophic levels after flooding, and in more frequently flooded habitats, 
may explain these changes. These findings show that trophic omnivory may explain how 
predators resist disturbance and are maintained in highly dynamic landscapes. But more 
impomrtantly, given that trophic omnivory should overall weaken trophic linkages, this 
suggests that it could be a key mechanism in sustaining biodiversity and in river floodplains. 

 

 
Keywords: omnivory, stream invertebrates, pond, stable isotopes, flow regime, food webs 
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Introduction 

Riverine floodplains harbour high biodiversity, and deliver key ecosystem services to 
humans such as water cleansing and flood protection. Despite this, their ecological status is 
deteriorating rapidly worldwide and action is needed to protect these valuable ecosystems 
(Tockner and Stanford 2002, Tockner et al. 2010). In alluvial floodplains, floods create and 
maintain high habitat heterogeneity, resulting in ecological niches that sustain high levels of 
biodiversity (Arscott et al. 2002, Stanford et al. 2005, Datry et al. 2014). In fact, flood 
disturbance is a primary driver of floodplain ecological-biogeochemical functioning. Floods 
influence primary production by transferring nutrients from the main channel onto adjacent 
floodplains (Tockner et al. 1999, Tockner et al. 2000, Ahearn et al. 2006), enable organism 
dispersal among floodplain habitats (Paillex et al. 2007, Gallardo et al. 2008, Fernandes et al. 
2014), and open new ecological niches for colonization by resetting communities to earlier 
successional stages (Townsend et al. 1997, Amoros and Bornette 2002, Thomaz et al. 2007). A 
number of studies have focused on understanding the environmental controls on community 
structure within alluvial floodplain ecosystems (reviewed in Amoros and Bornette 2002, 
Opperman et al. 2010), and have guided effective restoration efforts in many places. However, 
recent research shows that better knowledge of food web response to environmental drivers can 
improve our understanding of environment-biota relationships and assist species conservation 
in heterogeneous landscapes such as alluvial floodplains (Bellmore et al. 2013).  

Food webs are a major focus in ecological research. Food webs describe the feeding 
links between species within a community and thus are important towards understanding 
biodiversity and ecosystem function response to environmental change (Thompson et al. 2012). 
Food chain length (FCL: maximum trophic position among all members of a food web) is a key 
attribute of food webs and is known to influence species diversity, community structure and 
stability (reviewed in Sabo et al. 2009), nutrient cycling, and contaminant concentrations in top 
predators (Cabana and Rasmussen 1994, Kidd et al. 1998, Sabo et al. 2009). Moreover, food 
webs tend to behave as linear food chains in resource-poor environments (Leibold et al. 1996, 
Holt and Polis 1997, Ward et al. 2015). FCL is an emergent property of food webs that 
incorporates different key processes such as the number of trophic levels and degree of trophic 
omnivory (Post 2002). Further, food web size largely results from a combination of basal 
resource diversity and FCL (Layman et al. 2007). In river floodplains with a low diversity of 
basal resources, for example, FCL variation may well capture changes in food web size and 
architecture and thus food web dynamics in general. 

Ecosystem size, productivity, and disturbance level are three main features affecting 
food chain lengths (Sabo et al. 2009, Takimoto et al. 2013). The productivity hypothesis states 
that because much energy is lost at each trophic transfer (trophic efficiency usually ranges 
between 2% and 50%, Post et al. 2002), food chains will tend to be shorter in resource-limited 
ecosystems (Pimm 1982, Schoener 1989). The ecosystem size hypothesis posits that because 
larger habitats tend to be more environmentally diverse, they can accommodate more species 
and have longer food chains (May 1973, Cohen and Newman 1991, Post et al. 2000). Finally, 
the disturbance or dynamic stability hypothesis argues that long food chains are more vulnerable 
to disturbance and take longer to reassemble when disturbed, thus ecosystems with higher 
disturbance levels will have shorter food chains (Pimm and Lawton 1977, Pimm and Kitching 
1987, May 2001). Each of these hypotheses has been supported to various degrees in 
experimental and natural systems, with FCL often positively affected by ecosystem productivity 
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and ecosystem size (reviewed in Takimoto et al. 2013). However, results still remain equivocal 
for the disturbance hypothesis. For instance, reviews by Post (2002) and Takimoto et al. (2013) 
found no evidence for an effect of disturbance on FCL, whilst Sabo et al. (2009) conducted a 
meta-analysis of determinants of FCL in freshwaters and found a negative effect of disturbance. 
One explanation for such inconsistency among these latter studies could be that drivers of FCL 
may interactive in a context-dependent manner (Post et al. 2002). For example, productivity 
levels can dampen the effect of disturbance in modelled food webs (Moore et al. 1993). 

Food chains also can be shortened by the removal of a top predator or intermediate 
consumer, or by trophic omnivory of top predators feeding at lower trophic levels (Vander 
Zanden et al. 1999, Post and Takimoto 2007, Ruhi et al. 2016). The effect of trophic omnivory 
on food chain length has received considerable attention in recent years and several studies 
found that it explained food chain shortening in streams with high disturbance levels (McHugh 
et al. 2010, Ruhi et al. 2016). Omnivory is ubiquitous in freshwaters (Thompson et al. 2007, 
Thompson et al. 2012) and both theory and observations indicate that it is especially prevalent 
in ecosystems with high levels of disturbance and intermediate resource availability (Fagan 
1997, France 2012). 

Lastly, Warfe et al. (2013) suggested that analyzing mechanisms in parallel to FCL 
dynamics provides a framework for better understanding processes linking environmental 
drivers, community membership and food chain length. This additivity mechanism has received 
much attention in ecological research (Post et al. 2000) partly because understanding how top 
predators are maintained has far-reaching consequences on community assembly (McPeek 
1998, Chase et al. 2002, Chase et al. 2009), nutrient cycling (Schmitz et al. 2010), and carbon 
storage (Atwood et al. 2013, Atwood et al. 2015). For example, Townsend et al. (1998) 
examined insertion mechanisms and found that insertion of feeding links increased FCL in more 
productive New Zealand streams. 

Alluvial river floodplains are ideal ecosystems for studying the effects of environmental 
heterogeneity on biota (Tockner et al. 2010). In addition, examining food web structure across 
floodplain habitats could bridge the gap between classic small-scale food web studies and 
landscape ecology, thus providing a framework for understanding which food web attributes 
are important for sustaining species within heterogeneous landscapes (Winemiller 2005, 
Bellmore et al. 2013). Further, trophic interactions can play a particularly important role in 
structuring communities in floodplains, especially during phases of hydrological disconnection 
(Townsend et al. 1997, Fairchild et al. 2000, Mouquet et al. 2003, Cadotte 2007, Chanut et al. 
2018 in review). Floodplains are often described as dynamic habitat mosaics with differing 
levels of disturbance, productivity, sizes and local environmental conditions (Amoros and 
Bornette 2002, Karaus 2005, Stanford et al. 2005, Whited et al. 2007). Altogether, alluvial 
floodplains are particularly suitable for examining the effects of habitat productivity, size and 
disturbance regime on FCL, reinforcing the call for food web studies in these systems. 

In the present study, we examined how habitat size, productivity and disturbance regime 
affect FCL in aquatic parafluvial habitats of an alluvial floodplain. We explored mechanisms 
(species addition/insertion, trophic omnivory) most likely explaining changes in FCL along 
measured environmental gradients. In our chosen study system, flow regulation has altered the 
seasonality of the flow regime and the interval time of floods is now largely uncorrelated to 
their magnitude (Perona et al. 2009). Consequently, environmental conditions largely differ 
from those under a natural flow regime to which local species are adapted (Lytle et al. 2004), 
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and floods likely act as disturbance to local communities as well as other properties of alluvial 
floodplains. We therefore hypothesized that flood disturbance would be the main force 
constraining FCL (H1). We also expected that species richness and community membership 
would be altered (reset) immediately after a flood, causing FCL to be shorter (H2). Lastly, 
following the dynamics stability hypothesis, we expected that frequently flooded habitats would 
have shorter food chains than less frequently flooded habitats (H3). 

Methods 

Study area 

The Maggia River is located in the south–eastern part of the Swiss Alps, flowing 
southward into Lake Maggiore (Figure 1). It has one of the few remaining near-natural 
floodplains in Switzerland, being a site of national importance (Kuhn and Amiet 1988). Its 
catchment covers 930 km2 with elevations ranging from 200 to 3300 m a.s.l. Owing to the 
presence of two glaciers in the headwaters and snowfall precipitation in winter, the 
hydrological regime is classified as glacio-nival. The flow regime of the river was substantially 
modified following the construction of a complex hydropower scheme in the headwaters in 
1953 (Pfamatter and Zanetta 2003, Molnar et al. 2008). The original high flows during 
snowmelt were replaced by essentially constant flows (minimum flow requirements ~ 1.5 m3/s) 
with occasional flood peaks and with no correlation between flood magnitude and return period 
(Molnar et al. 2008, Perona et al. 2009). The alluvial floodplain used in this study was located 
in the middle of the valley; it is about 7-km long and nearly 2-km wide in some sections. 
Because of fairly low storage by the hydropower scheme and high lateral hillslope runoff 
during major rain events, larger flood peaks still occur but not lesser magnitude floods <10 
m3/s. The combination of high flows and abundant bedload sediment (mean diameter of stones 
= 120 mm) maintains a heterogeneous floodplain mosaic. Within the floodplain, single-thread 
sections alternate with braided reaches where various types of parafluvial habitats occur: ponds, 
connected and disconnected side arms, and backwaters. For this study, we selected 24 
permanently-wetted parafluvial habitats, including permanent ponds, disconnected side arms, 
and side arms connected at their downstream end to the main channel. 
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Figure 1. Map of Switzerland showing the location of the Maggia River floodplain and the 
parafluvial habitats sampled. 

Field sampling & laboratory analysis 

Samples were collected in February, August and October 2016. Of the initial 24 sites, 
we discarded sites where the collected invertebrate biomass did not allow accurate isotope 
measures (see below), retaining 17 sites from the February survey, 12 sites in August, and 20 
sites in October. There were no consistent environmental or structural differences between the 
sites that were discarded and those that were retained. We measured habitat size as the surface 
area of each habitat using drone imagery and GIS. We used areas rather than volume because 
the invertebrate taxa collected were all benthic and therefore the available habitat is better 
captured by area than volume. Surface biofilms (periphyton) were measured by randomly 
collecting 5 stones (cobble-size) within each habitat. The biofilm was removed from each stone 
by scrubbing with a wire brush into a plastic container with 100 mL distilled water, and the 
scrubbed area measured (after Uehlinger 1991). The biofilm suspension was filtered through a 
glass fiber filter (0.45 µm, Whatman GFF) and stored on ice in the dark. Chlorophyll-a 
extraction was conducted by incubating each half-filter in 6 mL 90% ethanol at 70°C for 10 
minutes. Chlorophyll-a (µg /L) was then determined using standard spectrophotometry 
(Hitachi 2000) following methods in Meyns et al. (1994). The other half of each filter was dried 
at 60°C for 24h, weighed, then combusted at 450°C for 6h and reweighed for estimates of 
particulate organic matter biomass as AFDM. The same procedure was repeated for 3 stone 

Switzerland 
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replicates per site for stable isotope analysis and the filters with biofilms were preserved frozen 
(-25°C). 

Benthic macroinvertebrates were collected in a semi-quantitative manner (n = 5, each 
site and date) using a kick-net (250-µm mesh) following standard methods described in Stark 
et al. (2001) and immediately stored on ice. Macroinvertebrates were kept alive overnight, this 
is supposed to enable gut contents to be flushed and therefore not interfere with the isotopic 
signatures of invertebrate tissues. Macroinvertebrate samples were preserved frozen at -25°C 
until analysis. Particulate organic matter (POM) was collected at 3 locations within each habitat 
using a Hess sampler (250-µm mesh, 0.04 m2 area) by disturbing the substrate to a depth of 
~10 cm. The collected POM was preserved frozen at -25°C. Once in the laboratory, POM was 
thawed, a subsample then dried at 60°C for 24h, weighed, combusted at 450°C for 6h and 
reweighed for estimates of biomass as AFDM. Potential basal resources also were collected at 
each site for isotope analysis: leaves and riparian plants were collected from 5 locations within 
each habitat and stored on ice before being preserved frozen (-25°C). 

Macroinvertebrate samples were thawed in the laboratory, and individuals hand-picked 
and identified to the lowest possible taxonomic level using Tachet et al. (2010). Invertebrates 
were assigned as consumers or predators following Tachet et al. (2010). 

Organic matter samples (biofilm and POM from above) were thawed and rinsed with 
distilled water. Biofilms, POM and invertebrates were then freeze-dried for 24h in a Lyovac 
GT 2-E lyophilizer (STERIS GmbH, Hürth, Germany). Each invertebrate and organic matter 
sample was homogenized with a mortar and pestle and ca. 0.5-1.5mg of each placed into a tin 
cup. All samples were combusted in a Vario PYRO Cube elemental analyzer (elementar 
Analysesysteme GmbH, Langenselbold, Germany) connected to an IsoPrime isotope ratio 
mass spectrometer (GV Instruments Ltd., Wythenshave, UK) for measurement of δ13C and 
δ15N. Reference materials for δ13C and δ15N were provided by Biogeochemical Laboratories, 
Indiana University (NBS 19, L-SVEC, IAEA-N-1 and IAEA-N-2). Analytical precision was 
0.01‰ for δ13C and 0.02 ‰ for δ15N. 

Habitat characterization 

Hydrological regime- We developed a 2D hydrodynamic model for the floodplain that 
enabled us to calculate two key hydrological metrics for each habitat: flood frequency over the 
two years preceding a sampling event and recent disturbance history represented by the number 
of days elapsed since the last flood. For a detailed description of the model and its accuracy, 
see Chanut et al. 2018 (in review). The model was constructed using Basement software (Faeh 
et al. 2010, developed at ETH Zurich: http://www.basement.ethz.ch/), which solves depth-
averaged shallow-water Saint-Venant equations to calculate water depth, current velocity and 
bottom shear stress for each element within the modelling domain. Because of the spatial 
complexity of groundwater-surface water interactions in this alluvial floodplain that cannot be 
accurately simulated under the current state of system characterization, we only used the model 
to derive thresholds of discharge at which a given habitat becomes inundated with surface water 
as well as local bottom shear stress. Our modelling approach consisted of running steady-state 
simulations for the range of flows corresponding to flood peaks that occurred between 13 
March 2014 and the end of our study period on 28 October 2016. During this period, 45 
identified flood events occurred with a maximum discharge of 570 m3/s. For each discharge 
simulation, the model produced a simulated water depth for each cell of the modelling domain 
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that was then overlapped with a map of our sampling sites to determine whether a particular 
habitat was flooded at a given discharge. We were then able to calculate a flood frequency for 
each habitat during the modelling period as well as the time elapsed since the last flood at each 
sampling campaign (February, August and October). During the modelling period, 45 floods 
occurred, with a minimum discharge of 20.1 m3/s, a maximum of 570 m3/s, and average of 
141.2 m3/s and standard deviation 164.8.  

Data analysis 

Isotopic niche indices – We computed the trophic position of each predator i in site j as:  
TPij = λ + (δ15Nij - δ15Nbase, j)/Δ 

Whereδ15Nij is the is theδ15N value for the predator i in site j, δ15Nbase, j is the lowest 
value for a consumer within site j (Table 1), λ is the trophic position of the primary consumer 
(i.e. 2) and Δ is the mean fractionation factor of 2.2‰ (McCutchan et al. 2003). We chose to 
use the minimum consumer δ15N value at each site as a basal reference for our calculations, 
because isotopic signatures of primary consumers average the values of basal resources, which 
varied considerably among sites and dates (Jardine et al. 2014). We estimated FCL within each 
habitat as the maximum trophic position (MTP) occupied by a predator (Post et a. 2000, Ruhi 
et al. 2016, Table 2). Total food web size was calculated as the stable ellipse area corrected for 
sample size (SEAc), and all analyses including this metric were restricted to sites with at least 
5 invertebrate taxa because SEAc calculations become uncertain when n < 5 (Jackson et al. 
2011). 

 

Table 1. List of consumer taxa and proportions of habitats where they occupy the lowest trophic 
position. 

 
 
 
 
 
 
 
 
 
 
 
 

 
 
 
 
 

Taxa Frequency 

Chironomidae 2.0 % 
Corixidae 57.1 % 
Elmidae 6.1 % 

Ephemerella 2.0 % 
Habrolepoides 2.0 % 

Haliplidae 6.1 % 
Heptagenidae 2.0 % 
Hydropsyche 2.0 % 
Hydroptilidae 6.1 % 

Leuctridae 2.0 % 
Tipulidae 12.2 % 
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Table 2. List of predatory taxa (according to Tachet 2010) and proportions of habitats where 
they occupy the maximum trophic position. 

 
 
 
 
 
 
 
 
 
Isotope mixing model analyses – We used stable isotope (δ13C and δ15N) mixing models 

to estimate the proportional contributions of different basal resources to invertebrate food webs 
within each habitat. We tested whether consumer isotope values could be suitable for use with 
mixing models using the Monte Carlo simulation of the possible range of isotopic mixing 
models developed by Smith et al. (2013). A total of 1500 iterations were performed with sources 
corrected by ranges for trophic enrichment factors (TEF): for δ13C, 0.4 ± 0.3, and for δ15N, 2.2 
± 0.3 (Post 2002, McCutchan et al. 2003). Samples were excluded from further analysis when 
they fell outside the 95% confidence bounds indicating suitability for mixing model analysis 
(Smith et al. 2013, Philips et al. 2014). Next, we used the Bayesian mixing model SIAR (Parnell 
et al. 2010) to produce probability distributions of the contributions of basal resources to 
consumer isotope values. As filamentous algae were rarely found, the model was restricted to 
two basal resources (terrestrial plant litter and periphyton). We did not include prior information 
on diet proportions as there were only two sources in the mixing model (Fry 2013, Brett 2014). 
Models were run separately for each site and season (February, August, and October). 
Terrestrial plant and periphyton δ13C and δ15N values were set at averages and standard 
deviations for each season. Each model was set to run 500,000 times, with the first 50,000 
iterations discarded. All models were created using the SIAR package in R 3.5.0 (R core team, 
2018). 

Statistical analysis  

In order to test which of the three FCL control hypotheses was supported more, we 
constructed a global generalized linear mixed effect model (GLMM) including all potential 
drivers of FCL: biofilm standing crop (g/m2), particulate POM (g/m2), habitat surface area (m2), 
time since last flood (days), and flooding frequency (flood events/year). Because of the 
repeated-measures structure of our dataset, we used site ID as a random effect in all models to 
account for unmeasured site-specific effects and season as a fixed factor in each model to 
correct for seasonal effects. All GLMMs were constructed with the lme4 R package (Douglas 
et al. 2015). We then used a backward model selection procedure based on the Akaike 
Information Criterion (AICc), where model terms are sequentially removed until the most 
parsimonious model with the lowest AICc is found. 

We also tested the relative importance of each of the three potential mechanisms driving 
FCL. For the insertion mechanism, we tested the relative effects of each of the potential FCL 
drivers on community composition of primary consumers (Ruhi et al. 2016). For this, we 

Taxa Frequency 

Athericidae 16.3 % 
Chloroperlidae 10.2 % 

Dytiscidae 4.1 % 
Limoniidae 38.8 % 

Perlidae 2.0 % 
Rhyacophilidae 6.1 % 
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constructed a distance-based redundancy analysis model using the Jaccard index (distance 
between sites based on species occurrences), incorporating all potential drivers of FCL. We 
then conducted a similar backward model selection procedure as for the controls of FCL with 
the fixed effect “season” being incorporated in all final models. The same procedure was 
repeated on the predator assemblage to test for addition mechanisms. We tested the effect of 
taxa richness on FCL using a GLMM with site ID as a random effect and season as a fixed 
effect. We examined the omnivory hypothesis by testing which of the potential drivers of FCL 
most affected the average trophic position of all predators at a site (Ruhi et al. 2016). Here, we 
used a similar GLMM and model selection procedure as for the FCL control with average 
trophic position of predators as the independent variable. Lastly, we tested whether organic 
matter availability (POM, biofilm) affected FCL when community-wide dietary proportions 
were primarily based on organic resources using a similar GLMM on median values of diet 
proportions (Macarelli et al. 2011). To test for an effect of productivity on FCL, we separated 
sites along the community-wide diet proportions at a 50% level cut-off; i.e., communities were 
primarily fueled either by biofilm or POM. We then tested whether the availability of each 
resource type (biofilm and POM) affected FCL in each category. Finally, we tested whether 
FCL was indeed a good representation for food web dynamics in this system by evaluating the 
correlation between FCL and trophic diversity (SEAc). Here, we report the marginal R2 for all 
GLMMs. 

Results 

Environmental drivers overview 

Surface areas of parafluvial habitats ranged from 7.2 to 877.2 m2 and productivity levels 
varied widely among habitats: POM ranged from 0.04 to 2.18 g/m2 and biofilm standing crop 
from 0 to 14.2 g/m2. Discharge threshold values for habitat inundation ranged from 10 to 250 
m3/s (mean = 49 m3/s, median = 35 m3/s, SD = 58 m3/s). Flood frequency for the different 
parafluvial habitats ranged from 0.52 to 18.04 floods per year (Table S3, Supporting 
Information). Time elapsed since the last flood varied greatly among habitats at each date, 
owing to the wide range of inundation thresholds (Table S3, Supporting Information). There 
was some level of covariation between some of these metrics, but none exceeded a Spearman 
Rank coefficient of 0.42 (Table S1, Supporting Information). 

Food web overview 

A total of 40 invertebrate taxa were identified, of which 30 were primary consumers and 
10 were predators (Table S2, Supporting Information). FCL ranged from 2.89 to 5.62 in 
February, from 2.37 to 4.29 in August and from 3.10 to 5.99 in October. Trophic diversity 
(SEAc) ranged from 2.24 to 43.38 (median = 12.94). The median values for the distribution of 
the proportion of diet composed of POM varied between 0.25 and 0.65 in February (median = 
0.49), 0.20 and 0.57 in August (median = 0.44) and between 0.16 and 0.67 in October (median 
= 0.42).  

Environmental controls on food chain length  

SEAc was positively correlated to FCL (p = 0.0002, R2 = 0.432), suggesting that changes 
in the vertical dimension of the food web accounted to a large extent for variations in food web 
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size. The final model retained for FCL (AICc = 101.68, R2 = 0.376) included a positive linear 
relationship between FCL and time since last flood (p = 0.047, Figure 2a) and a negative 
relationship with flooding frequency (p = 0.036, Figure 2b). The other terms in the initial global 
model were not retained in the model selection because FCL was not correlated to habitat size 
(Figure 2c), biofilm standing crop (Figure 2d), or biomass of POM (Figure 2e). When we 
separated food webs based on their community-wide dietary proportions, FCL was not 
correlated to biofilm standing crop (Figure 2d) for food webs with a community-wide dietary 
proportion composed of >0.5 biofilm (p = 0.09). Similarly, FCL was not correlated to POM 
biomass for food webs with a community-wide dietary proportion composed of >0.5 POM (p 
= 0.51). 

 

 
Figure 2. Plots showing the effects of the time since last flood (a), flooding frequency 

(b) habitat size (c), biofilm standing crop (d) and POM (e) on FCL. Plots (a) and (b) also show 
the significant linear relationships calculated with GLMMs. 

Potential mechanisms driving changes in FCL 

The composition of primary consumer and predator assemblages was not affected by 
any measured FCL drivers (Table 3). FCL was not correlated to taxa richness (p = 0.254, Figure 
S1, Supporting Information). For the test of omnivory, the final model (AICc = 293.98, R2 = 
0.315) included positive relationships between the trophic position of predators and the time 
since last flood (p = 0.004, Figure S2b Supporting Information), POM (p = 0.014, Figure S2c 
Supporting Information) and a negative relationship with flooding frequency (p = 0.003, Figure 
S2a Supporting Information). 

 
 
 
 

a b c 

e d 
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Table 3. Results of the backward model selection performed on the distance-based redundancy 
analysis model testing the effect of putative FCL drivers on the similarity of predator and 
consumer assemblages (based on Jaccard’s distance).  

 

Response Driver AICc F p 
Proportion of 

variation explained 

Predators 

Habitat size 183.11 1.074 0.35 

0.174 
POM 183.28 0.913 0.41 

Biofilm 183.88 0.356 0.89 
Time since last flood 184.02 0.226 0.97 
Flooding frequency 184.09 0.154 0.98 

Consumers 

Time since last flood 238.41 1.576 0.06 

0.219 
Biofilm 238.43 1.559 0.08 

Flooding frequency 238.5 1.485 0.11 
POM 238.59 1.404 0.13 

Habitat size 238.83 1.177 0.35 
 

Discussion 

In this study, hydrological disturbance negatively affected food chain length (FCL) in 
parafluvial habitats of an alluvial floodplain. Trophic omnivory where predators fed at lower 
trophic levels after flooding, and in more frequently flooded habitats, may explain these changes 
in FCL. This result shows that flooding can have minor direct effects on community 
composition and species richness but still cause substantial changes in food webs, which thus 
influences structural and functional properties of ecosystems. These results consequently have 
potentially important implications for species conservation in alluvial floodplains. 

FCL is affected by hydrological disturbance in an alluvial floodplain 

Here we tested how ecosystem size, productivity, and disturbance regime affected FCL 
in an alluvial floodplain. The strong positive correlation between food web size (SEAc) and 
FCL showed that changes in FCL accounted for a large part of the variation in food web 
structure. This result confirmed that examining FCL dynamics in this system largely captured 
changes in food web structure among parafluvial habitats. 

We found that only the dynamic stability hypothesis was supported by the data, in 
accordance with H1. Specifically, food chains were shorter after a flood and in frequently 
flooded habitats. To date, variations in FCL in natural systems have most often been attributed 
to gradients of productivity or ecosystem size, but the effect of disturbance remains equivocal 
and little documented (but see McHugh et al. 2010, Sabo et al. 2010, Ruhi et al. 2016). McHugh 
et al. (2010) and Ruhi et al. (2016) quantified disturbance as a combination of geomorphological 
metrics and hydrological variability and found that stream reaches with high disturbance levels 
had shorter food chains. Sabo et al. (2010) found that increased hydrologic variability reduced 
FCL in 36 North American rivers. Here we show that flood disturbance is the main driver 
behind FCL changes in an alluvial floodplain system. Although the effect of disturbance on 
FCL remains uncertain both in terrestrial and freshwater systems (Post et al. 2002, Takimoto et 
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al. 2013), our results are significant not only for the understanding of floodplain functioning, 
but also for our understanding of the drivers of FCL in general. 

 Parafluvial habitats in floodplains share characteristics of both ponds and streams, and 
the positive effect of habitat size on FCL in these systems has been well documented (Takimoto 
et al. 2013). In contrast, we found no support for this hypothesis. This finding may potentially 
be due to the range of habitat sizes in our floodplain, which may have been too narrow to have 
an effect on FCL. For instance, Tunney et al. (2012) showed that food chains were longer in 
larger lakes, where the top predators (pelagic fish in this case) primarily relied on pelagic 
resources, whereas in smaller lakes with a higher proportion of benthic littoral habitat, food 
chains were shorter and omnivory prevailed. The shallow depth (<1m) and overall small size 
of parafluvial habitats could not sustain a pelagic food web decoupled from benthic and littoral 
habitats, which could explain the absence of relationship between habitat size and FCL. Yet, 
fish are known to be present in the Maggia floodplain, and we cannot exclude that FCL response 
to habitat size may have differed if fish had been included in our calculations of FCL. 

We found that the availability of organic resources did not affect FCL, even when we 
separated food webs according to respective community-wide dietary proportions. By doing so, 
we attempted to take into account that POM-fuelled food chains may be more sensitive to 
changes in POM availability and similarly those fuelled by biofilms. Post et al. (2002) pointed 
out that the positive effect of resource availability on FCL remains uncertain in natural 
ecosystems. By comparing the range of available resource stocks between studies that reported 
an effect and those that did not, the authors concluded that resource availability affects FCL 
only at extremely low resource levels (between 1 and 100 g C m-2 y-1). This finding may explain 
why we found no effect of resource availability on FCL here. Further, biofilm standing crops 
were slightly negatively affected by flooding frequency in our system, suggesting that some of 
effects by organic resources on FCL may have been confounded. 

In floodplain systems, Saigo et al. (2015) and Warfe et al. (2013) found little support 
for the three examined mechanisms tested in this study. These studies were completed in large 
river-floodplain systems where top predators were fish, and where long-lasting seasonal 
inundation periods enabled them to disperse between floodplain habitats, potentially dampening 
local controls on FCL (Saigo et al. 2015). In a sub-alpine alluvial floodplain like the Maggia 
system, floods are episodic, rarely lasting more than a day, and act as disturbance on aquatic 
ecosystem (Amoros and Bornette 2002, Opperman et al. 2010). This difference makes it 
difficult to directly compare our results with these two studies of FCL in floodplains, along with 
the fact that top predators in our study were limited to macroinvertebrates. 

Trophic omnivory from predators drive changes in FCL 

The fact that both flooding frequency and time since last flood affected FCL is a strong 
indication that both long-term flooding history and recent disturbance status affects FCL. 
Additionally, this result suggests that floods shorten food chains, and FCL remains short in 
habitats that are frequently flooded. Yet, flooding frequency and time since last flood had no 
effect on community composition of consumer and predator assemblages. This result suggests 
that because species occurrences were not related to drivers of FCL, neither insertion nor 
addition mechanisms were responsible for observed changes in FCL along flood disturbance 
gradients, thus rejecting H2 (Ruhi et al. 2016). This finding was further supported by the lack 
of correlation between taxa richness and FCL, showing that shorter food chains did not include 
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significantly fewer species. Indeed, species occurrence and richness did not vary along the 
gradient of flooding frequency and time since last flood. Since FCL can only vary with 
insertion or deletion of species, or changes in trophic position of predators, this strongly 
suggests that trophic omnivory may be the mechanism driving changes in FCL in ponds of this 
floodplain. In support, we found that the average trophic position across all predatory taxa was 
negatively affected by flooding frequency and positively affected by the time since last flood, 
similarly to FCL. 

These shifts in trophic position indicate that trophic omnivory by predators feeding at 
lower trophic levels occurs after flood disturbance or in ponds where flooding frequency is 
high. McHugh et al. (2010) and Ruhi et al. (2016) also found that both fish and invertebrate 
predators fed at lower trophic levels when the level of hydrological disturbance increased in 
streams. The fact that predator trophic position also increased with availability of POM, 
although it did not affect community membership, suggests that predators were able to feed at 
higher trophic levels in POM-rich habitats irrespective of their disturbance regime. However, 
this effect was not strong or consistent enough among predators to result in food chain 
lengthening in this study. 

Omnivory is ubiquitous in freshwaters, and omnivores are more common in highly 
disturbed environments because they can shift their diet when resource availability varies 
(Fagan 1997). Empirical studies have shown that intermediate levels of trophic omnivory 
increase food web stability (Denno and Fagan 2003, Thompson et al. 2012), and may therefore 
be “selected for” in highly disturbed environments. Because feeding at lower trophic levels 
often entails feeding on lower-quality resources (France 2012), it is likely that predators only 
shift their diet under necessity. This necessity may arise when environmental constrains shift 
the biomass distribution in the food chain towards a top-heavy distribution, when predators 
first recolonize after a flood for instance (Ward et al. 2017). If predators cannot disperse in 
search of higher-quality resources (Warfe et al. 2013), omnivory may act as a stabilizing force 
because predators must resort to feeding lower down the food chain. This shift in feeding 
releases primary consumers higher up the food chain from strong predation (Diehl 2003, Diehl 
and Feissel 2001). In contrast, stronger trophic interactions may result in the loss of consumers 
when strong predation adds to environmental constraints (Wootton 2017).  

We found no effect of flood disturbance on the occurrence of species, but it is likely 
that predators were “forced” to feed lower down the food chain because prey availability in 
higher trophic levels was lower after flooding and in frequently flooded habitats. In a previous 
study examining structural changes in invertebrate communities in this floodplain, Chanut et 
al. (2018, in review) found that flooding frequency and time since last flood affected the 
relative abundances of Coleoptera, Diptera and EPT taxa. The effect of flooding frequency 
suggests that frequent flooding does not allow for rapid development of resources higher up 
the food chain, irrespective of the time since last flood. We cannot entirely rule out the potential 
effect of biofilm resource availability on trophic omnivory because it was weakly negatively 
correlated to flooding frequency and thus effects may be confounded.  

Moderate levels of omnivory can act as a stabilizing force on communities (Emmerson 
and Yearsley 2004, Gellner and McCann 2012, Thompson et al. 2012, Cross et al. 2013, Ward 
et al. 2017). Therefore, understanding conditions in which the stabilizing effect of omnivory 
arises is key to understanding the response of food webs and communities to environmental 
change (Kratina et al. 2012, Wootton 2017). It is well documented that restoring variable flow 
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regimes results in higher biodiversity in floodplains (Amoros and Bornette 2002, Opperman et 
al. 2010) because it maintains a dynamic habitat mosaic. We suggest that because predators 
feed on different resources depending on the disturbance regime, maintaining the spatial 
heterogeneity in disturbance within a floodplain can result in overall weaker trophic 
interactions between predators and consumers. This, in effect, could increase the stability of 
the food web at the floodplain scale (Bellmore et al. 2015). Additionally, by shifting their diets, 
omnivorous predators may enable depleted consumer populations to better recover from 
environmental disturbance (Singer and Bernays 2003, Abrams and Fung 2010, Wootton et al. 
2017). We suggest that with spatially heterogeneous disturbance such as flooding, trophic 
omnivory causes the strength of trophic interactions between predators and consumers to vary 
among habitats, acting as spatial insurance (Loreau et al. 2003) where local populations of 
consumers are rescued from local extirpation by dispersal from other habitats where predatory 
pressure is diminished. Overall, maintaining the spatial mosaic of disturbance levels in 
floodplains thus results in greater gamma diversity. We suggest that examining trophic 
omnivory in floodplains and its effect as a stabilizing force both within habitats at the 
community level and also at the landscape scale would be useful towards conserving these 
complex, threatened ecosystems. 
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Supporting Information 

 

Table S1. Spearman rank correlations between potential drivers of food chain length (FCL). 

 POM Biofilm  
Flood 

frequency 
Time since last 

flood 

Biofilm  0.40    
Flood frequency -0.07 -0.40   

Time since last flood -0.07 0.21 -0.27  
Habitat size -0.35 -0.31 0.43 -0.05 
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Table S2. Taxa identified during our three sampling events and respective functional feeding 
group, derived from Tachet et al. (2010). c = primary consumers; p = predators. 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

Taxa Feeding group 
Acarina c 
Atherix p 
Baetidae c 
Capnia c 
Chironomidae c 
Chloroperlidae c 
Corixidae c 
Dytiscidae p 
Elmidae c 
Ephemerella c 
Habroleptoides c 
Haliplidae c 
Heptagenidae c 
Hydracarina c 
Hydropsyche c 
Hydroptilidae c 
Isoperla p 
Leuctridae c 
Limnephilidae c 
Limoniidae p 
Megaloptera c 
Orthocladinae c 
Perla p 
Polycentropodidae p 
Rhyacophilidae p 
Tabanidae c 
Tanypodinae p 
Tipulidae c 
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Table S3. Statistical summary of the modelled values for time since last flood and flooding 
frequency. 

 

  

Time since last flood Min Max Median SD Mean CV (%) 

February 131 463 131 86.6 187.9 46 
August 53 653 63 123.9 85.2 145 
October 5 715 5 147.8 54.6 271 
Flood frequency (per year) 0.5 18.0 8.9 5.8 10.2 0.6 
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Figure S1. Plot showing the relationship between taxa richness on food chain length (FCL). 
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Figure S2. GLMM plots showing the effects of flooding frequency (a), time since last flood 
(b) and particulate organic matter (POM; c) on the average trophic position of predators. 

 
  

a b 

c c 

a b 
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Synthesis 

The effect of hydrology on spatial heterogeneity in habitat conditions 

There is a consensus among scientists and managers that restoring or preserving 
discharge variability is a central aspect in floodplain ecological conservation. This is because 
the spatial heterogeneity in flooding is what creates and maintains the habitat mosaic and the 
diversity of ecological niches at the floodplain scale (Stanford et al. 2005, Datry et al. 2014). 
The role of floods can be broken down into two main modes of action: the large floods drive 
the creation of habitat templates and geomorphological complexity, and the smaller floods 
maintain different physico-chemical environments within this template through differences in 
hydrological connectivity and disturbance regimes. Hydrological connectivity (HC), be it 
vertical through groundwater or lateral through surface water connection, results in similar 
physico-chemical gradients. With high-HC habitats typically richer in dissolved oxygen, 
nutrients and thermally more stable (Amoros and Bornette 2002, Paillex et al. 2009, Scott et al. 
2011, Larned and Datry 2013). Nutrient concentrations in parafluvial habitats also tend to 
increase with connectivity to the main channel and with groundwater seepage, but are also 
affected by water retention time as well as biological processes (Amoros and Bornette 2002, 
Brunke et al. 2003, Larned and Datry 2013).). In alluvial floodplains, lateral connectivity is 
often pulsed and therefore can be overlapping with disturbance frequency where habitats 
flooded frequently are more similar to the main channel in their physical attributes, whereas 
habitats flooded less often exhibit more pond-like characteristics and in some cases signs of 
habitat terrestrialization (Ward and Tockner 2001). 

A large part of this study aimed at understanding the linkages between hydrology and 
environmental conditions within habitat patches. The combination of a field experiment, where 
newly created habitats differed only in terms of vertical connectivity, and field-based 
investigation, where both vertical and lateral connectivity gradients overlapped, enabled us to 
partially separate the effects of lateral HC through regular flooding and vertical HC, on different 
habitat conditions.  In the natural system, I characterized habitat conditions in 24 parafluvial 
habitats (PFH) at different times of the year and showed that they exhibited great spatial 
variability in their physico-chemical attributes. First, PFH varied widely in terms of structural 
diversity and substrate size distribution and this was strongly affected by flooding frequency: 
frequently flooded sites resembled more the main channel in these attributes, with relatively 
coarse and heterogeneous bottom substrate. This is presumably because greater flooding 
frequency also equates to smaller topographical barriers between the habitat and the main 
channel and thus greater flow velocities during floods. The bottom substrate is therefore likely 
to be coarser and more heterogeneous in these high-flow areas, because it is more likely to be 
reworked and eroded during floods, in contrast to slow-flow areas where finer sediment is 
deposited. This would be in line with conceptual models of floodplain functioning, stating that 
habitats may experience different flow velocities during floods depending on their position 
relative to the main channel and the local topography (Amoros and Bornette 2002). Second, 
PFH varied in terms of chemical signatures, reflecting differences in vertical HC and also in 
time since last flood. I showed that immediately after the flood, habitats exhibited the chemical 
signatures of high-HC sites (high dissolved oxygen levels, cool temperatures, low electrical 
conductivity). This highlights the effect of flooding on ecological successions, where 
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parafluvial habitats are set on a slow ecological succession tending towards terrestrialization, 
with intermediate stages of decreasing connectivity to the main channel (Ward and Tockner 
2001). By flushing PFHs and reconnecting them to the main channel, floods set them back along 
that trajectory.  

Whilst physical attributes such as sediment size distribution and diversity were mostly 
affected by floods, I showed in both the natural system and the experiment that chemical 
attributes were mostly affected by connectivity to hyporheic flow paths. This was especially 
obvious in the experimental system where artificial ponds differed only in their level of HC to 
hyporheic flow paths and yet exhibited great variation in chemical signatures and thermal 
regimes. This in itself highlights the importance of groundwater-surface water interactions in 
sustaining habitat diversity within the floodplain. Before constructing the experiment, we 
originally expected that experimental ponds located closer to the main channel would be more 
connected to the hyporheos, but surprisingly this was not the case. Instead, what we identified 
as paleochannels enabled more remote sites to receive “younger” hyporheic water compared to 
some ponds in the immediate vicinity of the main channel that Ire comparatively isolated 
hydrologically. In some cases, a head difference in excess of 1.5 m was measured between the 
main channel and ponds located only ~ 5 m away. This somewhat contrasts with the generally 
simplistic view of interactions between groundwater and surface water in floodplains, which 
often describes the alluvial aquifer as a sheet of water which interacts with the surface water 
only where topographical depressions intersect it. Whilst this simplification is necessary for the 
needs of hydrological / hydrodynamic modelling, I showed that paleochannels and preferential 
flow paths are more the rule than the exception in this alluvial floodplain. Practice should 
therefore move towards their inclusion in conceptual and physical models. Finally, I showed 
that algal productivity was affected by both the flooding and the level of vertical HC. Indeed, 
algal productivity was higher at low-HC sites in the experiment, probably reflecting their higher 
nutrient content and warmer temperatures. Whereas in the floodplain, algal productivity was 
primarily negatively affected by flooding frequency, independently of physico-chemical 
control. 

Overall, our research shows that the spatial heterogeneity in chemical attributes is 
largely driven by differences in vertical HC and by the time elapsed since last flood. But the 
degree of vertical HC appears to be largely independent of the distance to the main channel, 
instead, preferential flow paths in former channels can enable remote habitats to be 
hydrologically well connected. In contrast, physical attributes are primarily affected by 
flooding. This strongly suggests that the spatial heterogeneity in flooding and the high spatial 
heterogeneity in hydraulic conductivity of the gravel matrix and resulting complexity in 
groundwater-surface water interactions, should both be taken into account to optimize 
environmental diversity within floodplains. 

The effect of hydrology on spatial heterogeneity in macroinvertebrate 

communities 

The role of floods, and HC in general, on biota has been at the center of ecological 
research in floodplains (Boulton et al. 1992, Tockner et al. 1999, Sheldon et al. 2002, Arscott 
et al. 2003). Depending on the floodplain characteristics, environmental heterogeneity can 
result more from the variety of water sources feeding different habitats, or more from variability 
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in HC (Ward and Tockner 2001). But often HC affects local environment and communities 
(through dispersal) simultaneously, which results in complex relationships between these three 
elements (Legendre and Trousselier 1998, Gallardo et al. 2008). This research enabled us to 
partially separate the effects of flooding on biota, into its direct physical effects on the one hand 
and its indirect effects through habitat changes on the other. This study also showed that, 
independently of flooding, vertical connectivity through the hyporheos has important effects on 
macroinvertebrate communities.  

In chapter 1, I showed that, independently of habitat conditions, flooding frequency 
directly affected community composition, with Coleoptera and Diptera favouring low-flooding 
frequencies and EPT taxa favouring high flooding frequencies. In line with other studies, taxa 
richness was generally positively affected by flooding frequency (Ward et al. 2002, Tockner et 
al. 1999, Amoros and Bornette 2002, Gallardo et al. 2008), but this effect was mediated by a 
higher substrate structural diversity in frequently flooded sites, probably due to the higher 
diversity of ecological niches. Community evenness was also higher in frequently flooded sites, 
because resource availability was lower. This contrasted with findings of other studies (Gallardo 
et al. 2008), and I attributed this to the increased competition in these isolated habitats (Ward 
and Tockner 2001). Finally, the results of chapter 3 show that taxa found in high-HC, frequently 
flooded sites were specialist species, adapted to life in running waters.  

Chemical signatures also differed with vertical HC and the time since last flood, and 
these differences in turn affected communities. This was especially obvious in the experimental 
system, where communities were mostly organized along the gradient of HC and associated 
chemical attributes, with EPT taxa favouring the well-oxygenated, cool, high-HC sites. Overall, 
our research suggests that flooding affects invertebrate communities directly through 
mechanical disturbance but also indirectly through changes in local habitat conditions.    

The effect of hydrology on food web attributes 

Food chain length (FCL: maximum trophic position among all members of a food web) 
is a key attribute of food webs and is known to influence species diversity, community structure 
and stability (reviewed in Sabo et al. 2009). Researchers have traditionally examined whether 
FCL was more affected by ecosystem size, productivity or level of disturbance. Later studies 
suggested that a combination of these factors might rather be at play. Because FCL is such a 
central aspect of food webs, I asked which environmental factors best explained its variation 
within the floodplain. Here, I calculated FCL as the maximum trophic position within the 
invertebrate communities, and found that FCL was shorter in frequently flooded habitats and 
immediately after floods. It appeared that these changes in FCL were driven by predators 
feeding at lower trophic levels in these habitats (trophic omnivory), rather than deletion of 
species within the food chain. These results have potentially important implications for species 
conservation in alluvial floodplains. First, they show that predators can be maintained in these 
highly dynamic systems by adapting their diet to prey availability. Second, they suggest that by 
reducing the strength of trophic interactions, trophic omnivory might increase food web stability 
within the floodplain (Bellmore et al. 2015). For instance, by shifting their diets, omnivorous 
predatory taxa may enable depleted consumer populations to better recover from environmental 
disturbance (Singer and Bernays 2003, Abrams and Fung 2010, Wootton et al. 2017).  
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Temporal changes in the habitat mosaic and diversity patterns 

The main conceptual understanding of flood effect on habitat and biotic diversity is that 
floods reset ecological succession of habitats, and therefore causes a homogenization of abiotic 
conditions within the floodplain, followed by divergence during low-flow periods (Amoros and 
Bornette 2002, Thomaz et al. 2007, Starr et al. 2014). It is the combination of this resetting 
effect and the spatial heterogeneity in disturbance that maintains the mosaic of habitats at 
different successional stages (Bravard et al. 1986, Salo et al. 1986, Mouw et al. 2013, Whited 
et al. 2007). And because biotic communities differ between successional stages, it also 
maintains biodiversity (Castella et al. 1984, Copp 1989, Ward and Tockner 2001). In chapter 
3, I showed that conditions may only be homogenized within subsections of the floodplain, and 
that flooding instead appears to increase heterogeneity between habitats at the floodplain scale 
(Chaparro et al. 2018). This somewhat nuances the traditional view and suggests instead that 
flood effect on habitat diversity at the floodplain scale is dependent both on flood magnitude 
but also on the geomorphological complexity of the system and therefore on the spatial scale 
considered. Because inundation patterns are tightly linked to topography and geomorphology, 
this suggests that the relationships between flood discharge and habitat diversity may be specific 
to each floodplain (Ward and Tockner 2001) 

Similarly, I showed that flooding increased beta diversity and disrupted species-
environment relationships and trait filtering. This contradicts the findings from a previous 
study, which found that flooding homogenized invertebrate communities in a river floodplain 
(Starr et al. 2014). Our results potentially suggest that the increase in beta diversity was not due 
to environmental filtering along the post-flood environmental gradients but more probably to 
stochastic distribution of species after the flood (Myers et al. 2015). It is likely that the 
immediate effect of a flood on beta diversity depends on the magnitude of the flood, the 
geomorphological complexity of the floodplain and the ability of species to resist high flows. 

Temporal changes in metacommunity organization 

Metacommunities and the relative importance of the different structuring processes have 
previously been examined in floodplains for fish (Fernandes et al. 2014), plankton (Chaparro 
et al. 2018) and invertebrates (Tonkin et al. 2016). Ecological research on temporal shifts in 
metacommunity organization is only at its beginning, and results suggest that these shifts are 
often linked to temporal variations in connectivity levels (Sarremejane et al. 2017). Importantly, 
our study showed that the main metacommunity structuring models alternated between Mass 
Effects (ME) and Species Sorting (SS), and that the dominance of either model was tightly 
dependent on dispersal mode, landscape connectivity, assembly stage and initial community 
composition. These insights were gained through the contrasting results between the experiment 
and the survey. In the experiment, I found that communities were immediately structured by a 
combination of SS and ME, and after 45 days ME was dominant in a subset of the sites located 
in the immediate vicinity of a natural floodplain habitat. I found quite a different pattern in the 
floodplain, with initially stochastic community compositions at Days 11 and 25 after the flood, 
and SS gaining importance over time. This did not apply to aerial dispersers however, which 
were initially structured by ME at sites with high landscape connectivity, until SS also became 
the main structuring model at Day 41. The fundamental differences between temporal 
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sequences in metacommunity structure between the two systems highlighted the importance of 
initial community structure and stochasticity on metacommunity assembly processes. 
Specifically, in the natural system, aquatic dispersers that were randomly distributed by the 
flood were able to survive in their new environments under initially low SS (low competition, 
less harsh conditions), but unable to disperse overland and track environmental variability. As 
populations grew and environmental conditions potentially harshened, species were gradually 
filtered out by SS (a combination of pure environmental filtering and competition, see Cadotte 
and Tucker 2017), according to their specific habitat affinities. This only affected aquatic 
dispersers, because aerial dispersers were able to massively disperse from neighbouring habitats 
initially, until SS gained importance, probably as a result of increasing competition. In contrast, 
because new habitats were artificially created in the experiment, initial community 
compositions were not stochastic like after the flood but null across all habitats. This initial 
absence of resident species and intermediate dispersal rates meant that species could directly 
colonize favourable habitats, and that harsh conditions in the least productive habitats may have 
acted as quite a strong environmental filter in comparison to post-flood conditions in floodplain 
habitats, driving high SS.   

These results showed that flooding disrupted environment-biota relationships by 
redistributing individuals randomly. But more importantly, I showed that the mechanisms of 
metacommunity assembly varied in time, and that the temporal shifts in these mechanisms 
depended on the initial community composition, the degree of landscape connectivity with 
respect to the dispersal ability of species, and the local environmental conditions. 

Management implications and research outlook 

Management implications 

My research has direct management implications for the conservation of floodplain 
ecosystems. First, it shows that spatial heterogeneity in flood disturbance is paramount to 
sustaining diversity at the floodplain scale. Additionally, in regulated systems, flood frequency 
should be optimized with respect to ecological trajectories within habitats, so that the mosaic 
of successional stages is maintained. My results imply that if flooding occurs too rarely, 
increased algal biomass and harshening environmental conditions will drive the most sensitive 
specialist species to extinction and reduce beta and gamma diversity. But if flooding occurs too 
frequently, strong dispersers and sensitive rheophilic species will dominate and the 
predominantly lentic taxa would also be extirpated. Second, I showed that vertical hydrological 
connectivity plays a central role in maintaining the mosaic of physico-chemical conditions and 
biotic communities. This shows that the spatial complexity of groundwater – surface water 
interactions should be considered when developing flow regulation strategies. Finally, I showed 
that dispersal among habitats can have a major impact on structural and functional aspects of 
local communities and also potentially lead to increased stability in the face of disturbance. 
Most hydro-ecological studies in floodplains highlight the central role of flow variability and 
hydrological connectivity in conservation, here I argue that managers should also optimize 
landscape connectivity within floodplains. Specifically, by working together with experts to 
identify habitats that are pivotal for post-flood recolonization or that contribute 
disproportionally biotic diversity.   
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Scientific implications 

Predictive models for floodplain biota 

Establishing flow release strategies in regulated systems often requires the comparison 
of different scenarios, especially when a balance has to be struck between energy production 
and ecological health. This means that decision makes increasingly rely on predictive tools 
linking management actions to ecological outcomes, in order to enable cost-benefit analyses of 
different management scenarios. For the assessment of flow regulation effects in river reaches, 
these are often achieved with eco-hydraulic models where discharge values are first translated 
into local hydraulics with hydrodynamic models and ecological outcomes measured as the 
surface areas of potential hydraulic habitat for given species or guilds. In these models, habitat 
affinity is most often described as distributions of affinity scores for different values of flow 
velocity and water depth. This classic approach is not adapted to modelling flow – biota 
relationships in alluvial floodplains like the Maggia, partly because: 

• Parafluvial habitats contribute disproportionally to floodplain biodiversity and 
should therefore be included in the assessment, yet given their predominantly 
lentic nature, local hydraulics will not explain ecological attributes during 
disconnection phases. 

• Instead, inundation regime and vertical hydrological connectivity are driving 
ecological attributes in these habitats, and these are not captured in eco-
hydraulic models 

• Given the dynamic nature of these systems, a steady-state, snapshot of 
available habitat area is unlikely to fully capture environment-biota linkages. 
Instead, temporal changes in the processes affecting communities should be 
considered, especially with respect to disturbance-recovery cycles. 

• In order to capture the mechanisms that maintain biodiversity at the floodplain 
scale, the connectivity among communities should be included, in order to fully 
understand how local communities are assembled.  

Because ecological processes unlikely to be Ill captured in a habitat affinity score (such 
as dispersal or biotic interactions) play such an important role in structuring floodplain 
communities, I argue that alluvial floodplains would be great laboratories to develop more 
ecologically-sound predictive models that ecologists are calling for (see Anderson et al. 2006, 
Lancaster et al. 2010, Shenton et al. 2012). 

Metacommunities in dynamic landscapes 

Finally, given the importance of landscape connectivity and dispersal, and the temporal 
variation in environmental conditions and hydrological connectivity, I suggest that future 
ecological research in alluvial floodplains should focus on investigating temporal changes in 
metacommunity organization. By first investigating the spatial and temporal scales at which 
regional processes take place and how these processes contribute to sustaining structural and 
functional diversity. Second, by identifying sites that contribute disproportionally to dispersal 
and the recolonization of other habitats and may therefore be of high conservation value. And 
third, by examining the specific influence of post-flood community composition on temporal 
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changes in metacommunity organization, which would effectively tie the changes in 
metacommunity assembly to flood magnitude. 
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