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ABSTRACT: Assessment of micropollutant biodegradation is essential to determine the persistence of potentially hazardous chemicals
in aquatic ecosystems. We studied the dissipation half-lives of
10 micropollutants in sediment−water incubations (based on the
OECD 308 standard) with sediment from two European rivers
sampled upstream and downstream of wastewater treatment plant
(WWTP) discharge. Dissipation half-lives (DT50s) were highly
variable between the tested compounds, ranging from 1.5 to 772 days.
Sediment from one river sampled downstream from the WWTP
showed the fastest dissipation of all micropollutants after sediment
RNA normalization. By characterizing sediment bacteria using 16S
rRNA sequences, bacterial community composition of a sediment
was associated with its capacity for dissipating micropollutants.
Bacterial amplicon sequence variants of the genera Ralstonia, Pseudomonas, Hyphomicrobium, and Novosphingobium, which are known
degraders of contaminants, were signiﬁcantly more abundant in the sediment incubations where fast dissipation was observed. Our
study illuminates the limitations of the OECD 308 standard to account for variation of dissipation rates of micropollutants due
to diﬀerences in bacterial community composition. This limitation is problematic particularly for those compounds with DT50s
close to regulatory persistence criteria. Thus, it is essential to consider bacterial community composition as a source of variability in
regulatory biodegradation and persistence assessments.

■

INTRODUCTION
Persistent micropollutants degrade slowly and remain for a
longer time in water, air, and/or soil, which makes them more
likely to pose a risk to humans and the environment than nonpersistent chemicals.1 Biodegradation is an important pathway
of removal for organic micropollutants in aquatic systems and
could determine their environmental persistence.2,3 However,
biodegradation is strongly aﬀected by environmental conditions
and at present cannot be predicted reliably using physical parameters to characterize the environmental matrix and compound
physicochemical properties alone.4,5
OECD 308 is a standard method for testing aerobic and
anaerobic transformation of chemicals in water−sediment systems.6
Dissipation half-lives (DT50s) obtained through OECD 308
can be compared with regulatory criteria, and therefore OECD
308 is frequently recommended in regulations as a tool to
assess persistence (e.g., REACH7). Dissipation can be driven
by biodegradation, abiotic degradation and/or sorption. These
dissipation processes depend on the experimental conditions;8,9
thus, observed DT50s for a given chemical may vary substantially.10 For instance, biodegradation rates are aﬀected by
aerobic/anaerobic conditions. Further, the potential for biodegradation and sorption may be aﬀected by the sediment
organic carbon content and sediment−water ratio.10 Another
parameter that may aﬀect the outcome of the OECD 308 is the
© 2020 American Chemical Society

concentration of the chemical. Concentrations used in reported
OECD 308 studies range from 40 to 50 μg/L8, 50 to 1000 μg/L,11
and 100 to 200 μg/L.12 Low micropollutant concentrations
may result in longer DT50s, due to the compound in question
being of limited bioavailability to its biodegraders.13,14 The
eﬀect of a high concentration on DT50s is dependent on the
biodegrader community: its biomass, physiological stage (growth,
maintenance or survival), adaptation potential as well as toxicity
of the chemical.13−17
The term “biodegradation” covers a wide range of biologically mediated transformation pathways of a pollutant. The
nature of these transformation processes, such as enzymatic
reactions and membrane/surface interactions, are poorly known
and vary among chemicals.18,19 Degradation pathways established
for single species in the laboratory provide insight into relevant
biodegradation pathways driven by microorganisms but may not
represent the degradation pathways in the environment. In nature,
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sampled are referred to as Fyris upstream and Fyris downstream
(F1 and F2), and Gründlach upstream and Gründlach downstream (G1 and G2). F2 and G2 are close to the sampling sites
in the respective rivers studied by Li et al.33 The sampled
sediments diﬀered in total organic carbon content (TOC) and
texture (SI Tables S1−S3)).
Compound Selection. Micropollutants addressed in this
study are commonly found in wastewater, have a broad range
of biodegradability and are expected to display a low sorption
potential to organic carbon (log DOW < 3, SI Table S4).
The set of micropollutants included an artiﬁcial sweetener,
acesulfame-K, caﬀeine, and eight pharmaceuticals: acetaminophen,
caﬀeine, carbamazepine, diclofenac, furosemide, metformin,
oxazepam, tramadol, and venlafaxine; see SI Table S4 for details.
Experimental Setup. Incubations following the OECD
308 standard were performed in 250 mL borosilicate glass
bottles, each containing 60 g of wet sediment and 180 mL of
synthetic river water (Figure 1C). Two test systems were set
with diﬀerent initial concentrations of the micropollutants:
high (H; nominal concentration of 2000 μg/L) and low (L;
20 μg/L). The low concentration of micropollutants was
higher than the levels measured in water from both rivers
(SI Table S4 and Li et al.33), but such concentrations have
been observed in other rivers.34,35 Lower concentrations were
avoided to ensure detection down to approximately 5% of the
initial concentration of the micropollutant. For the high concentration, comparable in situ levels have only been reported in
a study on an eﬄuent from a WWTP in India serving bulk
manufacturer companies.36 To compare the dissipation and
biodegradation between sediment and natural water, a test
system was setup with 200 mL of river water (W) and no
sediment. Two types of control incubations were established to
assess dissipation due to abiotic processes: sediment incubations
(SC) with triple-sterilized sediment (121 °C, 20 min) to
account for abiotic sorptive processes and water incubations
(WC) with triple-sterilized deionized water to account for
abiotic nonsorptive processes (Figure 1C). A set of sediment
incubations without chemicals served as an unamended control
(UC).
The synthetic river water used in the sediment−water
incubations (H, L, UC, and SC) was prepared from autoclaved
deionized water amended with macro- and micronutrients
(SI Table S4) as described elsewhere.12 After an acclimation
period of 10 days, the water above the sediment surface was
removed and replaced with a fresh synthetic river water containing a mixture of the 10 micropollutants. Triplicate incubations for each sediment (F1, F2, G1, and G2) were amended
with the micropollutant mixture at the two test concentrations.
The sediment controls (SC; n = 4) were amended with the
mixture at the high concentration (2000 μg/L) only. For the
river water (W; n = 12) and the water control incubations
(WC; n = 3), only 50 mL of surface water were removed and
replaced with amended synthetic water for a ﬁnal concentration of micropollutants of 2000 μg/L. All incubations were
kept at 16 °C for the duration of the test. The water phase was
aerated daily with pressurized air until oxygen saturation.
Oxygen and pH were monitored daily during the ﬁrst week
after spiking and at the end of the test (details in SI and Figure S1).
A sample of 1 mL of surface water was collected from each
incubation (H, L, UC, SC, W, and WC) after addition of the
micropollutant mixture (at ∼40 min and 4 h) and after 1, 2, 4,
7, 14, 21, 30, and 40 days. These samples were stored at
−20 °C until further analysis. At the end of the test, 10 g of

microbial consortia are more likely to perform biodegradation
than pure cultures, through complementarity in functional
traits.20,21 Therefore, it is relevant to study the degradation
capacity of microorganisms at community levels rather than in
individual taxa.22
Microbial communities in the environment include bacteria,
eukaryota, and archaea, which may all contribute to the dissipation of micropollutants.23−25 Bacteria, however, dominate
these communities in river sediments23−26 and possess a broad
array of functional traits as a product of rapid evolution of
enzymes and lateral gene transfer.20,27 It is therefore expected
that bacteria possess enzymes capable of the complete or
partial degradation of micropollutants. It has been proposed
that degradation pathways provided by a few taxa (“rare”
functions) are more likely to be present in communities with
high taxonomic diversity because they are likely to have functional saturation and harbor taxa with the rare function.28,29
Bacterial taxonomic diversity has been correlated to the overall
capacity for micropollutant degradation in wastewater treatment plants (WWTPs)28 and to the dissipation of 22 out of 31
micropollutants in a ﬂume study;30,31 showing that community
diversity serves as a predictor of the degrading capacity for the
majority of chemicals. However, the degradation capacity of
micropollutants can be uncoupled from taxonomic diversity
when chemicals are degraded by a wide range of functionally
redundant taxa or when taxonomic and functional diversity are
not strongly associated.29 The OECD 308 does not require an
assessment of the bacterial community, and thus the variability
in dissipation capacity due to diﬀerences in bacterial community
diversity and composition is neglected.
In this work, an experimental setup based on the OECD 308
standard was used to study the relationship between bacterial
community composition and the dissipation rates (expressed
as DT50s) of 10 common micropollutants. The collective
degradation capacity of the community was assessed instead of
the individual identities and degradation capacities of bacterial
isolates involved in biotransformation of the micropollutants.
The composition of bacterial communities can vary greatly
between rivers,32 which could result in diﬀerences in the
degradation capacity between them. Sediment from two rivers
impacted by a municipal WWTP, previously studied by Li
et al.,33 were used to test the hypothesis that the previously
observed signiﬁcant diﬀerences in the dissipation of micropollutants between the river sediments33 are associated with
diﬀerences in bacterial community composition in OECD 308
tests. Two sites were sampled in each river, up- and downstream from the discharge of a WWTP, to assess if the
sampling location could lead to diﬀerences in dissipation of
micropollutants. Two initial concentrations were used, including
a high concentration of micropollutants to evaluate if highly
concentrated micropollutants could lead to a reduced dissipation
capacity in OECD 308 tests.

■

MATERIALS AND METHODS
Study Sites and Sampling. Sediment and water samples
were collected from River Fyris in Sweden and River Gründlach
in Germany. Each river was sampled upstream and downstream
of the discharge point of a municipal WWTP (Figure 1A). The
rivers were chosen because Li et al.33 found signiﬁcant
diﬀerences between their relative dissipation of 14 pharmaceuticals. Speciﬁc details of the sediment characteristics and
sampling procedures are provided in Figure 1B and the
Supporting Information (SI, Tables S1−S3). The four sites
14381
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Figure 1. (A) Sampling sites in River Fyris (F) and River Gründlach (G) upstream (1) and downstream (2) of the discharge of the local WWTP
(map data: Google 2018, GeoBasis-DE/BKG). (B) Ammonium concentration (g/kg dry sediment), dry mass (% total sediment), nitrite/nitrate
concentration (mg/kg total sediment) and TOC concentration (% total sediment). (C) Experimental setup with sediment−water incubations at
high (H: 2000 μg/L; 12 incubations) and low (L: 20 μg/L; 12 incubations) initial micropollutant concentrations, river water (W; 12 incubations),
water control (WC; 3 incubations), sediment control (SC; 4 incubations), and a control without added micropollutants (UC; 12 incubations).

data were based on the 16S rRNA gene and include active and
nonactive fractions of the bacterial community.
Samples of transcribed cDNA and DNA were ampliﬁed in
20 μL duplicate reactions with PCR using the bacterial 16S
rRNA gene primers 341F45 and 805NR46 and barcoded with
dual index 2-step procedure (details in SI). After puriﬁcation,
pooled samples were submitted to SNP&SEQ Technology
platform at SciLife in Uppsala, Sweden for Illumina MiSeq
PE300bp sequencing with a 10% PhiX phage sequencing
library spike (details in SI). Approximately 21.4 million paired
reads were received. The DADA237 pipeline in QIIME238 was
used to analyze the 16S rRNA gene amplicon sequences.
Primers were removed ﬁrst using cutadapt39 (v2.7 with Python
3.7.6), and sequences were trimmed to a minimum of 249 bp
and a maximum of 301 bp. Quality ﬁltering was set to a
maximum of two expected errors for all sequences. Sequences
were then dereplicated and chimeric sequences were removed.
Taxonomy was assigned to amplicon sequence variants (ASVs)

sediment were collected from each treatment and stored at
−80 °C for bacteria community analysis.
16S rRNA and DNA Extraction and Sequencing. Using
RNeasy PowerSoil Total RNA Kit (Qiagen), total RNA was
extracted from the homogenized sediment samples (2 g) from
treatments H, L, and SC. The resulting RNA concentration in
each sample was assessed using a NanoDrop Spectrophotometer
(NanoDrop 2000, Thermo Scientiﬁc). DNA contamination was
removed by treating the extract with a DNase I (Invitrogen)
treatment for 15 min. Reverse transcription of the RNA was
conducted using RevertAid H Minus First Strand cDNA
Synthesis Kit (Thermo Fisher Scientiﬁc).
DNA and RNA were coextracted from water samples
(treatments W and WC) using a modiﬁed protocol from EasyDNA kit (Invitrogen, Carlsbad, CA),44 but only DNA could be
ampliﬁed in polymerase chain reaction (PCR). The sequencing
data of sediment samples were therefore based on 16S rRNA
and hence represent active bacteria, whereas the water sequencing
14382
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using the 99% ASV reference database SILVA 132.40 After
removing chloroplasts, Archaea, blank contamination ASVs
and singletons, 34,767 bacterial ASVs remained (details in SI).
The composition of the bacterial communities in the water
samples is shown in the SI (Figure S5).
Micropollutant Analysis in Water. Information on
chemicals and reagents is provided in the SI. Prior to analysis,
10 μL of the internal standard solution containing 25 ng of
each isotope-labeled compound were added to each water
sample. The sample was thereafter vortexed and ﬁltered into a
glass LC vial using a 0.45 μm PTFE syringe ﬁlter. The samples
from treatments at the high concentration level were diluted
20-fold with Milli-Q water before the internal standard solution
was added. All samples were analyzed with ultrahigh-performance
liquid chromatography (ACQUITY UHPLC system, Waters,
Manchester, U.K.) coupled with a triple quadrupole mass
spectrometer (Xevo TQS, Waters) based on the protocol by
Li. et al.41 Separation was achieved using an HSS T3 column
(100 mm × 2.1 mm, particle diameter of 1.8 μm; Waters).
More details on the analytical method and quality controls are
provided in the SI.
The measured concentrations in all treatments (H, L, W,
WC, and SC) were ﬁtted to pseudo-ﬁrst order dissipation
kinetics using the mkin package (version 0.9.49.5)42 in the R
software (version 3.6.1),43 to obtain the DT50s. The concentrations were ﬁtted directly to an exponential function as
neither outliers nor lag-phase were observed. Concentration
decline over time was generally well represented by ﬁrst order
kinetics, with a few exceptions (SI Table S8). The DT50s were
corrected for diﬀerences in biomass by normalizing kdis to RNA
concentration according to eq 1:9,44
DT50norm = BRNA × DT50

Article

these compounds using their peak areas. Detailed information
on the method is described in Li et al.45
Statistical Analysis. One-tailed t tests were used to
examine if the kinetic constant (k) was diﬀerent from zero.
A rank-based multivariate nonparametric MANOVA47 (package rankMANOVA in the R software) was used to evaluate the
eﬀects of river (F vs G), location (upstream vs downstream),
and initial concentration (H vs L) on the DT50s and DT50norm
for each of the test compounds. Tukey pairwise comparisons
were performed to investigate diﬀerences for individual factors
and compounds (function “pairwise”).47 Further details are in
the SI.
Fisher’s alpha diversity and Shannon diversity were calculated with the R phyloseq package (version 1.30.0)48 for each
sample in the H and L incubations. The ASV counts were
rareﬁed prior to calculation of Fisher’s alpha, whereas Shannon
diversity was calculated using nonrareﬁed data (details in SI).
Then, diﬀerences in diversity between rivers, location and
initial concentrations were evaluated with a three-way ANOVA
for each index. The assumptions of normality and homogeneity
of variance were inspected with Shapiro-Wilk and Levene tests,
respectively (SI Tables S17 and S18).
Community composition was compared between the rivers
and treatments using permutational multivariate analysis of
variance (PERMANOVA, function “adonis” in R package vegan49
version 2.5−6) after conﬁrming no violation of homogeneity of
variances50 among groups using “betadisper” and “permutest” also
in vegan with 999 permutations (F = 2.38, p = 0.09). To assess
further dissimilarities in community structure, a variance
stabilizing transformation (VST) available in the DESeq2 package
(version 1.26.0)51 was performed prior to evaluation of the
pairwise dissimilarity between the treatments using Euclidean
distance matrix followed by principal coordinate analysis (PCoA).
Diﬀerences in the ASV composition were related to the
dissipation capacity of the sediment by comparing ASV abundance in the sediment samples with the lowest normalized
DT50s of the test compounds (i.e., samples in which dissipation
was “fast”) to samples with long DT50s. The diﬀerential
abundance of bacterial genera between samples with fast and
slow dissipation was tested using the DESeq2 package and
nonrareﬁed ASV counts.52 Wald test and adjusted p-values
were used to determine if each calculated log2 fold-change
diﬀered signiﬁcantly from zero. For the purpose of this study,
taxa with a log2 fold-change ratio ≥ |2| and Benjamini-Hochberg
adjusted p-values ≤ 0.05 were considered diﬀerentially
abundant. The slow dissipation groups were used as reference,
therefore a log2 fold-change >0 implies that the genus is more
abundant in the fast dissipation group.

(1)

where DT50norm is the DT50 normalized to biomass (day·ng
RNA/g sediment) and BRNA is the RNA concentration in each
sample (ng RNA/g sediment). Normalization to RNA concentration instead of TOC9 was performed because it provides a
better proxy of the metabolically active mass of living organisms,
whereas TOC includes all organic matter present in the sediment.
The RNA extracted from environmental samples includes RNA
from archaea and microeukaryotes as well as from bacteria, and
therefore, normalizing 16S rRNA sequences to total RNA may
overestimate or underestimate the bacteria assemblage when
comparing between samples.
Identiﬁcation of Transformation Products. To conﬁrm
the occurrence of degradation in the test systems, a selection of
samples (SI Table S6) was analyzed with UHPLC coupled to a
Q Exactive HF Hybrid Quadrupole-Orbitrap MS (Thermo
Fisher Scientiﬁc, San Jose, CA) to identify well-documented
transformation products (TPs; carbamazepine: carbamazepine10,11-epoxide and 10,11-dihydro-10,11-dihydroxycarbamazepine; metformin: guanyl urea; tramadol: desmethyltramadol;
and venlafaxine: o-desmethylvenlafaxine). Chromatographic separation was achieved using a reversed-phase Hypersil GOLD aQ
C18 polar-end-capped column (2.1 mm × 100 mm; particle
size of 1.9 μm; Thermo Fisher Scientiﬁc) with a binary mobile
phase gradient consisting of (A) water and (B) acetonitrile,
both containing 0.1% formic acid. The nontarget screening
workﬂow has been established45 with an achieved identiﬁcation
conﬁdence level of I for all of the selected TPs except
desmethyltramadol for which the identiﬁcation conﬁdence
level II was achieved.46 Semiquantiﬁcation was carried out for

■

RESULTS AND DISCUSSION
Dissipation of Micropollutants in Bottle Incubations
with Sediment and/or Water. Variation in DT50s of Micropollutants in Sediment−Water Incubations. The 10 micropollutants displayed DT50s that ranged from <4 d for
acetaminophen in all sediment−water incubations to >200 d
for carbamazepine and acesulfame-K (Table 1), thus covering a
wide spectrum of dissipation rates. Large variations in DT50s
were observed for individual compounds (Table 1), with
higher relative standard deviations (RSD) of DT50s of compounds with slower dissipation (i.e., tramadol, acesulfame-K,
and carbamazepine, Table 1). We hypothesize that similar to
the ﬁndings in activated sludge of WWTPs,28 chemicals with
low environmental half-lives are degraded through broadly
14383
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a common TP of carbamazepine, was found in nonsterilized
incubations (H and L) and in the sterilized control (SC),
whereas substantially lower concentrations were found in the
control without added micropollutants (UC) for all sediment
types (Figure 2). The TP 10,11-dihydro-10,11-dihydrocarbamazepine was not consistently found. The occurrence
of carbamazepine-10,11-epoxide supports that carbamazepine
was degraded in H and L treatments and in the sterilized
control, and thus that the control was not sterile throughout
the incubation. Bacterial ASVs in the sterilized controls which
could support the degradation of carbamazepine are described
in SI Section S9.
Dissipation of Tramadol, Venlafaxine, and Their Transformation Products. The DT50s of oxazepam, tramadol, and
venlafaxine presented a similar pattern and were positively
correlated with each other (Pearson’s r > 0.70). These three
compounds had faster dissipation in incubations with sediment
from F1 and slower in sediment from G2 (Table 1). Similar
results were previously observed in situ for tramadol dissipation
in the same rivers.33 Data on dissipation reported in the literature
for oxazepam (DT50s: 54 to ∼240 days),62,67,68 tramadol
(DT50s: 2 to 151 days)41,58,69−71 and venlafaxine (DT50s:
5 to 137 days)58,69,71,72 vary widely, which further suggests that
bacterial communities in water and sediment can have diﬀerent
capacity to degrade such compounds.
Research on WWTP sludge has demonstrated that ion
trapping of amines in protozoa can reduce the available concentration of positively charged chemicals in the water phase,73 with
the consequence that the dissipation rate of tramadol and
venlafaxine (containing an amine functional group) may be
misinterpreted as biotransformation. In this study, TPs of both
tramadol and venlafaxine were detected at higher levels than in
the respective unamended controls (UC), but the time trends
diﬀered between the compounds. There was a clear increase of
desmethyltramadol in H and L treatments as well as in the
sterilized controls for the River Fyris sediments (Figure 2), the
sediments in which tramadol disappeared the fastest (Table 1).
In both River Gründlach sediments, the levels of desmethyltramadol were lower, which agrees with the slower dissipation
of tramadol observed particularly in G2. The TP of venlafaxine,
o-desmethylvenlafaxine, was detected consistently in samples
collected immediately after addition of the micropollutant
mixture, but the increase in concentration was less distinct than
for desmethyltramadol (Figure 2). The levels of o-desmethylvenlafaxine in the H and L treatments were higher than in the
UC in support of degradation occurring in the amended
treatments. In river Gründlach, both desmethyltramadol and
o-desmethylvenlafaxine increased at a slower rate (H) or increased
during the ﬁrst 7 days and then decreased (L), suggesting further
degradation of both TPs. Hence, the biodegradation of tramadol
and venlafaxine was supported by the data on transformation
products, and ion trapping in protozoa does not seem to be
a signiﬁcant process explaining decreasing concentrations of
these two compounds in the incubations.
Faster Dissipation of Diclofenac and Metformin at Low
Amended Concentrations. The DT50 for diclofenac was
signiﬁcantly lower at the low concentration level, as well as in
Gründlach sediments compared to Fyris sediments. Diclofenac
is susceptible to photodegradation, which was hypothesized to
be the relevant driver of the 60% dissipation previously observed
in situ in River Gründlach.33,74 Our study was performed in
the dark and therefore photolysis can be excluded. Hence, our

distributed functions carried out by many bacterial taxa present
in a wide range of sediment communities. In contrast, the
degradation capacity of more persistent chemicals can be more
heterogeneous in the environment leading to higher variability
in DT50s between sediments.
For all 10 micropollutants, signiﬁcant diﬀerences in DT50s
between the rivers and between test concentrations were found
(rankMANOVA: p < 0.05, SI Table S13). The river eﬀect was
signiﬁcant for carbamazepine, diclofenac, metformin, oxazepam, tramadol, and venlafaxine (p < 0.05, SI Table S15).
In general, lower DT50 values were found at the low concentrations compared to the high concentrations; the diﬀerence
was signiﬁcant for acesulfame, caﬀeine, carbamazepine, diclofenac,
and metformin. These results support our hypothesis that the
concentration used in OECD 308 may aﬀect the dissipation
capacity of the sediment13,14 and thereby have a signiﬁcant impact
on the determined DT50s. Moreover, the location eﬀect was
signiﬁcant for acesulfame-K, carbamazepine and oxazepam
(p < 0.05, SI Table S15). Neither river nor location was consistently more eﬃcient in dissipating all micropollutants.
Acesulfame-K Dissipates Faster in Incubations with
Sediment Sampled Downstream of WWTPs. In total, 13
DT50s from incubations using river sediment F1 and G1 (both
at high and low concentration) as well as with sediment F2
(only high concentration) (Table 1) exceeded the 120-day
persistence criteria in sediment7 or showed no signiﬁcant dissipation (kdis p-value ≥ 0.05). Acesulfame-K was the most persistent
micropollutant in our experimental setup, which agrees with earlier
ﬁndings both in a previous dissipation study in Rivers Fyris and
Gründlach33 and in a lake study.53 Adaptation and evolution of
bacterial catabolic biodegradation of acesulfame-K in WWTPs was
recently reported54,55 in agreement with ﬁndings that WWTP
discharge can aﬀect bacterial functions related to micropollutants
in rivers and lakes, such as antibiotic resistance.56,57
The faster dissipation of acesulfame-K in sediment G2 after
the WWTP also suggests that the pre-exposure to acesulfame-K
through WWTP discharge has enhanced the bacterial capacity
for its biodegradation in this particular river. This capacity for
dissipation of acesulfame-K potentially developed between the
time of the study by Li et.al.33 (2014) and the present study
(2016), in line with the timeline proposed by Kahl et al.54 for
German Rivers Elbe and Mulde. However, the faster dissipation
of acesulfame-K in sediment F2 compared to F1 was only
observed at the low concentration, in support of our ﬁnding
that the biodegradation capacity of (some) sediment bacterial
communities can be reduced at exposure to high concentrations
of micropollutants.
Degradation of Carbamazepine Supported by the
Occurrence of Its Transformation Products. Carbamazepine
had DT50s above the persistence criteria for sediment in all six
incubations with sediment from G2, but DT50s were lower
than the 120-days criteria in sediments F1, F2, and G1 (Table 1).
Carbamazepine was found to dissipate slower than other
compounds in river studies,33,58 laboratory experiments30,59−63
and lake studies.64,65 Faster dissipation of carbamazepine in
sediment−water systems has been reported to be due to sorption
to organic matter,60,66 in line with carbamazepine’s comparably
high log Dow of 2.8 (SI Table S4). Carbamazepine (and
furosemide) had DT50s from incubations with nonsterilized
sediment (H) and sterilized sediment controls (SC) that were in
the same range (<30% diﬀerence) for most samples (Table 1, SI
Table S9), which could indicate an impact of sorption on the dissipation in nonsterilized treatments. Carbamazepine-10,11-epoxide,
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Figure 2. Time series of peak areas of parent compounds carbamazepine, tramadol, venlafaxine, and metformin and their corresponding
transformation products (TPs; 10,11-dihydro-10,11-dihydroxycarbamazepine, carbamazepine 10,11-epoxide, desmethyltramadol, o-desmethylvenlafaxine, and guanylurea), which were measured in one replicate of the high (H) and low (L) concentration incubations, the sediment control (SC)
and the unamended control (UC). The symbol of TP2 is only used for carbamazepine 10,11- epoxide.

data support previous ﬁndings of bacterial degradation of
diclofenac.75
Dissipation of metformin was signiﬁcantly diﬀerent between
the sediment from the two rivers and between concentrations,
with faster dissipation in Fyris and at low concentrations. Other
studies have also found diﬀerences in metformin dissipation and
suggested that biodegradability depends on bacterial adaptation.58,76−79 A major TP of metformin, guanyl urea, was detected
in all sediments at the high concentration (H) (Figure 2). The
increasing trend of guanyl urea over time agrees with the
decreasing concentration of the parent compound metformin,
supporting the ongoing bacterial degradation of metformin in
the H system.
Acetaminophen, Caﬀeine, and Furosemide Showed No
Diﬀerences in Dissipation between the Sediments. Neither
river nor location eﬀects were signiﬁcant for the compounds
with the lowest DT50s in the sediment−water incubations:
acetaminophen (DT50s < 4 days), caﬀeine (DT50s < 10 days)
and furosemide (DT50s 6−84 days). Fast dissipation could
indicate that bacteria capable of degrading these compounds
were ubiquitously present. No dissipation of acetaminophen
was observed previously in Fyris,33 but caﬀeine was not included
in the previous study. Acetaminophen and caﬀeine have
dissipated fast in previous experimental studies with DT50s of
1−28 days41,59,80 and 2−13 days,15,59,67 respectively. Acetaminophen was the only compound with dissipation in the deionized
water control (Table 1), indicating that hydrolysis contributes to

the overall dissipation observed in the treatments, in congruence
with previous results.15 In the previous ﬁeld study, furosemide
had the highest removal in river Gründlach33 but this was not
observed in our study. However, degradation by photolysis
could be relevant for furosemide in the ﬁeld,81 which would
agree with fast removal in the shallow river Gründlach compared
to the deeper river Fyris with higher turbidity and less light
penetration depth. As furosemide had substantial dissipation in
the sterile control (SI Table S9), this compound could be
degraded by bacteria present in the control or be subject to
sorption in the sediment.
Implications of Normalization of DT50 Values by RNA
Concentration. Previous biodegradation studies in activated
sludge with normalized DT50s have used TOC, particulate
organic carbon or total suspended solids as estimate of biomass.
Biomass is used for normalization under the assumption that the
fraction of degraders in all sediments is proportional to the
overall biomass. It would be preferable to use the abundance of
the degraders, functional biomass, or enzyme concentration,82
but as this information is not available for most micropollutants,
it is currently not possible to calculate normalized DT50s with
higher speciﬁcity. In this study, total RNA concentration was
used to estimate the extracted active microbial biomass for
normalization of DT50s, though there are limitations of this
approach83 including diﬀerences in mRNA transcription and
RNA degradation rates. The RNA concentrations in the sample
extracts were >10 times lower in G2 compared to G1, F1, and
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Figure 3. RNA concentration in the extracts from sediments exposed to high concentration (H), low concentration (L), and in the sterilized control
(SC). The labels F1, F2, G1, and G2 correspond to the sampling locations: River Fyris or River Gründlach, upstream or downstream the WWTP.

F7,15 = 4.63, p = 0.001, between rivers F1,19 = 13.7, p = 0.001)
and diﬀered signiﬁcantly between the rivers (Figure 4B,
SI Figure S4). Moreover, community composition in River
Gründlach diﬀered between the locations (perMANOVA,
F1,19 = 5.28, p = 0.005), whereas location was not a signiﬁcant
factor in River Fyris (Figure 4B). Thus, the fast dissipation of
micropollutants in sediment G2 compared to F1, F2, and G1,
could not be completely explained by diﬀerences in diversity
nor biomass (with RNA concentration as a proxy for biomass),
but it could be associated with diﬀerences in bacterial community composition. The diﬀerences in bacterial community
composition between rivers and locations could be driven by
various factors such as temperature, hydrology, nutrient load or
the quality of organic matter.88 Nutrient levels (SI Table S1)
were indeed diﬀerent between River Fyris (F1 and F2) and the
sites in River Gründlach (G1 and G2), with TOC being substantially lower in G2. One additional factor inﬂuencing the
bacterial community could be the input of WWTP discharge in
river Grü ndlach. Bacterial communities downstream of
WWTPs are continuously exposed to micropollutants, bacteria
from the activated sludge as well as high nutrient and organic
carbon loads through wastewater. Each of these parameters can
alter bacterial community composition and degradation capacity
compared to the less exposed upstream communities.89,90
Diﬀerential Abundance of Bacteria and Links to
Dissipation of Micropollutants. Further analysis of
DT50norm and bacterial community composition was performed
with the assumption that fast dissipation occurs partly because
some of the bacteria with higher representation contribute to
the biodegradation of micropollutants. Overrepresented bacteria
could either contribute directly to biodegradation through the
production of enzymes able to transform the micropollutants, or
indirectly by providing complementary functions to the bacterial
community which enable biodegradation. There were 826
bacterial ASVs which had signiﬁcantly diﬀerent relative abundances (log2 fold change > |2| and p-adjusted <0.05) between
the G2 sediment (where the fast dissipation was observed) and
the F1, F2, and G1 sediments (which had slower dissipation)
(SI Table S21). About one-third of these ASVs were significantly more abundant in G2 (n = 281, log2 fold-change >2)
and the remaining ASVs were more abundant in F1, F2, and
G1 (n = 545, log2 fold-change <2).
One ASV of the genus Pseudomonas was signiﬁcantly more
abundant in G2 sediment and has been associated in the
literature with biodegradation of carbamazepine and acetaminophen (see SI Table S4), as well as atrazine and polycyclic
aromatic hydrocarbons.91,92 The genera Hyphomicrobium and

F2 (Figures 1B and 3), thus G2 has the lowest estimated
biomass. The concentrations of TOC, nitrate/nitrite and
ammonium (SI Table S1) were also lower in G2 compared to
G1 and the sediment from the two sites in River Fyris (F1 and
F2). Low levels of C and N were likely to limit the biomass
production in G2.
Because of the lower concentrations of RNA in sediment
G2, the DT50norm values of all compounds were signiﬁcantly
lower in G2 compared to F1, F2 and G1 (p < 0.05, SI Table S16).
Signiﬁcant overall diﬀerences in DT50norm between the two
rivers, locations, and concentrations (rankMANOVA: p < 0.05,
SI Table S13) were observed. The RSDs of DT50norm were
more homogeneous, ranging from 70 to 85% for most compounds
(acetaminophen, acesulfame, caﬀeine, furosemide, metformin,
oxazepam, and venlafaxine, Table 1), but were not generally
lower than RSDs of raw DT50s. In contrast to our results,
previous studies have proposed that normalization to biomass
leads to DT50s that are more robust because higher biomass
levels can lead to higher biodegradation.9,44,84,85
Bacterial Communities in Sediment Based on 16S
rRNA Amplicon Sequences. Bacterial Community Diversity and Composition. The Fisher’s alpha and Shannon
indices (Figure 4A) representing taxonomic diversity did not
diﬀer signiﬁcantly between the rivers, locations and concentration levels (ANOVA: p < 0.05, SI Table S19 and S20). The
taxonomic diversity of bacterial communities in the sediment
used in this study did not correlate to the diﬀerences in dissipation capacity of micropollutants: fast dissipation occurred
in sediment G2 (normalized DT50s), but the corresponding
bacterial community did not have higher diversity than in
sediments F1, F2, or G1. In contrast to our observations, higher
diversity resulted in increased dissipation of 20 out of 31
micropollutants in a study with recirculating ﬂumes.30,31 In the
ﬂume study,31 it is possible, however, that the taxonomic
diversity of the sediment bacterial communities was correlated
to the functional diversity because the range in diversity was
created by diluting one sediment with sand (using the “dilution
to extinction” approach). In the present study, the taxonomic
diversity was instead the result of sediment sampled in
diﬀerent rivers and locations within the river. As functional
diversity may be more representative of increased dissipation
of micropollutants, one reason for the lack of a correlation
between taxonomic diversity and micropollutant dissipation in
our study could stem from a lack of relationship between the
taxonomic and functional diversity.86,87
Despite similar diversity indices, overall bacterial community
composition diﬀered across sample types (PERMANOVA:
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Figure 4. Bacterial community characteristics based on 16S rRNA gene sequences: (A) Fisher’s alpha and Shannon diversity indices; (B) PCoA
based on Euclidian distance; (C) heat map showing the relative abundance (with variance stabilizing transformation − VST) of the 20 ASVs with
the highest and lowest fold-change. The ASV Family was used as a label and if unavailable, the Phylum is listed in parentheses.

Novosphingobium, both associated with degradation of hydrocarbons,93,94 also had overrepresented ASVs in G2 (8 and
6 ASVs, respectively). Two overrepresented ASVs in G2 of the
genus Ralstonia, family Burkholderiaceae, are also prominent:
one had the highest relative abundance (10%) in G2, and one
had the highest fold change (log2 fold-change = 25.8). Members
of this genus, such as Ralstonia pikketti, Ralstonia eutropha, and
Ralstonia basilens, are known to biodegrade organic pollutants.95−97 Overall, the family Burkholderiaceae, with 20 ASVs
that were more than 100-fold abundant at G2, contains environmental saprophytic bacteria, which could be relevant for
micropollutant degradation.98 Other overrepresented families
in G2 (log2 fold-change >7) included several aerobic bacteria
which have been found in soil or WWTPs (e.g., Gemmatimonadaceae and Chthoniobacteraceae), aerobic chemoorganotrophic bacteria (e.g., Rhizobiaceae, Ilumatobacteraceae, some of
which have been associated with dissipation of organic contaminants) and bacteria involved in the nitrogen cycle (e.g.,
ammonia oxidizers from Nitrosomonadaceae and the nitriteoxidizers from oxidizing Nistrospiraceae).98 Most of the overrepresented ASVs in sediment G2 did not have an assigned
taxonomic family (79) or genus (146).
The higher relative abundance of possible micropollutant
degraders in G2 compared to G1, F1, and F2, supports the
ﬁnding that fast dissipation of micropollutants (especially
acesulfame-K) occurred in G2. Although other sediment

characteristics were diﬀerent in G2, the lower concentrations
of TOC and nitrogen compounds (SI Table S1) are not
expected to be associated with higher dissipation capacity.67
Micropollutant dissipation capacity of freshwater sediments
can be seen as an ecosystem function. Bacterial community
structure can be decoupled from environmental conditions
(e.g., pH, temperature, nutrient and carbon content), and thus
the use of diversity or community structure in addition to environmental variables has improved the prediction of ecosystem
functions, such as N and C cycling,99,100 as well as micropollutant
dissipation. However, the understanding of how ecosystem functions are determined by bacterial community structure remains
limited.101,102
Overall Association between DT50s and Bacterial
Community Composition. Our ﬁndings demonstrate that
there can be an association of the sediments’ dissipating capacity
of micropollutants and bacterial community composition, thus
aﬀecting DT50s generated for regulatory purposes with the
OECD standard. The variation in the non-normalized DT50s
is enough to aﬀect the persistence assessment of a compound,
especially when a single DT50 is compared to threshold
criteria (e.g., REACH cutoﬀ value for sediment of 120 days).
This ﬁnding calls for better-deﬁned boundaries on standard
tests such as the OECD 308. Interpretation of normalized
DT50s is currently diﬃcult in the context of regulation due to
lack of threshold criteria. Normalization of the DT50s to RNA
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concentrations did not reduce the variability among DT50s but
does correct for variability due to biomass, thus providing
information on the role of bacterial community composition
for the sediment’s dissipation capacity. Sediment from River
Gründlach downstream of the WWTP consistently had the
highest dissipating capacity for all micropollutants after correcting for RNA concentrations in the sediment. The sediment
from River Gründlach also had a higher relative abundance of
potential micropollutant degraders. The inﬂuence of bacterial
communities has so far been overlooked when interpreting
DT50s of micropollutants, but our ﬁndings show that the
observed intracompound diﬀerences between “fast” and “slow”
dissipation may be at least partially attributed to the diﬀerences
in the bacterial community composition of the sediment. The
microbial community consists not only of bacteria, and thus
the contribution of other organisms to the DT50 variability
needs to be investigated further if we are to understand the biodegradation capacity of sediments. Although challenging, it is
crucial to combine theory and methods from several disciplines
to generate knowledge that contributes to better understanding
of the complex processes and interactions that micropollutants
undergo in the environment. The associations between community structure and DT50 that are presented in this study are
correlative, and more research is needed to identify the bacteria
driving environmental dissipation of micropollutants, and to
better understand how to extrapolate results from laboratory
experiments to environmental systems. Our ﬁndings can help
to generate hypotheses on the roles of bacterial community
diversity and structure on the dissipation of chemicals, and,
ultimately, on how environmental stressors aﬀect bacterial
community diversity and composition.
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