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A B S T R A C T

Biotransformation is the most important process removing manmade chemicals from the environment, yet mechanisms governing this essential ecosystem function
are underexplored. To understand these mechanisms, we conducted experiments in flow-through systems, by colonizing stream biofilms under different conditions of
mixing river water with treated (and ultrafiltered) wastewater. We performed biotransformation experiments with those biofilms, using a set of 75 micropollutants,
and could disentangle potential mechanisms determining the biotransformation potential of stream biofilms. We showed that the increased biotransformation po
tential downstream of wastewater treatment plants that we observed for specific micropollutants contained in household wastewaters (downstream effect) is caused by
microorganisms released with the treated effluent, rather than by the in-stream exposure to those micropollutants. Complementary data from 16S rRNA ampliconsequencing revealed 146 amplicon sequence variants (ASVs) that followed the observed biotransformation patterns. Our results align with findings for community
tolerance, and provide clear experimental evidence that microorganisms released with treated wastewater integrate into downstream biofilms and impact crucial
ecosystem functions.

1. Introduction
Establishing causal relationships between wastewater treatment
plant (WWTP) effluents and effects on microbial community functions of
the receiving aquatic ecosystems is challenging (Stamm et al. 2016).
However, considering the increasing anthropogenic pollution impacting
aquatic environments on a global scale, there is an urgent need to un
derstand the mechanisms leading to functional changes of these crucial
ecosystems (Caliman and Gavrilescu 2009, Gavrilescu et al. 2015,
Posthuma et al. 2020). Treated effluent from WWTPs has, for instance,
been recognized as one of the most dominant sources of antibiotic
resistant bacteria and resistance genes to the environment (Collignon
et al. 2018, Ju et al. 2019). Further, microbes released with treated
effluent have been shown to increase organic matter decomposition
downstream of WWTPs (Burdon et al. 2020). These observations raise
the question whether the presence of treated effluent might also effect
other carbon cycling-related processes such as the extent of removal of
manmade chemicals from the environment through biodegradation.
Micropollutants (MPs) are manmade chemicals present in the envi
ronment in the low µg to ng/L range. They encompass many bioactive
compounds, which might affect aquatic ecosystems, such as

pharmaceutical ingredients or pesticides released through various
pathways such as WWTP effluents or agricultural runoff (Wen et al.
2017). While microbial biotransformation is recognized as the main
contributor to the ultimate removal of MPs from water (Fenner et al.
2013), removal rates can vary significantly between microbial com
munities (Achermann et al. 2018b, Latino et al. 2017, Wang et al. 2018).
Yet, factors leading to an increase or decrease of biotransformation are
only partially understood.
In a previous field study, we investigated MP biotransformation in
biofilms grown in rivers up- and downstream of two WWTP outfalls,
where the upstream river sections received no wastewater input, to
explore how exposure history impacts MP biotransformation (Desiante
et al. 2021). For a specific subset of compounds, we found an increased
biotransformation potential in the downstream biofilm communities
compared to the upstream ones (i.e., a ‘downstream effect’). A similar
effect has previously been observed for the artificial sweetener acesul
fame in biotransformation studies with river sediments (Coll et al.
2020). We concluded that understanding the spatial and temporal extent
of increased biotransformation as well as the nature of MPs actually
showing a downstream effect is essential to properly assess the risk
related to the release of MPs to the aquatic environment. We
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hypothesized that the downstream effect was either due to the presence of
MPs in the WWTP effluent, or due to the immigration of microorganisms
released from the high-load activated sludge compartment of WWTPs.
Depending on the actual mechanism, the relevance of the downstream
effect may differ substantially. Given the ubiquitous presence of MPs in
streams impacted by urban and agricultural wastewater, it is perceivable
that in-stream effects of chemicals may extend over long distances.
Contrastingly, if functional changes are mainly induced by the release of
adapted microorganisms, their spatial extent might be more limited.
While for AR the longitudinal effect has recently been shown to decrease
rapidly (Lee et al. 2021), such data is missing for biotransformation of
MPs.
In the present study, we set out to elucidate the mechanisms un
derlying the increased MP biotransformation potential of biofilms grown
downstream of WWTP outfalls relative to upstream biofilms (‘down
stream effect’). In support of such mechanistic understanding, we further
asked what the compounds showing a downstream effect had in common.
We additionally aimed to set our findings in relation to another
ecologically relevant endpoint studied in the same series of experiments,
i.e., the increased tolerance of downstream communities towards toxic
MPs (Carles et al. 2021, Tlili et al. 2016). Therefore, in a first experi
ment, we attempted to reproduce the field observations reported in
Desiante et al. (2021) under controlled conditions in an experimental
flume system in which stream biofilms were cultivated at different ratios
of river water and treated wastewater (WW). We then investigated the
biotransformation capacity of these biofilms toward a pre-defined set of
75 MPs (‘study compounds’). We chose the study compounds in our ex
periments such as to include a structurally diverse set of
wastewater-borne and non-wastewater-borne MPs to reveal if observed
effects relate to specific (physico-)chemical or structural properties of
the compounds and/or to specific exposure situations, and to discuss
potential enzymatic pathways. In a second experiment, we modified the
system in order to remove particles and microbes from WW, while
keeping the other physicochemical parameters (i.e., MP concentrations,
nutrients, temperature, etc.) as constant as possible. This allowed us to
disentangle the effects of exposure to MPs and exposure to
wastewater-borne microorganisms on biofilm MP biotransformation
potential, while excluding influences from other factors. Concomitantly,
we monitored influent and effluent MP concentrations of the WWTP
producing the treated effluent for our experiments in order to compare
removal of MPs in the WWTP to their biotransformation in the biofilms.
Finally, we analyzed differences in the community composition in order
to highlight taxa whose abundance patterns align with the downstream
effect.

installed to ensure a photoperiod of 12h light and 12h dark. The WW for
this setup was produced in a pilot-size wastewater treatment plant (100
person equivalents) using standard activated sludge treatment for
nitrification and denitrification, with the influent originating from a
municipal sewer in the catchment of Dübendorf, Switzerland. The river
water derived from a small, peri-urban stream (Chriesbach; Dübendorf,
Switzerland). The treatments in the channels were adjusted to nominal
concentrations of 0% (control treatment), 10%, 30% and 80% WW ,
mixed in with river water, resulting in four biological replicates per
treatment (0% WW, 10% WW, 30% WW and 80% WW, respectively).
Manual adjustment of the treatment concentrations in the channels was
done on a daily basis. The treatments were randomly distributed in the
16 channels to avoid block effects and minimize systematic external
influences. Biofilms were allowed to grow in the water-fed channels on
supporting glass slides for a period of four weeks from 19th of June to
15th of July 2019. During biofilm colonization, water parameters (pH,
temperature, conductivity and dissolved oxygen) were measured
manually on a daily basis in the 16 channels, and 20 water quality pa
rameters were monitored weekly. Additionally, during the colonization
phase, 52 organic micropollutants originally selected by Munz et al.
(2017), 30 of which were overlapping with the study compounds, were
monitored in the 16 channels, in the two water sources, and in the
biofilms (Carles et al. 2021). Further information on the experimental
system are given in (Carles et al. 2021).
2.3. Maiandros experimental system Exp 2
The second experiment (Exp 2) was conducted using a modified
version of the system used for Exp 1. One major change was the
installation of an ultrafiltration (UF) unit with a nominal pore size of 0.4
µm, allowing for the removal of particulates, including microorganisms,
from WW. Thus, in this system, we had three sources of water, i.e., river
water, WW, and ultrafiltered WW. Further, four additional flow-through
channels were added to the system, resulting in 20 channels in total. The
water sources were used to create five treatment conditions in the
channels, consisting of 0% (control treatment), 30% and 80% WW, and
30% and 80% ultrafiltered WW mixed in with river water, resulting in
four biological replicates per treatment (0% WW, 30% WW, 80% WW,
30% UF and 80% UF, respectively). Different from Exp 1, the mixing
ratios in the channels were controlled automatically based on on-line
conductivity probes of the three water sources. Biofilms were allowed
to grow in the water-fed channels on supporting glass slides for four
weeks from 11th of February to 9th of March 2020. During biofilm
colonization, water parameters (pH, temperature, conductivity and
dissolved oxygen) were measured manually on a daily basis in the 20
channels (SI section S1.2 and Table Appendix A1), and 20 water quality
parameters were monitored weekly, using standard methods (SI sections
S1.2 and S1.5 and Table Appendix A2) (FOEN 2020). Additionally, the
same 52 organic micropollutants as in Exp 1 were monitored in the 20
channels, in the river and WW sources, before and after ultrafiltration,
and in the biofilms (SI sections S1.3, S1.4 and Tables Appendix A3 – A7).
A full description of the experimental flow-through channel system used
for Exp 2 can be found in the SI section S1.1.

2. Materials and methods
2.1. Overview
In order to cultivate stream biofilms, an indoor version of the
Maiandros experimental flow-through channel system, described by
Burdon et al. (2020), was used. The biofilms grown in the channel sys
tem were then used to perform two biotransformation experiments (Exp
1 and Exp 2). To do so, biofilms were suspended, spiked with a mixture
of 75 MPs (‘study compounds’), and sampled over the duration of the
experiments.

2.4. Study compounds
For the biotransformation experiments, a micropollutant mixture of
75 compounds was prepared, referred to as study compounds. The study
compounds were chosen based on previous work (Desiante et al. 2021).
They comprised multiple use classes (i.e., antibiotics, anti-corrosion
agents, artificial sweeteners, fungicides, herbicides, insecticides and
pharmaceuticals; Table S1), and were chosen because of their relevance
to surface waters, i.e. potential exposure and/or potential toxic effects to
aquatic organisms. In order to explore how exposure to MPs influences
the biotransformation potential of stream biofilms, we chose the study
compounds such that roughly half of the compounds typically occur in

2.2. Maiandros experimental system Exp 1
The experimental channel system Maiandros, used to cultivate
stream biofilms for Exp 1, was described thoroughly by Burdon et al.
(2020) and by Carles et al. (2021) for changes specific to the indoor
iteration. Briefly, the experimental system, consisting of 16 equivalent
flow-through channels, was fed with two sources of water, i.e., river
water and treated wastewater (WW). A lighting system that reproduces
the sunlight spectrum (Philips Master LED tube HF 1200 mm) was
2
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wastewater, while the rest of the compounds typically are thought to
enter the aquatic environment via different pathways (e.g., run-off from
agricultural fields). Moreover, the study compounds were chosen to cover
a broad range of molecular structures and, thus, potential initial
biotransformation reactions (Desiante et al. 2021). HPLC grade chem
icals were purchased from Sigma-Aldrich GmbH, Honeywell Specialty
Chemicals, HPC Standards GmbH, Dr. Ehrenstorfer GmbH, and Toronto
Research Chemicals. The 75 study compounds were combined in a
spiking mix in EtOH (1 mg/L). For analysis, a mixture of 178 labelled
internal standards (25 µg/L in EtOH) was spiked to the samples and
assigned to the respective study compounds. A complete list of the study
compounds and assigned internal standards is given in Table S1.

concentrations can be found in SI section S2.1.
2.7. WWTP sampling
During the biofilm colonization phase of Exp 1, a three-day timeproportional composite sample of the WWTP influent was taken between
8th – 11th of July 2019 and a four-day composite sample of the effluent
between 7th – 11th of July 2019. During Exp 2, three weekly timeproportional composite samples of the WWTP influent, effluent and the
ultrafiltered effluent were taken between 11th of February – 10th of March
2020, which were later combined to three-week composite samples. After
sampling, the samples were immediately frozen (-20◦ C). Before HRMS
analysis, the samples were allowed to thaw at 4◦ C overnight, 10 mL
subsampled into 15 mL centrifuge tubes and centrifuged (20◦ C, 3800 g, 15
min). From these, 1 mL subsamples were pipetted into amber HPLC vials
and spiked with 20 µL of the internal standard mix. Further information on
the WWTP and evaluation of WWTP samples can be found in SI section S3.

2.5. Biotransformation experiments
The two biotransformation experiments (Exp 1 and 2) were con
ducted in a similar manner as described in Desiante et al. (2021). Briefly,
biofilms grown on five glass slides (210×75×4 mm per slide) from one
channel (i.e., one biological replicate) were scraped off the glass slides
and combined to form a stock suspension in artificial river water, i.e.,
periquil (Stewart et al. 2015). Standardization to similar biomass con
centrations was done by optical density (OD) measurements at 685 nm,
and by further diluting samples with higher biomass. From these stock
suspensions, subsamples of 120 mL, 110 mL, and 120 mL were taken for
the biotransformation experiment (BT), a sorption control (SC) and a
biological control (BC), respectively. BC batches were used to investi
gate the influence of the spiked MPs on biofilm growth. Additionally,
abiotic controls (AC), consisting of only artificial river water, were
prepared. SC and AC batches were autoclaved (121◦ C, 2 bar, 20 min)
before the start of the experiment. The experiments were conducted at
16◦ C. BT and BC batches were exposed to a 12 h light-dark cycle (Philips
10NC MAS LEDtube Value HF 1200 mm 16.5W865; 1600lm each; 865
Cool daylight; Photosynthetic Photon Flux Density (PPFD): 100 - 130
μmols− 1m− 2 at the height of the vessels). To start the experiment, 100 μL
of spiking mix was added to each BT, SC and AC experimental vessel,
resulting in a final concentration of approximately 1 μg/L of each sub
stance (Table S1), while the BC batches were spiked with the same
amount of pure EtOH. All experimental vessels were placed on labora
tory shakers and shaken circularly at 150 rpm. Aqueous samples (1.5
mL) of the BT batches were taken before and at approximately 0, 1, 2, 4,
8, 24, 48, 72 and 96 hours after the start of the experiment, while
samples of the SC and AC batches were taken before and at approxi
mately 0, 4, 24, 48 and 72 hours after the start of the experiment.
Samples were centrifuged (15 min, 4◦ C, 21’130 g), the supernatant (1
mL) was transferred into an amber HPLC vial, spiked with 20 μL internal
standard mix to a concentration of 0.5 μg/L and then immediately frozen
(-20◦ C) until analysis. Biofilm samples for determining solid phase
concentrations were taken from the stock suspensions (before the start of
the experiment), and at 48 and 96 h after the start of the experiment for
the BT batches and at 48 and 72 h for the SC batches in Exp 1, and at 24,
48 and 96 h for the BT batches and at 24, 48 and 72 h for the SC batches
in Exp 2, respectively. To do so, 10 mL of the suspension were sampled,
centrifuged (15 min, 23◦ C, 3’800 g), the supernatant discarded and the
pellet frozen (-80◦ C) until further extraction.

2.8. Micropollutant analysis
In order to determine chemical concentrations, the same procedure as
described in Desiante et al. (2021) was used. Briefly, reverse phase liquid
chromatography coupled to a QExactive Plus (Thermo Scientific) was
used to gather positive and negative full-scan MS spectra. Samples taken
at 0 h after spiking were measured three times (technical triplicates) for
every biological replicate. Micropollutant data analysis was performed
according to Desiante et al. (2021). Target quantification for the 75 study
compounds was done using the software Tracefinder 4.1 (Thermo Scien
tific). Technical triplicate measurements were used to calculate the
analytical error of the measurements. Further data evaluation of experi
mental data was conducted in R version 3.6.1 (R Core Team 2017). Figures
of concentration-time series were produced using the package ggplot2
(Wickham 2016). Concentration-time series were used to calculate
first-order rate constants (kbio) for every single biological replicate,
assuming pseudo first-order kinetics, which were then averaged in order
to obtain kbio values for the investigated treatments (see Tables S2 and S3
for kbio values of biotransformed compounds). R2 was used as quality
indicator of the fit. For visualization, linear regression models were fitted
to the log-transformed values of the normalized data (c/c0, i.e., the
measured concentration divided by the starting concentration) including
all replicates (n = 4) of each treatment. Concentration-time series of all
evaluated study compounds and linear regression plots for the study com
pounds that have been primarily biotransformed are displayed in Figures
S7 and S8. Solid phase concentrations measured in biofilm samples were
used to evaluate mass balances (Figures S9 and S10). Based on these,
dominant fate processes were assigned to each compound as described in
Desiante et al. (2021) (SI section S2.1). In order to compare biotransfor
mation trends across the biotransformed chemicals and the biofilm
communities, we level-normalized the calculated kbio for each chemical
across treatments and created heatmaps using the R package pheatmap
(Kolde 2015, van den Berg et al. 2006).
2.9. Bacterial abundance quantification by flow cytometry
During the biofilm colonization phase of Exp 2, six samples for flow
cytometry were taken from the treated wastewater buffer tank (WW)
and directly after ultrafiltration (UF) on day two, nine, 16, 19, 21 and 23
after starting the colonization. During the biotransformation experi
ments Exp 1 and Exp 2, samples of the BT and BC batches were taken
right before spiking and at 48 and 96 h. The sample processing and
measurements were conducted in the same way as described in Desiante
et al. (2021). Briefly, 5 mL of the samples were fixated with 5 mL buffer
solution (4% paraformaldehyde + 0.2 % sodium pyrophosphate) in glass
vials and stored at 4◦ C. After ultrasonication (4×20s), the samples were
diluted, stained with 1% SYBR® Green (1:100 dilution in DMSO) and
incubated at 37◦ C for 10 min. Measurements were conducted on a BD

2.6. Biofilm extraction
In order to determine solid phase concentrations, the QuEChERS
extraction method described in Desiante et al. (2021) was used. Briefly,
lyophilized biofilm samples were spiked with a mix of isotope-labelled
standards to correct for losses during extraction, sample processing
and measurement. ACN/ultrapure H2O were then added to the sample to
result, upon phase-separation, in an ACN extract, which was stored at
–20◦ C until evaporation under N2. Consecutively, the residue was
redissolved in 1000 µL ultrapure H2O and measured by means of mass
spectrometry. Further information on evaluation of solid phase
3
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Accuri C6® flow cytometer (BD Accuri, San Jose CA, USA). Flow
cytometry data processing and analysis was done with the BD AccuriTM
C6 Analysis software. Obtained total cell counts were used for graphical
representation in R version 3.6.1 with the package ggplot2 (R Core Team
2017, Wickham 2016). For bacterial abundance time patterns, please
see SI sections S2.3 and S2.4.

2.12. 16S rRNA amplicon sequencing
Total genomic DNA was extracted from an aliquot of 2 mL from each
biofilm suspension after 4 weeks of colonization, and from 100 mL WW
samples taken regularly (12 sampling times) during biofilm colonization by
using the DNeasy PowerBiofilm Kit (QIAGEN) following the manufacturer’s
instructions. The biofilm samples were centrifuged at 14’000 g for 30 min at
4◦ C and the pellets stored at -80◦ C until their analyses. The sampling of
wastewater during Exp 1 is described in Carles et al. (2021). During Exp 2,
composite wastewater samples were taken regularly and immediately
filtered on Supor® polyethersulfone membrane disc filters with 0.2 µm pore
size (Pall Corporation, USA). The filters were stored at -80◦ C and cut in small
pieces prior to DNA extraction. The library construction consisted in a
two-step PCR process. Briefly, the first PCR amplified the V3-V4 region of the
16S rRNA gene using the primer set described by Herlemann et al. (2011) .
The second PCR was carried out to add multiplexing indices and Illumina
sequencing adapters. The libraries were then normalized, pooled and
sequenced (paired end 2 × 300 nt, Illumina MiSeq) following the manufac
ture’s run protocols (Illumina, Inc.). All raw sequences are available at the
National Center for Biotechnology Information (NCBI) under the SRA
accession IDs PRJNA699298 (Exp 1) and PRJNA755072 (Exp 2).
Sequencing data processing, Amplicon Sequence Variants (ASVs) binning
and taxonomic assignment were done according to Carles et al. (2021).
Briefly, the reads were checked for quality and end-trimmed by using FastQC
v0.11.2 (Andrews 2010) and seqtk (https://github.com/lh3/seqtk),
respectively, and then merged using FLASH v1.2.11 (Magoč and Salzberg
2011). The primers were trimmed by using cutadapt v1.12 (Martin 2011).
Quality filtering was performed with PRINSEQ-lite v0.20.4 with a subse
quent size and GC selection step (Schmieder and Edwards 2011). The reads
were processed with an Amplicon Sequence Variants (ASV) analysis (Call
ahan et al. 2017). The sample reads were first denoised into ASVs with
UNOISE3 in the USEARCH software v.11.0.667. The final predicted taxo
nomic assignments were performed with SILVA v128 by using SINTAX in the
USEARCH software v.11.0.667 (Edgar, 2016). The total number of reads
obtained at each bioinformatics step is reported in Table S5.
An untargeted sequencing data analysis was performed in order to
identify taxa that were transferred from the WWTP into biofilms and
whose abundance patterns followed the downstream effect observed in the
biodegradation experiments. The selection was based on the following
criteria (see SI, Section S4 for the details): (1) the ASVs detected in biofilm
at the end of the colonization period were also found in the wastewater
effluent (Exp 1 & 2), (2) their abundance was significantly higher in 80%
WW biofilms than in control (Exp1 & 2), (3) they were detected in both
experiments, and (4) their abundance was significantly reduced by ul
trafiltration (Exp 2). Applying these criteria, we selected a total of 135 and
146 taxa from Exp 1 and 2, respectively (Figure S31).
Additionally, a targeted analysis was also carried out to identify taxa
with high sequence similarity to species previously reported to degrade
compounds showing the downstream effect. More information on methods
and results of the targeted analysis are provided in the SI, Section S4.

2.10. Total biomass quantification (ash-free dry mass, AFDM)
Sampling for total biomass quantification was done prior to and after
96 h in Exp 1 and after 48 and 96 h in Exp 2, for the BT and BC,
respectively. To do so, 10 mL of the suspension were filtered over preequilibrated and pre-weighed 47 mm glass microfiber filters (GF/F
grade, Whatman®, Maidstone, United Kingdom). Filters were dried in a
ventilated oven (105◦ C) and allowed to equilibrate in a desiccator,
before weighing again in order to determine the dry mass. Filters were
then wrapped in aluminum foil, muffled (80 min heating up to 450◦ C, 1h
at 450◦ C, cool down), allowed to equilibrate and weighed again in order
to determine the weight of the mineral residues. Total biomass (i.e.,
AFDM) data analysis was done according to standard procedure. The
determined weight of the mineral residues was subtracted from the
determined dry mass in order to obtain the AFDM. The determined
AFDM values were used for graphical representation in R version 3.6.1
with the package ggplot2 (R Core Team 2017, Wickham 2016). For total
biomass growth patterns, please see SI sections S2.3 and S2.4.
2.11. Data analysis and statistics
In order to assess how much the treatment or the biomass (expressed
as bacterial abundance or total biomass) accounted for the variability in
kbio across the different biofilm communities, we compared the predic
tive performance (R2) of different linear regressions models for the
logarithmized kbio (log(kbio)). We fitted linear regressions with treat
ment, cells and AFDM as explanatory variables, in the following
combinations:
Model

treatment

cells

1
2
3
4
5

X

x
x

X
X

AFDM

x
x

where treatment stands for one of the nine individual treatments of both
Exp 1 and Exp 2, cells for the bacterial abundance at 0 h determined by
flow cytometry for individual biological replicates (n = 4×9), and AFDM
for the total biomass at 0 h for individual biological replicates (n = 4×9).
We then compared goodness of fit (R2) between the models. If the dif
ference in R2 between a model containing both treatment and biomass
compared to a model containing only one of the explanatory variables is
small, we can conclude that the respective single explanatory variable (i.
e., treatment, cells, or AFDM) explained the larger part of the variability
in the model with two explanatory variables, and vice versa for large
differences in R2. In order to assess the individual contribution of
treatment and cells to the model containing both of these explanatory
variables, we compared R2 of model (1) with R2 of models (2) and (5).
Analogously, to assess the individual contribution of treatment and
AFDM to the model containing both of these explanatory variables, we
compared R2 of model (3) with R2 of models (4) and (5). Thus, we were
able to separate the effect of treatment from the effect of biomass. For
graphs visualizing models (2), (4) and (5) and a table containing the
calculated R2 values for all models, see SI section 2.2. Models were fitted
using R version 3.6.1 (R Core Team 2017).

3. Results
3.1. Biotransformation of specific MPs depends on proportion of WW
In the first set of experiments (Exp 1), biofilms grown at four different
treatment conditions (0%, 10%, 30% and 80% nominal treated wastewater
(WW) concentration in the receiving channels) were used to conduct
biotransformation batch experiments with the 75 study compounds. Experi
mental performance has already been evaluated and discussed in (Carles
et al. 2021) and is summarized in SI section S1.4. Of the 75 study compounds,
38 were predominantly biotransformed, rather than mostly sorbed or bio
accumulated (see SI section S2.1.1). For those, we calculated biotransfor
mation rate constants (kbio) by fitting a first-order kinetic model to their
concentration-time series (see Fig. 1 for the examples of acesulfame and
caffeine and Figures S7 and S8 for the remaining compounds). The calculated
4
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Fig. 1. Concentration-time series of the compounds acesulfame and caffeine in Exp 1 and 2. a) Data from biotransformation Exp 1. b) Data from biotransformation
Exp 2. Ultrafiltered (UF) samples are displayed with triangles and dashed lines, while the other samples (WW) are displayed as circles and solid lines. Measured
concentrations are given as absolute amount (ng) (left panels). Values are displayed as mean ± standard deviation (n = 4). Lines in the left panels connect the mean
values. The log-transformed data (c/c0, i.e., the measured concentration divided by the starting concentration) are displayed in the right panels. Lines represent the
linear regression for each treatment across all replicates (n = 4). Gray bands correspond to the 95% confidence interval for the prediction of the linear regression
model. Values are displayed as mean (n = 4).
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compounds having shown a dependence on the proportion of WW in Exp 1
(i.e., acesulfame, caffeine, cyclamate, DEET, levetiracetam, saccharin and
valsartan), exhibited strong responses to the UF treatment (i.e., a
reduction of the average kbio for those seven compounds from 4.2 and 4.0
day− 1 in the 30 and 80% WW treatments to 0.8 and 0.4 day− 1 in the 30
and 80% UF treatments, compared to 0.6 day− 1 in the 0% WW control
treatment). This is again exemplarily illustrated in terms of the actual
concentration-time series and kinetic fits for acesulfame and caffeine in
Fig. 1b. As can be seen in Fig. 1b, acesulfame again was persistent in the
control treatment (0% WW), but was removed in the 30% and 80% WW
treatments. Yet, strikingly, ultrafiltration (30% and 80% UF) reversed this
effect to the extent that no observable acesulfame biotransformation
occurred in the UF treatments. A similar pattern was found for caffeine.
While it was removed to a small degree in the control, higher removal was
observed in the WW samples, but ultrafiltration (30% and 80% UF) pre
vented the effect of WW to similar levels of removal as observed in the
control. These results suggest that the downstream effect must result from
particle-bound traits that are released by the WWTP, yet filtered out by ul
trafiltration in Exp 2. As the pore size of the ultrafiltration membrane ranges
around 0.4 µm, it is highly unlikely that DNA fragments are removed in this
step, but rather bacteria and larger sludge particles.

kbio values for all 38 biotransformed compounds are given in Tables S2 and
S3. In Exp 1, for the example of acesulfame, no significant concentration
decrease was observed in the 0% and 10% WW treatments, while we saw a
sudden onset of biotransformation in the 30% WW treatment and an even
faster removal of the compound in the 80% WW treatment (Fig. 1a). A similar
pattern of increasing biotransformation with increasing proportion of WW
was also observed for the compound caffeine, which, however, was already
biotransformed to some extent in the control biofilms (0% WW) (Fig. 1a).
Besides acesulfame and caffeine, nine more out of the 38 biotransformed
compounds (i.e., the artificial sweeteners cyclamate and saccharin, the insect
repellent DEET, and the pharmaceuticals cilastatin, eprosartan, furosemide,
ketoprofen, levetiracetam and valsartan) showed a similar pattern of
increased biotransformation at increased amounts of WW, albeit the exact
onset of increased biotransformation in terms of % WW differed between
compounds (SI section S2.1.6).
3.2. Ultrafiltration prevents the downstream effect
To distinguish the effect of increased MP concentrations from the po
tential influence of microorganisms released with the treated WW, the sec
ond set of experiments (Exp 2) included treatments at 30% and 80% WW in
which the treated WW was subjected to ultrafiltration (UF) before being fed
into the flow-through channels. This resulted in biofilms grown for four
weeks at five different treatment conditions (0% WW, 30% WW, 30% UF,
80% WW and 80% UF, where UF stands for WW that has additionally been
passed through the UF unit). These biofilms were then again used in batch
experiments to study biotransformation of the 75 study compounds. Experi
mental performance of Exp 2 is discussed in SI S1.5. Analysis of
concentration-time series and resulting rate constants from Exp 2 revealed a
number of striking patterns. We found that seven out of the eleven

3.3. Treatment, not biomass amount, dictates biotransformation potential
of compounds showing the downstream effect
In order to control for effects of biomass and treatment conditions on
biotransformation, we determined total biomass and bacterial abun
dance in the biofilm suspensions prepared for the biotransformation
experiments (Fig. 2). For the biofilm suspensions prepared for Exp 1, we
determined a mean total biomass (AFDM) of 0.66 ± 0.12 g/L across all
Fig. 2. Total biomass and bacterial abundance.
a) Total biomass (i.e., ash-free dry mass, AFDM)
and b) bacterial abundance of the BT samples at
the beginning of the biotransformation experi
ments (Exp 1 and Exp 2). Values were deter
mined for all replicates of the respective
treatments (n = 4). Total biomass expressed as
AFDM (g/L). Bacterial abundance expressed as
flow cytometric cell counts (cells/nL). Box sizes
correspond to the first and third quartiles (25%
and 75% quartiles); whiskers extend to ± 1.5
times the interquartile range. Outliers are rep
resented as dots.
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biofilms at the beginning of the experiment (Fig. 2a) and a mean bac
terial biomass of 179 ± 47 cells/nL (Fig. 2b). In Exp 1, biomass was
comparable between treatments and no dependence of biomass with
increasing WW-percentage was observable. In Exp 2, the mean total
biomass and bacterial abundance was 1.03 ± 0.15 g/L and 276 ± 67
cells/nL, respectively. Here, a trend towards higher biomass in nonfiltered versus ultrafiltered treatments was discernible. However, sta
tistical analysis comparing the relative importance of biomass and
treatment on kbio confirmed that treatment conditions explained most of
the variability in the rate constants for the chemicals showing the
downstream effect, while biomass differences played only a minor role (SI
section S2.2). We also compared biomass dynamics over the course of
the experiments between the different treatments and between
biotransformation (BT) batches and unspiked biological controls (BC;
see SI sections S2.3 and S2.4). We found that biomass was dynamic but
that dynamics were comparable between the treatments within experi
ments and between spiked and unspiked batches in both experiments.

the treated effluent for our experiments (Fig. 3, lower panel). Based on
these data, we calculated the percentage removal of the compounds that
were found in measurable concentrations in the influent (Fig. 3, upper
panel and SI section S3). Interestingly, the compounds that were
removed to the highest extent (> 80%) during wastewater treatment
also were amongst those exhibiting the highest influent concentrations
(> 1000 ng/L). Indeed, only a few compounds with comparably high
influent concentrations (i.e, 4-/5-methyl-benzotriazole, benzotriazole
and diclofenac in both experiments, and acesulfame and DEET in Exp 2)
did not show removals > 80%. However, it is to note that acesulfame
and DEET still were removed by 77% and 59% during wastewater
treatment in Exp 2, respectively, while the first three MPs were fully
persistent during wastewater treatment in Exp 1 and showed removal of
only 39%, 57% and 29% in Exp 2, respectively. Within the study com
pounds, the majority of MPs with influent concentrations < 1000 ng/L
were removed to a lesser extent (i.e., < 80%) during wastewater treat
ment, with the exception of mefenamic acid (Exp 1), mianserin (Exp 1),
trifloxystrobin (Exp 1), and ranitidine (Exp 2). However, the measured
concentrations of the last three were close to their respective LOQ and
their calculated removal thus highly uncertain, leaving mefenamic acid
as the sole clear exception with removal > 80% despite an influent
concentration < 1000 ng/L for our study compounds.

3.4. MPs with highest influent concentrations typically showed highest
removal in WWTP
In order to compare the removal of MPs in the WWTP to the
biotransformation potential in the biofilms, we monitored influent and
effluent concentrations of the study compounds in the WWTP producing

Fig. 3. Micropollutant concentrations and removal in the WWTP. All study compounds that were found in the WWTP influent (n = 46) during the biofilm cultivation
phase of either Exp 1 and/or 2 are displayed. In the lower panel, the in- and effluent concentrations, as well as the analytical limits of quantification (LOQ) are given.
Concentrations that were below the limit of detection are indicated as symbol lying on the x-axis. In the upper panel, the average percentage removal during
wastewater treatment for the duration of the biofilm cultivation periods for Exp 1 and 2 is shown. For compounds showing an increasing concentration during
wastewater treatment, no removal bar is depicted.
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3.5. Identification of taxa aligning with downstream effect

taxa that also showed an increasing pattern with increasing WW, but
which, relative to the 0% WW control, were not significantly more
abundant in the UF treatments (Figure S31). Combining these two
datasets lead to a final list of 146 taxa originating from wastewater
whose abundance patterns followed the patterns in kbio for the MPs
showing the downstream effect (Fig. 4, for a complete list of these taxa see
Table Appendix A8).

Sequencing of the 16S rRNA gene was performed for biomass
sampled from biofilms and WW from both experiments. Taxa present in
WW and differently abundant in a given treatment compared to the
control (0% WW) were selected from the 16S dataset of Exp 1 (Figure
S31). We found 184 taxa originating from WW that followed a pattern of
higher abundance with higher amounts of WW. In Exp 2, we found 202

Fig. 4. Taxa following downstream effect as identified via 16S-pattern analysis. a) Heat map showing the relative abundance (with variance stabilizing trans
formation − vst) of the 146 taxa that followed the pattern in kbio for the MPs showing the downstream effect. b) Repartition of the 146 taxa at the family level.
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4. Discussion

3) biotransformation was dictated by the microbial community
composition (i.e., the treatment condition), rather than only by
bacterial abundance in the batch experiments;
4) with very few exceptions, compounds that were removed to the
highest extent (> 80%) in the WWTP also exhibited the highest
influent concentrations (> 1000 ng/L);
5) 146 bacterial taxa showed abundance patterns that are consistent
with the downstream effect.

With this study we aimed to elucidate the mechanisms underlying
observations of increased MP biotransformation for a number of chem
icals in biofilms grown downstream of WWTP outfalls relative to upstream
biofilms (‘downstream effect’). So far, our results clearly demonstrate that:
1) the downstream effect is reproducible under controlled conditions and
scaled with the percentage of WW in Exp 1;
2) ultrafiltration (i.e., removal of particles and microorganisms
deriving from the WWTP) prevented the downstream effect in Exp 2;

By combining these key results, a nuanced picture emerges (Fig. 5).
As can be seen in Fig. 5, we identified three major clusters (A, B and C) of

Fig. 5. Biotransformation trends. Heatmap displaying the fold-changes of the biotransformation rate constants determined in Exp 1 and Exp 2. The level-normalized
biotransformation rate constants (kbio,rel) are depicted for every substance that underwent biotransformation in at least one of the investigated treatment conditions.
Hierarchical clustering was used to order the substances and split into three main clusters (A, B and C). Annotations on the left depict removal and influent con
centrations of the respective substance measured during Exp 1 in the WWTP providing the effluent water for the experiments. The WWTP removal was denominated
‘n.a.’ for substances that were not detected in the influent.
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MP biotransformation patterns based on the (level-normalized) kbio
values obtained for the different biofilm communities. Cluster A, which
contained 26, and hence the majority of the 38 biotransformed com
pounds, was least influenced by the treatment conditions. It contained
the majority of compounds that had not shown a downstream effect in our
previous study and whose biotransformation seemed to largely align
with bacterial abundance trends in our previous data (Desiante et al.
2021). This is in agreement with the fact that cluster A contains mostly
compounds that are thought to be biotransformed by enzymes that are
ubiquitous among living organisms or enzymes that are closely related
to bacterial growth (Achermann et al. 2018a, Achermann et al. 2018b,
Desiante et al. 2021, Johnson et al. 2015). All taken together, the
findings from this and our previous study (Desiante et al. 2021) point
toward co-metabolism – ‘the transformation of a non-growth substrate
in the obligate presence of a growth substrate or another transformable
compound’ - as the major biotransformation process for these com
pounds (Dalton and Stirling 1982).
Cluster A was separated from clusters B and C, which both contain
compounds that showed a clear downstream effect in Exp 1 (Fig. 5). Of
those, cluster B contains those seven compounds that show no down
stream effect upon ultrafiltration in Exp 2, while cluster C contains five
compounds that actually were removed, on average, to the highest
extent in the 80% UF treatment in Exp 2. As can be seen from the in
formation on influent concentrations and removal in the WWTP added
as annotations in Fig. 5, all of the compounds in cluster B were present in
high concentrations (> 1000 ng/L) in the influent to the WWTP and
were removed to a large extent (> 80%) during wastewater treatment.
Interestingly, the five compounds previously shown to exhibit a down
stream effect in natural streams (i.e., acesulfame, cyclamate, DEET, lev
etiracetam and saccharin) are all contained in cluster B (Desiante et al.
2021). We also note that diclofenac, the only compound with high
influent concentrations but removal < 80% in both Exp 1 and Exp 2,
does not fall into cluster B.
Combining all evidence from Exp 1 and Exp 2 suggests that the
increased biotransformation capacity of the biofilms with increased
percentage of wastewater (i.e., the downstream effect) observed for
cluster B compounds is most likely caused directly by bacteria (or larger
aggregates thereof) being released from the WWTP with the treated
effluent. In principle, there are at least two mechanisms how this could
influence the biotransformation capacity of the biofilms: i) The micro
organisms being released with treated effluent capable of degrading the
MPs in cluster B may either directly colonize the biofilms, or ii) their
biotransformation traits may be transferred to other microorganisms
growing in the biofilms, by, e.g., horizontal gene transfer. Based on the
16S data rRNA data, we identified 146 taxa that were present in WW,
showed increasing abundances in biofilms with increasing WW pro
portion, and were filtered out by ultrafiltration. These findings
confirmed that there are indeed bacterial taxa originating from the
WWTP that can establish in biofilms growing downstream of WWTPs, as
previously shown (Carles et al. 2021, Chonova et al. 2019, Mußmann
et al. 2013). More importantly, these taxa exhibited relative abundance
patterns across Exp 1 and Exp 2 that follow patterns of relative
biotransformation rate constants for compounds showing the down
stream effect, i.e., cluster B compounds. Consequently, it may be specu
lated that some of these taxa were involved in the degradation of cluster
B compounds.
It is now interesting to further note that the compounds in cluster B
exclusively exhibit both high influent concentrations to and high
removal in the WWTP. In combination with the fact that the capacity to
degrade these compounds in biofilms is dependent on WW-borne par
ticles filtered out by ultrafiltration, our results therefore suggest that the
downstream effect is not only caused by microorganisms originating from
the WWTP, but that these microorganisms have adapted to biotransform
the specific compounds in cluster B, which reach the WWTP in compa
rably high concentrations of > 1000 ng/L. With respect to the main aim
of this study, i.e., to elucidate the mechanisms underlying the increased

MP biotransformation potential of biofilms grown downstream of
WWTPs, we can therefore further conclude that the downstream effect is
mostly due to those adapted microorganisms integrating into down
stream biofilms and/or transfering their increased biotransformation
capacity to the biofilms. In turn, at least for compounds in cluster B, this
falsifies the hypothesis that elevated MP concentrations from WWTP
effluents and in-situ adaptation in the river itself explain the increased
biotransformation in downstream biofilms. It needs to be noted though
that the biofilm colonization period in our experiments was only four
weeks. While the biofilms did reach a mature stage during that time,
time series experiments would be required to definitely exclude any
long-term effects of in-stream exposure to MPs on the downstream
biofilms’ biodegradation capacity.
In support of our interpretation, evolutionary adaptation of bacteria
in WWTPs has been previously shown for the compound acesulfame,
whose biotransformation during activated sludge treatment suddenly
emerged around the year 2010, while it has previously been considered
a conservative tracer compound (Castronovo et al. 2017, Kahl et al.
2018, Kleinsteuber et al. 2019). Also, evidence from previous field
studies in combination with the fact that the compounds in cluster B are
commonly amongst the best removed compounds in different WWTPs
confirms that the phenomenon, at least for some of the compounds, is
observable across different WWTPs and downstream river environments
(Buerge et al. 2009, Castronovo et al. 2017, Coll et al. 2020, Desiante
et al. 2021, Gurke et al. 2015, Margot et al. 2015, Seller et al. 2020).
Moreover, having performed the two experiments in different seasons (i.
e., summer 2019 and late winter 2020) confirms that our findings are
also robust on a temporal scale.
An interesting follow-up question that arises from our observations is
how this adaptation occurred in the WWTP in the first place and why
exactly for the seven compounds in cluster B. Is it mostly due to the high
influent concentrations that part of the activated sludge microbial con
sortium have adapted to and use as steady sources of carbon or other
nutrients? Or to what extent is it related to the chemical structures of the
compounds, e.g., by all of those compounds sharing certain metabolic
pathways? As can be seen from Fig. 6, there is no single functional group
that unites all of these compounds, yet, they all contain either an amide
or sulfonamide substructure that could potentially be hydrolyzed by
enzymes belonging to the amidohydrolase family. While, to the best of
our knowledge, enzymatic reaction mechanisms that are involved in the
biotransformation of these compounds in stream biofilms have not yet
been investigated, there are several studies investigating reaction
pathways and enzymes involved in the biotransformation of these
compounds in pure or enrichment cultures (Fig. 6). For acesulfame, for
instance, there is evidence for full catabolic biodegradation in activated
sludge (Castronovo et al. 2017), enriched microbial consortia, as well as
isolated bacterial species of the genera Bosea and Chelatococcus (Huang
et al. 2021, Kleinsteuber et al. 2019), and it has been suggested that the
pathway involves formation of sulfamic acid and acetoacetate through
sequential action of a sulfohydrolase and an amidohydrolase enzyme
(Kleinsteuber et al. 2019). Cyclamate has been shown to be transformed
by the enzyme cyclamate sulfamatase, extracted from Pseudomonas sp.,
to form cyclohexylamine and sulfate (Nimura et al. 1974). In contrast to
these initial hydrolytic transformations, for the other compounds mostly
initial oxidative transformations haven been reported. Saccharin has
been proposed to be biotransformed to the compound catechol in a
two-step process involving the enzyme saccharin dioxygenase, in
Sphingomonas xenophaga SKN (Schleheck and Cook 2003). For the
biotransformation of DEET, three enzymatic pathways were suggested,
involving a hydrolase encoded on a gene found in Pseudomonas putida
DTB, and a monooxygenase- and a dehydrogenase-pathway (Helbling
et al. 2010b, Rivera-Cancel et al. 2007). For caffeine, two pathways have
been proposed, the first involving demethylases found in plants, bacteria
and fungi, and the second involving a caffeine (1,3,7-trimethylxanthine)
oxidase from Klebsiella and Rhodococcus (Hakil et al. 1998, Madyastha
et al. 1999, Mazzafera 2004). While for valsartan and levetiracetam no
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Fig. 6. Suggested transformation pathways of the seven compounds showing the downstream effect. Proposed enzymatic pathways from literature are displayed for
the compounds acesulfame, caffeine, DEET, cyclamate, levetiracetam, saccharin and valsartan. Enzymatic pathways given in italics were only confirmed by
transformation product analysis. Literature references to the respective pathways are given in the text.

pure or enrichment culture data detailing involved enzymes or taxa are
available, transformation product analysis from activated sludge studies
suggests that valsartan transformation is primarily initiated through
oxidative N-dealkylation whereas the primary amide levetiracetam is
primarily enzymatically hydrolyzed (Helbling et al. 2010a).
Overall, the pathway information gathered so far does not support
the notion of a shared initial biotransformation reaction for the seven
compounds in cluster B, which is further supported by the fact that the
onset of biotransformation is observed at different percentages of WW in
Exp 1 for the different compounds. In turn, this suggests the elevated
WWTP influent concentrations as possible alternative explanation for
the adaptation to degrade cluster B compounds. Indeed, concepts of
WWTP biotechnology stipulate that the growth rate needs to exceed the
loss rate (i.e., from withdrawal of excess sludge and with the effluent) for
bacteria with a specific metabolic capacity to establish in an activated
sludge process. Since growth rates of specific degraders depend on
substrate concentration, it has been proposed, as early as in 1994, that
percentage removal in WWTPs and half-lives in downstream aquatic
environments can be predicted based on influent concentrations (Blok
1994). However, only very recently a correlation between biotransfor
mation rate constants in WWTPs and WWTP influent concentrations has
actually been demonstrated based on monitoring data for a large and
diverse set of MPs (Nolte et al. 2020). Also, more recent data from
studies using compound-specific isotope analysis experimentally
demonstrated that mass transfer limitations may prevent catabolic

degradation of MPs below a certain concentration limit in the low µg/L
range (Kundu et al. 2019, Sun et al. 2021). This is consistent with earlier
studies on the concentration-dependence of biodegradation kinetics of
two herbicides that revealed a threshold of approximately 1 – 10 µg/L
above which growth of specific degrader biomass was observed (Toräng
et al. 2003). In our study, the data suggests that the concentration limit
for compounds showing the downstream effect lies in the range of 1 µg/L.
Yet, at the same time, there was also one compound reaching the WWTP
in concentrations above 1 µg/L that did not show high removal in the
WWTP (i.e., diclofenac), and, consistently, also did not show a down
stream effect, confirming that concentration limits for metabolic degra
dation are substrate-specific and/or that certain compounds may be
fully recalcitrant to biodegradation even at high concentrations
(Schwarzenbach et al. 2005).
The lack of high WWTP influent concentrations and their lower
removal in the WWTP might also offer a key to understanding the
deviating behavior of compounds in cluster C. While they show a
downstream effect, this effect is not removed through ultrafiltration, at
least not at 80% WW. Contrasting this with cluster B behavior, these
findings suggest that mechanisms other than the release of adapted
degrader bacteria must underlie the downstream effect for cluster C
compounds. Indeed, for these compounds, observations are more
consistent with a direct effect of in-stream exposure to MPs on the
periphyton.
Overall, our results suggest that community composition drives the
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biotransformation patterns we observed for cluster B compounds. To
shed some more light on what specific taxa might potentially be
involved in biodegrading individual cluster B compounds, we searched
the 146 taxa whose abundance patterns align with the downstream ef
fect for high sequence similarity with species previously reported to
degrade compounds showing the downstream effect (see Table S6 and SI
Section S4). One notable finding from this analysis was a taxon anno
tated as SM1A02 from the family Phycisphaeraceae, whose abundance
pattern was fully consistent with the rate constant pattern of cluster B
compounds and which showed strong and significant fold-changes be
tween 0 and 80% WW in Exp 1 and 2 (log2 fold-change > 4; Table
Appendix A8). These taxa have been shown to dominate acesulfamedegrading communities enriched from the activated sludge of six
municipal wastewater treatment plants (Huang et al. 2021) and bio
reactors with emerging acesulfame degradation capacity (unpublished
data). Recent sequencing data also reported on the presence of putative
sulfohydrolase genes in microalgae-associated Phycisphaeraceae sp., thus
confirming the potential role of SM1A02 in acesulfame degradation in
biofilm communities (Rambo et al. 2020). These results support the
notion that some of the 146 taxa revealed through pattern analysis
indeed may be involved in degradation of compounds from cluster B.
Yet, such hypotheses emerging from the data still need to be confirmed
by complementary approaches such as culture/isolation methods and
identification/quantification of functional genes related to biodegrada
tion processes.

environmentally relevant setting. This will allow studying questions
of fundamental interest in environmental chemistry such as how
molecular structure influences which compounds can be metaboli
cally degraded in the environment and at what concentrations, or
which families of microbes are most likely to be involved in such
metabolic degradation. Such information is essential in order to
design compounds that are readily biodegradable in a river envi
ronment or to promote growth of specific degrading strains in
bioremediation efforts, to finally reduce anthropogenic pollution in
our environment.
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5. Conclusions
Two major implications arise from the results of our study:
• First, we provide clear experimental evidence that non-disinfected
WWTP effluents change an ecological function of downstream bio
films, in this case their biotransformation potential. While this seems
overall beneficial in the case of biotransformation since it contributes
to lowering exposure to MPs in biofilms and, hence, in the overall
stream environment, it raises the question what other functional
changes might occur in biofilms exposed to treated WW. For
instance, our results, which demonstrate the transfer of bacteria
adapted to degrade MPs from the WWTP into stream biofilms and the
establishment of that degradation capacity in those biofilms, suggest
that it is likely that transfer of resistant bacteria and/or resistance
genes also support the transfer of AR factors from WWTPs into bio
films (Abe et al. 2020, Balcázar 2018, Marti et al. 2013, Woe
gerbauer et al. 2020). Similarly, another resistance mechanism, i.e.,
pollution-induced community tolerance of biofilms against MPs, has
previously been shown to be elevated downstream of WWTPs (Cor
coll et al. 2014, Tlili et al. 2016, Tlili et al. 2017) and to increase with
increasing proportions of WW, especially for the phototrophic
compartment of biofilm communities (Carles et al. 2021). It has been
hypothesized that the increased tolerance is caused by the MPs
released with the WWTP effluents, exerting a selective pressure on
downstream communities, resulting in the extinction of sensitive and
establishment of tolerant species. However, our results support a
second plausible hypothesis, i.e., that the increase in tolerance in
downstream biofilms might be due to integration of already tolerant
species released with the WW or, more indirectly, due to changes in
the biofilm communities that endow increased tolerance to the
phototrophic community members through yet unknown
mechanisms.
• Second, our study revealed distinct differences in MP degradation
patterns amongst biofilms grown with different proportions of nondisinfected WW for compounds potentially undergoing metabolic
degradation versus those more likely undergoing co-metabolic
biotransformation. The type of mesocosm experiments introduced
here could therefore become a useful tool to distinguish cometabolically from metabolically degraded compounds in a highly
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