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Highlights

e Effects of climate variables on redox processes were tested in column studies

e Biodegradable dissolved organic matter was removed immediately at the
column inlet

e Oxygen consumption was attributed to respiration of particulate organic matter

e Temperature and infiltration rate strongly affected the oxygen consumption

¢ Nitrate acted as a redox buffer preventing Mn(ll) mobilization

Abstract

Riverbank filtration is an established technique used world-wide to produce clean
drinking water in a reliable and cost-efficient way. This practice is, however, facing new
challenges posed by climate change, as already observed during past heat waves with
the local occurrence of anoxic conditions. In this study we investigated the effect of
direct (temperature) and indirect (dissolved organic matter (DOM) concentration and
composition, flow rate) climate change variables on redox processes (aerobic
respiration, denitrification and Mn(lll/1V)/Fe(lll) reduction) by means of column
experiments. Natural river water, modified river water and river water mixed with
treated wastewater effluent were used as feed waters for the columns filled with

natural sand from a river-infiltration system in Switzerland. Biodegradable dissolved
organic matter was mainly removed immediately at the column inlet and particulate
organic matter (POM) associated with the natural sand was the main electron donor for
aerobic respiration throughout the column. Low infiltration rates (<0.01 m/h) enhanced
the oxygen consumption leading to anoxic conditions. DOM consumption did not seem

to be sensitive to temperature, although oxygen consumption (i.e., associated with
2
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POM degradation) showed a strong temperature dependence with an activation
energy of ~70 kJmol™". Anoxic conditions developed at 30°C with partial denitrification
and formation of nitrite and ammonium. In absence of oxygen and nitrate, Mn(ll) was
mobilized at 20°C, highlighting the importance of nitrate acting as a redox buffer under
anoxic conditions preventing the reductive dissolution of Mn(lll/1V)(hydr)oxides.

Reductive dissolution of Fe(lll)(hydr)oxides was not observed under these conditions.

Keywords: climate change; redox milieu; microbial respiration; effluent ; POM; BDOM

1 Introduction

Several European countries rely on natural or engineered riverbank filtration to
produce drinking water, with a contribution of <~50% to the total drinking water
production in France (Hannappel et al., 2014), ~16% in Germany (Tufenkji et al., 2002)
and ~25% in Switzerland. During riverbank filtration, river water infiltrates through
riverbed sediments into an aquifer, from which it is extracted for drinking water
production. The derived groundwater often requires only minimal treatment before
distribution, because natural attenuation processes during infiltration efficiently remove
particles, microorganisms, natural organic matter (NOM) and partially remove organic
contaminants (Kuehn and Mueller, 2000; Grunheid et al., 2005; Schmidt et al., 2007;
Scheurer et al., 2012; Storck et al., 2012; Huntscha et al., 2013).

An important criteria for the quality of drinking water derived from riverbank
filtration is the redox milieu and the related geochemical processes. The redox milieu is
mainly determined by microbial respiration processes (redox processes), in which

NOM is the electron donor and oxygen, nitrate, Mn(lll/1V)- and Fe(lll)(hydr)oxides or
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sulfate are the electron acceptors. These biogeochemical processes have been
extensively studied at riverbank filtration sites (Jacobs et al., 1988; Bourg and Bertin,
1993) and in laboratory column experiments (Matsunaga et al., 1993; von Gunten and
Zobrist, 1993). Seasonal changes in the redox milieu, in which anoxic (i.e. oxygen-
free) conditions develop and Mn(ll) is mobilized in summer and aerobic conditions are
maintained in winter, have been ascribed to the temperature dependence of microbial
activity (von Gunten et al., 1991; Greskowiak et al., 2006; Massmann et al., 2006).

Besides temperature, the quantity and composition of NOM in river waters also
dictate the redox milieu during riverbank filtration, since NOM is an important substrate
for microbial respiration (Grinheid et al., 2005; Maeng et al., 2008). Previous studies
have focused on dissolved organic matter (DOM) as the main electron donor during
riverbank filtration (von Gunten and Zobrist, 1993; Grinheid et al., 2005; Grinheid et
al., 2008; Maeng et al., 2008). However, there is evidence that particulate organic
matter (POM) in the riverbed sediments may also contribute substantially as a
substrate to the consumption of electron acceptors (Grischek et al., 1998; Brugger et
al., 2001; Massmann et al., 2006; Diem et al., 2013b).

Furthermore, the hydraulic residence time, which is determined by the infiltration
rate, may influence the redox milieu during riverbank filtration. It is assumed that low
infiltration rates favor and high infiltration rates inhibit the formation of reducing
conditions in the aquifer (Doussan et al., 1997). Drought periods generally tend to
bring about anaerobic conditions during summer months as a consequence of long
residence times and high temperatures, whereas floods tend to increase the infiltration
rate and facilitate the breakthrough of pathogens, suspended solids and DOM
(Sprenger et al., 2011). Moreover, flood events can also lead to an increased oxygen
consumption in the infiltration zone, which has been attributed to an increased

deposition of POM in this zone under these conditions (Diem et al., 2013b).
4
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All factors that dictate the redox milieu in the riverbank filtration zone may be
directly (temperature) or indirectly (NOM quantity and composition in river water,
residence time in the infiltration zone) influenced by climate and climate change. By
2085, average summer air temperatures in northern Switzerland are predicted to
increase by 4 K and average summer precipitation to decrease by 20% resulting in
lower discharges in rivers (CH2011, 2011; FOEN, 2012). The lower river discharges
may also lead to lower infiltration rates and thus longer hydraulic residence times in the
infiltration zone. In addition, decreasing natural flows will reduce the extent to which
effluent organic matter (EfOM) discharged from wastewater treatment plants is diluted
and consequently a higher proportion of EfOM in the receiving waters may be
expected. Better understanding of the effect of each climate factor on the redox milieu
will help to assess future changes in water quality during riverbank filtration.

We hypothesize that the direct and indirect effects of climate change will lead to
more frequent occurrence of anoxic conditions in riverbank filtration systems in the
future. This could create significant problems for drinking water supplies because of
the potentially more frequent occurrence of reduced species, such as nitrite, Mn(Il) and
Fe(ll). Nitrite is a toxic compound for which the WHO guideline is 900 ug N/L (WHO,
2011). When groundwater containing Mn(ll) and Fe(ll) is exposed to oxygen from the
air, the resulting precipitation of Mn(lll/IV)- or Fe(lIl)(hydr)oxides can cause clogging of
filter screens and lead to rusty water and aesthetic problems (Mouchet, 1992; Hoehn
and Scholtis, 2011).

Here, we assess the effect of direct and indirect climate change variables on
redox conditions during riverbank filtration based on column experiments, in which
temperature, DOM concentration/composition and flow rate were systematically varied.
Moreover, the dynamics of the Mn(ll) and Fe(ll) mobilization under oxygen- and

nitrate-free conditions were investigated.
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2 Materials and Methods

2.1 Set-up of the column system

Fig. S1 shows the set-up of the column system: Filtered Thur River water (0.45 um,
cellulose nitrate, Sartorius AG, Gottingen, Germany) was pumped from the bottom to
the top of the column with a HPLC-pump (Jasco PU-2080, Jasco Corporation, Tokyo,
Japan). The casing of the column consisted of a Plexiglas tube (length: 30 cm, inner
diameter: 5.2 cm). The column was equipped with 13 sampling ports (SP1-13), in
addition one was installed before (SP0) and one after (SP14) the column (Fig. S1).
The column was packed with a dried sand fraction (grain size: 0.125-0.250 mm)
sampled at a sand/gravel bar at the Thur River (Diem et al., 2013b). The relatively
homogeneous sand fraction 0.125-0.250 mm contained 0.3 + 0.2% (w/w, average of
12 sample aliquots) particulate organic carbon (POC). The filling procedure of the dry
sand was conducted in form of a “sand rain”, following von Gunten and Zobrist (1993).
X-ray diffraction analysis of the sand showed mainly calcite and quartz (40% and 25%,
respectively). Two columns (column | and Il) filled with the same sand material were
used for the respective experiments under different operational conditions (Section
2.2). We assessed the hydraulics in columns | and Il by conducting tracer tests with a
8.55 mM NaCl solution. During the tracer tests, the electrical conductivity was
measured at the end of the columns and was used for the calculation of the effective
porosity and the dispersivity (Table 1).

River water was collected at Niederneunforn at a river-infiltration system of the
peri-alpine Thur River, NE-Switzerland (Diem et al., 2013b), filtered and used as feed
water from a 2 L storage tank (see Table S1 for chemical composition of all feed
waters). The storage tank was replenished every three days with Thur River water

stored at 5°C. For the experiments performed at 12.5°C, 20°C and 30°C, Thur River



154  water was equilibrated to the desired temperature before it was pumped into the

155  columns. No measurable DOM degradation (DOC concentration £ 0.1 mg C/L) was
156  observed in the storage tank under these conditions.

157 For varying operational conditions, the profiles of the oxygen concentration were
158 taken for steady-state conditions after an equilibration time of 220 d. Sampling was

159  conducted from the top to the bottom of the column in the opposite direction of the

160  water flow (Fig. S1). This procedure enabled sampling of fresh aliquots avoiding

161  sampling from stagnant zones. Oxygen and pH were directly measured at each

162  sampling port in a flow-through cell having a total dead volume of ~3 mL (Fig. S1). For
163  the analysis of DOC, major cations and anions, a 0.45 um rinsed regenerated cellulose
164 filter (National Scientific Company, Rockwood, USA) was connected to the port of

165 interest and a ~40 mL sample was withdrawn for each sampling event (duration of

166  sampling: ~40 minutes at 1 mL/min). Oxygen, pH, DOC and nitrate were measured

167 between one and three times every 3-5 days (indicated in the figures by “n”, i.e. the
168 number of measurement replicates). For Fe and Mn analysis, a 9 mL sample was

169 acidified to pH 2 with 1 mL of 1 M HCI.

170

171 (Table 1)

172

173 2.2 Operational conditions of the column experiments

174  Six different column experiments with varying parameters (feed water, temperature,
175  flow rate) were conducted either with column | or Il (Table 2). The first experiments for
176  each column (experiment 1.1 for column | and experiment 2.1 for column II,

177  respectively) were initiated after an equilibration time of 2 months feeding Thur River

178  water to reach steady-state conditions for oxygen and DOC.
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For experiment 1.1, treated wastewater effluent (herein simply named effluent)
from a municipal wastewater treatment plant (Dibendorf Neugut, Switzerland) was first
filtered (0.45 um, cellulose nitrate, Sartorius AG, Géttingen, Germany). The filtered
effluent was then electrodialysed (PCCell GmbH, Heusweiler, Germany) to remove
nitrate prior to preparing four Thur River water/effluent mixtures to be used as feed
waters (Tables S1 and S2) to study the effect of the type and concentration of DOM on
the oxygen consumption.

In experiment 1.2, the effect of the flow rate on the oxygen consumption was
investigated. Four flow rates, simulating different infiltration velocities, were chosen:
0.1, 0.2,0.33 and 1.0 mL/min.

In experiment 2.1, the temperature dependence of the oxygen consumption and
NOM degradation was investigated at four temperatures (5, 12.5, 20 and 30°C). While
the experiments at 5.0, 12.5 and 20.0°C were carried out with the storage tank at
ambient laboratory temperature (22 + 2°C), for the 30.0°C experiment the tank had to
be placed inside the incubator to prevent outgassing in the HPLC-pump.

In experiment 2.2, unaltered Thur River water was added as feed water and in
experiment 2.3, “DOM-free” Thur River water was used as feed water to study the
effect of POM on the oxygen consumption. About 96% of the DOM was removed from
the Thur River water by addition of 500 mg/L Norit W15 powdered activated carbon
(NORIT Deutschland GmbH, Riesburg, Germany) and filtration through a 0.45 um filter
(cellulose nitrate, Sartorius AG, Goéttingen, Germany). DOM removal was achieved
without significantly affecting the other water quality parameters (Table S3).

In experiment 2.4, a readily available DOM source in form of sodium acetate (6
mg/L or 1.75 mg C/L) was added to the Thur River water inflow immediately before the
column inlet (at sampling port SPO0) to investigate the effect of easily biodegradable

DOM (BDOM) on the oxygen consumption.
8
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In experiment 2.5, the dynamics of the Mn(ll) and Fe(ll) mobilization under
oxygen- and nitrate-free conditions were investigated. Thur River water was
electrodialysed to remove nitrate and was re-mineralized thereafter to obtain a similar
water composition as the original river water with respect to the alkalinity and the major
cations and anions (Table S4). To remove oxygen from the feed water, it was
continuously purged with a N2/CO, gas mixture (99.96% N>/ 0.04% CO,) leading to an
oxygen concentration below 0.1 mg/L at SPO.

All column experiments except 1.1 and 1.2 were conducted in an incubator (
1°C). Column experiment 1.1 was carried out at ambient laboratory temperature (22 +
2°C) and experiment 1.2 in a climatised chamber (20 £ 1°C). Column | was operated
aerobically (experiments 1.1 and 1.2), whereas column |l was first operated aerobically
for 327 days (experiments 2.1, 2.2, 2.3 and 2.4) and then anaerobically for 66 days

(experiment 2.5).

(Table 2)

2.3 Analytical methods

Oxygen and temperature were measured with an optical sensor LDO101 (Hach Lange
GmbH, Berlin, Germany, limit of quantification 0.1 mg/L, accuracy + 0.1 mg/L, T £ 0.3
K), pH was measured with a pH electrode PHC 301 (Hach Lange GmbH, Berlin,
Germany, accuracy pH + 0.1). DOC was taken as a measure for DOM and was
determined by catalytic combustion at 720°C with a Shimadzu TOC-V CPH analyzer
(Shimadzu Corporation, Kyoto, Japan). The limit of quantification was 0.1 mg C/L and
the error of measurement + 0.1 mg C/L. The alkalinity was determined with a Metrohm
809 Titrando (Metrohm Schweiz AG, Zofingen, Switzerland). NO, and NH;" were

analyzed photometrically with a spectrophotometer Cary 100 Scan Spectrophotometer
9
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(Varian AG, Zug, Switzerland) following the norms EN 26777 (DIN, 1993) and DIN
38406 (DIN, 1983a), respectively. The limit of quantification was 0.01 mg N/L and the
error of measurement + 0.002 mg N/L for both compounds. PO,> was measured with
a spectrophotometer Varian Cary 50 Bio (Varian AG, Zug, Switzerland) according to
Vogler (1965). NO3, CI', SO4%, Na*, K*, Ca?* and Mg?* were analyzed with a Metrohm
761 Compact IC (Metrohm Schweiz AG, Zofingen, Switzerland) using a “Metrohm
Metrosep A Supp 5 100/4 mm” column for the anions and a “Metrohm Cation 1-2 125/4
mm” column for the cations. For NOj3’, the limit of quantification was 0.25 mg N/L and
the error of measurement + 0.1 mg N/L. NO3™ concentrations <0.25 mg N/L (i.e. for the
preparation of the oxygen- and nitrate-free Thur River water, experiment 2.5), were
measured with a spectrophotometer Varian Cary 50 Bio (Varian AG, Zug, Switzerland)
according to Muller and Widemann (1955). Here, the limit of quantification was 0.1 mg
N/L and the error of measurement + 0.02 mg N/L. Fe and Mn were measured with
inductively coupled plasma atomic emission spectroscopy (ICP-OES) as total Fe and
total Mn concentrations, respectively (SPECTRO Analytical Instruments GmbH, Kleve,
Germany). The limit of quantification was 0.1 ug/L and the error of measurement £ 0.1
Mg/L. It could be shown that total Mn corresponded to Mn(ll) measured colorimetrically
(DIN, 1983b).

The POC concentration of the column sand representing POM was determined
by subtracting the content of inorganic carbon, measured with a CO, Coulometer
CM5015 (UIC Inc., Joilet, USA), from the total carbon, measured with a CNS analyzer
Eurovector EA3000 (Hekatech GmbH, Wegberg, Germany).

A closed bottle biological oxygen demand (BOD) test of the natural sand was
conducted by BMG Engineering Ltd., Schlieren, Switzerland as a batch experiment by
incubating the sand (3.2 g/L) with an inoculum of a secondary effluent from a municipal

wastewater treatment plant at 22°C and measuring the decrease in the oxygen
10
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concentration (OECD, 1992). Five batch experiments with different duration were
conducted (5, 7, 14, 21 and 28 days). Each batch experiment was done in duplicate
(indicated by “n=2").

The protein content of the pristine sand and of the sand samples from column I
was measured according to the bicinchoninic acid method using an assay-kit of Sigma-
Aldrich (Smith et al., 1985) after protein extraction with 1 M NaOH at 95°C for 30
minutes (Herbert et al., 1971). Three samples were withdrawn from column |l for each
sampling port of interest (indicated by “n=3") after 393 days of operation (i.e., at the
end of experiment 2.5). The pristine sand was washed with nanopure water before
protein measurements to determine the blank protein content.

The quantification of the reactive pool of Mn(lll/IV)(hydr)oxides of the pristine
and of the column Il sand was conducted at the end of experiment 2.5 with a buffered
ascorbate solution according to Hyacinthe et al. (2006). Samples were withdrawn from
column Il at SP1, SP5, SP8, SP11 and SP13 using a specially designed “sand scoop”.
2.6 g of each sample was mixed with a 150 mL solution consisting of sodium citrate
(50 g/L), sodium bicarbonate (50 g/L) and L(+) ascorbic acid (20 g/L) (pH 7.1), which
was continuously purged with N,. The experiment was conducted for 2.5 hours and

samples were taken after 0.5, 1, and 2.5 hours for ICP-OES analysis.
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2.4 Calculation of manganese concentration in equilibrium with MNnCO;

The Mn?* concentration in equilibrium with MnCO3 was calculated based on the
solubility product of rhodochrosite (MnCO3) (Mn** + COs* = MnCOs; log K = -10.39
(Stumm and Morgan, 1996)) and on the COs* concentration of 3.34 x 10° M. The latter
value was calculated from the measured concentration of HCO3™ and pH (8.2) in the
column during experiment 2.5. The total Mn(ll) concentration was then derived by
inserting the calculated Mn?* equilibrium concentration, the measured calcium and
HCOg3™ concentrations and the pH in the chemical equilibrium modeling program
ChemEQL V3.0 (Mueller, 2004). The resulting Mn(Il) speciation is shown in Table S5.
The sum of all relevant Mn(ll) species is shown as equilibrium concentration (Fig. S2

(dashed line)).

3 Results and discussion

3.1 Effect of indirect climate change variables on redox processes

3.1.1 Oxygen and pH profiles

We investigated the effects of increasing DOC concentration and altered DOM
composition on redox processes by utilizing varying mixtures of Thur River water and
effluent (experiment 1.1), “DOM-free” Thur River water (experiment 2.3) and Thur
River water amended with acetate (experiment 2.4) as feed waters. All oxygen profiles
showed a fast initial decrease of the relative oxygen concentration, which is discussed
later (see Section 3.1.3), followed by a slower decrease between SP1 and SP14 (Fig.
1a). The residence times in Fig. 1a and 1b were calculated by dividing the pore volume
at a specific sampling port by the flow rate of the respective experiment. The pH

dropped in parallel to the fast initial oxygen drop close to the inlet and showed a slower

12
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decrease thereafter (Fig. 1b). Both the oxygen and pH profiles can be explained by
aerobic respiration (Eq. 1). The decrease of the pH, which was caused by formation of
CO,, was only partially prevented by the buffering capacity of calcium/magnesium

carbonates.

CH,0 + O, (aq) — CO2 (aq) + H.O (1)

In Eq. 1, CH,0 represents DOM with carbon in a zero-valent oxidation state.

(Fig. 1)

3.1.2 Role of wastewater effluent and particulate organic matter (POM)
The addition of effluent of up to 40% (experiment 1.1) did not enhance the oxygen
consumption in the column (Fig. 1a) even though the DOC concentration was
increased by up to 1.4 mg C/L compared with the unamended (experiment 2.2) Thur
River water (see Table S1). The profile of the relative oxygen concentration of the
“‘DOM-free” Thur River water (experiment 2.3) showed a similar decreasing trend
between SP1 and SP14 as the original Thur River water (Fig. 1a). This means that the
oxygen consumption did not depend on the presence of DOM in the feed water. Thur
River water contains mostly humic compounds that are rather persistent (Peter et al.,
2012). However, other river waters might contain significantly higher concentrations of
biodegradable DOM, which could affect the oxygen consumption during riverbank
filtration.

Based on our results, we hypothesize that the electron donor is associated with
the sand matrix and consists of particulate organic matter (POM). Our results are in

line with previous column studies conducted with river water (DOC concentration of 15

13
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mg C/L) and a river water/effluent mixture (50% effluent, DOC concentration of 17 mg
C/L) showing no enhanced oxygen consumption with the addition of a river
water/effluent mixture (Maeng et al., 2008). Furthermore, it has been suggested in field
investigations that POM is likely to act as an important electron donor during riverbank
filtration (Grischek et al., 1998; Brugger et al., 2001; Massmann et al., 2006; Kedziorek
et al., 2008; Diem et al., 2013b). These previous studies have based their conclusions
on mass balance calculations of experimental field data. Here, we provide independent
evidence from controlled laboratory experiments to support these field observations.
To investigate the role of POM associated with the sand as a support for aerobic
respiration in the column, a biological oxygen demand (BOD) test of the pristine sand
was conducted. Fig. 2 shows the BOD of the sand determined after 5, 7, 14, 21 and 28
days. Even after 28 days, the BOD had not reached a plateau; the maximum observed
value was ~9 x 10 mg O,/mg sand corresponding to a total BOD of at least 800 mg
O, for the entire sand columns. If we consider that 7 mg/L oxygen was consumed on
average in the column with the original Thur River water as feed water based on
oxygen saturation conditions at SPO (Fig. 1a), then ~3 mg O, will be consumed per
day. The available POM could therefore sustain aerobic respiration for at least 260

days without being exhausted.

(Fig. 2)

3.1.3 Role of easily biodegradable DOM (BDOM)

The addition of acetate (1.75 mg C/L, ~0.14 mM C) led to an increased oxygen
consumption between the first two sampling ports (Fig. 1a). The “theoretical” oxygen
consumption assuming complete mineralization of the added acetate and steady-state

conditions with respect to DOM sorption and desorption processes (Sobczak and

14
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Findlay, 2002), is ~4.7 mg/L O (~0.14 mM) (CH3COOH + 20, — 2CO; + 2H,0). This
value is in good agreement with the measured oxygen consumption of 4.2 mg/L
between the first two sampling ports. Therefore, this suggests that the fast initial
oxygen decrease is attributed to the mineralization of acetate, as a model for BDOM,
which implies that acetate and not POM was preferentially consumed at the column
inlet under these conditions.

Previous results have shown that the addition of a readily available carbon
source, such as lactic acid (14 mg C/L), led to a complete consumption of oxygen
within the first 1.8 cm of a 30 cm column (von Gunten and Zobrist, 1993). The authors
of this study also showed that the highest rate of the oxygen consumption occurred at
the column inlet and was attributed to a higher microbial activity in this zone supported
by a higher BDOM availability, as also demonstrated by Maeng et al. (2008).

For all experiments except for acetate addition, a similar fast initial decrease of
the oxygen concentration between SP0 and SP1 could be observed (Fig. 1a). This
decrease cannot be totally explained by BDOM degradation, since the differences in
DOC concentrations for the Thur River water and Thur/effluent mixtures were small
(<0.2 mg C/L) and below the limit of quantification for the “DOM-free” experiment.
Small BDOM levels in the Thur River water could however have served as a substrate
to stimulate bacterial growth leading to higher bacterial concentrations in this zone
(see Section 3.2.2) allowing for a higher oxygen consumption rate associated with

POM degradation.

3.1.4 Effect of flow rate
To assess the dependence of the oxygen consumption and NOM degradation on the
flow rate, four experiments under different flow rate conditions (0.1, 0.2, 0.33 and

1 mL/min, i.e. residence times of 40, 20, 12 and 4 hours, respectively) were conducted
15
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at 20°C. The profiles of the relative oxygen concentration depended on the flow rate if
plotted as function of the infiltration distance (Fig. 3a), please note normalization to
SP1). At the highest flow rate of 1 mL/min, oxic conditions persisted through the entire
column, whereas at the flow rate of 0.2 mL/min (i.e. 0.01 m/h), anoxic conditions could
be observed within 20 cm of the column inlet (Fig. 3a). Lower flow rates increased the
hydraulic residence time allowing for a higher oxygen consumption in the same zone of
the column and leading to anoxic conditions, which is in agreement with Doussan et al.
(1997). Fig. 3b shows that the oxygen concentrations curves are superimposable when
plotted against the hydraulic residence time, indicating that the differences in the

residence times fully account for the observed effects of flow rate.

(Fig. 3)

3.2 Effect of direct climate change variable (temperature) on redox processes
3.2.1 Electron balance for oxygen consumption and NOM degradation

The influence of temperature on the oxygen consumption and on NOM degradation
was investigated in four column experiments conducted with Thur River water at 5.0,
12.5, 20.0 and 30.0°C. The oxygen and DOM consumption (measured as difference in
DOC concentration) between the column inlet and outlet is shown as a function of
temperature in Fig. 4. The DOM consumption between the column inlet and outlet
explained only ~30% of the oxygen consumption at 5°C and <~7% at 12.5°C-30°C. At
30°C, the DOM consumption was lower than at the other temperatures possibly
because of partial DOM degradation (~0.1 mg C/L, i.e. ~8 mM) already in the storage
tank. The small contributions of the DOM consumption to the oxygen consumption for

each temperature are a further confirmation for the hypothesis that POM associated
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with the sand is most likely the electron donor for aerobic respiration (see Section
3.1.2).

A strong temperature dependence of the oxygen consumption could be
observed between the column inlet and outlet reaching almost a plateau at 20°C (Fig.
4, white bars). Conversely, the DOM consumption between the column inlet and outlet
did not seem to depend on temperature, since the values lie within the measurement
uncertainty (Fig. 4, grey bars).

The small DOM consumption (<17 uM C, i.e. 0.2 mg C/L) between the column
inlet and outlet for all temperatures could be related to the recalcitrant nature of the
DOM. Previous results from column studies also did not show any temperature
dependence of the DOM consumption after the first sampling point at a retention time
of about one day (Grlnheid et al., 2008). Moreover, the authors of field studies at river-
infiltration systems observed a high correlation between oxygen consumption and
temperature, but no correlation between DOM consumption and temperature (Brugger

et al., 2001; Diem et al., 2013b).

(Fig. 4)

3.2.2 Kinetics of oxygen consumption

The measured oxygen concentration profiles for each temperature (5°C, 12.5°C, 20°C
and 30°C) are shown in Fig. 5. The oxygen concentration of the feed water was 7.8
mg/L at 5.0°C, 12.5°C and 20.0°C and 7.0 mg/L at 30.0°C. Similarly to the previous
experiments (see Section 3.1.1), the highest rates of the oxygen consumption could be

observed at the column inlet (i.e., between SP0O and SP1) (Fig. 5).

(Fig. 5)
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After the initial phase, the profiles of the oxygen concentration showed a nearly
linear behavior, corresponding to zero-order kinetics (Fig. 5). This can be normally
observed when the rate at which the growth-limiting nutrient becomes available is the
rate-limiting step (Alexander, 1999). In our case, POM is assumed to be the primary
electron donor for microbial respiration and hence for oxygen consumption. POM
degradation involves hydrolytic reactions (Egli, 1995; Pusch et al., 1998) generating
BDOM, which is subsequently oxidized to CO, by aerobic respiration. Fig. 6 shows a
schematic representation of the processes involving POM hydrolysis (reaction 1) and
BDOM oxidation (reaction 2), respectively. Oxygen and CO; in the aqueous solution
enter the biofilm through diffusion. The hydrolytic reactions are commonly assumed to
be the rate-limiting step for POM degradation (Valentini et al., 1997; Henze et al.,
1999; Vavilin et al., 2008). Therefore, we hypothesize that the observed oxygen
consumption rates for each temperature were mainly controlled by POM hydrolysis.
This, together with the large POM reservoir identified in the column sand through the
BOD measurements, explains well the observed pseudo-zero order reaction kinetics

for the oxygen consumption in the column.

(Fig. 6)

The observed pseudo-zero order behavior also implies that the concentration of
bacteria must be fairly constant over the length of the column (between SP1 and
SP13). Bacterial densities were estimated indirectly by a protein assay conducted at
the end of experiment 2.5 after column |l was operated anaerobically for 66 days (see

Section 2.3 for analytical methods). We expect that the protein content of the sand
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samples from column Il did not vary significantly after having changed the column
operation mode from aerobic, which lasted 327 days, to anaerobic (66 days).

The protein content of the pristine sand was lower than the samples from the
column, indicating that a significant bacterial growth occurred during the column
experiments (Fig. 7). Nearly constant protein concentrations were measured in
samples SP2-SP13 suggesting a uniform growth and distribution of bacteria through
the column (Fig. 7). This implies that POM supporting bacterial growth was hydrolyzed
at a constant rate throughout the column (i.e., after SP1), which is consistent with the
observed pseudo-zero order reaction kinetics for the oxygen consumption. A higher
protein concentration in sample SP1 compared with the average of SP2-SP13 (p
<0.001, Z-test statistics) may reflect bacterial growth by the presence of non-

measurable BDOM near the column inlet (see Section 3.1.3).

(Fig. 7)

3.2.3 Temperature dependence of aerobic respiration: Activation energy

The oxygen consumption in the column has been shown to be associated with the
degradation of POM present on the sand and to depend on temperature (Fig. 5). To
quantify the observed temperature dependence, an Arrhenius-type approach, typical
for chemical and biological reactions (Middelburg et al., 1996; Weston and Joye, 2005;
Burdige, 2011), was applied (Eq. 2):

In(k(T) = In( )22+

(2)

where k(T) is the temperature-dependent reaction rate constant (in our case the
observed pseudo zero-order oxygen consumption rate constant in Ms™), A the pre-

exponential factor (in Ms™), E, the apparent Arrhenius activation energy (in Jmol™), R
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the universal gas constant (in Jmol'K™") and T the temperature (in K). Fig. 8 shows an

Arrhenius-type plot of the data. Based on the good linearity (r*=0.97), the apparent

E
activation energy E; can be determined from the slope ( R”] of the straight line in Fig.

8, which results in a value of ~70 kJmol™.

(Fig. 8)

The E, value of ~70 kJmol™ derived from our column experiments is consistent
with a value of 51 + 12 kdmol™ (n=94) determined from measurements of benthic
respiration over the temperature range 5-25°C on stones collected from the Thur River
(Acuna et al., 2008). Similar values of 54-125 kJmol™" (Middelburg et al., 1996) and 46-
89 kJmol™ (Weston and Joye, 2005) were reported in studies of the temperature
dependence of organic matter degradation in intertidal and marine sediments,
respectively.

The activation energy for oxygen consumption can also be calculated from field
observations of oxygen concentrations at, for example, the Thur River infiltration
system (Diem et al., 2013a). In this study, the oxygen consumption rates were
modeled with a temperature factor defined by a function with a maximum rate at 35°C
(O'Connell, 1990) and with a discharge-dependent term. The activation energy for
aerobic respiration during infiltration was estimated to be ~63 kJmol™ over the
temperature range 5-30°C for low river discharges of <20 m*/s (Diem et al., 2013a).
This activation energy is similar to our experimentally derived activation energy (~70
kJmoI'1), showing a good agreement between the field-based model and our

experimentally derived value.
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3.2.4 Redox processes involving nitrogen species

The profiles of the oxygen concentration in Fig. 5 show that the oxygen consumption
rate increased with increasing temperatures, leading to anoxic conditions at 30.0°C for
residence times >7 h (i.e., at SP11, after 18 cm). To better characterize the redox
milieu under such conditions, nitrate, nitrite and ammonium were measured in the
column after an operation time of 18 days (Fig. 9). As soon as the oxygen
concentration approached <0.1 mg/L, nitrite started to increase, reaching a maximum
of 55 ug N/L at a residence time of about 10 h (Fig. 9). Ammonium appeared at a
residence time of about 8 h and did not reach a maximum. Nitrate showed a
decreasing trend for residence times >8 h (i.e., at SP12, after 22 cm). These findings
indicate that denitrification proceeded in the same section of the column where nitrite,
an intermediate product of denitrification, was formed. This view was corroborated by
the fact that ~30% of the nitrate decrease can be explained by the detected nitrite
concentration. The remaining 70% of the nitrate lost might be explained by the
formation of N, or other denitrification products (e.g. N2O). Formation of ammonium
could be related to the anoxic degradation of nitrogen containing organic compounds,
or to nitrate ammonification. The maximum detected nitrite concentration (55 ug N/L) is
about one order of magnitude lower than the concentration recommended in the WHO
guideline for drinking water (900 ug N/L) (WHO, 2011) and in a similar range as the
value in the European guideline (150 ug N/L) (EU, 1998). Although the nitrite
concentrations given in the WHO and EU guidelines are not exceeded under our
experimental conditions, the formation of nitrite represents a potential threat for

drinking water quality under such anoxic conditions.

(Fig. 9)
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3.3 Mobilization of Mn(Il) under oxygen- and nitrate-free conditions

Nitrate-free Thur River water stripped of oxygen was added as feed water to test
whether Mn(l11/1V)- and Fe(lll)-reducing conditions could develop under this scenario.
No Fe(ll) could be measured in the entire column during this experiment, whereas Mn
was mobilized as Mn(ll) (Fig. 10a), suggesting that in the absence of oxygen and
nitrate, Mn(111/1V)(hydr)oxides became terminal electron acceptors for the
microorganisms.

According to the homogeneous POM distribution throughout the column and in
analogy to aerobic respiration, we would have expected a constant reductive
dissolution rate of Mn(llI/IV)(hydr)oxides throughout the column leading to a steady
Mn(Il) increase between SP1-SP14, only limited by MnCOs3 solubility (for calculations,
see Section 2.4). However, we observed a fast increase of Mn(ll) near the column inlet
(SP1-SP5) after 9, 16 and 27 days, followed by a decrease beyond SP8 (Fig. S2). This
can also be observed in Fig. 10a, which shows the Mn(Il) concentration as a function
of the column operation time for each sampling port. Here, the Mn(ll) concentration
increased quickly for all sampling ports and peaked after ~7, ~14 and ~21 days for
SP1, SP5 and SP8, respectively, approaching zero after that, whereas it reached
MnCOj3; equilibrium for SP11 and SP14 (Fig. 10a).

We hypothesize that the fast Mn increase near the column inlet could be
associated with a higher biological activity in this zone (see Section 3.2.2) and hence
to a higher POM hydrolysis rate. From the experiments under aerobic conditions at
20°C (Fig. 1a and Fig. 5), we already observed a fast oxygen consumption at the
column inlet (SP0O-SP1) related to POM hydrolysis generating BDOM. In absence of
oxygen and nitrate, part of this BDOM could propagate into the column and be

available for Mn(11l/1V) reduction. The decrease of the Mn(ll) concentration beyond
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SP8 (Fig. S2) could be due to adsorption processes of Mn(ll) on e.g.,
Mn(IlI/IV)(hydr)oxide surfaces.

Furthermore, the Mn(Il) concentration profiles in Fig. S2 are shifted towards the
outlet with increasing operation time, possibly because of a depletion of
Mn(IlI/IV)(hydr)oxides in the zone between SP1-SP8. To test this hypothesis, the
reactive pools of Mn(lll/1V)(hydr)oxides of the pristine and the column sand were
quantified at the end of the experiment (after 66 days) with a buffered ascorbate
solution at pH 7.1, according to Hyacinthe et al. (2006) (see Section 2.3). The amount
of Mn(ll) reduced by ascorbate in the pristine sand (~23 ug/g sand) was significantly
higher than that in the column sand for all sampling ports, showing that a considerable
part of the reactive Mn pool was consumed during the experiment (Fig. 10b). Lower
Mn(Il) sand concentrations were found at SP1 and SP5 compared to SP8, SP11 and
SP14 (Fig. 10b). This is a confirmation of a partial depletion of the reactive pool of
Mn(IlI/IV)(hydr)oxides at SP1 and SP5.

As a consequence of the initial depletion of the Mn pool, the extent of reductive
dissolution rate of Mn(lll/IV)(hydr)oxides decreased in the first section of the column
(SP1-SP5) with increasing column operation time. This led to lower Mn(ll)
concentrations at SP1, SP5 and possibly SP8 (the Mn(ll) concentration at SP8 reflects
the accumulation of Mn(Il) between SP1-SP8). For the sampling ports further in the
column (SP8, SP11 and SP14), higher manganese concentrations in the sand were
found (Fig. 10b), giving sufficient potential for a further increase of Mn(ll) at SP11 and
SP14. However, the Mn(ll) concentrations at these sampling points were limited by the
solubility of MnCOs.

Even though ~75 ug Fe/g sand could be measured in the pristine sand by the
ascorbate method (data not shown), Fe(ll) could not be detected during the

experiment. This suggests that conditions favorable for the reductive dissolution of
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Fe(lll)(hydr)oxides did not occur in our experimental system, but cannot be excluded at

actual riverbank filtrations sites.

(Fig. 10)

3.4 Practical implications

Several studies have investigated the impact of climate change on groundwater
quantity, but only a few have focused on processes affecting groundwater quality
(Green et al., 2011). A recent review by Sprenger et al. (2011) evaluated the
vulnerability of riverbank filtration systems to climate change considering two
scenarios, drought and flood. Overall, increasing surface water temperatures are
expected to favor anoxic/anaerobic conditions in the future (Sprenger et al., 2011),
which is in line with our results (see Sections 3.2.2 and 3.2.4). High vulnerability for the
drought scenario is projected for the DOM removal because of higher DOC
concentrations in the source water and incomplete degradation under anaerobic
conditions (Sprenger et al., 2011). The effects of the presumed increased DOC
concentrations and altered DOM composition on the redox processes are however still
unknown.

Currently, an upgrade of wastewater treatment plant effluents in Switzerland
with ozonation (Joss et al., 2008; Zimmermann et al., 2011) or powdered activated
carbon (Nowotny et al., 2007) is planned to reduce the discharge of organic
micropollutants to the water bodies. Ozonation is usually followed by a sand filtration
step, which effectively removes BDOM formed during ozonation (Zimmermann et al.,
2011). Powdered activated carbon treatment reduces DOM by adsorption processes
(Nowotny et al., 2007; Worch, 2010). Therefore, DOM loads from upgraded

wastewater treatment plants into the receiving rivers are expected to be reduced in the
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future, counteracting the smaller dilution, which would lead to higher DOC
concentrations. In addition to that, our results showed that increasing DOC
concentrations from wastewater effluent did not affect the redox processes in our
experimental system (see Section 3.1.2). Based on the lower DOM input in rivers by
polishing treatment of wastewater plant effluents and its subordinate role as an
electron donor, only a minor effect of DOM on the development of anoxic conditions is
expected during future summer conditions.

In the column experiments, a significant effect of the hydraulic residence time on
the oxygen consumption and on the development of anoxic conditions was observed
(see Section 3.1.4). At the same time, however, high hydraulic residence times are
beneficial for the removal of microorganisms and pathogens (Sprenger et al., 2011).
Since infectious diseases represent the most important health risks with respect to
drinking water, removal of microorganisms and pathogens has absolute priority (WHO,
2011). The Swiss regulation for groundwater protection defines a minimum
groundwater travel time of 10 days before abstraction, which allows for an adequate
inactivation of microorganisms (Kunz et al., 2009). To determine the optimal residence
time, which allows for good pathogen removal without the formation of anoxic
conditions, site-specific information about the hydrogeological conditions and the redox
parameters are needed, as also suggested by Schoenheinz and Grischek (2011).

Today, groundwater derived from riverbank filtration in Switzerland is generally
oxic and denitrification is rarely observed. During future summer conditions, however,
the effect of high temperatures (=20°C) over several weeks/months could lead to
transient anoxic conditions. Complete denitrification was not observed in the present
study, but cannot be excluded at actual riverbank filtration systems during future heat

waves. Therefore, it will be essential to monitor oxygen and nitrogen species (nitrate,
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nitrite and ammonium) at riverbank filtration systems especially during future heat
waves.

The formation of ammonium could be problematic in the context of drinking
water disinfection, since it can quickly react with chlorine leading to the formation of
chloramines (HOCI + NH3 — NH.CI + H,0), which lower the disinfection efficiency
(Deborde and von Gunten, 2008). At Swiss riverbank filtration systems, such as the
Thur River, disinfection is not practiced, but in cases where low chlorine doses are
applied (e.g. 7 uM Cl; or 0.5 mg/L Cl,), the formation of ammonium in moderate
concentrations (<7 uM NH,4") can substantially reduce the disinfection efficiency of

chlorine.

4 Conclusion

Laboratory column experiments carried out with filtered river water were conducted to
simulate the effect of temperature, DOM concentration/composition and flow rate on
redox processes during riverbank filtration. The following conclusions can be drawn
from our results:

1. Biodegradable dissolved organic matter (BDOM) was mainly removed immediately
at the column inlet by aerobic respiration. This might lead to higher microbial
concentrations near the infiltration zone at actual riverbank filtration systems even if
BDOM is not measurable. DOM from wastewater treatment plant effluents did not
enhance aerobic respiration and did not promote anoxic conditions in our laboratory
columns.

2. Particulate organic matter (POM) associated with natural sand appears to be the

main terminal electron donor in the infiltration process and can sustain aerobic
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respiration for long periods. A POM limitation was not observed in the laboratory
column system.

3. Low infiltration rates induce a higher oxygen consumption than higher rates for a
certain infiltration distance, which could lead to anoxic conditions.

4. The aerobic respiration associated with POM degradation strongly depends on
temperature with an activation energy of ~70 kJmol™". Only a small fraction of the
riverine DOM is easily degradable (i.e., BDOM) and its consumption does not seem to
be sensitive to temperature.

5. At high temperatures (30°C), fully anoxic conditions were observed, with partial
denitrification (~30%) and formation of nitrite and ammonium. Although nitrite
concentrations were below WHO and EU drinking water guidelines in our experiments,
this parameter should be monitored at actual riverbank filtration sites during future heat
waves. If the produced water is chlorinated, the presence of ammonium could lead to a
reduction in disinfection efficiency due to chloramine formation.

6. The combined action of high temperatures (=20°C) and low infiltration rates (<0.01
m/h) could lead to transient anoxic conditions during future summer conditions. Even
under fully anoxic conditions, no complete denitrification was observed, so that nitrate
acts as a redox buffer preventing the reductive dissolution of Mn(l11/1V)(hydr)oxides.

7. Mn(ll) was mobilized, whereas Fe(ll) was not mobilized in absence of oxygen and
nitrate, but Fe(lll)-reduction cannot be excluded at actual riverbank filtration systems

under these conditions.
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Figure captions

Fig. 1. (a) Profiles of the relative oxygen concentration (normalized to the values at
SPO0) and (b) pH for “DOM-free” Thur River water (n=3) (O), Thur River water (n=1) (®),
Thur River water/effluent mixtures (*average of four mixtures: 90/10, 80/20, 70/30,
60/40%) (d) and Thur River water amended with 1.75 mg C/L sodium acetate (n=3)
). The first data point corresponds to the sampling port at the inlet (SPO0), the last
data point to the sampling port at the outlet of the column (SP14) for each experiment.
Mean values and standard deviations are shown as symbols and error bars,

respectively.

Fig. 2. Net biological oxygen demand (BOD) of the pristine sand (mg oxygen/mg sand)
determined in individual batch experiments conducted for 5, 7, 14, 21 and 28 days.
Mean values (n=2) are shown corrected for the blank associated with oxygen uptake

by the inoculum; Error of measurement is <1x10° mg O, / mg sand.

Fig. 3. Profiles of the relative oxygen concentration (normalized to the values at SP1)
as a function of (a) infiltration distance and (b) residence time at flow rates of 0.10
(n=1), 0.20 (n=1), 0.33 (n=1) and 1.00 (n=13) mL/min at 20°C. Mean values and

standard deviations (for 1 mL/min) are shown as symbols and error bars, respectively.

Fig. 4. Total average oxygen and DOM (as DOC) consumption in column experiments

between SP0O and SP14. Standard deviations are shown as error bars (n=3).

Fig. 5. Measured oxygen concentration profiles (symbols) and least-squares linear

regression lines at 5.0, 12.5, 20.0 and 30.0°C at a flow rate of 0.3 mL/min. Mean
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values and standard deviations are shown as symbols and error bars, respectively

(n=3).

Fig. 6. Schematic representation of oxygen consumption associated with degradation
of POM on sand grains. Reaction (1) represents POM hydrolysis and reaction (2)

BDOM oxidation.

Fig. 7. Protein concentration (expressed as bovine serum albumin concentration, BSA)
of the sand from column Il (SP1, SP2, SP3, SP5, SP8, SP9, SP10, SP11, SP12,
SP13) (@) measured after 393 days of operation (Table 2, end of experiment 2.5) and
of pristine sand (dashed line). The dotted lines represent the errors of measurement
for the pristine sand (n=3). Mean values and standard deviations are shown as

symbols and error bars, respectively (n=3).

Fig. 8. Arrhenius-type correlation between the rate constant (In(k)) for oxygen

consumption and % The symbols represent the experimental data at 30.0, 20.0, 12.5

and 5.0°C (n=3) (Fig. 5), the line shows a least-squares linear regression.

Fig. 9. Measured oxygen (- - -), nitrate (<), nitrite &) and ammonium (®) concentrations
after 18 days of operation of column Il at 30.0°C at a flow rate of 0.3 mL/min (Table 2,
experiment 2.1). Mean values and standard deviations (for nitrate) are shown as
symbols and error bars, respectively (n=3). For nitrate, nitrite and ammonium, lines

help to guide the reader’s eye.
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Fig. 10. (a) Mn(Il) concentration at SPO (@), SP1 (O), SP5 (W), SP8 (&), SP11 (M) and
SP14 (O) as a function of the column operation time at 20°C and at a flow rate of 0.3
mL/min. The Mn(ll) concentration in equilibrium with rhodochrosite (MnCQO3) is shown
by the dashed line (for calculations, see Section 2.4). (b) Average amount of Mn
reduced [ug/g sand] by ascorbate in the pristine (dashed line) and in the sand from
column Il (circles) (SP1, SP5, SP8, SP11 and SP13) after 66 days of operation. For
the pristine sand, an average of three samples after 0.5, 1, and 2.5 hours equilibration
with the ascorbate solution is shown with the errors of measurement (dotted lines), for
the column Il samples, an average of samples after 0.5, 1, and 2.5 hours equilibration

is shown together with the corresponding standard deviations.
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Table 1. Hydraulic characteristics of the columns (effective porosity, dispersivity and
total pore volume) and sand mass present in the columns. The effective porosity and
the dispersivity were calculated with the program CXTFIT (Toride et al., 1995) using

the electrical conductivity data.

Columnl Columnll
Effective porosity [-] 0.38 0.32
Dispersivity [cm] 0.1 0.1
Total pore volume [mL] 245 206

Sand mass [g] 885 876
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Table 2. Operational conditions of all column experiments, which are listed in a

chronological order for columns | (1.1, 1.2) and 1l (2.1-2.5). Experiments 1.2, 2.1 and

2.2 were conducted with unaltered Thur River water as feed water.

Experiment Flow rate Residence Temperature  Column
[mL/min] ([m/h]) time [h] [°C]

(1.1) Thur River water/effluent mixtures® 1.0 (0.07) 4 22 |

(1.2) Variation of flow rate 0.1 (0.007), 0.2 (0.01) 40, 20 20 I
0.33 (0.02), 1.0 (0.07) 12,4

(2.1) Variation of temperature 0.3 (0.03) 11.5 5,12.5,20,30 |l

(2.2) Thur River water 0.3 (0.03) 11.5 20 Il

(2.3) Addition of “DOM-free” Thur River water 0.3 (0.03) 11.5 20 Il

(2.4) Addition of acetate 1.0 (0.09) 3.5 20 Il

(2.5) Addition of oxygen- and nitrate-free 0.3 (0.03) 11.5 20 Il

Thur River water

#90/10, 80/20, 70/30, 60/40%
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